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JV TASK 92 – ALCOA/RETEC SFE AND SPME 
 
 
ABSTRACT 
 
 This report summarizes the work performed by the Energy & Environmental Research 
Center (EERC) under the U.S. Department of Energy Jointly Sponsored Research Program JV 
Task 92, which is a continuation of JV9. Successful studies performed in 1999 through the end 
of 2008 demonstrated the potential for using selective supercritical fluid extraction (SFE) and a 
solid-phase microextraction (SPME) method for measuring sediment pore water polycyclic 
aromatic hydrocarbons (PAHs) to mimic the bioavailability of PAHs from manufactured gas 
plant and aluminum smelter soils and sediments both in freshwater and saltwater locations. The 
studies that the EERC has performed with the commercial partners have continued to generate 
increased interest in both the regulatory communities and in the industries that have historically 
produced or utilized coal tar products. Both ASTM International and the U.S. Environmental 
Protection Agency (EPA) have accepted the pore water method developed at the EERC as 
standard methods. The studies have demonstrated the effectiveness of our techniques in 
predicting bioavailability of PAHs from ca. 250 impacted and background field sediments and 
soils. The field demonstrations from the final years of the project continued to build the 
foundation data for acceptance of our methods by the regulatory communities. The JV92 studies 
provide the single largest database in the world that includes measures of PAH bioavailability 
along with biological end points. These studies clearly demonstrated that present regulatory 
paradigms based on equilibrium partitioning greatly overpredict bioavailability. These 
investigations also laid the foundation for present (non-JV) studies being applied to PAHs and 
polychlorinated biphenyls (PCBs) at EPA Superfund sites, investigations into PAH and PCB 
bioavailability at U.S Department of Defense sites, and the application of the techniques to 
investigating the bioavailability of chlorinated dioxins and furans from impacted sediments. 
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JV TASK 92 – ALCOA/RETEC SFE AND SPME 
 
 
EXECUTIVE SUMMARY 
 
 Present risk assessment models for polycyclic aromatic hydrocarbon (PAH)-contaminated 
soils and sediments that are now used by state and federal regulatory agencies frequently require 
cleaning up of a contaminated site to below ambient background levels. Many recent studies 
have demonstrated that PAHs become increasingly less available as they age in the environment 
(especially in the presence of high organic carbon and soot carbon). Application of these ideas in 
the regulatory framework has been inhibited by the lack of rapid and accurate laboratory tests 
that can mimic relevant organism uptake upon exposure to PAH-contaminated materials in the 
environment. This joint venture (JV) task originally proposed that using supercritical carbon 
dioxide under mild conditions could be used to predict the bioavailability of PAHs in real-world 
soils and sediments that had been historically contaminated with PAHs. Subsequently, a solid-
phase microextraction (SPME) method to measure bioavailable (freely dissolved) pore water 
concentrations was developed, and the abilities of the supercritical fluid extraction (SFE) and the 
SPME approaches to predict toxicity to benthic organisms were compared. With an expanded 
data set of ca. 120 sediments, it was shown that both the SFE and SPME techniques greatly 
improved toxicity predictions over present regulatory equilibrium partitioning models. However, 
the SPME approach was significantly better than the SFE model. At the request of regulatory 
officials, the data base was increased to include ca. 240 sediment samples collected from 20 
different sites. These field trials continued to demonstrate the ability of the SPME pore water 
method to accurately predict the toxicity of PAHs to benthic organisms and to show that present 
regulatory models greatly overpredict toxicity, with the result of unreasonable and unnecessary 
cleanup criteria being applied to most sites. 
 
 The technical aspects of the project are described in detail in 14 peer-reviewed scientific 
papers. The results have been positively received by regulators in several states as well as by 
federal personnel. The SPME method to determine freely dissolved PAHs has been accepted 
both by ASTM International and the U.S. Environmental Protection Agency (EPA). The 
technical foundations laid by these investigations are presently being expanded to several (non-
JV) studies including predicting the bioavailability of PAHs and polychlorinated biphenyl 
(PCBs) (freely dissolved concentrations) at EPA Superfund sites, investigations into PAH and 
PCB bioavailability at U.S. Department of Defense sites, and the application of the techniques to 
investigating the bioavailability of chlorinated dioxins and furans from impacted industrial 
sediments. Application of these approaches in the regulatory process to such sites could reduce 
the quantity of soil or sediment that requires remediation to a small fraction of the amounts 
required by current regulatory models while remaining fully protective of the environment. 
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JV TASK 92 – ALCOA/RETEC SFE AND SPME 
 
 
INTRODUCTION 
 
 Present risk assessment models for polycyclic aromatic hydrocarbon (PAH)-contaminated 
soils and sediments that are now used by state and federal regulatory agencies frequently require 
cleaning up of a contaminated site to below ambient background levels. This regulatory 
framework can lead to extensive litigation and inhibit any progress on remediating significantly 
contaminated soils and sediments. Many recent studies have demonstrated that PAHs become 
increasingly less available as they age in the environment (especially in the presence of high 
organic carbon and soot carbon) [1–5]. Application of these ideas in the regulatory framework 
has been inhibited by the lack of rapid and accurate laboratory tests that can mimic relevant 
organism uptake upon exposure to PAH-contaminated materials in the environment. The overall 
purpose of this project was to develop and validate a laboratory test that could improve the 
prediction of risk from PAH-contaminated soils and sediments to organisms. Based on earlier 
studies using supercritical fluid extraction (SFE) to demonstrate selective behavior of 
polychlorinated biphenyls (PCBs) in soils and sediments [6–8], we developed and tested the use 
of SFE to predict the bioavailability of PAHs from real-world contaminated soils and sediments. 
The project also involved developing and validating analytical methods for alkyl and parent 
PAHs including an ultrasensitive method for pore water analysis based on solid-phase 
microextraction (SPME). The techniques were applied to as many as 240 sediments along with 
biological testing to determine what improvements in bioavailability predictions could be made 
over present regulatory models. These investigations also led to an increased understanding of 
the partitioning chemistry that controls the bioavailability of PAHs in historically contaminated 
sediments. 
 
 
OBJECTIVES 
 
 The primary objective of these investigations was to develop laboratory tests to improve 
the prediction of risk from PAH-contaminated soils and sediments. JV92 (a continuation of JV9) 
increasingly focused on developing and testing a laboratory method to measure freely dissolved 
sediment pore water PAH concentration including both parent and alkyl PAHs at trace levels and 
applying these methods to predicting the toxicity of PAHs to benthic organisms.  
 
 
EXPERIMENTAL 
 
 Details of the experimental developments are given in Appendices A–N as peer-reviewed 
publications. Please see the summary description for these manuscripts below. 
 
 



 

2 

RESULTS AND DISCUSSION 
 
 The SFE method developed in the earlier years of these investigations was demonstrated to 
improve the prediction of risk from PAH-contaminated soils and sediments and was shown to 
have good promise for improving risk assessment based on the several studies described below. 
As the project progressed, it gained more interest from a broader industrial base and from 
regulators, with an increasing interest by both parties in focusing on PAH toxicity to benthic 
organisms in sediments. In our initial studies, the SFE and the SPME methods were equally good 
at predicting toxicity in contaminated sediments, with both methods being superior to models 
currently used by state and federal regulators. However, in a larger-scale study of 120 sediments, 
the SPME method was found to be better than the SFE method for predicting the toxicity to 
benthic organisms. However, both methods developed in this study were clearly superior to the 
present regulatory approach based on equilibrium partitioning. Because of the increasing focus 
on toxicity to benthic organisms in sediments by commercial clients and their regulators, the 
later years of these investigations focused on the SPME method. 
 
 Perhaps the best indication of the project’s success is the strong interest from both state 
and federal authorities and the continually growing list of non-U.S. Department of Energy 
(DOE) sponsors for these studies. At present, sponsors that have contributed funds either to the 
joint venture or a similar supporting project include RETEC Inc., ENSR-AECOM, Gas Research 
Institute, Niagara Mohawk, National Grid, Central Hudson Gas and Electric, NiSource, New 
York State Electric and Gas (NYSEG), Manitoba Hydro, ALCOA Corporation, U.S. Army Corp 
of Engineers, U.S. Steel, Test America, CH2MHill, U.S. Department of Defense (Environmental 
Security Technology Certification Program), and Dow Chemical Company. 
 
 Brief descriptions of the results of these investigations are given below. Details can be 
found in the appendices. 
 

Development of SFE Conditions 
 
 The initial development of the mild SFE conditions was conducted to mimic the progress 
of a bioremediation of PAH-contaminated soil on a football field-sized plot (Appendices A and 
B). Using the conditions developed in these studies, a 120-minute SFE test correctly predicted 
the removal of all two- to six-ring PAHs over the 1-year bioremediation. The SFE conditions 
were then compared on several contaminated soils to water desorption of PAHs from the same 
soils. In essence, 120 minutes of SFE successfully predicted the desorption of PAHs that 
occurred with 120 days of water desorption (Appendices B and C). These conditions were also 
applied to show that lower-molecular-weight aromatics (benzene, toluene, ethylbenzene, and 
xylenes, or “BTEX”) also can show extremely tight binding to soils after decades of aging 
(Appendix D). 
 

Predicting the Bioavailability of PAHs on Contaminated Soils Using SFE 
 
 The first comparison of SFE to true biological systems was for the field bioremediation 
study described above (Appendices A and B), where 120 minutes of SFE mimicked 1 year of 
bioremediation. Initial collaborative studies were then conducted that showed SFE may also 
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predict dermal and ingestion uptake for carcinogenic PAHs (Appendix E). More in-depth studies 
on several contaminated soils were performed that demonstrated that SFE improved the 
prediction of PAH uptake in earthworms by a factor of ca. 10 to 100 compared to the “state-of-
the-art” equilibrium partitioning model most likely to be used for regulatory risk assessment 
(Appendix F). A final study with earthworms demonstrated that our mild SFE test removes the 
actual PAH molecules that cause toxicity while leaving the individual PAH molecules that are 
too tightly bound to the soil to be available to the worms on the soil sample (Appendix G). 
 

Predicting the Bioavailability of PAHs on Contaminated Sediment Using SFE and 
Pore Water Measurements 

 
 The U.S. Environmental Protection Agency’s (EPA’s) proposed PAH narcosis model for 
sediment risk assessment requires measuring both alkyl and parent PAHs (as opposed to all 
earlier risk assessment that was only based on parent PAHs) [9]. However, we demonstrated that 
the proposed analytical methods for the alkyl PAHs were not accurate and developed and 
validated a more accurate method (Appendix H). Proposed methods to measure sediment pore 
water PAH concentrations were also not adequate for the large number of samples needed for 
site assessment and would be extremely expensive and laborious because of the need to obtain 
large volumes of colloid-free pore water. To address these problems, we developed and validated 
an extremely sensitive and accurate method for both parent and alkyl PAHs that can give the 
required parts-per-trillion detection limits with 2-mL water samples (Appendix I).  
 
 Both the SFE method and the ultratrace pore water method were then compared to the 
ability of EPA’s proposed regulatory model [9, 10] for predicting the toxicity of PAH-
contaminated sediments to the aquatic organism, Hyalella azteca, for 34 real-world sediment 
samples. The EPA model grossly overestimated the toxicity of the sediments and predicted that 
31 out of the 34 test sediments would be toxic, while only six sediments were actually toxic. In 
contrast, both the SFE and the pore water method we developed correctly predicted the toxicity 
(or lack of toxicity) of all 34 sediments (Appendix J). These results clearly demonstrate the 
abilities of the methods developed to improve risk assessment for PAH-contaminated sites and 
generated requests (and funding) from several commercial clients and regulators for a larger 
based of field data—with a special focus on determining which of the two techniques we 
developed (SFE vs. SPME) gave the best predictions of toxicity to benthic organisms from 
sediment PAHs. In an expanded study of 120 sediments, both SFE and SPME were much better 
than the present regulatory models at predicting toxicity. However, SPME measurement of pore 
water PAHs was the superior method (Appendix K). Therefore, subsequent field demonstrations 
used the SPME method. At present, we have tested ca. 240 sediments from more than 20 sites, 
and the superior ability of SPME to predict sediment PAH toxicity remains as good as reported 
for the 120 sediments in Appendix K. 
 
 Because of the success of the SPME method, commercial partners wished to have the 
method approved by regulatory bodies so that the method could become widely available in 
contract laboratories. The EERC successfully conducted round-robin studies to gain acceptance 
by EPA (Method 8272) and by ASTM (Method D 7262-07, Appendix L). It should be noted that 
EPA method requirements did not allow the full list of PAHs needed for toxicity predictions to 
be included because no pure standards are possible for the alkylated isomeric clusters of PAHs 
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that cause the majority of toxicity. However, the ASTM method includes all of the PAHs 
necessary to predict toxicity and, since EPA has method reciprocity with ASTM, the ASTM 
method can be used where approved methods are required. 
 

Fundamental Understanding of the Failure of Present Regulatory Models to Predict  
Bioavailability Compared to SPME Pore Water Measurements 

 
 Present regulatory models (and much of the scientific literature) base predictions of 
bioavailability using the equilibrium partitioning theory. This theory is based on the assumption 
that each PAH has a constant partitioning coefficient between water and sediment organic carbon 
(Koc). However, for the ca. 240 sediments we have studied, this assumption has been proven to 
be dramatically false and can lead to the overprediction of PAH effects to benthic organisms by 
as much as three orders of magnitude. To investigate why this occurs, we measured partitioning 
coefficients for ca. 120 sediments, both to sediment organic carbon (Koc) and to sediment “soot” 
or “black” carbon (KBC). As shown in Appendices M and N, the assumption that each PAH has 
constant partitioning coefficients on every sediment (either on an organic carbon or a black 
carbon basis) is dramatically wrong, and leads to overprediction of the bioavailability of PAHs 
by up to three orders of magnitude. The fundamental partitioning studies reported in  
Appendices M and N clearly demonstrate why the toxicity predictions using our SPME pore 
water method are so clearly superior to those from the present regulatory model as shown in 
Appendices J and K. 
 
 
CONCLUSIONS 
 
 The methods developed in these investigations greatly improve the ability to predict the 
bioavailability of PAHs compared to state-of-the-art regulatory risk assessment models currently 
used by state and federal officials. These studies conclusively demonstrate that current risk 
assessment procedures based on PAH concentrations are not accurate and are unreasonably 
restrictive. These studies also demonstrate that PAHs on historically contaminated soils and 
sediments often become so tightly bound that there is no risk to biota. Further demonstration of 
these techniques and acceptance by regulatory communities is in progress and is expected to 
greatly reduce the quantities of soils and sediments that require remediation while still being 
protective of the environment. 
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Correlating Selective Supercritical
Fluid Extraction with Bioremediation
Behavior of PAHs in a Field
Treatment Plot
S T E V E N B . H A W T H O R N E * A N D
C A R O L B . G R A B A N S K I

Energy and Environmental Research Center, University of
North Dakota, P.O. Box 9018, Grand Forks, North Dakota
58202

Selective supercritical fluid extraction (SFE) behavior of
PAHs from manufactured gas plant (MGP) site soils was
determined on untreated soil and on soils collected after 1/2
year and 1 year of bioremediation in a field land treatment
plot. Sequentially stronger SFE conditions gave selective
extraction of PAHs associated with “fast” (or “rapidly
desorbing”), “moderate,” “slow,” and “very slow” sites
on the soil collected before and during bioremediation. While
all PAHs from the untreated soil showed “stair-step”
extraction curves (with molecules in each of the four “fast”
to “very slow” SFE fractions), two- and three-ring PAHs
were found mostly in the “fast” fraction, while the five- and
six-ring PAHs were found almost completely in the
“slower” fractions. SFE comparisons of the untreated and
bioremediated soils showed that bioremediation only
removed PAH molecules which were found in the “fast”
fractions by SFE and that remediation for 1 year did not result
in the migration of PAHs from “slower” to “faster” sites.
One hour SFE of the untreated sample at the mildest condition
(120 bar, 50 °C) gave good quantitative agreement with
removals achieved after 1 year of bioremediation, and SFE
correctly predicted that two- and three-ring PAHs would
show ∼90% removals, four-ring PAHs ∼50% removals, and
five- and six-ring PAHs <10% removals. Mild SFE reduced
the total PAHs on the untreated soil from 6860 mg/kg to
2360 mg/kg (after SFE), which is in excellent agreement with
the reduction to 2420 mg/kg achieved following 1 year of
bioremediation. The results show that mild SFE may be a
rapid and useful test to predict the bioavailability of PAHs on
contaminated soil.

Introduction
Understanding the sequestration or binding of organic
chemicals which occurs during environmental aging on soils
and sediments is important for a broad range of reasons
ranging from determining the effect of such pollutants on
plant and animal receptors and human health to evaluating
the need for and predicting the effectiveness of various
remediation and control approaches. A large number of
investigations of biological uptake, treatment, and analytical
extraction have demonstrated that, in general, longer ex-
posures of persistent organics to a soil or sediment matrix

leads to tighter associations with that matrix and, conse-
quently, less availability for transport (e.g., water desorption)
and for uptake by biological systems (1-25). Multisite models
and kinetic approaches to explain the sequestration and
release of aged organics from soils and sediments are gaining
acceptance, as are ideas that aging causes organics such as
polycyclic aromatic hydrocarbons (PAHs) and polychlori-
nated biphenyls (PCBs) to become increasingly associated
with soil polymeric organic matter and/or to diffuse further
into soil micropores (1-3, 16, 18, 19, 22, 23, 26-33). Regardless
of the mechanism (as concluded by Alexander (3)), the
outcome is the same, i.e., molecules that are sequestered in
the soil/sediment matrix are much less available to organisms.

The need to understand the uptake and release of
persistent organic pollutants has led to various laboratory
approaches for determining the degree of “availability”
(whether to water or to biological systems) of organics on
soils and sediments. Tests include long-term (several months)
water rate-of-release studies (34-36), biological availability
assays such as earthworm uptake (37), to chemical assays
including solid-phase extraction (37, 38), organic solvent
extraction with mild solvents (37, 39, 40), dialysis (41), and
pyrolysis (42). For the purpose of assessing the risk associated
with a chemical in soil or sediment, it would be useful to
have a rapid laboratory test capable of predicting the fraction
of chemicals that are “available” for biological uptake,
treatment, and water transport.

Supercritical fluid extraction (SFE) with pure carbon
dioxide (CO2) has recently been proposed as a potentially
rapid method to determine the “availability” of soil- and
sediment-bound organics (43-47). The potential advantage
of SFE is that the solubility of target analytes can be varied
continuously over several orders of magnitude by controlling
the extraction pressure and temperature (48, 49). In addition,
the kinetics of desorption processes can be enhanced by
simply changing the temperature used for extraction. In
contrast to organic solvent extractions (which can extract
significant fractions of the soil organic matrix), SFE with pure
CO2 can extract hydrophobic pollutants (e.g., PAHs, PCBs)
without significantly altering the soil organic matrix (47).
Although developed independently, the models used to
explain the desorption kinetics of organic pollutants from
sediments into water and those used to explain SFE behavior
of organics are of essentially the same form (50-55). The
similarity of these models and the ability to vary solvent
strength over a wide range suggests that SFE could be used
as a simple test to investigate the “availability” of organic
pollutants.

At present, the relationship between SFE behavior and
real-world behavior of organic pollutants is mostly conjec-
tural. However, in a recent series of articles, SFE performed
under increasingly stronger conditions showed that PCBs
were present in several different types of sites on every soil
and sediment tested and that PCBs were associated with
sites ranging from “fast” (extracted at the mildest SFE
conditions) to “slowly desorbing” sites (45-47). Furthermore,
when the same sediments were exposed to PCBs in water for
up to 18 days, the exposure time was only sufficient for the
PCBs to sorb to only the “fast” sites, demonstrating that very
long exposure times would be needed for the PCBs to gain
the “slowly desorbing” sites which were occupied in the
original environmentally aged sediments (47). In the present
study, we extend the SFE conditions developed in the earlier
PCB studies to investigate the behavior of PAHs during a
1-year, large-scale field bioremediation of a PAH-impacted
soil from a manufactured gas plant (MGP) site.

* Corresponding author phone: (701)777-5256; fax: (701)777-5181;
e-mail: shawthorne@eerc.und.nodak.edu.
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Materials and Methods
Supercritical Fluid Extraction. All extractions were per-
formed with an ISCO model 260D syringe pump (ISCO,
Lincoln, NE) filled with SFC-grade CO2 (Scott Specialty Gases,
Plumsteadville, PA) and an ISCO model SFX 2-10 extractor
with 10-mL extraction cells and 4 g of the test soil. Extracted
PAHs were collected in 22 mL vials containing 15 mL of
methylene chloride (CH2Cl2) (Fisher Optima grade). Flow
rates were controlled at 1 mL/min (measured as compressed
CO2 at the pump) using a variable coaxial restrictor (ISCO)
heated to 80 °C. Note that extraction flow rates must be
carefully monitored since they may affect the extraction rates
of the “fast” PAHs (although changes in flow rate are unlikely
to change the extraction rate of the “slow” PAH fractions) as
previously described (56). In addition, it is important to place
the sample at the outlet end of the SFE cell so that cell void
volume does not affect the extraction rates.

Kinetic profiles from the different soils were obtained using
four sequentially stronger SFE conditions, each applied for
either 30 min or for 1 h. The sequential SFE conditions were
120 bar, 50 °C (“rapidly desorbing” or “fast” fraction); 400
bar, 50 °C (“moderate” fraction); 400 bar, 100 °C (“slow”
fraction”); and 400 bar, 150 °C (“very slow” fraction).
Collection vials were changed at set time intervals during
each extraction period (e.g., at 5, 10, 20, and 30 min at each
SFE condition) so that the shape of the extraction curve could
be determined at each condition. Since adding the PAH
concentrations from the multiple fractions collected for the
kinetic plots could introduce error in the PAH quantitations,
the quantity of each PAH extracted at each SFE condition
was further verified by repeating each extraction (in triplicate)
and collecting and analyzing the entire fraction for each of
the SFE extraction conditions. After the four-step SFE
procedure was completed, the soil residue was finally
extracted overnight with acetone/CH2Cl2 (1:1) to recover any
PAHs which were not extracted by SFE. Additional minor
procedural details are the same as previously reported (45).

Gas Chromatographic Analysis. A Hewlett-Packard model
5890 Series II gas chromatograph (GC) equipped with a flame
ionization detector (FID), a split/splitless injection port (300
°C), and a model 7673A auto injector were used for analyzing
the extracted fractions. Separations were performed on a 50
m DB-5 column (0.25 mm i.d., 0.25 µm film thickness, J&W
Scientific, Rancho Cordova, CA). Injections were at an oven
temperature of 80 °C followed by a temperature ramp of 6
°C/min to 320 °C (hold for 5 min). Each fraction was spiked
with n-undecane as an internal standard. Quantitations were
based on calibration curves (PAH peak area versus the internal
standard) using pure PAH standards for all major species (at
least one PAH for each molecular weight reported). Total
PAH concentrations were based on the total FID peak areas
(versus the internal standard) of the PAH calibration stan-
dards. PAH identifications were confirmed by GC/MS analysis
using the same chromatographic conditions.

Samples. Soil samples were collected from an MGP site
in the Midwest during biological land treatment in a several
hundred m3 field unit. The bioremediation process essentially
involved placing the contaminated soil in a prepared bed
land treatment unit ∼30 cm deep, supplying water and
nutrients, and tilling frequently to supply oxygen for ap-
proximately 1 year beginning in May. Detailed descriptions
of the process have been previously reported (36). During
the treatment, the site was divided into 16 separate subplots,
and each sampling event consisted of subsamples collected
from each subplot which were composited and sieved. The
homogenized soils were air-dried and stored at 4 °C until
used. Particle sizes of the untreated soil were (1-6 mm) 40
wt %, (0.5-1 mm) 15 wt %, (0.25-0.5 mm) 16 wt %, (0.125-
0.25 mm) 17 wt %, and (<0.125 mm) 12 wt %. Carbon,

hydrogen, and nitrogen contents of the untreated soil were
4.6, 0.4, and 0.1 wt %, respectively.

Results and Discussion
Effect of Bioremediation on PAH Selective SFE Behavior.
Stepwise SFE extraction profiles of representative PAHs from
the untreated soil and soils after 1/2 year and 1 year of
bioremediation are shown in Figure 1. Each sequentially
stronger SFE condition was applied for 30 min to yield the
“stair-step” plots showing the PAHs extracted from “fast”
sites (0-30 min), “moderate” (30-60 min), “slow” (60-90
min), and “very slow” (90-120 min) sites. (PAH concentra-
tions shown after 120 min are those extracted from the soil
residue after SFE by 18 h of Soxhlet extraction.)

Two trends in these plots are worth noting. First, the low
molecular weight PAHs (naphthalene, 1- and 2-methylnaph-
thalene, acenaphthylene, acenaphthene, fluorene, diben-
zothiophene, phenanthrene, and anthracene) all show similar
behavior, i.e., the majority (∼80 to 90%) of each PAH was
found in the “fast” (extracted at the mildest SFE condition)
fraction. More importantly, as the bioremediation continued
to 1/2 and 1 year, only the molecules which were located in
the “fast” fraction show significant removal by the bioreme-
diation process, while the molecules in the “slower” three
SFE fractions show no significant change. Note that the SFE
extraction curves for the treated soils are essentially identical
to those of the untreated soils in the SFE fractions after the
first 30 min (i.e., the “moderate, slow, and very slow”
fractions), clearly demonstrating that only the “fast” mol-
ecules as defined by SFE are significantly removed by the
field bioremediation process.

As the molecular weights of the PAHs increase (4-, 5-, and
6-ring PAHs including fluoranthene, pyrene, benz[a]an-
thracene, chrysene, benzo[e]pyrene, benzo[a]pyrene, perylene,
indeno[1,2,3-cd]pyrene, dibenz[a,h]anthracene, and benzo-
[ghi]perylene), the distribution of the PAHs shifts to the
“slower” SFE fractions, and the removals achieved by
bioremediation also decrease (Figure 1). Similar to the trend
for low molecular weight PAHs, only the fractions of PAHs
found in the “faster” two SFE fractions (from 0 to 60 min in
Figure 1) show any significant reduction by the bioreme-
diation process. Finally, for the five- and six-ring PAHs, there
is no significant reduction in the PAH concentrations over
the 1-year bioremediation treatment. (Note that the small
changes in concentrations shown for the higher molecular
weight PAHs such as benzo[a]pyrene and benzo[ghi]perylene
are likely associated with soil heterogeneity at the field site,
since the site was sampled over a 1-year period, and related
analytical error.)

When the extraction data are viewed as the percent in
each SFE fraction (rather than the PAH concentrations used
in Figure 1), the extraction behavior for the high molecular
weight PAHs is essentially identical for the untreated and
bioremediated soils, as shown for benzo[a]pyrene in Figure
2. Therefore, it appears that (in addition to not being removed
from the soil by the bioremediation process) the high
molecular weight PAHs did not migrate between “slower”
and “faster” sites during the 1-year bioremediation period.
For the lower molecular weight PAHs, the percentage of
molecules shifted toward the “slower” SFE sites (as shown
by naphthalene in Figure 2), as would be expected since only
the PAH molecules found in the “fast” SFE fraction were
removed by the 1-year bioremediation (Figure 1).

Quantitative Comparison of PAH Removals by Biore-
mediation and SFE. As shown in Figure 1, PAHs found in the
first SFE fraction (and possibly the second fraction for higher
molecular weight PAHs) appear to best account for the PAH
molecules removed during bioremediation, while the “slower”
PAHs (those extracted by the strongest two SFE conditions)
appeared unaffected by the bioremediation. Therefore,
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FIGURE 1. Selective SFE removal of representative PAHs from MGP-impacted soil before treatment and after 1/2 year and 1 year of
bioremediation in a field site. Sequential SFE was performed with pure CO2 for 30 min at each condition including 120 bar and 50 °C (“fast”
sites), 400 bar and 50 °C (“moderate”), 400 bar and 100 °C (“slow”), and 400 bar and 150 °C (“very slow”). PAHs shown after 120 min are
those extracted from the soil residue (after SFE) by 18 h of Soxhlet extraction.
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efforts were made to correlate the quantities of each PAH
species removed by the first two SFE conditions (the “fast”
and “moderate” molecules) with the quantities of each PAH
species removed after 1/2 year and 1 year of bioremediation.
Triplicate samples of the untreated soil were extracted
sequentially with the mildest (120 bar, 50 °C) and second-
mildest (400 bar, 50 °C) SFE conditions to sequentially remove
the “fast” and “moderate” PAHs from the untreated soil. Since
the 30-min fractions used for Figure 1 were not always
sufficient to remove the molecules in a particular fraction
(as evidenced by not obtaining a flat extraction curve at the
end of each “stair-step” condition), the SFE extraction times
were increased to 60 min for each extraction condition.
Following extraction at these two SFE conditions, the
extracted soil residues were subjected to Soxhlet extraction
to determine the unextracted concentrations. The SFE and
Soxhlet results were then used to calculate the concentration
of each PAH remaining after extraction of the “fast” SFE
fractio, and after the extraction of the “fast” and “moderate”
SFE fractions, and the results were compared to the
concentrations of the same PAHs remaining after 1/2 year
and 1 year of bioremediation.

The concentrations of the PAHs found in the field plot
after bioremediation and those found after extracting the
“fast” and “moderate” PAHs from the untreated soil are
shown in Table 1. For the majority of PAHs, the concentra-
tions remaining after the selective SFE removal of both the
“fast” and “moderate” PAHs from the untreated soil show
good agreement with the concentrations found when the
field site was sampled after both 1/2 year and 1 year of

bioremediation. The quantitative reproducibility of the
selective SFE method was also satisfactory, with the relative
standard deviations of replicate SFE experiments (for each
fraction) similar to those found for multiple analyses of the
bioremediated soils. The generally good agreement obtained
between the concentrations predicted by the SFE extraction
of the “fast” PAHs and the actual removals achieved by
bioremediation are encouraging, especially considering the
fact that the predictions were performed with individual PAH
concentrations ranging from -10 to over 400 mg/kg, that
bioremediation removals of PAHs ranged from - 0% to -
90%, and that PAH molecular weights ranged from 128 to
278 amu (i.e., the entire range of PAHs under regulatory
scrutiny).

Figure 3 shows the average percent of PAHs (grouped by
ring size) remaining after 1/2 year and 1 year of bioreme-
diation and after the removal of the “fast” and “moderate”
PAHs from the untreated soil with SFE. In general, the percent
of each group of PAHs removed with the “fast” SFE fraction
best agrees with the percent of each group of PAHs removed
by bioremediation, regardless of whether high removals were
achieved by bioremediation (2- and 3-ring PAHs) or little
removal was achieved by bioremediation (5- and 6- ring
PAHs). The percent removal for the total PAHs achieved by
bioremediation was essentially identical to that removed by
the mildest SFE condition (Figure 3). Linear correlation
coefficients (r2) for the percent of each individual PAH (those
listed in Table 1) removed by bioremediation and extracted
by the mildest SFE condition were 0.93 and 0.92 for 1/2 year
and 1 year of bioremediation, respectively.

FIGURE 2. Percent removals of representative PAHs from MGP-impacted soil before treatment and after 1/2 year and 1 year of bioremediation
in a field site using sequentially stronger SFE conditions. SFE was performed with pure CO2 for 30 min at each condition including 120
bar and 50 °C (“fast” sites), 400 bar and 50 °C (“moderate”), 400 bar and 100 °C (“slow”), and 400 bar and 150 °C (“very slow”). PAHs shown
after 120 min are those extracted from the soil residue (after SFE) by 18 h of Soxhlet extraction.
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Single Condition SFE Extraction Rates vs Bioremediation
Behavior. While the “stepwise” SFE approach described
above imitates approaches such as the use of different organic
solvents to increase extraction strength (37, 39, 40), other
approaches to mimic the environmental release of seques-
tered organics are based on kinetic release curves generated
with a single experimental condition. For example, desorption
of organics from sediments into water is normally performed
for several months, and the desorption rate curves are
evaluated to determine “fast” (rapid-desorbing) and “slow”
fractions for individual pollutant species (34, 36).

In an initial attempt to evaluate the ability of a single SFE
condition to mimic field bioremediation behavior of the MGP
soil, extractions were conducted using several different
pressures and temperatures (ranging from 120 to 400 bar,
and 50 to 150 °C) to determine which SFE condition most
closely mimicked the actual field bioremediation results. As
might be expected based on results of the “stepwise” SFE
conditions discussed above, a single SFE condition (200 bar,
50 °C) which was slightly stronger than that used for the
“fast” fraction in the stepwise approach (120 bar, 50 °C)

appeared to best correlate with the actual bioremediation
behavior. This condition was used to extract the untreated
MGP soil (in triplicate) for 120 min.

The general shape of the 200 bar (50 °C) SFE curves up
to 40 min (right side of Figure 4) show expected trends with
the actual removal of PAHs in the field bioremediation
treatment (left side of Figure 4), i.e., 1 min of SFE ap-
proximates 10 days of bioremediation. Because the biore-
mediation samples had to be collected over 1 year from a
large field site, the jagged nature of the bioremediation curves
is most likely a result of soil heterogeneity. However, the
agreement between the removal profile by bioremediation
over 1 year and the extraction rates by SFE at 200 bar, 50 °C
over 40 min are reasonably good for both low and high
molecular weight PAHs present in the sample.

Quantitative comparisons of the PAHs removed by
bioremediation and the single SFE extraction were also
performed by noting that the “fast” fraction of PAHs was
generally removed by ∼20 min of the SFE process. The
quantities of PAHs remaining in the soil after 1/2 and 1 year
of bioremediation and after 20 min of SFE at 200 bar, 50 °C
(each performed in triplicate) are shown in Figure 5. In
general, the concentrations of the PAHs removed by biore-
mediation and by the single SFE condition agreed well,
especially considering that the technique successfully mimics
the behavior of PAHs ranging in molecular weight from 128
to 278 amu (two to six rings). Although the selection of 20
min to determine the “fast” fraction in Figure 5 was based
only on the soils used in this study, initial extractions of 12
different soils (from different sites) also show similar behavior.

As shown in Figure 4, the extraction rate curves begin to
flatten out at longer extraction times, especially for the lower
molecular weight PAHs. Two explanations may apply. First,
if the extraction rate goes to zero at a certain SFE condition,
it could be inferred that the individual PAHs extracted at
that condition were in one “compartment,” while unextracted
PAHs were in a more tightly bound “compartments.”
However, if the PAHs desorb in a continuum of rates, an
infinitely long extraction at a mild SFE condition should

TABLE 1: Comparison of PAHs Removed by Bioremediation with Those Removed by Selective SFEd

PAH concentration ( SD (mg/kg)

after bioremediationa after SFE to extractb

PAHs untreated soila 1/2 year 1 year fast fraction fast and moderate fraction

naphthalene 48 ( 2 16 ( 1 8.2 ( 0.4 17 ( 1 15 ( 1
1-methylnaphthalene 118 ( 4 22 ( 2 6.4 ( 0.4 7 ( 1 4 ( 2
2-methylnaphthalene 112 ( 4 26 ( 3 7.7 ( 0.5 6 ( 1 4 ( 3
acenaphthylene 129 ( 1 43 ( 17 30 ( 6 33 ( 2 25 ( 3
acenaphthene 78 ( 3 16 ( 1 5.7 ( 0.7 4 ( 1 2 ( 2
fluorene 136 ( 6 17 ( 1 12 ( 2 9 ( 2 4 ( 3
dibenzothiophene 70 ( 3 15 ( 2 13 ( 2 7 ( 1 2 ( 1
phenanthrene 434 ( 19 56 ( 1 23 ( 4 52 ( 1 24 ( 10
anthracene 110 ( 7 26 ( 4 14 ( 1 20 ( 5 11 ( 2
fluoranthene 130 ( 6 46 ( 1 41 ( 3 39 ( 8 12 ( 5
pyrene 196 ( 8 79 ( 2 82 ( 5 76 ( 9 21 ( 10
benz[a]anthracene 74 ( 2 48 ( 4 46 ( 1 54 ( 3 21 ( 2
chrysene 77 ( 3 52 ( 5 51 ( 1 61 ( 3 28 ( 2
benzo[b+k]fluoranthene 88 ( 12 73 ( 16 58 ( 10 81 ( 1 43 ( 1
benzo[e]pyrene 39 ( 5 39 ( 3 30 ( 2 36 ( 1 25 ( 2
benzo[a]pyrene 51 ( 5 54 ( 4 43 ( 3 48 ( 1 33 ( 1
perylene 11 ( 2 11 ( 2 8.3 ( 0.5 11 ( 0 8 ( 1
indeno[1,2,3-cd]pyrene 9 ( 2 16 ( 2 14 ( 2 17 ( 1 15 ( 1
dibenz[a,h]anthracene 12 ( 1 12 ( 1 12 ( 2 12 ( 0 10 ( 1
benzo[ghi]perylene 27 ( 3 25 ( 2 26 ( 3 26 ( 1 23 ( 1
total PAHs by FIDc 6590 ( 260 2460 ( 240 2420 ( 60 2360 ( 310 1580 ( 180
a PAH concentrations and standard deviations based on triplicate Soxhlet extractions of each soil sample. bConcentrations remaining after

extraction of the fast (60 min at 120 bar, 50 °C) and fast + moderate (previous extraction plus 60 min at 400 bar, 50 °C) fractions from the untreated
soil. All extractions were performed in quadruplicate. cTotal PAH concentrations determined by the sum of individual GC/FID peak areas. d Sixty
min at each condition.

FIGURE 3. Percentage of PAHs (grouped by ring size) remaining
on soil after 1/2 year and 1 year of bioremediation, compared to the
percentage remaining after 1 h of SFE at 120 bar and 50 °C (“SFE
minus fast”) and an additional hour of SFE at 400 bar and 50 °C (“SFE
minus moderate”).
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remove 100% of the molecules. In an effort to differentiate
these mechanisms, additional extractions at 200 bar, 50 °C
were conducted on the untreated and the 1-year treated soils
for 8 h, with fractions collected every 20 min. For both soils,
measurable concentrations of all the PAHs listed in Table 1
were found in all fractions (even the 460-480 min fraction),
demonstrating that desorption of the PAHs occurs in a
continuum manner, rather than from discrete compartments.

PAH Characteristics, Treatability, and SFE Behavior. The
ability to rapidly mimic environmental behavior of PAHs on
historically contaminated soils and sediments is complicated
by the fact that the physicochemical properties of PAHs vary
so greatly. For example, the PAHs commonly associated with
MGP sites range from two rings (naphthalene, 128 amu) to
six rings (e.g., benzo[ghi]perylene, 276 amu), with associated
boiling points ranging from 218 to - 500 °C, and water
solubilities ranging from 32 to 0.0003 mg/L, respectively
(Table 2). Given this wide range of PAH characteristics, the
strong correlation between SFE and bioremediation behavior
described above may initially seem counterintuitive.

For direct biological uptake (e.g., earthworm ingestion),
supercritical CO2 may appear to be a reasonable solvent,
since its polarity is similar to that of biological lipids. However,
other biological exposure routes (e.g., microbiological deg-
radation) may require desorption into water prior to biological
uptake (3, 57). Even though previous studies with PCBs
showed good correlation between SFE and long-term water
desorption (45, 46), supercritical CO2 may initially seem like
an unlikely solvent to mimic water-mediated PAH desorption
since CO2 is very nonpolar (similar to hexane), while water
is highly polar. Hence, it may seem unlikely that the behavior
of PAHs ranging from two to six rings would be similar in

water and supercritical CO2. Surprisingly, when the solubili-
ties of PAHs in ambient water are compared with their
solubilities in supercritical CO2 at the mildest SFE condition
(120 bar, 50 °C) previously discussed, the individual PAH
solubilities are very similar (Table 2), at least for the PAHs
for which data are available. Solubilities are not available for
higher molecular weight PAHs at 120 bar and 50 °C, but PAH
solubilities at the second strongest SFE condition (400 bar,
50 °C) show excellent correlation with ambient water
solubilities (i.e., ∼1 order of magnitude higher in CO2 than
water) for PAHs ranging from the two-ring naphthalene to
six-ring benzo[ghi]perylene. This strong degree of correlation
for PAH solubilities between ambient water and supercritical
CO2 is quite striking, especially considering that PAH
solubilities vary by five orders-of-magnitude (for naphthalene
to benzo[ghi]perylene) in both water and CO2 (Table 2).

FIGURE 4. Removal of representative PAHs from a historically contaminated soil with bioremediation (left side of figure) and SFE at 200
bar and 50 °C (right side of figure).

TABLE 2: Characteristics of Representative PAHs

CO2 solubility
(mg/kg)a

PAHs
mol wt
(amu)

boiling
point
(°C)

water
solubility

(mg/L)b
120 bar,

50 °C
400 bar,

50 °C

naphthalene 128 218 32 38 116
fluorene 166 297 2 5.7 11
phenanthrene 178 340 1.3 3.2 12
anthracene 178 340 0.073 0.081 0.61
pyrene 202 394 0.14 0.21 1.2
chrysene 228 436 0.002 0.021
perylene 252 498 0.0004 0.005
benzo[ghi]perylene 276 500 0.00026 0.002

a Adapted from solubilities reported in refs 48 and 49. b Adapted
from ref 58.
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SFE with pure CO2 also appears to have little or no affect
either on the bulk matrix organic material on sediments (in
contrast to organic solvents), sediment pH, nor greatly affect
their water of hydration (i.e., the 1-2% of water typically left
on soils and sediments after air-drying) (47). This lack of
effect on matrix composition and the correlation between
PAH solubilities in water and CO2 combined with the
enhanced mass transfer (faster extraction rates) may con-
tribute to the strong relationship between mild SFE behavior
and bioremediation behavior discussed above.

Although the selective SFE approach must be validated
by extracting many more soils and sediments and correlating
the results with other approaches to determine environmental
mobility and bioavailability, the results described above
indicate that SFE may be a powerful tool to study the
sequestration of PAHs and other persistent organic chemicals
and to predict their behavior in the environment. Studies of
SFE behavior are planned on several soils and sediments
from different MGP processes, and plans include correlating
these results with parallel studies on bioremediation behavior,
water desorption rates, earthworm toxicity and uptake, and
other bioassays.
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Removal rates of polycyclic aromatic hydrocarbons
(PAHs) from manufactured gas plant (MGP) soils were
determined using water desorption for 120 days and mild
supercritical carbon dioxide extraction (SFE) for 200 min. Both
techniques were used to compare the changes in
desorption rates for individual PAHs from untreated and
treated soils that were obtained from a field biotreatment
unit after 58, 147, and 343 days. Water desorption profiles
(plotted in days) and SFE profiles (plotted in minutes) were
very similar regardless of whether a PAH was rapidly or
slowly removed. Water and SFE profiles were fit with a simple
two-site (fast and slow) model to obtain the fraction of
each PAH that was rapidly released (F). There was agreement
between the F values obtained from water desorption
and SFE for PAHs ranging from naphthalene to benzo[a]-
pyrene from all soils, with an overall correlation coefficient
(r2) of 0.81. F values from water desorption and SFE also
agreed with the actual removal of PAHs obtained after 147
and 343 days of field remediation (r2 ca. 0.80). The use
of shorter desorption times (2-4 days for water and 20-
40 min for SFE) allowed F values to be estimated for all
PAHs and showed excellent agreement with the removal
of individual PAHs obtained with 147-343 days of field
remediation (r2 > 0.9). The comparisons indicate that short-
term SFE can provide a reasonable estimate of the
fraction of a PAH that is readily released and available
for microbial treatment.

Introduction
For a chemical in a contaminated soil to be of concern to
human health and the environment, it must be released from
the soil, transported to a receptor, and available to that
receptor in concentrations that will cause an adverse effect.
Chemical availability for migration and biological uptake are
both dependent upon the release of the chemical from soil.
Hence, chemical release from soil is a key factor that affects

the risk those chemicals pose to human or ecological
receptors. The total chemical concentration present in a soil
does not indicate the potential for the chemical to be released.
Factors that affect chemical release and ultimate receptor
impact include chemical hydrophobicity, soil organic carbon
content, type and degree of treatment that may have
occurred, and weathering of the chemicals in the soil (1-
18).

Methods for evaluating pollutant release and availability
have been evolving and include chemical as well as biological
methods (5, 7, 11-17, 19-28). The assumption of local
equilibrium conditions has been common when describing
the dissolution and desorption behavior of chemicals in
contaminated soils. This assumption assumes that interac-
tions between an organic compound and the soil particles
are rapid. Recent data have indicated that this assumption
may be valid for only a few situations, such as chemicals
freshly added (spiked) to soils, after a very recent hydrocarbon
spill, for chemicals with low hydrophobicity, and for soils
with a low organic carbon content. For many other condi-
tions, a nonequilibrium pattern of dissolution/desorption
has been observed (2, 3, 5-7, 20, 29-31). Nonequilibrium
behavior can be represented using a two-site model in which
one fraction of a chemical in the soil is quickly released and
another fraction is slowly released (2-5, 7, 9, 20, 22, 29, 30,
32-35). With this model, dissolution/desorption is assumed
to occur in two different sites in the soil. These are conceptual
“sites” since it is recognized that chemical release undoubt-
edly occurs from many actual locations in the soil.

The fraction of the total chemical in the soil that is released
quickly (F) is commonly assumed to be representative of
equilibrium release conditions. The fraction of the total
contaminant mass that is released slowly (1 - F) is considered
to be kinetically rate limited. Values of F can range from
greater than 0.8 for spiked chemicals and unweathered
chemicals (30, 31) to less than 0.2 for weathered hydrocarbons
and for hydrocarbons in treated soils (3, 5, 29). On the basis
of bioremediation studies (5), the readily released fraction
(F) of the total contaminant mass in a soil is available to
interact with the aqueous phase and microorganisms in the
soil, while the slowly released fraction is largely unavailable.

The chemical release methods available to determine
kinetic parameters frequently take several weeks or months
(5, 11, 29, 30, 32, 34, 35). While these methods are very
appropriate for detailed research studies, methods that obtain
such parameters, particularly F, more rapidly (and cheaply)
are desirable for site investigations and remedial decisions.
Supercritical fluid extraction (SFE) methods are more rapid
and can be used to determine, for a contaminated soil,
whether chemical release is limited by chemical solubility or
by kinetics (22, 23, 27, 28, 36-38). In particular, SFE has been
applied to investigating the release of hydrophobic organic
compounds such as PAHs and polychlorinated biphenyls
(PCBs). The use of pure CO2 has been suggested since its
polarity is similar to biological lipids, and (under proper
conditions of temperature and pressure) the solubilities of
low and high molecular weight PAHs in water and super-
critical CO2 are similar (22).

Presented in this paper are the results of detailed
comparative studies that were conducted to determine the
correlation between (a) the fraction of a chemical released
rapidly (F) as determined by long-term, nonequilibrium,
water extraction studies and (b) the fraction extracted by
SFE using mild extraction conditions. The purpose of these
studies was to evaluate the hypothesis that short-term mild
SFE extraction conditions can be used to estimate the fast
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release (F) that is obtained by long-term nonequilibrium
studies. In addition, the results of the SFE and nonequilibrium
studies were compared to the chemical loss that occurred in
a field bioremediation unit. This latter comparison evaluated
the applicability of the SFE and long-term water desorption
results to a field remediation situation.

Materials and Methods
Soils Used. The soil samples used in these studies were
obtained from a site in the midwestern United States. At this
site, manufactured gas plant (MGP) residuals were discovered
in a former creek bed and were excavated in 1997. The
excavated and dewatered mixture of MGP residuals and site
soil were treated in a prepared bed land treatment unit (LTU)
supplied with water, nutrients, and periodic tilling.

Soil samples were obtained on days 0, 58, 147, and 343
of the field LTU operation. The samples contained ap-
proximately 35% sand, 40% silt, and 25% clay and had a pH
between 7.0 and 7.5, a moisture content between 5.5 and
8.7% (dry weight basis), and an organic carbon content
between 3.4 and 4.9%. Additional information about the LTU
operation is available (5, 39).

Water/XAD2 Extraction Procedure. A sacrificial batch rate
of release (ROR) procedure (5, 19, 29) was used to determine
the extent and rate of PAHs released from the soil samples
to the aqueous phase over long time periods. In the ROR
procedure, XAD2 resin was used in the procedure to maintain
a concentration in the aqueous phase of near zero providing
a maximum driving force for chemical release. The RORs
measured in these studies are considered to be conservative,
upper-bound estimates of the rates that might occur under
field conditions.

The batch vials contained 2 g of soil, 1.2 g of XAD2

(Supelpak 2 styrene/divinylbenzene copolymer, Supelco,
Bellefonte, PA), and an aqueous solution of 0.02% HgCl2 and
0.01 N CaCl2. At established times, the sacrificed vials were
centrifuged to separate the soil, water, and XAD2. The XAD2

(which floats on water) was removed from the vial and
vacuum-dried. The chemicals were extracted from the soil
and XAD2 with methylene chloride (CH2Cl2, Fisher “Optima”
grade) and analyzed as described below. The amount of each
PAH released at each test time was determined using triplicate
vials. Relative standard deviations (RSDs) for the fraction
released at each time were typically 5% (5).

Supercritical Fluid Extraction. SFE was performed with
an ISCO model 260D syringe pump (ISCO, Lincoln, NE) filled
with SFC-grade CO2 (Scott Specialty Gases, Plumsteadville,
PA) and an ISCO model SFX 2-10 extractor with 10-mL
extraction cells and 4 g of the test soil. Extracted PAHs were
collected in 22-mL vials containing 15 mL of CH2Cl2. Flow
rates were controlled at 1 mL/min (measured as compressed
CO2 at the pump) using a variable coaxial restrictor (ISCO)
heated to 80 °C. Kinetic profiles from the different soils were
initially obtained at several temperature and pressure condi-
tions (200 bar at 50, 100, and 150 °C; 400 bar at 50, 100, and
150 °C) to determine SFE conditions that yielded extraction
curves (in minutes) similar to those obtained from the water
desorption (in days). On the basis of these initial results
(discussed later in the text), all subsequent extractions were
performed at 200 bar and 50 °C for 200 min. Each profile was
determined in duplicate. Since adding the PAH concentra-
tions from the multiple fractions collected for the kinetic
plots could introduce error in the PAH quantitations, the
quantity of each PAH extracted from each soil was further
verified by repeating each extraction (in triplicate) and
collecting only three fractions, i.e., at 20, 40, and 60 min.
After the SFE procedure was completed, the soil residue was
extracted overnight with acetone/CH2Cl2 (1:1) to recover any
PAHs that were not extracted by SFE. Additional minor

procedural details are the same as previously reported (22).
Reproducibilities of the replicate SFE experiments were
similar to those shown for individual PAHs in Table 1.

PAH Analysis. PAH concentrations for the test soils (Table
1) were based on triplicate Soxhlet extractions for 18 h with
1:1 acetone/CH2Cl2. Determinations of individual PAH
concentrations for all water/XAD2, SFE, and soil residue
fractions were performed using high-resolution gas chro-
matography with flame ionization detection (GC/FID) with
verification by gas chromatography/mass spectrometry (GC/
MS) at both the University of Texas (5) and the University
of North Dakota (22).

Data Analysis. The chemical release data were analyzed
by normalizing the amount of chemical released from the
soil and sorbed onto the XAD2 by the total chemical
concentration in the soil. The data were then modeled using
an empirical two-site model, consisting of two first-order
expressions (5, 19):

where t is time (days); St is the mass of chemical on XAD2

after time t (mg/kg soil dry weight); So is the total mass of
chemical in soil (mg/kg dry weight); St/So is the fraction of
chemical released after time t; F is the fraction of chemical
released quickly; (1 - F) is the fraction of chemical released
slowly; k1 is the first-order rate constant describing the quickly
released fraction (day-1); and k2 is the first-order rate constant
describing the slowly released fraction (day-1). The Excel
“Solver” regression routine was used to fit release data to eq
1. The parameters of fit were F, k1, and k2 as previously
described (5, 40, 41). The SFE data were analyzed using the
same empirical two-site model described in the water/XAD2

extraction section, except that the units of time were minutes
rather than days.

Results and Discussion
Development of SFE Conditions. Previous studies using SFE
to investigate PAH and PCB desorption from soils and
sediments used sequentially stronger SFE conditions to
extract different fractions of PAHs and PCBs (22, 36). PAHs
and PCBs that extracted at very mild SFE conditions were

TABLE 1. PAH Concentrations in MGP Soil before and after
Treatment Based on Soxhlet Extraction

PAH concn (mg/kg ( SDa)

day 0 day 58 day 147 day 343

naphthalene 48 ( 2 22 ( 2 16 ( 1 8.2 ( 0.4
1-methylnaphthalene 112 ( 4 17 ( 1 26 ( 3 7.7 ( 0.5
2-methylnaphthalene 118 ( 4 12 ( 2 22 ( 2 6.4 ( 0.4
acenaphthylene 129 ( 1 44 ( 7 43 ( 17 30 ( 6
acenaphthene 78 ( 3 11 ( 2 16 ( 1 5.7 ( 0.7
fluorene 136 ( 6 28 ( 3 17 ( 1 12 ( 2
dibenzothiophene 70 ( 3 17 ( 2 15 ( 2 13 ( 2
phenanthrene 434 ( 19 106 ( 11 56 ( 1 23 ( 4
anthracene 110 ( 7 44 ( 12 26 ( 4 14 ( 1
fluoranthene 130 ( 6 85 ( 8 46 ( 1 41 ( 3
pyrene 196 ( 8 149 ( 15 79 ( 2 82 ( 5
benz[a]anthracene 74 ( 2 52 ( 8 48 ( 4 46 ( 1
chrysene 77 ( 3 60 (6 52 ( 5 51 ( 1
benzo[b+k]fluoranthene 88 ( 12 66 ( 18 73 ( 16 58 ( 10
benzo[e]pyrene 39 ( 5 48 ( 11 39 ( 3 30 ( 2
benzo[a]pyrene 51 ( 5 54 ( 10 54 ( 4 43 ( 3
indeno[1,2,3-cd]pyrene 19 ( 2 19 ( 4 16 ( 2 14 ( 2
dibenz[a,h]anthracene 12 ( 1 7 ( 1 12 ( 1 12 ( 2
benzo[ghi]perylene 27 ( 3 31 ( 5 25 ( 2 26 ( 3

a PAH concentrations (dry wt) are based on triplicate Soxhlet
extractions of each soil.

St

So
) 1 - [Fe-k1t] - [(1 - F)e-k2t] (1)
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termed “rapidly desorbed” and those that required the
strongest SFE conditions were viewed as being tightly
sequestered and would be “slowly desorbed” under envi-
ronmental conditions. Since the goal of the present study
was to compare SFE results to water desorption results using

the two-site model (which requires a single extraction
condition), the stepwise SFE method could not be used.
Therefore, initial SFE experiments to remove PAHs from
untreated (day 0) and treated soils were performed in an
attempt to develop a single SFE condition that could yield

FIGURE 1. Effect of supercritical carbon dioxide temperature and pressure on the extraction rates of representative PAHs from untreated
(day 0) MGP soil.

FIGURE 2. Comparison of the concentrations of representative PAHs extracted vs time using SFE (left side, time scale in minutes) and
water desorption (right side, time scale in days) from untreated MGP soil, and soils treated in a field unit for 58, 147, and 343 days. The
symbols show experimental data, and the lines are generated from the two-site model.
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desorption profiles similar to those obtained with water
desorption.

The effect of SFE conditions on the extraction rates of
PAHs from the untreated soil are shown in Figure 1. Since
PAH solubility in carbon dioxide is greatly affected by
temperature and pressure (22, 42) and PAH desorption rates
from soils are presumably enhanced by temperature, pre-
dicting the effect of SFE conditions on individual PAH removal
rates is difficult. As shown in Figure 1, low molecular weight
PAHs (such as naphthalene) extract quite rapidly from the
untreated soil at all SFE conditions tested. The higher
temperature and pressure conditions (400 bar and 150 °C,
400 bar and 100 °C, and 200 bar 150 °C), yielded almost
complete removal of naphthalene in a few minutes and did
not clearly show the fast and slow fractions that were expected
from the water desorption results (discussed below). In
contrast, the milder SFE conditions (400 bar and 50 °C, 200
bar and 50 or 100 °C) yielded extraction curves clearly showing
the two-site behavior for naphthalene analogous to the water
desorption curves.

Higher molecular weight PAHs (e.g., benzo[e]pyrene)
showed the fastest extraction rates only at the highest pressure
(400 bar), with the combination of high pressure and
temperature yielding the highest extraction rate. At 200 bar
and either 100 or 150 °C, the CO2 density is too low for efficient
solvation of higher molecular weight PAHs (22, 42), and thus
the extraction rates of higher molecular weight PAHs such
as benzo[e]pyrene are very slow. Extraction at 50 °C and
either 200 or 400 bar gave intermediate extraction rates for
the higher molecular weight PAHs (Figure 1). Additional
comparisons of the SFE extraction rates (plotted vs minutes)
of two- to five-ring PAHs from the untreated and treated
soils with the water desorption rates (plotted vs days)
demonstrated that the 200 bar, 50 °C condition best mimicked
the behavior of PAHs during water desorption. In addition,
under these conditions, the solubilities of PAHs in CO2 are
similar to those found in ambient water (22, 42). Therefore,
all subsequent extractions were performed at 200 bar and
50 °C.

PAH Desorption with Water and SFE. A comparison of
PAH desorption curves using water/XAD2 extraction and SFE
are shown in Figure 2 for the untreated (day 0) soil as well
as soils after 58, 147, and 343 days of treatment in the land
unit. Concentrations of the PAHs in the untreated soil (day
0) and those remaining in the field-treated soils (days 58,
147, and 343) are given in Table 1. The extraction curves
obtained using water/XAD2 and SFE are remarkably similar
for all PAHs, regardless of whether the soil was treated or
untreated. Figure 2 also illustrates that, under these condi-
tions, CO2 extractions can be two-phase, exhibiting both fast
and slow extraction regions. These two-phase curves are
similar to the two-phase release curves exhibited by water/
XAD2 desorption and, therefore, indicate that the two-site
model used to determine F should be applicable to the SFE
results (discussed below).

Figure 2 also demonstrates the effect of field treatment
on the SFE and water/XAD2 desorption rates for representa-
tive PAHs. As expected, for lower molecular weight PAHs
(e.g., naphthalene) that are removed by the field remediation
process (Table 1), the fast fraction decreases with treatment
time for both water/XAD2 desorption and SFE. For higher
molecular weight PAHs such as benzo[a]pyrene that were
largely unaffected by the field remediation (Table 1), both
the SFE and water/XAD2 desorption curves show no sig-
nificant change with treatment times.

While the extraction curves from SFE and water/XAD2

desorption are very similar (Figure 2), similar extraction
curves do not dictate that the two extraction methods are
removing the same PAH molecules from the soils. To
investigate this concern, two sequential extraction studies
were performed, i.e., water/XAD2 desorption followed by SFE
and SFE followed by water/XAD2 desorption. First, treated
(day 147) soil was extracted with water/XAD2 for 29 days.
After 29 days, the XAD2 was removed, and the remaining soil
was subjected to SFE for 40 min. The reverse study was also
conducted, i.e., day 147 soil was subjected to SFE for 40 min
and then to a 29-day water/XAD2 extraction. After the two
sequential treatments, the soil residue was extracted, and

FIGURE 3. Fractions of representative PAHs removed from day 147 soil using sequential 29-day water desorption followed by 40-min
supercritical CO2 extraction (left bar for each PAH) and by supercritical CO2 extraction followed by water desorption (right bar for each
PAH). Error bars represent one standard deviation unit based on triplicate experiments.
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the fraction of each PAH removed by SFE and water/XAD2

desorption was determined. As shown in Figure 3, 40 min of
SFE after 29-day water/XAD2 desorption extracted only small
amounts of additional PAHs regardless of their molecular
weight. Also, 29-day water/XAD2 desorption performed after
40 min of SFE extracted only small amounts of all of the
PAHs except benzo[a]pyrene, which might be expected since
water/XAD2 desorption extracted more benzo[a]pyrene than
SFE from all of the test soils (Figure 2). Note that a small
fraction of molecules should be found by the second
desorption method since the PAHs continue to desorb at a
slower rate, while the first treatment would remove the
majority of PAHs that desorb at the faster rate. In any case,
the results of these two sequential extraction experiments
demonstrate that water/XAD2 desorption and SFE extract
approximately the same molecules in their fast fractions.

Two-Site Model Determination of Fast Fractions. Previ-
ous water/XAD2 desorption studies on PAHs used a simple
two-site curve fitting model to determine the fast release
fraction (F) for each individual PAH from different soil
treatment times (5, 19). As noted above (Figure 2), the SFE
extraction curves also generally show the two-phase behavior,
which suggests that the two-site model is appropriate to
determine SFE F values. Thus, to allow a mathematical
comparison of the two methods, the data from each extraction
method was curve fit using the methods described earlier to
determine F (5, 19). Table 2 summarizes the F data for both
extraction methods. As might be expected based on the
treatment results shown in Table 1, both water/XAD2

desorption and SFE show decreasing values of F with PAH
molecular weight (e.g., larger PAHs are less available). Also,
as the field remediation progresses, both methods show that
the available fraction, F, decreases for PAHs that are removed
by treatment. Unfortunately, neither method allows routine
determination of F for high molecular weight PAHs since the
extraction rate for these PAHs by both methods is too slow
to allow two-phase behavior to be observed.

The correlation for all F values shown in Table 2 generated
from water/XAD2 desorption with those generated from the
SFE data is shown in Figure 4. The two methods show good
comparability, with linear correlation coefficient (r2) of 0.81,
a slope near unity, and a near-zero intercept.

Comparison of F Values to Field Treatment PAH
Removals. Previous studies (5) have shown that the fast

release fraction, F, as determined by water/XAD2 desorption
is readily available to microorganisms in the soil and that F
values are a useful predictor of remediation behavior for
individual PAHs. Although an earlier study related SFE
behavior to remediation behavior of PAHs (22), no kinetic
(curve fit) data from SFE has previously been compared to
PAH remediation results. Therefore, the relationship among
both fast release fractions (water/XAD2 desorption and SFE)
and the extent of PAH removal from the field remediation
was investigated. This was done by comparing the F values
for untreated soil (day 0) obtained from water/XAD2 de-
sorption and SFE (Table 2) with the actual fraction of each
PAH removed as calculated from the day 0, 147, and 343 PAH
concentrations (based on Soxhlet extraction) as compared
to the untreated soil (Table 1).

Actual PAH removals from the field-treated soil were
similar to those previously reported for four MGP soils
subjected to biodegradation in stirred reactors (43), i.e., high
removals of two- and three-ring PAHs, moderate removal of
four-ring PAHs, and little or no removal of larger PAHs (Table
1). As indicated for day 343 (Figure 5a), F values from both

TABLE 2. Fast Released Fraction (F) Determined by Water/XAD2 Desorption and SFE with CO2
a

day 0 day 58 day 147 day 343

water SFE water SFE water SFE water SFE

naphthalene 0.89 (0.87-0.90)b 0.86 (0.85-0.88) 0.61 0.66 0.41 0.41 0.31 0.31
1-methylnaphthalene 0.89 (0.87-0.90) 0.97 (0.96-0.98) 0.82 0.81 -d 0.87 0.63 0.63
2-methylnaphthalene 0.85 (0.84-0.87) 0.94 (0.93-0.95) 0.81 0.79 - 0.62 0.54 0.38
acenaphthylene 0.68 (0.67-0.69) 0.72 (0.71-0.73) 0.34 0.33 0.29 0.36 0.11 0.18
acenaphthene 0.80 (0.79-0.82) ndc 0.70 nd - nd 0.38 nd
fluorene - 0.97 (0.95-0.99) 0.85 0.83 0.75 0.73 0.47 0.51
dibenzothiophene nd 0.96 (0.93-0.98) nd 0.97 nd 0.73 nd 0.51
phenanthrene 0.88 (0.87-0.90) 0.97 (0.93-0.99) 0.73 0.93 0.59 0.76 0.58 0.59
anthracene 0.88 (0.86-0.90) 0.86 (0.85-0.88) 0.52 0.78 0.46 0.53 0.20 -
fluoranthene 0.81(0.79-0.83) 0.89 (0.85-0.92) 0.69 0.85 0.63 0.79 0.66 0.77
pyrene 0.84 (0.81-0.86) 0.92 (0.82-0.97) 0.69 0.83 0.60 0.78 0.64 0.80
benz[a]anthracene 0.69 (0.65-0.73) 0.80 (0.71-0.88) 0.60 0.79 0.58 0.69 0.48 0.75
chrysene 0.70 (0.65-0.74) 0.75 (0.67-0.82) 0.55 0.71 0.58 0.71 0.56 0.78
benzo[b+k]fluoranthene 0.33 (0.21-0.37) - 0.42 - 0.39 - 0.23 -
benzo[e]pyrene nd 0.44 (0.42-0.46) nd 0.40 nd - nd -
benzo[a]pyrene 0.35 (0.25-0.41) 0.36 (0.31-0.50) 0.39 - 0.45 - 0.25 -
indeno[1,2,3-cd]pyrene nd 0.12 (0.10-0.13) nd 0.15 nd - nd -
benzo[ghi]perylene nd 0.07 (0.06-0.08) nd 0.07 nd - nd 0.03

a F values determined by the two-site curve fitting method described in the text based on 120-day water/XAD2 desorption and 200-min SFE.
b Confidence intervals (95%) were determined as described in ref 41. c nd, not determined because of chromatographic interferences or because
PAH concentrations were below reliable quantitation limits. d -, Kinetic curves were generated, but curve fitting did not yield a suitable F value
based on the criteria that the fast desorption rate constant (k1) was not at least 10-fold higher than the slow desorption rate constant (k2).

FIGURE 4. Correlation of two-site model fast fractions (F) obtained
using 120-day water desorption and 200-min supercritical CO2

extraction. Soils include the untreated MGP soil and those from the
field treatment unit after 58, 147, and 343 days. PAHs include those
listed in Table 2.
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extraction methods provided a reasonable prediction of the
extent of PAH loss that occurred during field biological
treatment, particularly for the lower molecular weight PAHs.
For some middle molecular weight PAHs (e.g., pyrene to
chrysene), both methods tend to overestimate the release,
although the predictive relationship is still fairly strong. For
example, correlation coefficients (r2) for the PAH removals
after 147 days were 0.80 and 0.82 for water desorption and
SFE, respectively, while for day 343, they were 0.67 and 0.80,
respectively. The very slow extraction rates shown by both
methods make obtaining curve-fit F values difficult for the
higher molecular weight PAHs, although the few values
obtained from the SFE data agree well with the field
remediation results.

Use of a Single Desorption Time. The application of the
two-site model required that the kinetic curves be generated.
However, generating F values requires several months (and
a very large number of analyses) for the water/XAD2

desorption technique. Although SFE reduces the extraction
time to a few hours, a large number of fractions still must
be analyzed; therefore, a few days are required per sample.
In addition, the curve-fit approach cannot generally yield F
values for the higher molecular weight PAHs because of their
slow extraction behavior.

In an initial effort to simplify the approach, the fractions
of PAHs extracted after single desorption times (1-20 days
for water desorption and 20-60 min for SFE, based on the
curve shapes shown in Figure 2) were correlated with the

FIGURE 5. Comparison of the fractions of individual PAHs removed after 343 days of field treatment with the fast fractions (F) determined
based on the two-site model curve fit of the desorption kinetic data from water desorption and supercritical CO2 extraction (a). F values
are those determined using the untreated soil (Table 2). Panel b compares the PAH fractions removed by a 40-min SFE desorption and
by a 4-day water/XAD2 desorption of the untreated soil with the fraction of each PAH removed by 343 days of field bioremediation.
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removal of PAHs after 147 and 343 days of field remediation.
For the water/XAD2 desorption method, comparison of the
PAH desorption after 2.2 days agreed best with the PAH
removal obtained after 147 days of field remediation (r2 )
0.96), while the 4-day data agreed best with the 343-day
treatment (r2 ) 0.91) as shown in Figure 5b. Longer water/
XAD2 desorption times overestimated the actual PAH re-
movals obtained in the field. Similarly, the optimal times for
SFE were 20 min for the 147-day soil (r2 ) 0.96) and 40 min
for the 343-day soil (r2 ) 0.91) as shown in Figure 5b.

While the predictive abilities of the single time water /XAD2

desorption and SFE data shown in Figure 5b are attractive,
it is important to note that this approach has not been applied
to soils and sediments from other sites. In an effort to better
generalize the comparison between water/XAD2 desorption,
SFE, and PAH behavior in the environment, analogous studies
are currently being performed with 14 different MGP site
soils and sediments.
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Comparing PAH Availability from
Manufactured Gas Plant Soils and
Sediments with Chemical and
Biological Tests. 1. PAH Release
during Water Desorption and
Supercritical Carbon Dioxide
Extraction
S T E V E N B . H A W T H O R N E , * , †
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University of North Dakota, P.O. Box 9018, Grand Forks,
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Soil and sediment samples from oil gas (OG) and coal gas
(CG) manufactured gas plant (MGP) sites were selected
to represent a range of PAH concentrations (150-40 000 mg/
kg) and sample matrix compositions. Samples varied
from vegetated soils to lampblack soot and had carbon
contents from 3 to 87 wt %. SFE desorption (120 min) and water/
XAD2 desorption (120 days) curves were determined and
fit with a simple two-site model to determine the rapid-released
fraction (F) for PAHs ranging from naphthalene to benzo-
[ghi]perylene. F values varied greatly among the samples,
from ca. 10% to >90% for the two- and three-ring PAHs
and from <1% to ca. 50% for the five- and six-ring PAHs.
Release rates did not correlate with sample matrix
characteristics including PAH concentrations, elemental
composition (C, H, N, S), or “hard” and “soft” organic carbon,
indicating that PAH release cannot easily be estimated
on the basis of sample matrix composition. F values for CG
site samples obtained with SFE and water desorption
agreed well (linear correlation coefficient, r2 ) 0.87, slope
) 0.93), but SFE yielded higher F values for the OG
samples. These behaviors were attributed to the stronger
ability of carbon dioxide than water to desorb PAHs
from the highly aromatic (hard) carbon of the OG matrixes,
while carbon dioxide and water showed similar abilities
to desorb PAHs from the more polar (soft) carbon of the CG
samples. The combined SFE and water desorption
approaches should improve the understanding of PAH
sequestration and release from contaminated soils and
sediments and provide the basis for subsequent studies
using the same samples to compare PAH release with PAH
availability to earthworms.

Introduction
Manufactured gas plants (MGPs) produced gas by cracking
oil and coal and by releasing light hydrocarbons that were
used for lighting and household needs. An estimated 3000-
5000 MGP sites exist in the United States, many of which are
contaminated with process residues that include tars, sludges,
lampblack, light oils, spent oxide wastes, and other hydro-
carbons (1-4). At MGPs that used coal, the residue carbon
primarily was pyrolized coal particles. At MGPs that used oil,
a finer organic carbon residue similar to lampblack soot was
produced. In both cases, the primary organic pollutants of
concern are polycyclic aromatic hydrocarbons (PAHs).

Proper management of MGP sites requires better un-
derstanding of the mechanisms that control the release of
PAHs to the biosphere. Present analytical methods focus on
determining total PAH concentrations but ignore whether
the pollutants are available to environmental processes (5).
Changes in the bioavailability and environmental mobility
of these organic pollutants that occur with aging and
weathering need to be better understood, and simple tools
to determine pollutant “availability” to the environment must
be developed in order to facilitate appropriate and cost-
effective approaches to contaminated field sites (5-17).

There has been an increasing awareness that laboratory
investigations into pollutant availability and sequestration
using simple mixtures of known organic pollutants spiked
onto well-characterized soils may fail to mimic field situations
(5, 18-22). The desire to use simpler laboratory-spiked
systems is understandable since obtaining, properly char-
acterizing, and performing various chemical and biological
experiments with multiple representative field samples is
much more difficult (and can yield results that are much
harder to interpret) than studies performed with laboratory-
generated samples. Comparisons of results among chemical
and biological studies performed in different laboratories
are also nearly impossible since relevant field samples are
largely unavailable to multiple investigators. Thus, despite
many investigations utilizing various biological and chemical
approaches for studying pollutant availability, interpretation
of these results is greatly limited by the lack of a common
set of field samples.

To address this lack, a large suite of soils and sediments
contaminated with PAHs has been collected from MGP sites,
homogenized, and distributed to several laboratories that
are investigating a range of chemical and biological ap-
proaches to determining pollutant availability. The overall
goal of these collaborative studies is to develop an investiga-
tive approach that includes measures of chemical bioavail-
ability and that can be used for site-specific risk-based
remediation decisions. A key part of such an approach is to
have valid short-term laboratory tests to predict the mobility
and bioavailability of individual PAHs in field samples.

Part 1 of this series presents sample matrix characteriza-
tion data, PAH concentrations, supercritical carbon dioxide
(SFE) desorption rates, and water/XAD2 desorption rates from
soils and sediments contaminated by residues from oil gas
(OG) and coal gas (CG) production. Samples were selected
from an initial set of 30 soils and sediments based on their
chemical characteristics [individual and total PAH content,
elemental analysis, organic carbon, and SFE desorption rates
(9, 23)], knowledge of prior MGP activities at the sites, and
representation of both OG and CG manufacturing technolo-
gies. Part 2 will compare the SFE and water desorption rates
of PAHs with earthworm toxicity and uptake (15), both in
laboratory and field exposure scenarios. These comparisons
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should provide a better understanding of the thermodynamic
and kinetic factors leading to PAH sequestration and
decreased bioavailability that occurs over decades of field
aging.

Experimental Section
Samples. Thirty soil and sediment samples were collected
at former MGP sites that had been closed for ca. 50 yr. Upon
collection, all samples were placed in sealed containers and
cooled for shipment to a central storage facility where
approximately 10 kg of each soil was homogenized by ca. 10
cycles of sieving to <6 mm followed by quartering the soil
pile and remixing. Sample subsets were then stored in sealed
glass containers at 4 °C for shipment to the participating
labs. Fifteen samples were then selected for in-depth study
on the basis of initial sample characterization including PAH
concentrations, SFE behavior, and carbon content. Eleven
of these samples were also evaluated using water/XAD2

desorption.
Sample Characterization. Elemental analyses (C, H, N)

were performed using a Leeman Labs model CE440 elemental
analyzer. Sulfur was determined by combustion and iodo-
metric titration with a LECO model HF10 sulfur analyzer.
“Organic” carbon was determined using the Walkely-Black
(ASA 229-3.5.2) and the modified Mebius (ASA 229-3.5.3)
procedures, both based on chromic acid digestion applied
without and with heat, respectively (24). Thermal gravimetric
analysis (TGA) was performed as previously described (17).

PAH Determinations. PAH concentrations were deter-
mined by triplicate Soxhlet extractions (150 mL of 1:1
methylene chloride/acetone for 18 h) on 2-g samples followed
by GC with flame ionization detection (GC/FID) using
n-undecane as an internal standard (23). For the samples
where the reproducibility in individual PAH concentrations
was poor (e.g., typical RSDs > ca. 15% in the triplicate
extracts), additional Soxhlet extractions were performed on
replicate samples to verify the degree of sample heterogeneity.
No concentration data from the multiple extracts were
rejected in the subsequent data tables. GC/MS analyses of
the same extracts were performed on each sample using
identical GC conditions (23) on a Hewlett-Packard model
5973 GC/MS. All PAH identities were verified using GC/MS
and authentic standards. Concentrations of PAHs determined
by GC/FID were also confirmed by independent GC/MS
analysis using perdeuterated PAHs as internal standards.

SFE and Water/XAD2 Desorption. SFE was performed
with pure carbon dioxide as previously described (9, 23). All
extractions were performed at 200 bar and 50 °C using 1-g
samples mixed 1:1 with sodium sulfate. After the SFE was
completed, each sample residue was extracted using the
Soxhlet method described above to determine residual PAH
concentrations. All of the 15 samples were extracted by SFE
a minimum of 5 times (9, 23). First, each profile was
determined in duplicate by collecting and analyzing separate
fractions after 5, 10, 15, 20, 25 30, 40, 50, 60, 80, 100, and 120
min of SFE. The fraction of each PAH extracted was further
verified by repeating each SFE extraction and analysis in
triplicate with fractions collected at 20, 40, and 60 min. Water/
XAD2 desorption was performed as previously reported
(6, 23, 25).

Desorption Kinetics Data Analysis. SFE and water/XAD2

kinetic data were analyzed using the simple two-site kinetic
model previously described (23). In short, the model uses
two first-order expressions to describe the fraction (F) of a
PAH released by a “fast” process having a first-order rate
constant k1 and the fraction (1 - F) released by a “slow”
process having a first-order rate constant k2. The parameters
F, k1, and k2 were fit to the experimental data as previously
described (6, 23).

Results and Discussion
Sample Characterization. Matrix characteristics of the
samples selected for in-depth study are given in Table 1 and
Supporting Table S1. CG samples generally had the appear-
ance of sediments (CG-2 and CG-3, both collected from
harbors adjacent to MGP sites) or soils (the remaining CG
samples, except CG-11). CG-11 was collected at a tar refining
site and appeared to contain coal chips, asphaltic tar, and
gritty material such as crushed bricks and clinker. The OG
samples consisted primarily of lampblack soot (OG-2 and
OG-10) or soot mixed with soil (OG-5, OG-14, OG-17, and
OG-18). Most of the CG samples, except CG-11, had organic
carbon contents typical of soil. In contrast, some of the OG
samples were essentially pure lampblack soot and had total
carbon contents as high as 87 wt % (Tables 1 and S1).

Conventional methods to measure soil organic carbon
[Walkely-Black (WB) and modified Mebius (MM)] rely on
chromic acid oxidation without (WB) and with (MM) added
heat (24). As shown in Table 1, the WB method greatly
underestimates the organic carbon in nearly all of the
samples, especially for the sootier OG samples. The carbon
concentrations from the MM method were substantially lower
than those from elemental analysis and TGA for several of
the OG samples. Both observations are consistent with soot-
based carbon as opposed to typical soil organic carbon.
Similarly, the molar ratio of carbon to hydrogen is higher in
most of the OG samples than in the majority of CG samples,
which indicates that the OG samples have high elemental or
aromatic (e.g., very large PAHs) carbon. The high concentra-
tions of aromatic carbon were also confirmed in the OG
samples by CPMAS (solid-state cross polarization magic angle
spinning) 13C nuclear magnetic resonance (NMR), where only
aromatic (not aliphatic) carbon was observed (26).

Additional differences in carbon types in the sooty OG
samples were shown by TGA, where the proportion of
“volatile” organic (the weight loss that occurs during heating
under inert gas adjusted for water) is much lower than “fixed”
carbon (the weight loss that occurs at 650 °C only after adding
oxygen, Table 1). These results are also consistent with a

TABLE 1. Sample Matrix Organic Composition

thermal
gravimetric

analysiscC,
wt %a

modified
Mebius

Walkely-
Black

elemental
analysis

molar
C/H

ratiob

total
organic

wt %
%

volatiles

OG-1 13 ndd 9.9 2.5 12 38
OG-2 56 2.4 59 6.3 63 14
OG-5 11 0.8 6.9 2.4 9.3 34
OG-10 47 2.6 87 5.0 87 16
OG-13 4.1 1.3 6.5 1.4 8.2 61
OG-14 2.3 0.4 2.9 1.2 4.4 61
OG-17 39 2.1 47 5.7 52 13
OG-18 20 2.5 25 2.5 29 28

CG-2 2.1 1.0 2.6 0.6 4.2 87
CG-3 6.9 2.5 7.5 0.9 12 76
CG-10 2.2 0.8 3.7 1.6 9.8 57
CG-11 13 2.1 29 2.3 45 46
CG-12 7.0 4.0 7.9 1.1 14 58
CG-15 8.9 3.8 24 3.5 26 31
CG-17 7.2 3.8 12 1.8 19 48

a Organic carbon was determined using chromic acid oxidation and
elemental analysis as described in the text. b Molar carbon/hydrogen
ratio based on elemental analysis. c Thermal gravimetric analysis (TGA)
was performed as described in the text. % volatiles is the fraction of
organics lost upon heating to 650 °C but before the addition of oxygen
as compared to the total organic content determined by TGA. d nd, not
determined.
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highly aromatic matrix. OG-13 and OG-14 appear to have
somewhat lower proportions of soot-based aromatic carbon,
on the basis of the lower proportion of fixed carbon
determined by TGA and by the lower molar C/H ratios (1.4
and 1.2), which are more typical of the CG samples. It should
also be noted that the generally good agreement between
the elemental carbon values and the “total organic” values
determined using TGA demonstrates that carbonate is not
significant in these samples. (More complete characteriza-
tions including elemental C, H, N, and S concentrations;
particle size distribution; and total extractable hydrocarbon
content are given in Supporting Information, Table S1.)

PAH Concentrations. The concentrations of representa-
tive PAHs for each sample are given in Table 2. (Individual
concentrations of the 20 major PAHs in each sample are
given in Table S2.) Concentrations of individual and total
PAHs vary greatly among the samples, with total PAH
concentrations (defined as the sum of the 16 PAHs listed by
the U.S. EPA) ranging from ca. 150 to ca. 40 000 mg/kg (4 wt
%). All of the OG samples (except OG-18) and several of the
CG samples are dominated by the higher molecular weight
(four- to six-ring) PAHs (Table 2 and Figure S1). In contrast,
some of the samples (notably CG-3 and OG-18) are dominated
by the lower molecular weight (two- and three-ring) PAHs.
For example, the concentration ratio of the two-ring PAHs
(naphthalene and the two methylnaphthalenes) to the five-
and six-ring PAHs (including benzo[b+k]fluoranthene, ben-
zo[e]- and benzo[a]pyrene, perylene, indeno[1,2,3-cd]pyrene,
dibenz[a,h]anthracene, and benzo[ghi]perylene) varies from
0.01 to 2.5 for the CG samples and from 0.01 to 2.3 for the
OG samples (Table 2). This 200-fold range in relative amounts
of the more volatile (and water soluble) lower molecular
weight PAHs as compared to the higher molecular weight
PAHs indicates that exposure to removal processes (e.g.,
volatilization, water solubilization, bacterial degradation) was
likely very different among the various sites sampled.

PAH Desorption Rates. PAH desorption curves for several
samples were obtained so that the PAH release rates obtained
using SFE and water desorption could be compared. Although
the present work is the first to present SFE desorption data
from multiple sample sites, the water/XAD2 desorption
method has previously been used to determine the rapidly
desorbed F fraction from several soils contaminated with
PAHs and related hydrocarbons (6, 25, 27). The development
of the SFE method was described in an earlier report (23) in

which samples from a single MGP site were extracted with
various combinations of temperatures (50-150 °C) and
pressures (200 and 400 bar) in an effort to develop SFE
conditions that yielded PAH desorption behavior most
analogous to water desorption behavior for both low and
high molecular weight PAHs. In that study, good agreement
between SFE extraction curves generated with 200 bar carbon
dioxide at 50 °C and water/XAD2 curves was obtained for
samples from a single CG site during bioremediation (23).
Therefore, the same SFE conditions were evaluated in the
present study to determine if SFE desorption results agree
with water/XAD2 desorption results for a range of samples
representative of CG and OG MGP sites.

Figure 1 demonstrates the range of behavior seen among
the different samples for representative low (MW ) 128) to
high molecular weight PAHs (MW ) 276) during the SFE
desorptions. Interestingly, samples from both OG and CG
sites showed a range of very fast to very slow SFE desorption
rates. For example, OG-18 and CG-3 both showed very high
proportions of fast or available fractions, especially for the
two- to four-ring PAHs (MW from 128 to 228). In contrast,
samples such as CG-11 and OG-13 showed only small fast
fractions for all PAHs, and even the lower molecular weight
PAHs showed relatively low availability. The remaining
samples showed a range of more intermediate fast fractions
as typified by OG-10 and CG-12 (Figure 1).

Similar to the SFE results, water/XAD2 desorption curves
showed a broad range of behaviors for the different samples
as illustrated in Figure 2. (Note that the units of time are days
for the water/XAD2 extraction and minutes for the SFE
extraction.) Both the water desorption and the SFE curves
show the typical two-phase release from the soil matrix, and
the curves shown in Figure 2 represent the range of behaviors
observed for the individual PAHs from the 11 samples.

Analogous extraction curves were generated for individual
PAHs from 15 of the samples using SFE and from 11 of the
samples using water/XAD2 desorption. The two-site curve-
fitting model was then applied to each of the data sets to
determine values of F as well as the fast and slow desorption
rate constants, k1 and k2. The resultant F values for
representative PAHs are given in Tables 3 (SFE) and 4 (water).
F values and representative 95% confidence intervals for all
PAHs measured from all samples tested are given in Tables
S4 and S5. In general, the simple two-site model yielded
curves (solid lines in Figures 1, 2, and S2) that fit the

TABLE 2. Representative PAH Concentrations in 15 MGP Site Samples (mg/kg)

total PAHs
NAPa PHEN PYR B[a]A B[a]P IND EPAb FIDc

weathering
indexd

OG-1 4.4 ( 0.5 8 ( 0 20 ( 2 72 ( 5 30 ( 3 24 ( 1 290 ( 10 850 ( 50 0.04
OG-2 26 ( 5 92 ( 7 1240 ( 90 320 ( 20 830 ( 46 530 ( 30 6190 ( 350 11400 ( 100 0.01
OG-5 120 (100 110 ( 60 340 ( 70 44 ( 4 170 ( 20 150 ( 20 1730 ( 340 2410 ( 440 0.14
OG-10 1670 ( 350 5110 ( 580 7980 ( 870 1470 ( 170 3050 ( 430 2460 ( 410 39500 ( 4700 54900 ( 6130 0.12
OG-13 140 ( 17 170 ( 20 320 ( 50 44 ( 5 126 ( 13 102 ( 6 1620 ( 150 2830 ( 210 0.23
OG-14 1.5 ( 0.2 2.0 ( 0.6 22 ( 3 4.4( 0.7 22 ( 5 17 ( 4 150 ( 30 390 ( 130 0.02
OG-17 2060 ( 240 2010 ( 280 2620 ( 330 530 ( 70 1250 ( 140 1160 ( 230 16200 ( 2010 22800 ( 2940 0.32
OG-18 6410 ( 600 2560 ( 140 1810 ( 90 365 ( 12 640 ( 30 440 ( 20 17100 ( 1110 23900 ( 1330 2.30

CG-2 4.6 ( 0.6 45 ( 5 48 ( 10 20 ( 4 19 ( 2 9 ( 3 290 ( 40 1210 ( 170 0.14
CG-3 790 ( 60 650 ( 40 344 ( 17 161 ( 9 41 ( 6 80 ( 13 4010 ( 260 12800 ( 1110 2.47
CG-10 5.9 ( 0.7 43 ( 6 74 ( 11 35 ( 5 41 ( 6 32 ( 6 480 ( 70 1560 ( 230 0.07
CG-11 41 ( 4 920 ( 30 1740 ( 69 1350 ( 20 1160 ( 70 890 ( 82 14500 ( 430 29200 ( 810 0.01
CG-12 14 ( 1 560 ( 70 431 ( 45 290 ( 30 250 ( 30 144 ( 27 3620 ( 430 7250 ( 1070 0.02
CG-15 15 ( 2 47 ( 3 151 ( 14 84 ( 5 77 ( 5 56 ( 11 960 ( 38 2910 ( 100 0.06
CG-17 9 ( 2 45 ( 18 71 ( 14 45 ( 10 48 ( 4 32 ( 1 540 ( 70 1490 ( 300 0.06

a Compounds listed are naphthalene (NAP), phenanthrene (PHEN), pyrene (PYR), benz[a]anthracene (B[a]A), benzo[a]pyrene (B[a]P), and
indeno[1,2,3-cd]pyrene (IND). Standard deviations are based on 3-5 replicate extractions. Concentrations for all 20 PAHs measured in each sample
are given in Supporting Information Table S2. b Total concentrations of the 16 PAHs listed by the U.S. EPA. c Total PAH concentrations based on
GC/FID analysis and verified by GC/MS analysis. d Concentration ratio of two-ring PAHs (naphthalene and the two methyl naphthalenes) to the
total concentrations of the five- plus six-ring PAHs listed in the text.
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experimental data (individual points in each figure) well.
The fast desorption rate constants (k1) were typically 2 orders
of magnitude higher (for SFE) or 3 orders of magnitude higher
(for water desorption) than the slow desorption rate constants
(k2), regardless of the PAH or sample studied (Table S6). As
indicated by the SFE and water desorption curves shown in
Figure 2, water desorption rate constants expressed in
reciprocal days were similar to SFE rate constants expressed
in reciprocal minutes (Table S6). For most samples and for

both SFE and water desorption, k1 values for low molecular
weight PAHs (e.g., naphthalene) were typically an order of
magnitude higher than for high molecular weight PAHs (e.g.,
benzo[a]pyrene).

F values are reported in Tables 3, 4, S5, and S6. Out of 198
possible F values for the water desorption experiments, 127
were obtained by curve fitting the 120-day water desorption
data. For the same 11 samples, SFE obtained F values for 162
out of 198 possible cases. Low PAH concentrations were most

FIGURE 1. SFE desorption rates of representative PAHs from MGP samples showing high, moderate, and low rapidly desorbing fractions
(F). The solid line is from the two-site model fit, and the individual symbols are experimental data. PAHs are designated by molecular
weight and include naphthalene (128), fluorene (166), phenanthrene (178), pyrene (202), benz[a]anthracene (228), perylene (252), and benzo-
[ghi]perylene (276).
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often the reason for failing to obtain F values. However, in
a few cases the water desorption curves did not meet the
criteria applied for the two-site model (k1 was required to be
at least 10 times larger than k2), and a single rate constant
was adequate to describe the release curve and no F value

could be reported (e.g., the benz[a]anthracene curve for OG-
10 in Figure 1).

Major variations in the F values derived from the two-site
model were observed among the various samples by both
desorption methods. The fraction of rapidly released naph-
thalene ranged from as little as 11% to as much as 94% for
SFE and from 2 to 89% for water desorption. A similarly wide
range of F values occurs for the other low and middle
molecular weight PAHs. For example, F values for pyrene
range from 7% to 87% for SFE and from 1 to 84% for water
desorption. For higher molecular weight PAHs (five- and six-
ring), the range in desorption rates is not quite so large, but
even these PAHs show F values ranging from 1 to ca. 60%
for SFE and from <1 to 37% for water desorption (Tables 3,
4, S5, and S6).

It is interesting to note that neither the SFE nor the water
desorption rates of individual PAHs can be predicted by their
solubility. For both SFE and water, PAH solubility drops
dramatically with increasing PAH size, i.e., by ca. 1 order of
magnitude for each additional ring. For example, the
solublities of naphthalene and benzo[ghi]perylene are 87
and 0.001 mg/g (respectively) in carbon dioxide at the
conditions used in this study and are 32 and 0.0003 mg/kg
in water (Table S3). Therefore, solubility control would require
that naphthalene had the highest desorption rate as com-
pared to all other PAHs in a sample. However, low molecular
weight PAHs often show slower desorption than the less
soluble higher molecular weight PAHs. As shown in Figure
1 for samples CG-12 and OG-10, naphthalene desorbs more
slowly by SFE than higher molecular weight PAHs even as
large as pyrene (MW 202). Similarly, water desorption of lower
molecular weight PAHs (two- and three-ring) would be
expected to show faster rates on the basis of their higher
solubilities as compared to larger PAHs (Table S3). However,
even low molecular weight PAHs can show slow desorption,
as illustrated by phenanthrene desorption from OG-17 (Figure
2a). Higher molecular weight PAHs generally show slower
desorption, as would be expected on the basis of their low
solubilities (Table S3), but even they can show relatively fast
desorption into water and by SFE from some matrixes as
illustrated by benzo[a]pyrene desorption from CG-3 (Figure
2b). The slow desorption of lower molecular weight PAHs (as
compared to their solubility) clearly shows that molecules
which have not been removed by weathering have become
tightly sequestered in the sample matrix.

It is also important to note that the wide range in
desorption rates for the various samples is not based on their

FIGURE 2. SFE and water/XAD2 desorption rates of phenanthrene
and benzo[a]pyrene from an OG sample (OG-17) and a CG sample
(CG-3). Symbols are experimental data, and the lines are calculated
from the two-site model. Time units are in minutes for SFE and in
days for water/XAD2 desorption.

TABLE 3. SFE Rapidly Desorbing Fractions (F) for
Representative PAHs Based on the Two-Site Model Curve Fit

curve fit model Fa

NAPb PHEN PYR B[a]A B[a]P IND

OG-1 0.22 0.22 0.32 0.05 0.15 c
OG-2 0.27 0.34 0.32 d 0.06 0.06
OG-5 0.30 0.35 0.74 d d d
OG-10 0.46 0.63 0.67 d 0.10 0.04
OG-13 0.31 0.28 0.27 0.18 0.15 0.17
OG-14 0.24 0.60 0.78 c 0.27 0.15
OG-17 0.63 0.42 0.29 0.12 0.02 0.004
OG-18 0.87 0.82 0.73 0.61 0.22 0.15

CG-1e 0.86 0.97 0.92 0.80 0.36 0.12
CG-2 0.22 0.73 0.63 0.50 0.41 d
CG-3 0.94 0.93 0.87 0.79 0.40 0.13
CG-10 0.21 0.37 0.30 0.27 0.09 0.02
CG-11 0.17 0.12 0.07 0.05 0.02 0.02
CG-12 0.11 0.29 0.15 0.11 0.05 0.02
CG-15 0.16 0.23 0.41 0.31 d d
CG-17 0.27 0.45 0.42 0.35 0.14 0.15

a Complete curve fit F data and 40-min fractions for the 20 PAHs are
given in Tables S4 and S7. b Compounds listed are naphthalene (NAP),
phenanthrene (PHEN), pyrene (PYR), benz[a]anthracene (B[a]A), ben-
zo[a]pyrene (B[a]P), and indeno[1,2,3-cd]pyrene (IND). c Could not be
determined because of analytical detection limits. d Did not meet the
curve fit criteria described in the text. e Data adapted from ref 23.

TABLE 4. Water/XAD2 Rapidly Desorbing Fraction (F) for
Representative PAHs Based on the Two-Site Model Curve Fit

NAPa PHEN PYR B[a]A B[a]P IND

OG-1 ndb nd 0.01 nd c nd
OG-2 0.18 0.05 0.02 0.01 <0.01d 0.01
OG-5 c 0.05 0.04 0.04 0.15 c
OG-10 0.24 0.15 0.08 0.03 c <0.01
OG-17 0.46 0.12 0.05 0.01 0.01 nd
OG-18 0.58 0.33 0.26 0.17 0.08 0.05

CG-1 0.89 0.88 0.84 0.69 0.35 nd
CG-2 nd 0.38 0.33 0.24 0.17 0.21
CG-3 0.89 0.67 0.63 0.52 0.37 0.20
CG-11 0.02 c c c 0.02 c
CG-12 nd 0.01 0.01 0.02 nd nd

a Compounds listed are naphthalene (NAP), phenanthrene (PHEN),
pyrene (PYR), benz[a]anthracene (B[a]A), benzo[a]pyrene (B[a]P), and
indeno[1,2,3-cd]pyrene (IND). b Not determined. The PAH concentra-
tions were too low, and/or chromatographic interferences were too
great for desorption rate curves to be determined. c Did not meet the
curve fit criteria described in the text. d Met curve fit and release criteria;
however, the value was too low to be considered accurate to three
decimals.
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PAH concentrations. For example, two of the most concen-
trated samples (e.g., CG-3 and OG-18) show very fast PAH
release during both SFE and water desorption. Therefore,
any potential limitations to desorption from PAH saturation
or mass transfer limitations if the PAHs were present as a
bulk phase do not seem to be significant. One might also
suspect that high PAH concentrations could lead to high
relative desorption rates since matrix binding sites could be
saturated, thus leaving most PAH molecules highly available.
However, high concentrations of PAHs do not always result
in fast desorption rates as demonstrated by the fact that the
most highly contaminated CG sample (CG-11) shows very
slow PAH desorption behavior into water and by SFE.
Conversely, samples with low contamination levels also show
relatively slow (e.g., CG-15) and fast (e.g., OG-14) desorption
behavior (Figure S2).

Estimation of F Values. Determination of the F values
using the full kinetic curves requires the generation and
analysis of a large number of sample extracts. However,
examination of the SFE and water desorption curves indicates
that a single time fraction may be sufficient to obtain a valid
estimate of F since the desorption curves generally show
clear transitions between the fast and the slow fractions
between 20 and 60 min for SFE and after a few days for water
desorption. The possibility of using a single time fraction to
estimate F was evaluated by performing linear correlations
between the kinetic curve F values and the fractions desorbed
at single times, i.e., at 20, 40, and 60 min for SFE and at 4,
7, 12, and 21 days for water desorption. (Note that the flow
rate to sample size ratio for SFE is the same as for the kinetic
determinations.) The best correlation for SFE curve F data
was with the 40-min fraction, which showed r2 ) 0.977, a
slope of 0.975, and an intercept of -0.002 (for all samples
and a total of 220 curve F values vs the 40-min fractions.
Replicate determinations of the fractions released after 40
min are given in Table S7). Similarly, water/XAD2 showed
the best correlation between the kinetic curve F values with
the fractions desorbed after 12 days with r2 ) 0.984, a slope
of 0.930, and an intercept of 0.009 (for the 11 samples used
for the water desorption studies with a total of 113 values).
Since determining the full desorption curves is very labor
intensive, these results support the use of a single desorption
time to estimate F values for either the SFE or water/XAD2

methods. (Note that all subsequent discussions in this work
use the full-curve F values; however, evaluation of the data
using the F values estimated from 40 min of SFE and after
12 days of water desorption was also performed and showed
essentially identical results to those obtained with the full-
curve F values.)

Correlation of PAH Desorption Behavior with Soil
Characteristics. As shown in Tables 1 and S1, the samples
used in this study have a very broad range of matrix
characteristics representative of MGP sites. To determine
whether these matrix characteristics affect PAH mobility,
linear correlation coefficients between each sample char-
acteristic measured (Tables 1 and S1) and the curve-fit F
values for each individual PAH were calculated for both the
SFE and the water desorption data sets. Even though organic
carbon content has often been discussed in PAH mobility
studies, the desorption behavior of the PAHs from these
samples showed no relationship to carbon content (r2

generally less than 0.3), whether the organic carbon content
was determined by the WB method, by the MM method, or
by TGA, or if the total carbon was determined using elemental
analysis. Similarly, the other sample characteristics including
elemental N and S, sand/silt/clay content, and total extract-
able hydrocarbons showed no strong correlation with the F
values for the individual PAHs, and r2 values were nearly all
under 0.4. This lack of predictive capabilities using common
soil parameters is in agreement with recent reports showing

that knowledge of simple soil parameters (such as organic
carbon) is not sufficient to predict the bioavailability of
organic pollutants (5, 14, 16, 28-39).

Correlation of SFE and Water/XAD2 Desorption Fast
Fractions. Comparisons between the SFE and water de-
sorption F values were performed to determine the correla-
tions between the two methods as well as to determine any
effect of the sample matrix on such correlations.

Figure 3 shows the correlation of F values obtained using
water/XAD2 with those obtained from SFE desorption. When
all 11 OG and CG samples were included in one sample set
(Figure 3a), the linear correlation between the two methods
(r2 ) 0.71), while significant, shows a fair amount of difference
in F values between the two desorption methods. This value
was also substantially poorer than the previously reported
comparison for four samples from a single CG site (r2 ) 0.81)
(23). Since the SFE conditions were developed on the basis
of samples from a CG site, additional correlations were
performed separately for the OG and CG site samples.
Interestingly, the correlation between SFE and water/XAD2

F values is even less for the OG samples (Figure 3b), and SFE
obtains roughly 2-3-fold higher F values than water/XAD2

desorption. However, when the F data are compared for the
five CG samples (Figure 3c), the correlation is quite high
(r2 ) 0.87) and compares favorably with the correlation
(r2 ) 0.81) between SFE F values and water/XAD2 F values
using the optimized SFE conditions developed in the original
study (23).

As discussed above, OG and CG samples have significant
differences in their matrix compositions that may account
for the differences (discussed in more detail below). In any
case, the results shown in Figure 3 indicate that SFE can be
used to rapidly estimate water desorption behavior for
individual PAHs from CG samples, but it appears to be less
useful for the prediction of F values from OG samples.

Mobile Concentration Comparisons. The results in
Tables 3, 4, S4, and S5 address the fraction of a particular
PAH that is released rapidly but do not address whether the
actual quantity of a particular PAH that is released is large
or small. Thus, a sample may have low F values but, if highly
contaminated, may release higher concentrations of PAHs
than a sample with high F values and low PAH concentrations.
Since the concentrations of individual PAHs on the 11 samples
used in the present study range from <1 to several thousand
mg/kg, actual PAH concentrations that are “mobile” are
important to consider in addition to the fractions that are
rapid-released (F).

The mobile concentrations of individual PAHs can be
obtained by multiplying the concentration of each PAH in
a particular sample by its F value. Mobile concentrations for
PAHs determined using water desorption and SFE are shown
in Figure 4 and range from ca. 1 to several thousand mg/kg.
As might be expected on the basis of the correlation of F
values shown in Figure 4, the mobile concentrations predicted
by SFE and water desorption agree much better for CG than
for OG samples for the samples shown (Tables 3, 4, S5, and
S6). When the mobile concentrations are directly compared
as concentration (mg/kg) values, agreement between the
mobile concentrations determined on the basis of SFE and
water F values is not strong for the OG samples (Figure 4a).
However, for the CG samples, agreement is excellent (r2 )
0.98; Figure 4c). Both plots comparing mobile concentration
values have many more data points at low than at high
concentration values, which makes the comparisons based
on linear correlation coefficients dominated by the PAHs
having high mobile concentrations. However, it is clear from
Figure 4 that SFE and water desorption agree very well for
CG samples on PAH releases that occur at higher concentra-
tions.
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Plots that have data better distributed for linear correlation
comparisons can be obtained by plotting the natural
logarithms of the mobile concentrations determined by SFE
and water desorption (Figure 4b,d). On this basis, the
correlation coefficients for the OG (r2 ) 0.84) and the CG (r2

) 0.82) are essentially identical, but it is clear that agreement
between mobile concentrations determined by water and
SFE desorption is much better for the PAHs that are released
at high concentrations from the CG samples.

Effect of PAH and Matrix Organic Composition on
Relative SFE and Water Desorption Rates. As described
above, PAH mobility measured by 120 min of SFE agreed
with 120 days of water desorption for CG samples, but SFE
yielded higher mobilities for PAHs from the OG samples.
PAH concentrations did not account for this behavior since
PAH concentrations varied over a similar range for the OG
and CG samples (Tables 2 and S2). Similarly, PAH distribution
(i.e., the relative concentrations of low and high molecular
weight PAHs or “weathering index”) does account for the
differences in the behavior of OG and CG samples since both
high and low weathering indices were found for OG and CG
samples (Table 2).

Since PAHs have been reported to associate with carbon
particles in sediments (14), it seems reasonable to compare
the carbon matrixes in the OG and CG samples. Differences
in the degree of aromaticity and polarity might be expected
on the basis of the MGP process, with OG samples being
more highly aromatic and CG samples having more polarity
but a less aromatic nature (3, 40). As discussed above, the
OG samples that have high carbon contents look and feel
like lampblack soot, a carbon type that has been reported to
reduce PAH mobility (41). Even the OG samples with lower
carbon contents (ca. 10 wt %) appear, under low magnifica-
tion, to be soot particles distributed in a soil matrix. In contrast
to the OG samples, the CG samples have the appearance of
normal soils and sediments, except for CG-11, which appears
to include particles of coal.

The carbon matrixes in the OG and CG samples can be
investigated using different approaches to measuring carbon
and organic content (Tables 1 and S1) in order to rank the
carbon composition as hard and soft carbon (17, 42-44).
Hard carbon is characterized by highly condensed aromatic
material as evidenced by a high molar C/H ratio, by a low
proportion of TGA volatile organic (the organic material that
is vaporized in inert atmosphere at <650 °C and before oxygen
is introduced), and by a large disagreement between the mild
WB and the more rigorous MM oxidation methods.

As shown in Tables 1 and S1, the carbon matrix in the six
OG samples is quite different from that in the five CG samples.
In the OG samples, the carbon is predominantly present as
hard carbon as evidenced by TGA, where 62-87% of the
total organic matter is “nonvolatile” or “fixed” organic
(corresponding to only 38-13% in volatile organic matter).
The hard nature of the OG carbon is also evidenced by the
fact that mild oxidation (WB) grossly underdetermines
organic carbon as compared to stronger oxidation methods
(MM) and as compared to total carbon. In addition, the molar
C/H ratios (and molar C/N ratios) of all OG soils are high,
which is expected for a highly aromatic matrix material. The
aromatic nature of the OG matrix is also supported by solid-
state NMR analyses conducted on the OG samples (26). All
OG sample spectra showed only an aromatic carbon re-
sponse.

In the CG samples, the type of carbon is generally more
typical of soil/sediment organic matter. The carbon present
tends to be soft in the CG samples (e.g., the volatile TGA
fraction ranges from 46 to 87% of the total organic matter),
which is substantially higher than the OG samples (from 13
to 38% volatile organic matter). The volatile TGA fractions
from the CG samples also agree well with those determined
for three natural sediments and two agricultural soils (70-
87%). The organic content values obtained for the CG samples
by the mild oxidation WB method also agree better with the
results from the more rigorous MM method and total carbon
methods. This relative agreement among these oxidation
methods of carbon analysis indicates that the carbon in the
CG samples is more characteristic of soil organic carbon than
of the soot or lampblack material found in the OG samples.
In addition, the molar C/H ratios for the CG samples (0.6-

FIGURE 3. Correlation of the two-site model rapidly released fraction
F values for 17 PAHs from 11 samples determined by SFE and water/
XAD2 desorption.
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1.1, except for CG-11 which is 2.3, but also contained particles
that looked like coal) correspond much better with the five
natural sediments and soils (0.6-0.8) than to the much higher
ratios for the OG samples (2.4-6.3). Similarly, CG sample
molar C/N ratios (22-41) and the five natural soils and
sediments (15-25) are substantially lower than those of the
OG samples (78-93).

Taken together, these analyses indicate that the aromatic
nature of the carbon in the OG samples is much higher than
for the CG samples and support the OG and CG carbon
structures proposed earlier by others (3, 40). In essence, the
OG carbon appears to be predominantly formed by very high
molecular weight PAHs with few or no polar functional groups
and, as such, bears little relevance to organic matter typically
associated with soils and sediments.

This varying carbon matrix for the OG and CG samples
helps explain the difference between the results of the SFE
and the water desorption for PAH release from the OG
matrixes. For both OG and CG samples, it would be expected
that, as aromatic hydrocarbons, PAHs would sorb to the
sample matrix via nonspecific van der Waals forces. However,
for matrixes having more aromatic character, sorption of
PAHs would be expected to increasingly occur via more
specific aromatic (π) electron associations, much as PAHs
strongly adsorb to aromatic resins such as XAD (a styrene-
divinylbenzene copolymer). As a very polar solvent, water is
very poor at disrupting associations between nonpolar solutes
and matrixes. Supercritical carbon dioxide is relatively
lipophillic and can more easily displace nonpolar solutes
from nonpolar matrixes. Thus, the relative rate of PAH
desorption by SFE is expected to be faster than water
desorption for the OG samples if this hypothesis of PAH/
soot sorption is correct. Supercritical carbon dioxide is also
known to swell organic matrixes, which may also enhance

its extraction rate from highly aromatic matrixes as compared
to water (45).

For the CG samples, the analyses discussed above
demonstrate that the organic matrix is less aromatic and is
more like natural soil or sediment organic carbon. The soil/
sediment organic material is also more polar than aromatic
soot. This is important for two reasons. First, less aromatic
and more polar organic material is a poorer sorbent for PAHs
than is a soot matrix. Second, since water is a polar solvent,
it can interact with (or “wet”) the matrix of the CG samples
much better than the matrix of the aromatic OG samples.
Since the SFE conditions were developed in our previous
study (23) to mimic water desorption from a CG matrix, the
same conditions are appropriate for the CG samples in this
study as well. Thus, the rates of PAH desorption by SFE are
expected be proportional to water desorption rates (and the
F values should be similar) for the CG samples if this
hypothesis of PAH/soot sorption is correct. As shown in
Figures 3 and 4, this agreement is quite good over CG samples
having a very wide range of PAH concentrations, differing
molecular weight distributions (as evidenced by the weath-
ering indices), widely varying desorption rates or F fractions,
and a range of matrix characteristics.

The differences in the results of the two extraction
methods, as used with the OG and the CG samples, is not
unexpected and can be explained by the differences in the
carbon matrixes of the two sets of MGP samples. The results
clearly demonstrate that PAH/sample matrix interactions
must be considered in any attempt to understand and predict
the mobility of PAHs from MGP site soils and sediments. The
results also agree with an earlier report showing that PAHs
partition from water to diesel soot more strongly than to
more “normal” organic carbon (43). Differences in desorption
mechanisms displayed by carbon dioxide and water may

FIGURE 4. Correlation of the mobile concentrations determined by SFE and water/XAD2 desorption of 17 PAHs from the six OG samples
(left side) and five CG samples (right side).

4802 9 ENVIRONMENTAL SCIENCE & TECHNOLOGY / VOL. 36, NO. 22, 2002



also be useful in investigating the mechanism of biological
uptake of PAHs from MGP samples since supercritical carbon
dioxide, as a lipophillic solvent, may more closely mimic
lipid-based biological uptake than water desorption (46). Part
2 of this series will investigate the uptake of PAHs from OG
and CG samples by earthworms and will compare the rates
of release found for the same samples by SFE and water
desorption in an effort to better understand processes
controlling the bioavailability of PAHs.
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Evidence for Very Tight
Sequestration of BTEX Compounds
in Manufactured Gas Plant Soils
Based on Selective Supercritical
Fluid Extraction and Soil/Water
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University of North Dakota, Campus Box 9018,
Grand Forks, North Dakota 58201

Benzene, toluene, ethylbenzene, o-, m-, and p-xylenes
(BTEX), and polycyclic aromatic hydrocarbons (PAHs) were
extracted from eight manufactured gas plant (MGP) soils
from sites that had been abandoned for several decades.
Supercritical fluid extraction (SFE) with pure carbon
dioxide demonstrated the presence of BTEX compounds
that were highly sequestered in both coal gas and oil gas
MGP soils and soots. Benzene was generally the slowest
compound to extract from all samples and was even more
difficult to extract than most two- to five-ring PAHs
found on the same samples. Since the solubility of benzene
in carbon dioxide is 2-5 orders of magnitude higher
than the solubilities of PAHs, these results demonstrate
that benzene was more tightly sequestered than toluene,
ethylbenzene, xylenes, or the multi-ring PAHs. Additional
evidence for very tight binding was based on the fact that
BTEX concentrations determined using either SFE or
with methylene chloride sonication were much higher
than those obtained by the U.S. EPA purge-and-trap method,
especially for benzene (whose concentration was
underestimated by as much as 1000-fold by the EPA
method). However, soil/water desorption showed little
benzene mobility, and Kd values for benzene were 1-2
orders of magnitude higher than those calculated based
on literature sorption KOC values. These results indicate that
environmentally relevant concentrations of benzene may
be better represented by mild extraction methods than by
methods capable of extracting tightly bound benzene.

Introduction
Benzene is frequently the most important compound in
determining risk and remediation criteria from fuel-related
releases that may potentially impact groundwater. Soil and
sediment concentrations of benzene and the related com-
pounds toluene, ethylbenzene, and the xylenes (BTEX) are
routinely determined by U.S. EPA Method 5035/5030, which
uses water (or methanol) extraction followed by purge-and-
trap analysis. Several investigators have demonstrated that
environmental aging of hydrophobic organics can reduce

their bioavailability and their rates of desorption into water
(1-13). Studies on aromatic hydrocarbons have focused on
multi-ring PAHs since their water solubilities are much lower
than BTEX compounds (7, 8, 10, 11). However, some initial
reports indicate that monocyclic aromatics including BTEX
also display reduced availability in aged soils and sediments
(1-3, 5, 6).

Since the EPA method is based on desorption of BTEX
into water, sequestration of BTEX compounds may be
expected to reduce the fraction of these compounds mea-
sured by the purge-and trap-method as compared to more
aggressive extraction methods. The inability of the EPA
method to recover sequestered benzene was previously
demonstrated by Askari et al. (14), who reported that the
purge-and-trap method underestimated benzene concen-
trations in a field-aged soil by ca. 100-fold and thus
demonstrated that the method is not always adequate to
determine total benzene concentrations. On the other hand,
if BTEX molecules become more highly sequestered from
aging, the actual “mobile” fraction of these compounds may
be quite low. In such cases, analytical methods determining
the actual total concentration may overestimate the envi-
ronmental significance of these compounds.

Despite the wide-spread impact (and cost) of site reme-
diation needs related to benzene, few studies have inves-
tigated the relationships among benzene sequestration,
environmental mobility, and analytical methodology. Ideally,
analytical methods would be available to measure both “total”
benzene concentrations and “mobile” or “bioavailable”
concentrations, but such methods are not well developed or
accepted.

Previous studies on aromatic hydrocarbons have inves-
tigated desorption into supercritical carbon dioxide (SFE) to
determine both the “available” and total concentrations of
PAHs (15-18). This approach has recently been applied to
historically impacted manufactured gas plant (MGP) samples,
where the fractions of individual PAHs extracted at mild SFE
conditions in 120 min showed good agreement with those
removed by bioremediation in a field treatment unit over 1
yr (15) or those removed by water desorption over 120 d (16,
17). Although the SFE approach has not yet been used to
investigate benzene sequestration in field samples, one initial
study has demonstrated decreased desorption of benzene
under mild SFE conditions upon several months of laboratory
aging in soil/water columns (6).

An interesting result of the previous studies on 15 oil gas
(OG) and coal gas (CG) MGP samples was that the lowest
molecular weight PAH, naphthalene, frequently showed
slower desorption rates by SFE and water desorption than
higher molecular weight PAHs (17). Slow desorption of
naphthalene was initially surprising because, as compared
to all the other PAHs in the samples, naphthalene has the
highest solubility in both supercritical carbon dioxide and
in water. Therefore, naphthalene would be expected to show
the fastest desorption rate in either fluid (17). The relatively
slow desorption rates shown by naphthalene as compared
to much less soluble three- and four-ring PAHs was explained
by higher proportions of naphthalene being associated with
“tightly bound” or “slowly desorbing” sites in the MGP sample
matrixes, as compared to the higher molecular weight PAHs.
In essence, since naphthalene is the most volatile and water
soluble of the PAHs, any naphthalene molecules that remain
on the soil or soot matrixes after extensive weathering must
be more often associated with “tight” binding sites than
higher molecular weight PAHs (which are less volatile and
less water soluble) (17).
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Extending this idea to lower molecular weight aromatic
hydrocarbons would indicate that BTEX molecules (and
especially benzene) that have survived decades of weathering
must be associated with very tight (or slowly desorbing) sites
on the MGP sample matrixes. To investigate the possibility
that benzene can become very tightly bound under field
conditions, the concentrations and SFE desorption behaviors
of BTEX from eight MGP OG and CG samples were deter-
mined and compared to the desorption behaviors of PAHs
from the same samples. BTEX extractions were performed
using sequentially stronger SFE conditions and sonication
in methylene chloride. These quantitative results are com-
pared to those obtained using the U.S. EPA purge-and-trap
Method 5035/5030. BTEX partitioning from soil to water was
also determined and related to the BTEX concentrations
measured by SFE, sonication, and the EPA method.

Experimental Section
Samples. Fifteen PAH-contaminated soils, sediments, lamp-
black soot, and soil mixed with soot were the subject of an
earlier study determining the behavior of PAHs during SFE
desorption, water desorption, and earthworm uptake (17).
All samples were collected from MGP sites that had been
closed for ca. 50 yr. Samples from CG production generally
appeared to be coal tar mixed with soil, except for CG-3,
which is a sediment sample. Samples from OG production
generally appeared to be lampblack soot material either pure
or mixed with soil. For the present study, each of these 15
samples was evaluated for BTEX concentrations based on
sonication in methylene chloride as described below. Out of
the 15 samples, eight had several BTEX compounds with
concentrations (based on methylene chloride extraction)
greater than 1 mg/kg and were therefore selected as the
samples for the present study.

Extractions and Analyses. Sonication extractions were
performed in triplicate on 1-g replicates of each sample using
10 mL of methylene chloride placed in a 15-mL screw-top
vial with a Teflon-lined cap for 18 h in a bath sonicator.
Before sonication, each sample was mixed with an equal
weight of sodium sulfate, the methylene chloride was added,
and the suspension was spiked with 100 µL of an internal
standard solution containing 40-500 µg/mL of perdeuterated
benzene-d6, toluene-d8, ethylbenzene-d10, m-xylene-d10, o-
xylene-d10, and naphthalene-d8. Following sonication, the
samples were allowed to settle for ca. 2 h, and the extract was
removed for GC/MS analysis (described below).

SFE was performed in a manner analogous to that
previously reported for PAHs from MGP soils (15). That is,
the samples were first extracted at mild SFE conditions for
60 min followed by two increasingly rigorous SFE conditions,
each for an additional 60 min. Fractions were collected at
periodic intervals during all of the SFE extractions. All SFE
experiments were repeated in triplicate. Instrumentation and
methods are as previously described (15), except that the
SFE conditions were 400 bar and 50 °C (0-60 min), 400 bar
and 100 °C (60-120 min), and finally 400 bar and 150 °C
(120-180 min). All SFE extractions were performed with an
ISCO model 210 extractor with a model 260 D pump. The
flow rate was controlled at 1.0 mL/min (as compressed CO2

measured at the pump) with a manual variable outlet
restrictor heated to 80 °C. Following the SFE extractions,
each residue was then mixed with sodium sulfate and
sonicated with methylene chloride as described above in an
attempt to recover any residual BTEX compounds. Each
extract fraction was spiked with perdeuterated internal
standards as described above. In addition to the BTEX and
naphthalene determinations performed on every extract,
selected extracts were also analyzed for higher molecular
weight PAHs by GC/MS after spiking with perdeuterated PAHs
as internal standards.

SFE and sonication extracts were analyzed by GC/MS
(Agilent model 5973) equipped with a 60 m HP-5 MS column
(0.25 mm i.d., 0.25 µm film thickness) in the selected ion
monitoring mode using the molecular ion for each com-
ponent and deuterated internal standard. BTEX and PAH
compound identities were confirmed by analysis of standard
compounds in the same manner as well as by full-scan (50-
400 amu) mass spectral data on representative extracts.

BTEX concentrations were also determined on replicate
samples by two different contract laboratories which used
EPA Method 5035 for sample extraction followed by EPA
Method 5030 (purge-and-trap) and GC/PID (Method 8015)
for analysis. EPA Method 5035 allows either water or methanol
extraction depending on sample characteristics. Lab 1 used
water extraction for all samples except OG-18, for which they
used methanol extraction. Lab 2 used methanol extraction
for all samples. Both laboratories reported that quality control
criteria were satisfied.

Soil/Water Partitioning. Soil/water partitioning was
performed by mixing 2 g of soil with a weighed amount of
HPLC-grade water sufficient to fill a 22-mL glass vial. The
contents were mixed by mechanical inversion (ca. 4 rpm) for
either 24 h or 28 d. All vials contained 0.02% mercuric chloride
to inhibit bacterial growth. Following the equilibration period,
the slurries were centrifuged, and 2 mL of the supernatant
water was removed for BTEX analysis and transferred to a
2-mL autosampler vial containing a magnetic stir bar. The
water was immediately spiked with perdeuterated standards
of benzene-d6, toluene-d8, ethylbenzene-d10, m-xylene-d10,
and o-xylene-d10 (in 4 µL of acetone) and capped. BTEX
concentrations in the water were determined by solid-phase
microextraction (SPME) using a poly(dimethylsiloxane)
(PDMS) fiber with a 7-µm film thickness (19, 20). The fiber
was inserted into the 2-mL water sample through the Teflon-
lined septum, and the sorption step was performed for 15
min while stirring. BTEX compounds were recovered from
the fiber by inserting it into the 300 °C injection port (splitless
mode for 0.5 min) of an Agilent model 5973 GC/MS equipped
with a 60-m (0.25 µm film thickness, 0.25 mm i.d.) HP-5 MS
column (Agilent Technologies) with a GC oven temperature
of 10 °C. Following the desorption period, the chromato-
graphic column was heated to 320 °C at 15 °C/min and held
for 15 min. Concentrations of the BTEX compounds in the
water phase were based on the MS response of the molecular
ions as compared to those of the perdeuterated internal
standards. Soil/water distribution coefficients (Kd) were
calculated as the concentration of the BTEX compound
remaining in the soil divided by its concentration in the water

TABLE 1. MGP Sample Characteristics

coal gas samples oil gas samples

CG-3 CG-12 CG-15 CG-17 OG-2 OG-10 OG-17 OG-18

organic carbon (wt %)a 6.9 7.0 9.0 7.2 56 47 39 20
molar C/H ratiob 0.9 1.1 3.5 1.8 6.3 5.0 5.7 2.5
total EPA PAHs (mg/kg) 4000 3600 960 540 6200 39 500 16 200 17 100

a Determined by Modified Mebius Method (23). b Determined by elemental analysis.
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(after the equilibration period) and have units of milliliter
per gram.

Results and Discussion
Sample Characteristics. Detailed characterization of the
samples including individual PAH concentrations; elemental
C, H, N analysis; sample carbon content based on several
methods; the proportion of “soft” and “hard” carbon; and
sample texture is given in ref 17. A summary of the
characteristics for the samples selected for these BTEX
investigations is given in Table 1. CG-3 was a sediment, and
the remaining three CG samples were soils. CG samples had
organic contents ranging from 7 to 9 wt % and total PAH
contents from 540 to 4000 mg/kg. OG samples had the
appearance of lampblack soot, carbon contents ranging from
20 to 56 wt %, and total PAH concentrations from 6200 to
39 500 mg/kg. The molar carbon/hydrogen ratio was typically
higher in the OG samples, which indicates a more highly
aromatic carbon matrix than that found in normal soil organic
carbon (17).

BTEX Concentrations. BTEX and naphthalene concen-
trations determined by 18 h of sonication in methylene
chloride, by SFE, and by the two contract laboratories based
on the EPA purge-and-trap method are given in Table 2.
Dramatic differences in the concentrations were found in
the BTEX concentrations by the three methods, with SFE
yielding the highest concentrations, especially for benzene.
Askari et al. earlier reported that the purge-and-trap method
underestimated benzene concentrations in a field-aged soil
by ca. 100-fold (compared to a hot methanol extraction) (14),
which is similar to the results shown for the eight field samples
shown in Table 2. For these decades-old MGP site samples,
benzene concentrations determined by the purge-and-trap
method were 2-3 orders of magnitude lower than those
determined by SFE or by sonication in methylene chloride
(Table 2).

The results also indicate that benzene is present in
locations in the soil and soot matrixes that are more accessible
to supercritical carbon dioxide than to methylene chloride
(i.e., the concentrations of benzene determined by SFE were
typically 2-3-fold higher than those determined by meth-
ylene chloride sonication. However, the concentrations of
the xylenes and naphthalene determined by both methods
were quite similar. Regardless of the BTEX compound, the
concentrations determined by methylene chloride sonication
agreed well with those based on the total amounts extracted
during the first two SFE conditions (i.e., from 0 to 120 min),
as shown in Figure 1. These results suggest that the milder
SFE conditions extract the same BTEX molecules that are
accessible to methylene chloride sonication.

TABLE 2. BTEX Concentrations in MGP Site Samples
Determined by SFE, Sonication, and Purge-and-Trap

concentration (mg/kg) ( SDa

EPA purge-and-trap

SFE sonication lab 1b lab 2b

Coal Gas
CG-3

benzene 4.8 ( 0.2 3.3 ( 0.2 0.02 0.2
toluene 2.9 ( 0.4 1.8 ( 0.04 0.01 0.1
ethylbenzene 9.0 ( 0.5 7.9 ( 0.1 1.8 1.4
m,p-xylene 4.7 ( 0.4 3.7 ( 0.1 2.0c 1.9
o-xylene 2.6 ( 0.2 2.2 ( 0.1
naphthalene 450 ( 35 630 ( 23

CG-12
benzene 2.6 ( 0.2 1.4 ( 0.1 <0.003 <0.03
toluene 2.8 ( 0.1 2.0 ( 0.1 <0.003 <0.03
ethylbenzene 0.01 ( 0.01 0.1 ( 0.02 <0.003 <0.03
m,p-xylene 2.3 ( 0.2 1.6 ( 0.1 <0.01 <0.03
o-xylene 0.2 ( 0.01 0.2 ( 0.02
naphthalene 23 ( 3 23 ( 10

CG-15
benzene 4.1 ( 0.2 1.5 ( 0.04 <0.003 <0.03
toluene 5.0 ( 0.5 2.6 ( 0.1 <0.003 0.04
ethylbenzene 0.9 ( 0.2 0.6 ( 0.02 <0.003 <0.03
m,p-xylene 3.3 ( 0.6 2.0 ( 0.1 <0.01 0.09
o-xylene 0.7 ( 0.1 0.5 ( 0.1
naphthalene 29 ( 5 21 ( 3

CG-17
benzene 4.1 ( 0.3 1.4 ( 0.2 <0.003 <0.03
toluene 2.8 ( 0.2 1.5 ( 0.1 <0.003 0.03
ethylbenzene 0.3 ( 0.2 0.3 ( 0.03 <0.003 <0.03
m,p-xylene 1.9 ( 0.2 1.2 ( 0.1 <0.01 0.04
o-xylene 0.4 ( 0.1 0.3 ( 0.04
naphthalene 13 ( 3 9.2 ( 2.2

Oil Gas
OG-2

benzene 18 ( 1.4 4.1 ( 0.5 <0.003 <0.03
toluene 15 ( 2.6 4.2 ( 0.6 <0.003 <0.03
ethylbenzene 2.1 ( 0.4 0.9 ( 0.1 <0.003 <0.03
m,p-xylene 6.1 ( 1.0 2.7 ( 0.3 <0.01 <0.03
o-xylene 1.0 ( 0.2 0.5 ( 0.03
naphthalene 101 ( 12 60 ( 19

OG-10
benzene 67 ( 12 19 ( 1.7 0.02 <0.03
toluene 15 ( 3 6.5 ( 0.9 0.01 <0.03
ethylbenzene 6 ( 0.8 4.5 ( 0.2 0.01 0.06
m,p-xylene 10 ( 1.2 8.6 ( 0.5 0.02 0.09
o-xylene 1.4 ( 0.2 1.3 ( 0.1
naphthalene 870 ( 260 760 ( 360

OG-17
benzene 53 ( 8 16 ( 0.7 0.08 0.4
toluene 13 ( 1.2 5.7 ( 0.5 0.09 0.5
ethylbenzene 1.7 ( 0.2 1.2 ( 0.1 0.03 0.4
m,p-xylene 2.7 ( 0.3 2.2 ( 0.3 0.05 0.9
o-xylene 0.6 ( 0.1 0.5 ( 0.06
naphthalene 1550 ( 240 1290 ( 180

OG-18
benzene 116 ( 52 33 ( 10 <2.7 1.4
toluene 39 ( 14 18 ( 4 <3.1 2.2
ethylbenzene 39 ( 13 26 ( 5 11 11
m,p-xylene 23 ( 6 16 ( 4 9.4 13
o-xylene 11 ( 2 9.1 ( 2.3
naphthalene 3240 ( 3140 4100 ( 960

a Concentrations based on the extraction of triplicate samples except
for OG-18 which were based on five replicates. SFE concentrations
were based on the sum of the amounts extracted by SFE plus methylene
chloridesonicationof theSFEresidues.However, themethylenechloride
extracts of the SFE residues typically contained less than 10% of the
total mass of BTEX and naphthalene extracted from each sample.
Sonication concentrations were based on 18-h sonication of fresh
samples with methylene chloride. b Single determinations performed
by contract laboratories using EPA Method 5035 (purge-and-trap) and
8021 (GC/PID). c Concentrations of all three xylene isomers were
reported as a single value by the contract labs.

FIGURE 1. Comparison of individual BTEX compound concentrations
extracted from eight MGP site samples using methylene chloride
sonication vs the sum of the concentrations extracted with the two
mildest SFE conditions (sum of 0-120 min).
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It should be noted that the possibility of BTEX contami-
nation in the SFE and methylene chloride extracts was
eliminated by performing frequent procedural blanks during
these studies. Both the SFE procedure and methylene chloride
sonication were performed in a manner identical to the
sample extractions, except that no sample was present. None
of the procedural blanks that were prepared throughout the
study showed detectable levels of BTEX. In addition, all BTEX
quantitations were performed by GC/MS, virtually eliminat-
ing the influence of any coeluting compounds. The possibility
that losses of BTEX occurred between performing the different
analyses was also eliminated by performing SFE and me-
thylene chloride extractions both before and after shipping
the samples to the contract labs for purge-and-trap analysis.
Finally, a different analyst (using separately prepared stan-
dards) confirmed the BTEX concentrations by performing
independent extractions and analyses on several of the same
samples.

SFE Evidence for Tight Sequestration of BTEX Com-
pounds. Representative desorption behaviors of BTEX com-
pounds and naphthalene using the three sequentially stronger
SFE conditions are shown in Figure 2. Two general types of
behavior were demonstrated for both CG and OG samples.
CG-12, CG-15, CG-17, and OG-2 all displayed very similar
extraction rates for each BTEX compound and naphthalene
(as illustrated in Figure 2 by samples CG-15 and OG-2). In
contrast, CG-3, OG-10, OG-17, and OG-18 showed distinct

differences in the extraction rates of the individual BTEX
compounds, with the lowest molecular weight benzene and
toluene desorbing more slowly than the higher molecular
weight compounds (as illustrated by CG-3 and OG-17 in
Figure 2). Naphthalene generally desorbed more rapidly than
the BTEX compounds, and the contrast is especially apparent
by comparing the fraction of naphthalene and benzene
desorbed under the mildest (0-60 min) conditions (Figures
2 and 3 and Supporting Information Table S1).

The relative desorption rates shown in Figures 2 and 3
and in Table S1 are in direct contrast to expectations based
on compound solubility and chromatographic considerations
and clearly demonstrate that the BTEX compounds are not
present on readily available sorption sites. For example,
supercritical fluid chromatography (SFC) separations of these
compounds would show an elution order consistent with
the molecular weight of the compounds (i.e., benzene would
elute first and naphthalene would elute last). If all of the
BTEX and naphthalene molecules were present on equally
accessible sites on the sample matrix (e.g., all were present
on similar surface sites), the same relative desorption rates
would be expected (i.e., benzene should show the fastest
extraction rate and naphthalene should show the slowest
rate). Therefore, the results shown in Figures 2 and 3 and in
Table S1 clearly demonstrate that benzene must be present
on “tighter” sites than naphthalene.

FIGURE 2. SFE extraction rates of BTEX compounds from representative MGP coal gas (CG) and oil gas (OG) site samples with three
sequentially stronger SFE conditions. “Fast” molecules were extracted at the mildest SFE conditions from 0 to 60 min, “medium” molecules
were extracted from 60 to 120 min, and “slow” molecules were extracted from 120 to 180 min. 100% extracted corresponds to the total
amount of each compound recovered from the SFE procedure followed by sonication of the SFE residue in methylene chloride.
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Whether tighter binding is a result of higher binding
energies experienced by the sorbate molecule or kinetic
limitations on the desorption process cannot yet be proven.
Both thermodynamic (stronger binding energies) and kinetic
(e.g., diffusion-limited desorption) processes may contribute
to the sequestration of hydrophobic organics in soils and
sediments, but the relative importance of these mechanisms
for reducing desorption rates is not well understood (13).

A further demonstration that benzene in these samples
is highly sequestered as compared to other aromatic hy-
drocarbons in the samples is shown in Figure 4 by comparing
the extraction behavior of benzene with representative two-
to six-ring PAHs present in the same sample extracts. The
results of these comparisons are very dramatic, especially
when comparing the extraction rates during the first SFE
condition (from 0 to 60 min, 400 bar, 50 °C). For all of the
samples, benzene desorption was slower than naphthalene,
three-ring PAHs (represented by phenanthrene, mol wt )
178), and four-ring PAHs (represented by fluoranthene and
benz[a]anthracene, mol wt ) 202 and 228). In fact, for all of
the samples except CG-12, benzene desorbed more slowly
than five- and six-ring PAHs (represented by benzo[a]pyrene
and indeno[1,2,3-cd]pyrene, mol wt ) 252 and 276).

When the solubilities of PAHs in supercritical carbon
dioxide are considered, the relative extraction rates of
benzene to PAHs are astoundingly slow since the solubility
of a PAH drops dramatically with molecular weight. For

example, at the 400 bar and 50 °C conditions used for the
first 60 min of the SFE desorptions, benzene is miscible with
carbon dioxide (21). At the same conditions, naphthalene
has a solubility of 116 g/kg, but the six-ring benzo[ghi]-
perylene (mol wt ) 276) only has a solubility of only 0.002
g/kg. Intermediate-sized PAHs have predictably intermediate
solubilities as shown in Table 3.

Based simply on solubility considerations, benzene should
be by far the most rapidly extracted aromatic hydrocarbon
in these samples. The fact that benzene extracts more slowly
than PAHs that have solubilities which are several orders of
magnitude lower demonstrates that any benzene molecules
that remain on these MGP samples after ca. 50 yr of aging
must be very tightly sequestered. Although no previous
reports could be found which compare desorption rates for
a large range of BTEX and PAH compounds, our results are
in agreement with previous observations showing that the
capacity of a sediment to irreversibly bind toluene was 10-
fold higher than its capacity to irreversibly bind naphthalene
(1), that toluene desorption was slower than xylene desorption
from aged soils (2), and that water extraction (as in the EPA
purge-and-trap method) may extract as little as 1% of the
benzene present in soil samples (14).

Environmental Relevance of the Results. Table 2 clearly
demonstrates the dependence of reported BTEX concentra-
tions on the extraction method. In addition, the results shown
in Figure 4 clearly demonstrate that lower molecular weight
BTEX compounds are dramatically more resistant to de-
sorption into supercritical carbon dioxide than multi-ring
PAHs. Although the relationship between desorption rates
into supercritical carbon dioxide and environmental pro-
cesses such as desorption into water is not initially obvious,
previous reports on the similarities of PAH behavior during
water desorption, mild SFE, and bioremediation support the
use of mild SFE to predict environmental mobility (15-18).
In addition, a comparison of BTEX and PAH solubilities in
supercritical carbon dioxide and ambient water shows a very
strong relationship in solubility behavior (i.e., solubilities
drop rapidly in both fluids with increasing molecular weight
of the aromatic hydrocarbon). Examples of solubility behavior
for representative aromatics are given in Table 3. Although
the solubilities are much higher in supercritical carbon
dioxide (at the 400 bar and 50 °C conditions used for the
mildest extraction condition), solubilities in both fluids drop
by ca. 6 orders of magnitude from benzene to benzo[ghi]-
perylene. In fact, the solubilities of BTEX and PAH compounds
are almost perfectly related with the solubility of each
compound being approximately 10 000-fold higher in su-
percritical carbon dioxide than in water (Table 3).

From an environmental risk perspective, the mobile
concentrations of BTEX compounds (especially benzene) are
more important than their total concentrations. Since soil/
water partitioning is frequently used to estimate BTEX
mobility, the amounts of BTEX desorbed into water (sample/
water ratio of 1:10) after 24 h and 28 d were determined, and
partitioning coefficients were calculated for two coal gas
(CG-3 and CG-15) and two oil gas (OG-2 and OG-17) samples.

The “mobile concentrations” of the BTEX compounds
(defined as the mass of each compound desorbed into water
per mass of soil or soot sample) are given in Table 4. In
general, the amounts of the BTEX compounds desorbed in
24 h or 28 d were quite similar with the exception that
significantly more benzene was desorbed from CG-3 and
OG-17 after 28 d than after 24 h. The concentrations of “fast”
benzene determined by SFE (i.e., the benzene desorbed after
60 min at the mildest SFE condition) agreed fairly well with
those determined by water desorption, especially after 28 d.
As the molecular weight of the BTEX compounds increases,
the fast SFE fraction tends to overestimate the fractions
desorbed into water. Thus, for toluene, the fast SFE fraction

FIGURE 3. “Fast” (0-60 min of SFE), “medium” (60-120 min), and
“slow” (120-180 min) fractions of benzene, m,p-xylene, and
naphthalene from eight MGP site samples (a, coal gas; b, oil gas)
determined using the same sequentially stronger SFE conditions as
those in Figure 2. 100% extracted corresponds to the total amount
of each compound recovered from the SFE procedure followed by
sonication of the SFE residue in methylene chloride.
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is ca. 3-fold higher than the water desorption fractions, while
for ethylbenzene and xylenes, the SFE fast fraction is ca.
10-fold higher than the 24-h and 28-d water desorption (Table
4).

Comparison of the water desorption data (Table 4) with
the EPA purge-and-trap method data (Table 2) shows that
the methanol extraction/purge-and-trap option used by lab
2 generally gave better agreement with the “mobile” BTEX
concentrations determined using soil/water partitioning than
the concentrations determined by the water desorption/
purge-and-trap option used by lab 1. However, benzene
concentrations determined with the EPA method were
generally much lower than the mobile benzene concentra-

tions determined by soil/water partitioning, and good
agreement was only obtained using the methanol extraction
(lab 2, Table 2) with the 24-h water desorption data (Table
4) for two of the samples, CG-3 and OG-17. As was the case
for the SFE fast fraction, the purge-and-trap method tended
to yield higher percent recoveries for the higher molecular
weight BTEX compounds, but the results are not as consistent
for the different samples as those obtained using the mildest
SFE fraction.

Table 4 also shows the soil/water distribution coefficients
obtained after 24 h and 28 d along with those predicted by
literature organic carbon/water (KOC) partitioning data (22)
and the organic carbon values shown in Table 1. In general,
the 28-d Kd values are similar to or lower than the 24-h Kd

values, as would be expected since more time was available
for BTEX to partition into the water phase. However, nearly
all of the experimental Kd values are substantially higher than
those predicted based on literature KOC values. Since the
literature KOC values were the average of experimentally
determined KOC values reported by several investigators (22),
the results in Table 4 demonstrate that BTEX compounds
(especially benzene) are present in more tightly associated
sites in these MGP samples and, therefore, are not readily
available for water desorption, either in partitioning studies
or for the EPA purge-and-trap method.

It is important to note that, in general, Kd values could
not be calculated using the purge-and-trap concentrations
because the concentrations of BTEX compounds found in

FIGURE 4. SFE extraction rates of representative two- to six-ring PAHs as compared to benzene from MGP site samples using the same
SFE conditions as those in Figure 2. 100% extracted corresponds to the total amount of each compound recovered from the SFE procedure
followed by sonication of the SFE residue in methylene chloride.

TABLE 3. Solubilities of Benzene and Representative PAHs in
Ambient Water and Supercritical Carbon Dioxide (400 bar,
50 °C)

CO2 solubilitya

(g/kg)
water solubilityb

(g/kg) (104)

benzene miscible 18 000
naphthalene 120 320
phenanthrene 11 13
pyrene 1.2 1.4
chrysene 0.02 0.02
perylene 0.005 0.004
benzo[ghi]perylene 0.002 0.003

a Adapted from refs 24 and 25. b Adapted from ref 26.
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water after the water desorptions were generally higher than
those obtained by the purge-and-trap methods. Thus, any
estimation of Kd values based on water desorption using the
purge-and-trap data as the total concentration (as is com-
monly done) would show that virtually all of the BTEX
molecules are mobile. In contrast, using the total BTEX
concentrations determined by SFE yields Kd values that are
much larger than those normally reported. While the
concentrations of mobile BTEX compounds are based on the
water desorption experiments, the fractions of BTEX com-
pounds that are mobile depend on the method used to
determine “correct” BTEX concentrations in the soil.

Authors of an earlier report showing similar low benzene
recoveries using the EPA water desorption/purge-and-trap
method called for revision of the method to obtain more
accurate values (14). Our results clearly agree that the purge-
and-trap method can greatly underdetermine benzene
concentrations, but our results also indicate that, in highly
aged samples, only a tiny fraction of the benzene molecules
may be available to environmental processes. If the goal is
to determine mobile benzene concentrations, the purge-
and-trap method using methanol extraction may be more
relevant than the true benzene concentrations obtained with
more stringent extraction methods. On the basis of these
initial water desorption studies, mild SFE gave the best
agreement with water desorption of benzene and may be
useful for predicting the mobility of benzene. In any case,
our results demonstrate that total concentrations have little
to do with mobile concentrations of BTEX and that better
methods to determine BTEX concentrations that relate to
environmental mobility and bioavailability are needed.
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ABSTRACT
Remediation?1 of soils at oil-gas manufactured gas plant (MGP) sites is driven primarily by the human health risks posed by

the carcinogenic polycyclic aromatic hydrocarbons (PAHs), particularly benzo[a]pyrene (BaP), that are associated with

lampblack residues. Although PAHs on lampblack are tightly sorbed, risk assessments do not account for this reduced

availability. A multi-investigator study of 7 oil-gas MGP site soil samples demonstrated that the dermal and ingestion

absorption factors are far lower than current default assumptions used in risk assessments. Using these sample-specific

absorption factors in standard risk assessment equations increased risk-based cleanup levels by a factor of 72 on average

(with a range from 23 to 142 times the default level). The rapidly released fraction of the BaP in each sample, as measured by

supercritical fluid extraction, was closely correlated (r2 = 0.96) to these calculated cleanup levels. The weight of evidence

developed during this research indicates that the risks posed by PAHs on lampblack are far less than assumed when using

default absorption factors and that a tiered evaluation protocol employing chemical analyses, chemical release data, and in

vitro bioassays can be used to establish more realistic site-specific criteria.

Keywords: Bioavailability Bioaccessibility Lampblack Ingestion Dermal absorption

INTRODUCTION
The release of hydrocarbons from contaminated soils and

sediments controls the impact that these chemicals may have
following contact with biological receptors (DiToro et al.
1991). It is clear that not all the contaminants present in a
given soil are equally available, and the risks may be
overestimated if chemical release differences are not consid-
ered (Alexander 2000). Several studies have documented the
extremely low release of polycyclic aromatic hydrocarbons
(PAHs) on sooty materials such as lampblack (Bucheli and
Gustafsson 2000; Stroo et al. 2000; Jonker and Koelmans
2002).
Prior work has shown that the release of hydrocarbons from

such materials to aqueous media occurs in several phases.
There is typically an initial phase of relatively rapid release,
followed by much slower release of the less available fraction
(Gustafsson et al. 1997; Berg et al. 1998; Ghosh et al. 2000).
The rapidly released fraction, or F value (Loehr et al. 2003),
presumably also dominates the biological uptake during
relatively short-term exposures, such as during soil ingestion
or dermal contact. Considerable effort has, therefore, been
focused on developing rapid and inexpensive chemical assays
to measure the F value for use in risk assessments.
Bioavailability is a complex phenomenon, however. The

first step in biological uptake is the release from the
environmental matrix. The limited release of contaminants
from a strongly sorbing matrix such as lampblack can
therefore reduce the potential for uptake. This environmental

accessibility is a strong determinant of eventual bioavailability,
but it is not the only factor impacting the eventual uptake of
contaminants from soil. The organism exposed to contami-
nated soil may have complex uptake and sequestering
mechanisms, and the bioavailability may differ significantly
between different routes of exposure.
As a result of the complex relationship between accessi-

bility and bioavailability, chemical measures of bioavailability
need to be used with care. Organisms do exert some control
over total uptake, and chemicals may even be absorbed in
some cases without the need for release from the solid matrix
(Landrum et al. 1992). Careful validation of chemical
extraction tests designed to predict bioavailability assays is
therefore essential (National Research Council 2003).
Further, accurately measuring hydrocarbon release and

bioavailability and using such information in modifying risk
assessments is a difficult task. A suite of tools is needed to
develop a credible weight of evidence for any site-specific
adjustments, and these tools should yield results that can be
directly integrated into risk assessment calculations (Ehlers
and Luthy 2003). Ideally, a chemical assay that directly
measures the most available fraction of the total hydrocarbon
concentration present in a soil could provide a valuable
screening-level tool, or a Tier 1 assessment in typical risk-
based evaluations (Loehr et al. 2003). In vitro assays targeting
specific receptors or pathways could then be used, if needed,
for more intensive higher-tier risk assessments.
In response to these needs, a multi-investigator study was

initiated to evaluate PAH availability in a series of 7 soil
samples from manufactured gas plant (MGP) sites in
California. All these sites were impacted by PAHs on
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lampblack, a residue produced from the pyrolysis of oil to
produce gas. Other residual materials were also present at oil-
gas MGP sites, including tars and crude oil, but these
materials are generally removed along with the concentrated
lampblack deposits during cleanup, leaving behind primarily
lampblack in thin seams or mixed into native or fill soils.

Lampblack is a sooty, amorphous material composed of
highly aromatic carbon that tightly binds PAHs and other
aromatic hydrocarbons (Hawthorne et al. 2002; Hawthorne
and Miller 2003; Hong et al. 2003). Risk assessments for oil-
gas MGP site soils in California are dominated by the human
health risks posed by the carcinogenic PAHs (CPAH), and the
exposure routes of most concern in these assessments are oral
ingestion and dermal contact (California Environmental
Protection Agency 1999). The 7 PAHs currently considered
carcinogenic by the State of California include benzo[a]py-
rene (BaP), benzo[a]anthracene, benzo[b]fluranthene, ben-
zo[k]fluranthene, chrysene, dibenzo[a,h]anthracene, and
indeno[1,2,3-cd]pyrene.

Earlier papers have reported the characteristics of the
7 lampblack samples, including the total and rapid-release
PAH concentrations (Hawthorne et al. 2002), as well as the
dermal bioavailability of the BaP in the samples (Stroo et al.

?2 2004), the availability of PAHs in the samples to earthworms
(Kreitinger et al. 2005), and the mechanisms of sorption and
the partitioning behavior of the PAHs in these samples (Hong
et al. 2003). In addition, in vivo and in vitro oral ingestion
studies have been performed?3 (Holman et al., in preparation).
Other studies included research on the leachability of
hydrocarbons from lampblack and investigations of chemical
fingerprinting lampblack residues. All these results are
available in a final research report (RETEC 2004).

The purpose of this paper is to present an overview of these
research findings and to demonstrate how the results can be
incorporated into standard risk assessments to develop site-
specific cleanup levels. The results also allow a unique
opportunity to compare results from different availability
assays on the same samples and to evaluate the ability of a
chemical assay of the rapidly released fraction of the PAHs to
predict the risk-based criteria developed using the results
from in vitro assays.

METHODS
A total of 18 samples (OG-1–OG-18) were obtained from

7 oil-gas MGP sites in California. These samples consisted of
mixtures of soil, lampblack residuals, and miscellaneous
debris. Approximately 100 kg of each sample were collected.
The sampling locations at each site varied with respect to the
original MGP operations. For example, some samples were
taken very near the locations of former gas plant equipment,
such as gas holders or tar storage tanks, while other samples
were composites of discrete samples that were taken from
general plant process areas. In addition, 5 background samples
were also taken from nonimpacted areas that were located
near the MGPs. Samples were taken either from the upper
3 feet of soil or from lampblack layers exposed during
excavation.

Each sample was collected in the field and placed in large
sealed buckets thatwere then transferred to theRETEC storage
facility in Ithaca, NewYork. The sampleswere then screened to
remove material .¼ inch and homogenized by mixing in a
rotarymixer. The amount of rejectedmaterial ranged from 0 to
30% of the total sample weight. The homogenized samples

were then stored at 48C in airtight 55-gal drums. Subsamples
(approximately 5 kg each) were taken from each sample after
homogenization. The subsamples were shipped overnight to
each of the investigators involved in the research effort.
Subsequent analyses (Hawthorne et al. 2002) have shown that
the results from the distributed subsamples were comparable
and that the mixing yielded highly homogeneous materials in
all but 1 case.
The 7 samples selected for further detailed evaluation in

separate studies were chosen to represent the range of sample
variations based on the following parameters: (1) total PAH
concentration and the relative fractions of light (2- and 3-ring)
and heavy (4-, 5-, and 6-ring) molecular weight PAHs, (2) the
total organic carbon contents, (3) the rapid- and slow-release
fractions of PAHs (as determined by supercritical fluid
extraction [SFE] for 20 min at 200 bar and 508C), and (4)
the particle size distributions.
Chemical availability was determined using either an

aqueous rate of release (ROR) assay (Loehr and Webster
2000) or a previously developed SFE assay (Hawthorne et al.
2001). In brief, the aqueous ROR assay was performed by
mixing the test soil with water and an XAD ?12sorbent. After
specific time intervals (0–120 d), the concentrations of the
PAHs collected on the XAD sorbent and remaining on the
soil were determined (Loehr and Webster 2000). The SFE
assay was performed by flowing supercritical carbon dioxide
through the soil samples and collecting the eluted PAHs at
specific time intervals (0–120 min). For both ROR and SFE,
the available fraction was determined by fitting a simple 2-site
desorption model as previously described (Hawthorne et al.
2002).
Dermal uptake testing was performed using human cadaver

skin assays (Roy et al. 1998). That method, which was used in
the earlier lampblack analysis (Stroo et al. 2000), was based
on measuring the flux of radiolabeled BaP added to the matrix
of interest immediately before application. To investigate the
fluxes of PAHs from MGP site samples, which had been
subjected to over 60 y of weathering, the method was mod-
ified to allow direct measurement of the release of the native
PAHs bound to the soil (Roy and Singh 2001).
The potential for uptake via oral ingestion was evaluated

using 2 different tests: an in vitro test and an in vivo feeding
study. The in vitro procedure used a simulated gastrointestinal
(GI) tract system developed at Lawrence Berkeley National
Lab ?4[24]. The in vivo uptake of PAHs by mice was also
evaluated by careful mass balance tests in which mice were
fed 4 of the lampblack samples. Details are available in the
final research report (RETEC 2004). The majority of the
PAHs were evidently metabolized within the mouse guts.
However, phenanthrene was conserved, allowing this PAH to
be used for evaluating in vivo uptake.
Risk-based cleanup levels (RBCLs) were calculated by using

the in vitro dermal absorption factors (DAFs) for each sample
and the in vitro ingestion absorption factors (IAFs) for BaP in
the same samples (values given in Table 1) in standard risk
assessment equations set forth in U.S. Environmental Protec-
tion Agency (USEPA) and California Environmental Protec-
tion Agency (Cal/EPA) risk assessment guidance documents
(California EPA 1999; USEPA 2002). These values replace
the explicit DAF of 0.15 for PAHs (California EPA 1999) and
the implicit IAF of 1.0 to yield site-specific cleanup levels. For
these calculations, the residential exposure scenario was
assumed, other default California-specific exposure and
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toxicity assumptions were used, and the allowable excess
cancer risk was set at 1 3 10�6. These ‘‘risk-based cleanup
levels’’ are provided for illustrative purposes to demonstrate
the potential impact of availability measurements on risk-
based criteria and are not intended to imply regulatory
concurrence at this time.
The equation used for the calculation of RBCLs is

RBCLcarcinogen ¼

Target Risk Level

ðCSForalÞ½IForal þ IFdermal� þ ðCSFinhalationÞ½IFinhalation�

where?13 RBCLcarcinogen is the risk-based cleanup level for
carcinogenic effects (mg/kg), Target Risk Level is the target
cancer risk level (unitless), IF is the intake factor (a measure of
exposure in kg soil/kg body weight/d), and CSF is the cancer
slope factor (the toxicity value indicating the carcinogenic
potency of a chemical in mg chemical/kg body weight/d).
The equations and exposure parameters for developing the

intake factors used in the RBCL equation are presented in
Table 2 and?14 are consistent with values recommended by
Cal/EPA. As described previously, the target risk level (i.e., the
allowable excess cancer risk) is set at 13 10�6. The oral and
inhalation CSF for BaP of 12 (mg/kg/d) and 3.9 (mg/kg/d),
respectively, established by the Cal/EPA’s Office of Environ-
mental Health Hazard Assessment (Cal/EPA OEHHA), were
used in the RBCL calculations (California EPA 2004).

RESULTS AND DISCUSSION
The different chemical and biological assay results for each

of the samples (Table 1) reveal consistent trends despite the
fact that the assays were performed by different investigators,
at different times, in different laboratories, and on different
subsamples. In general, the PAHs in samples OG-18, OG-14,
OG-10, and OG-5 had relatively high F values, while those in
OG-2 and OG-17 had lower values. These results generally

reflect the strength of binding (Hong et al. 2003). It should be
noted that OG-5 consistently exhibited a high degree of
heterogeneity and poor reproducibility of results from
separate aliquots, while all the other samples appeared to be
well homogenized and yielded highly reproducible results
from chemical analyses of quadruplicate samples.
The results also show that the in vitro simulated gastro-

intestinal tract assay, which was originally developed for
petroleum hydrocarbons (Holman et al. 2002), consistently
overestimated the uptake of phenanthrene as measured in an
in vivo uptake test (by a factor of 10 on average for the
4 samples tested by both methods). As mentioned previously,
phenanthrene was the only PAH used in the in vivo uptake
test because the mass recoveries of the other PAHs in the in
vivo test were relatively poor, probably because of partial
metabolism in the mouse guts. Nevertheless, the results
suggest that the in vitro test is conservative with respect to
estimating the actual uptake in vivo.
It is important to note that the in vitro test is intended as a

measure of relative oral bioavailability and reflects the impact
of the specific matrix on the solubilization and, therefore,
availability of the PAHs for biological uptake. The use of the
results from the in vitro test as an IAF in the risk assessment
equation represents the bioavailability of the PAHs in the
specific soil matrix relative to bioavailability in the toxico-
logical feeding study. The implicit assumption when applying
these in vitro measurements directly in the risk assessment
equation, therefore, is that the bioavailability of the PAHs in
the toxicological feeding study was 100%, but this work is not
simply measuring the absorption previously measured in the
original feeding studies used to develop cancer slope factors. It
is rather an attempt to measure the environmental accessi-
bility, that is, the release of the bound PAHs into a form that
can be absorbed, but may not necessarily be absorbed in vivo.
As indicated in Table 1, the IAFs for BaP were higher than

the DAFs by roughly a factor of 5 on average. However, the
relative impacts of the 2 pathways on the site-specific risk-

Table 1. Comparison of measures of availability for phenanthrene (Phen) and benzo[a]pyrene (BaP) across test samples

RORa SFEa Earthwormb Dermalc In vitrod In vivoe

Sample no. FBaP FPhen FBaP FPhen BaP Phen BaP BaP Phen Phen

OG-2 0 5 15 33 17 13 0.17 0.5 1.0 0.6

OG-5 15 5 —f 35 1.4 0.9 0.59 1.4 15.0 0.7

OG-10 0 15 10 63 17 1.9 0.14 1.3 3.2 1.1

OG-13 NTg NT 15 28 20 0.4 0.36 1.8 8.3 NT

OG-14 NT NT 27 60 2.3 6.0 1.05 3.0 —h NT

OG-17 1 12 2 42 13 8.5 0.29 0.2 0.8 NT

OG-18 8 33 22 82 —i —i 0.25 5.0 11.1 0.6

Mean 4.8 14 15 49 12 5.1 0.41 1.9 6.6 0.75
a Represents fast (rapidly available) fractions expressed as a percentage.
b Represents percentage of polycyclic aromatic hydrocarbons (PAH) absorbed by earthworm as compared to the predicted uptake based on
the equilibrium partitioning model.

c Represents percentage of applied dose absorbed across skin section over 24 h.
d Represents percentage of polycyclic aromatic hydrocarbons (PAH) solubilized in simulated gastrointestinal (GI) tract.
e Represents percentage uptake by mice 6 h after gavage.
f Could not be determined: did not fit release curve criteria (apparent F very low).
g NT = not tested.
h Could not be determined: below detectable limits or chromatographic interferences too large.
i Bioavailability could not be determined due to 100% mortality in bioaccumulation tests.
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based criteria are actually similar because the default IAF
(100% relative bioavailability) is 6.7 times the default DAF of
15% absorption, which is based on studies using live rhesus
monkeys (Wester et al. 1990). The lampblack IAFs are lower
than those measured for native soils or soils from coal-gas
MGP sites. For example, IAFs of 37 and 57% were measured
for BaP in native clay and sandy soils, respectively (Goon
1991). The IAFs for BaP in soils from coal-gas MGP sites
(Weyand et al. 1995) were lower than the native soil values
(as low as 11%) but higher than those reported in this study.
The results are to be expected because the tarry residuals

found at coal-gas MGP sites sorb PAHs more tightly than
native soils but less tightly than the lampblack at oil-gas MGP
sites (Hawthorne et al. 2002).
Risk-based cleanup levels for BaP (Table 3) were calculated

by using the site-specific BaP DAFs and IAFs as derived from
the in vitro tests described previously. These values were used
in the standard California risk assessment calculations for
determining cleanup levels for contaminated soil under
residential exposure assumptions (California EPA 1999) in
place of the default levels for BaP that are assumed in the
California guidelines. California risk assessment guidelines

Table 2. Intake factor equations and exposure parameters

Intake factor equations

(1) Oral intake factor (kg/kg-d):

IForal ¼ EFr 3EDc 3 IRSc 3 IAF3CF

BWc 3ATc
1
EFr 3EDa 3 IRSa 3 IAF3CF

BWa 3ATc

(2) Dermal intake factor (kg/kg-d):

IFdermal ¼ EFr 3EDc 3AF3DAF3 SAc 3CF

BWc 3ATc
1

EFr 3EDa 3AF3DAF3 SAa 3CF

BWa 3ATc

(3) Inhalation intake factor (kg/kg-d):

InhFadj ¼ EFr 3EDc 3 IRAc

BWc 3ATc 3PEF
1

EFr 3EDa 3 IRAa

BWa 3ATc 3PEF

Exposure parametersa

AFa Adherence factor for soil, adult: 0.07 mg/cm2

AFc Adherence factor for soil, child: 0.2 mg/cm2

ATc Averaging time—carcinogens: 25,550 d

BWa Body weight, adult: 70 kg

BWc Body weight, child: 15 kg

CF Conversion factor: 0.000001 kg/mg

DAF Dermal absorption factor: default for PAHs 0.15 (unitless)

EDa Exposure duration, adult resident: 24 y

EDc Exposure duration, child resident: 6 y

EFr Exposure frequency, residential: 350 d/y

IAF Ingestion absorption factor:b default 1.0 (unitless)

IRAa Inhalation rate, adult: 20 m3/d

IRAc Inhalation rate, child: 10 m3/d

IRSa Soil ingestion, adult: 100 mg/d

IRSc Soil ingestion, child: 200 mg/d

PEF Particulate emission factor: 1.316 3 109 m3/kg

SAa Exposed surface area for soil/dust, adult: 5,700 cm2/d

SAc Exposed surface area for soil/dust, child: 2,800 cm2/d
a All exposure parameters from U.S. Environmental Protection Agency (2002), with the exception of ABS, which is from State of California
Environmental Protection Agency (1999).

b The oral ingestion absorption factor (IAF), although not always explicitly identified in the risk assessment equation, is by default assumed
to be 1.0. A default IAF of 1 implies that the oral absorption of the compound evaluated in the risk assessment is assumed to be
equivalent to the oral absorption of the compound inherent in the study used to develop the toxicity value (i.e., either the cancer slope
factor or the reference dose).
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specifically incorporate ‘‘default’’ DAF and IAF values but do
not provide guidance on how to derive site-specific values and
when these site-specific values may be incorporated into risk
assessments. Use of in vitro dermal uptake results directly as
DAFs is consistent with existing guidance (USEPA 2001).
Direct use of the in vitro solubilization results as IAFs is not
yet common practice, but it is reasonable, assuming that the
PAHs must first be solubilized prior to uptake.
These risk-based cleanup levels for BaP ranged from 0.84

to 5.1 mg/kg. Although these are not final cleanup levels and
have not been either submitted to or approved by the State
of California, they are the criteria that would result from
using the IAFs and DAFs derived directly from the in vitro
assays. The average cleanup level for all 7 samples was
roughly 72 times higher than the current default cleanup
level (i.e., 0.036 mg BaP equivalents/kg soil at a 10�6 excess
cancer risk level).

Similar increases in risk-based criteria (ranging from 14–107
times default values) were calculated when considering only
the dermal contact pathway using these in vitro dermal results
to assess the risks to adults exposed to impacted soils (Stroo
et al. 2004). The fact that the results from chemical release
assays and both the dermal and the oral uptake in vitro assays
all yield similar results provides a compelling weight-of-
evidence argument that the increases in the risk-based criteria
for PAHs on lampblack resulting from this research are both
justified and reasonable.
The finding that the soil concentrations calculated to be

protective of human health were all at least 1 order of mag-
nitude higher than the default cleanup levels (Table 3)—and in
some cases over 2 orders of magnitude higher—emphasizes
the value of measuring hydrocarbon availability. Clearly, the
default values considered for these risk-based calculations
yield unnecessarily and unrealistically conservative values for
this particular matrix and perhaps also for similar materials
that tightly bind hydrophobic organics. Although this con-
servatism has been recognized for several years (Stroo et al.
2000), the use of chemical release and in vitro bioavailability

measurements provides a quantitative method to modify the
risk assessment parameters to yield more realistic but still
protective cleanup levels.
The use of only the BaP F values and absorption factors to

calculate cleanup levels for the total CPAH is justified for
3 reasons. First, the assumed carcinogenicity of BaP is con-
sidered to be 3 to 100 times greater than the other 6 car-
cinogenic PAHs, and thus the criteria for these 7 heavy (4-, 5-,
and 6-ring) and nonvolatile CPAHs are typically expressed in
terms of BaP equivalents. Second, the total concentrations of
BaP on lampblack are greater than the concentrations of any
of the other CPAHs (Hawthorne et al. 2002; Stroo et al.
2000). Finally, the F values for all of the CPAHs were similar
to those measured for BaP (Hawthorne et al. 2002).
However, situations may well exist with other materials or
other regulatory environments where the use of only BaP may
be misleading.
For each soil sample, the available BaP concentration was

calculated by multiplying the total BaP concentration by the F
value as determined by the SFE analyses. For each of the
6 samples for which the available BaP could be calculated
(i.e., the samples with a measurable F value; see Table 1), the
available BaP was closely correlated (r2 = 0.924) to the
solubilization of BaP during the in vitro oral uptake assay
(Figure 1). In contrast, the correlation between the in vitro
solubilization and total BaP concentration was only 0.629
(Table 4).
In fact, the correlations between the in vitro solubilization

and the available concentrations were better than the
correlations between solubilization and total concentrations
for all 14 PAHs present at detectable levels (Table 4).
Because oral ingestion is so important in the risk assessment
calculations for oil-gas MGP site soils, these results suggest
that the rapidly released fraction may largely determine the
actual risk and that measurements of the F values can
provide useful predictions of the eventual site-specific
cleanup levels.
The predictive value of chemical availability assays was

evaluated by comparing the calculated site-specific cleanup
levels with the rapidly released fractions (F values) of the
total BaP as determined by SFE (Figure 2). Only 6 of the
samples could be used in this comparison because the F value
for OG-5 could not be measured. The results demonstrate
that a close correlation (r2 = 0.96) exists between the F values
and the cleanup levels, even though the dermal uptake, oral

Table 3. Calculated risk-based cleanup levels for individual
samples

Sample cleanup level
(residential)a

Enhancement factor
(mg BaP equiv./kg dry soil)b

OG-2 5.1 142

OG-5 1.6 44

OG-10 3.0 83

OG-13 1.8 50

OG-14 0.84 23

OG-17 4.8 133

OG-18 0.92 26

Mean 2.6 72

Default 0.036 1
a Cleanup levels calculated using 10�6 excess cancer risk and
California risk assessment guidance, with sample-specific in vitro
benzo[a]pyrene (BaP) dermal and ingestion absorption factors
(Table 1) instead of default assumptions.

b Enhancement factor = sample-specific cleanup level divided by
the default level.

Figure 1. Relationship between the amounts of benzo[a]pyrene ?15solubilized
during the in vitro simulated gastrointestinal tract assay and the total
amounts of ‘‘available’’ benzo[a]pyrene (total concentration multiplied by
the F value).
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uptake, and SFE analyses were performed by 3 separate
research groups, using separate subsamples of the same
homogenized initial site samples. Over the range of avail-
abilities measured, the best-fit linear relationship (not shown)
was y = 5.23� 0.18x, which also provided a close correlation
(r2 = 0.89).

The total BaP concentrations in the samples had no
relationship to the calculated cleanup levels (r2 values of
only 0.19 and 0.26 for the best-fit linear and exponential
relationships, respectively). Similarly, the relative abundance
the other CPAH compounds did not exhibit significant
correlations with the calculated cleanup levels.

These results suggest that the strong sorption of PAHs to
the lampblack matrix has a large effect on the ability of

organisms to absorb the PAHs as well as on the availability of
the PAHs for release under the relatively mild extraction
conditions used in the SFE or ROR analysis. Further, the
F values and the individual bioavailability results were closely
correlated, suggesting that biological uptake in fact occurs
primarily from the fraction of the total concentration that is
available for rapid desorption.
Related work on these samples indicates that there are

essentially 2 pools of PAHs on lampblack: PAHs bound
directly to the lampblack matrix and PAHs present as a
separate phase that cannot bind directly to the lampblack
because the surface area available for direct binding is
saturated (Hong et al. 2003). For example, the sample with
the highest PAH:total organic carbon (TOC) ratio (and
therefore presumably the largest fractions of ‘‘free-phase’’
PAHs) also had the highest F value and the lowest calculated
cleanup level (i.e., OG-18). Consistent with this hypothesis,
OG-2 had the lowest PAH:TOC ratio and also a low F value
and the highest cleanup level.
The interrelated research done on this set of oil-gas MGP

site samples represents the first such integrated study of
chemical release and bioavailability on a common solid
matrix. The results support the overall hypothesis of this
work, which is that the risks of hydrocarbons to human health
are strongly affected by the strength with which the hydro-
carbons are bound to the solid matrix and that the risks can be
more reasonably predicted by chemical release and bioavail-
ability assays. The weight of evidence developed by this
multi-investigator research effort indicates that the risks
posed by PAHs on lampblack are far less than assumed when
using default absorption factors and that a tiered evaluation
protocol employing chemical assays, chemical release data
(F values), and in vitro assays can be used to establish more
realistic site-specific criteria.
In this case, a simple 40-min SFE test under defined

conditions provided an exceptional correlation to the risk-
based cleanup levels derived from much more costly and time
consuming in vitro bioavailability assays. That relationship
spans a range of rapidly released fractions from 2 to 27%,
using a series of samples of lampblack-impacted soils from
several oil-gas MGP sites in California.
These results are not necessarily limited to the human

health risks of PAHs on lampblack or to the use of SFE as an
analytical method. Prior work with these and other samples
has shown that the rapidly released fractions measured by
SFE extraction are closely correlated to those measured by
the aqueous ROR assay (Hawthorne et al. 2002). Further,
rates of release have been measured for a wide range of
hydrocarbons in 40 different field samples, leading to a
calibrated 7-d batch desorption test that accurately estimates
sample-specific F values without the need for SFE equip-
ment or expertise ?5[9]. Finally, the F values as determined by
SFE for these oil-gas MGP site samples and a similar set of
samples from coal-gas MGP sites have been shown to
correlate closely to the uptake of PAHs by earthworms
(Kreitinger et al. 2005). These results indicate that chemical
availability assays may also be useful in evaluating ecological
risks.
In a practical sense, the proposed approach to developing

risk-based criteria requires careful measurement of the BaP
release and/or in vitro absorption measurements. Given the
importance of BaP in setting criteria for oil-gas MGP site
residuals, this approach is justified, but rigorous QA/QC and

Table 4. Correlations of in vitro uptake to total and SFE-
derived available concentrations

r2 values

PAHa compound Available Total

Naphthalene 0.939 0.866

Acenaphthene 0.891 0.354

Fluorene 0.984 0.747

Phenanthrene 0.647 0.434

Anthracene 0.870 0.529

Fluoranthene 0.728 0.678

Pyrene 0.760 0.707

Benz[a]anthracene 0.786 0.435

Chrysene 0.900 0.626

Benzo[b,k]fluorene 0.986 0.454

Benzo[a]pyrene 0.924 0.629

Dibenz[a,h]anthracene 0.680 0.007

Benzo[g,h,i]perylene 0.884 0.442

Indeno[1,2,3-cd]pyrene 0.883 0.348
a PAH = polycyclic aromatic hydrocarbon.

Figure 2. Relationship?16 between the risk-based cleanup levels for carcinogenic
polycyclic aromatic hydrocarbon (PAH), expressed as benzo[a]pyrene (BaP)
equivalents and calculated using the sample-specific dermal and ingestion
absorption factor and the percentage of BaP in the fast-release fraction
(F value) for each sample as determined by supercritical fluid extraction.
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use of multiple replicates and site samples will probably be
needed to reduce the inherent uncertainty.
Additionally, this work has deliberately used samples

containing relatively high PAH concentrations because of
the relatively high detection limits for PAHs by conventional
analytical methods, which are particularly problematic when
attempting to measure release or uptake from materials that
sorb hydrocarbon so tightly. Analytical refinements will be
needed to ensure reliable measurements of the rapidly
released fractions from lower-concentration soil samples that
are closer to the estimated risk-based criteria. The approach
used in this work is predicated on the assumption that the
PAHs in the lower-concentration samples are associated with
lampblack particles but that these particles are simply more
dispersed throughout the soil matrix. Evidence from exami-
nations of these samples indicates that this assumption is valid
because virtually all the PAHs were found on the lampblack
particles and not on the separated ‘‘soil’’ fraction (Hong et al.
2003).

CONCLUSIONS
This integrated study of 7 oil-gas MGP site samples

included a series of chemical and biological assays designed
to develop a weight-of-evidence approach for measuring
contaminant bioavailability that is consistent with the
guidance developed by the National Research Council
Committee on Bioavailability (2003). Several investigators
using different assays have all shown that the availability of
PAHs on lampblack is far lower than is assumed in the
standard risk assessment guidance used in California (Cal-
ifornia EPA 1999) or by the USEPA (1991). Further, a
protocol based on the use of in vitro assays for both dermal
and oral ingestion of BaP (by far the most important PAH in
determining risk-based criteria for oil-gas MGP site soils)
yielded calculated risk-based cleanup criteria that are 23 to
142 times higher than the default criteria (72 times higher on
average).
Finally, the F values for BaP in these oil-gas MGP site

samples has been demonstrated to be closely correlated to the
in vitro results. This relationship suggests that most of the
biological uptake of BaP occurs from the fraction that is
available for rapid release. The SFE, under conditions
previously developed to measure the rapidly released fraction
of the total PAH concentration in a soil sample (Hawthorne et
al. 2001), provided an exceptionally accurate prediction of
the uptake during the in vitro tests and therefore of the
calculated risk-based criteria. The SFE, or the closely
correlated batch desorption method to estimate F values
(Loehr et al. 2003), can therefore provide rapid and
inexpensive screening-level assessments of the chemical
release, bioavailability, and associated risks of PAHs in a
particular oil-gas MGP site sample.
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Abstract—The toxicity and uptake of polycyclic aromatic hydrocarbons (PAHs) by earthworms were measured in soil samples
collected from manufactured-gas plant sites having a wide range in PAH concentrations (170–42,000 mg/kg) and soil characteristics.
Samples varied from vegetated soils to pure lampblack soot and had total organic carbon contents ranging from 3 to 87%. The
biota–soil accumulation factors (BSAFs) observed for individual PAHs in field-collected earthworms (Aporrectodea caliginosa)
were up to 50-fold lower than the BSAFs predicted using equilibrium-partitioning theory. Acute toxicity to the earthworm Eisenia
fetida was unrelated to total PAH concentration: Mortality was not observed in some soils having high concentrations of total
PAHs (�42,000 mg/kg), whereas 100% mortality was observed in other soils having much lower concentrations of total PAHs
(1,520 mg/kg). Instead, toxicity appeared to be related to the rapidly released fraction of PAHs determined by mild supercritical
CO2 extraction (SFE). The results demonstrate that soils having approximately 16,000 mg rapidly released total PAH/kg organic
carbon can be acutely toxic to earthworms and that the concentration of PAHs in soil that is rapidly released by SFE can estimate
toxicity to soil invertebrates.

Keywords—Polycyclic aromatic hydrocarbon Manufactured-gas plant Biota–soil accumulation factor Eisenia fetida
Aporrectodea caliginosa

INTRODUCTION

When bioaccumulation and toxicity test results are com-
pared from experiments performed with different sediments or
soils, essentially no relationship is observed between the total
concentration of hydrophobic organic compounds and biolog-
ical effects [1,2]. A correlation between chemical concentra-
tion in soils or sediments and biological effects becomes ap-
parent, however, when the concentration of chemical that is
biologically available is estimated using equilibrium-parti-
tioning theory and the assumption that it is sorbed to natural
organic carbon [1]. The equilibrium-partitioning theory was
developed for predicting bioaccumulation by organisms living
in aquatic environments and was subsequently extended to
predict bioaccumulation by terrestrial invertebrates [3–6]. Of-
ten, however, it is observed that the predicted bioaccumulation
of hydrophobic chemicals by aquatic and terrestrial inverte-
brates exceeds the measured value by an order of magnitude
or more [7–11]. A number of biotic and abiotic mechanisms,
including strong sorption to anthropogenic carbon phases, may
be responsible for the apparently reduced bioavailability of
polycyclic aromatic hydrocarbons (PAHs) in soils and sedi-
ments [7,12–14].

Although the toxicity and uptake of nonpolar organic com-
pounds from soils by invertebrates often is unrelated to the
total concentration in soil, they have been directly correlated
to the concentration of chemical in soil pore water [3,6,15].

* To whom correspondence may be addressed
(jkreitinger@retec.com).

Soils collected in urban and industrial environments often have
anthropogenic sources of hard or black carbon (e.g., charcoal,
coal, coal tar pitch, coke, and soot) that strongly sorb and
reduce the concentration of nonpolar organic compounds in
pore water [12,16]. The aqueous partitioning of PAHs from
anthropogenic carbon often is 1,000-fold less than the parti-
tioning observed for natural organic matter [13,14,17]. Par-
ticle-scale analyses of aquatic sediments collected from several
urban waterways shows that most of the PAHs are associated
with natural and anthropogenic organic particles [18,19]. Al-
though anthropogenic organic particles generally account for
a very small fraction of the sediment, they appear to control
the release and bioavailability of hydrophobic compounds,
such as PAHs [18]. The presence of black carbon in soils and
sediments has been used to explain a lack of observed chemical
uptake by aquatic and soil organisms [8–10,16,20].

The large variation in the bioavailability and toxicity of
PAHs observed in different soils and sediments has resulted
in a search for a chemical method that can be used to estimate
the bioavailability of PAHs. For example, Krauss and Wilcke
[17] used a 15-d extraction procedure with silica disks to es-
timate the concentration of bioavailable PAHs and the biota–
soil accumulation factors (BSAFs) for Lumbricus terrestris in
field-contaminated urban soils. Van der Wal et al. [21] dem-
onstrated that a 20-d extraction with polydimethylsiloxane sol-
id-phase microextraction fibers could be used to measure the
concentration of nonpolar chlorinated hydrocarbons freely dis-
solved in soil pore water and to predict uptake of the chemicals
by the earthworms Eisenia andrei and Aporrectodea caligi-
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nosa. Kraaij et al. [22] demonstrated that much of the vari-
ability in BSAFs of field-contaminated and spiked PAHs ob-
served for an aquatic deposit-feeding amphipod (Corophium
volutator) could be explained by the rapidly desorbing fraction
measured using Tenax TA resin in 25-d extraction tests.

Mild supercritical-fluid extraction (SFE) using pure CO2

also has been suggested as a chemical method for predicting
the bioavailability of PAHs in soils. Mild SFE is an attractive
method, because the solubility of individual PAHs in CO2 at
200 bar and 50�C is proportional to their solubility in water
and the desorption profiles of PAHs into water and CO2 are
highly correlated [23,24]. In addition, the polarity of CO2 at
mild supercritical temperatures and pressures (200 bar and
50�C) is similar to that of biological lipids, and the extraction
procedure has little effect on the organic carbon matrix of soils
[24,25]. In earlier studies, 16 soils having a wide range of
PAH concentrations and soil carbon contents were collected
from historic manufactured-gas plant (MGP) sites, and the
rapidly released fractions (F values) of PAHs were determined
using SFE and solid-phase aqueous desorption with XAD-2
resin [24,26]. In the present study, the bioavailability of PAHs
to earthworms was evaluated and compared to the rapidly
released fractions previously determined by SFE [23,25]. Ini-
tial tests showed a wide range in toxicity that was unrelated
to the concentration of PAHs in soil. Therefore, we evaluated
whether chemical availability as measured by mild SFE is
related to the acute toxicity and accumulation of PAHs by
earthworms.

MATERIALS AND METHODS

Soil samples

Sixteen soil samples were collected from coal gas (CG) and
oil gas (OG) MGP sites that had been closed for approximately
50 years. All the samples have been described in earlier reports
[24,26].

Soil PAH and SFE rapidly released fractions

Methods to determine the total PAH concentration in soil
and the rapidly released fraction of PAHs have been previously
described [26]. Briefly, the rapidly released fraction was es-
timated from the concentration of PAHs extracted using 40
min of mild SFE (200 bar and 50�C) compared to their total
concentrations in soil [24,26]. The rapidly released fraction of
total PAHs is the sum of the individual molar PAH concen-
trations measured by extraction using SFE divided by the sum
of the individual molar PAH concentrations measured using
Soxhlet extraction.

Soil spiking

To evaluate the bioavailability of individual PAHs, a spik-
ing solution that contained two- to five-ring, uniformly labeled
perdeuterated PAHs (d-PAHs) was added to four MGP site
soils (OG2, CG12, CG15, and CG17), and the BSAF for the
spiked and field-contaminated PAHs were compared. All
d-PAH isotopic purities were greater than 98% as determined
by the manufacturer. The d-PAHs were added at 3 to 65% of
the concentration of the field-contaminated PAH, and BSAFs
were calculated based on the concentration of PAHs deter-
mined in soils and earthworms at the end of the 14-d bioassay.
A 200-�l portion of solution containing d-PAHs in methylene
chloride was added to 20 g of air-dried soil contained in 60-
ml glass jars. The solution of d-PAHs was thoroughly mixed
with the soil, and the soil moisture was adjusted to 80% of

water-holding capacity (0.33 bar). Each jar was fitted with a
polyurethane foam (PUF) plug and allowed to stand at room
temperature for 24 h before addition of the earthworms.

Analytical internal standards

Perdeuterated PAHs also were used as analytical internal
standards to aid in the analysis of all soil, earthworm, SFE,
and PUF foam extracts. The d-PAH internal standards for ex-
tracts generated from the spiked soil samples (discussed above)
included 1-methylnaphthalene-d10, acenaphthene-d10, phenan-
threne-d10, fluoranthene-d10, chrysene-d12, perylene-d12, and
benzo[ghi]perylene-d12. Note that none of these d-PAHs were
in the soil spiking d-PAH mixture, thus allowing their use as
analytical internal standards for both the native and the
d-PAHs used to spike the soils. For samples that did not include
the d-PAHs as spiked compounds, the d-PAH analytical in-
ternal standards were naphthalene-d8, fluorene-d10, anthracene-
d10, pyrene-d10, benz[a]anthracene-d12, and benzo[a]pyrene-
d12.

Determination of PAH losses to the headspace

Loss of PAHs by vaporization from the bioassay jars was
determined according to the method described by Hawthorne
and Grabanski [27]. In brief, each jar containing soil and earth-
worms was plugged with a PUF sorbent plug (diameter, 4 cm;
length, 5 cm) previously prepared by sonication in acetone.
The PUF plug sealed the airspace in the bioassay jar so that
vaporized PAHs could not exit from the flask without passing
through the sorbent plug. The PAHs collected on the PUF
sorbent plugs were extracted with 50 ml of acetone aided by
sonication for 8 h after adding the d-PAH internal standards
discussed above.

Earthworm cultures

Earthworms (E. fetida) were purchased from Connecticut
Worm Farm (Enfield, CT, USA). Earthworms of the same age
were prepared for bioassays by placing 150 adult earthworms
in a 5.5-L, polyethylene box containing 2.5 L of moistened
commercial worm bedding (Magic Worm Products, Amherst
Junction, WI, USA). Earthworms were cultured at 21 � 2�C
and fed ad libitum using commercial earthworm food (Magic
Worm Products). Adult earthworms were allowed to produce
cocoons for two to three weeks. The adults were then removed
for testing. Juvenile earthworms would emerge from cocoons
after two to three weeks. To reduce the density of earthworms,
the juvenile earthworms and bedding were thinned after four
weeks of growth. The earthworms were then allowed to ma-
ture, and after 12 weeks, 150 adult earthworms were removed
to start a new colony.

Earthworm bioassays

Earthworm survival and bioaccumulation was evaluated in
laboratory tests conducted using E. fetida as described by Tang
et al. [28]. Five adult earthworms were placed in approximately
20 g (dry wt) of soil contained in 60-ml, wide-mouth jars
(Qorpak, Bridgeville, PA, USA). Adult earthworms averaged
0.5 g wet weight per individual, and the initial wet weight of
five earthworms used in bioassays ranged from 1.71 to 3.84
g wet weight. The average lipid content following exposure
to soils was 1.8% wet weight (range, 1.2–3.5%). Earthworms
were not fed during tests and lost weight during the 14-d
bioassays. Control earthworms exposed to an uncontaminated
agricultural soil (Lima Loam, 1.6% total organic carbon) were
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observed to lose, on average, 12.5% (range, 8.3–15.6%) of
their wet weight during 14-d tests. Soils were moistened with
deionized water to 80% of water-holding capacity 24 h before
conducting a test. The water content of the soils was main-
tained by periodically adding deionized water. Earthworms
were assigned randomly to each treatment and jar. Tests were
conducted in triplicate or quadruplicate for 7, 14, or 28 d.
Bioassays were conducted at 20 � 1�C with constant overhead
illumination. At the end of the exposure period, the earthworms
were removed from the soil, rinsed twice with deionized water,
and placed in a 9-cm, glass Petri dish containing a wetted
Whatman no. 2 filter paper (Whatman, Florham Park, NJ,
USA). The earthworms were then allowed to depurate for 24
h and rinsed twice with deionized water, blotted dry on a moist
paper towel, placed into a 20-ml glass vial with a Teflon�-
lined cap, and weighed. The vial was then tightly sealed and
frozen (�40�C) until the earthworm tissue was prepared for
extraction. Two species of earthworms, A. caliginosa and Lum-
bricus rubellus, were observed in soils CG12, CG15, and
CG17 during sample collection. Triplicate samples of the most
commonly observed earthworm, A. caliginosa, were collected
from each soil, prepared for extraction, and analyzed for PAH
residues as described below.

Determination of PAHs in earthworm tissue

The concentration of PAHs in earthworm tissue was de-
termined in triplicate or quadruplicate following Soxhlet ex-
traction (100 ml of n-hexane for 4 h) of 2 to 3 g (wet wt)
samples. Frozen tissue was ground with 20 g of anhydrous
Na2SO4 in a mortar and pestle until the sample appeared to be
dry and free-flowing. Perdeuterated PAHs (listed above) were
then added to the sample before Soxhlet extraction with hex-
ane. Concentrated extracts of earthworm tissue were divided
for analysis of PAHs and gravimetric determination of lipids.
Extracts for determination of PAHs were passed through silica
gel to remove cholesterol and other interfering compounds
before chromatographic analysis using a modification of U.S.
Environmental Protection Agency method 3036C [29]. The
tissue extraction and cleanup procedure provided 83 to 112%
recovery for individual PAHs (molecular wt, 128–276 g/mole)
with a relative standard deviation of less than 5%.

Gas chromatographic separations were performed using
split or splitless injection into a Hewlett-Packard model 5973
gas chromatography/mass spectrometry (GC/MS; Agilent
Technologies, Santa Clara, CA, USA) equipped with a DB-5
capillary column (length, 60 m; inner diameter, 25 �m; film
thickness, 250 �m; J&W Scientific, Rancho Cordova, CA,
USA). The oven temperature (80�C) at injection was held for
10 min, followed by an increase of 6�C/min to 320�C. Poly-
cyclic aromatic hydrocarbon identities were verified using GC/
MS, and PAH concentrations were determined by comparison
to the perdeuterated internal standards. Statistical comparisons
of data were performed using analysis of variance with com-
parison of treatment means performed using Tukey’s method
of multiple comparisons.

Predicting PAH uptake using mild SFE

The concentration of PAHs in field-collected earthworms
was predicted using equilibrium-partitioning theory, the or-
ganic carbon–normalized PAH concentration in soil, and the
rapidly released PAH fraction (F) as determined by SFE. The
model used for predicting earthworm PAH concentrations is
described by the following equation:

Worm lipid PAH concn.

Worm PAH concn.
�

Wt % lipid

Soil PAH concn.
�0.038� ·K ·F (1)OWWt % total soil carbon

Except for the final factor, F, Equation 1 is the standard equi-
librium-partitioning model with the default lipid–organic car-
bon partitioning coefficient proposed by Di Toro and McGrath
(i.e., the octanol–water partitioning coefficient raised to the
�0.038 power) [30]. The factor of the rapidly released fraction
(F) proportionally adjusts the model for the rapidly released
PAH fraction measured by SFE. Prediction of PAH uptake by
earthworms using F assumes that the bioavailable fraction of
PAHs in soil is the same as the rapidly released fraction as
measured by SFE.

RESULTS

Toxicity of PAHs in MGP soils

The 16 soils had a wide range in total parent PAH con-
centrations (168–42,100 mg/kg), total carbon concentration
(2.6–87%), and molar carbon to hydrogen ratio (0.6–6.3) (Ta-
ble 1). Several soils (e.g., OG10 and OG2) were primarily
soot, as evidenced by the high total carbon content and high
molar carbon to hydrogen ratio. Despite the wide range in the
concentrations of total PAHs in the soils, the acute toxicity to
E. fetida in 14-d assays was not related to the total PAH
concentration expressed as dry weight of soil or carbon content
(Table 1). For example, no earthworms survived in soil CG1,
with a total PAH concentration of 1,520 mg/kg, whereas all
the earthworms exposed to soil OG10 (total PAH concentra-
tion, 42,100 mg/kg) survived. Several highly contaminated
soils (OG10, OG17, CG11, OG2, and CG12) were not acutely
toxic despite the concentration of PAHs ranging from 1 to 5%
of the total carbon in the soil.

BSAFs in field-collected earthworms

The BSAF is the PAH concentration in biota lipids divided
by the PAH concentration in soil organic carbon. The BSAFs
for individual PAH compounds were determined for the native
earthworm species (A. caliginosa) collected from soils CG12,
CG15, and CG17. The PAH BSAFs observed in earthworms
collected from CG12 were nearly fivefold lower (range of
BSAFs, 0.01–0.14) than the BSAFs observed in earthworms
collected from soil CG15 and CG17 (range of BSAFs, 0.04–
0.49 and 0.04–0.59, respectively). It is interesting to note that
lower BSAFs were observed in soil CG12, which had indi-
vidual soil PAH concentrations three- to sevenfold higher (total
PAH concentration, 3,790 mg/kg) than the individual PAH
concentrations observed in soils CG15 and CG17 (total PAH
concentrations, 1,020 and 577 mg/kg, respectively) (Fig. 1 and
Table S1 [http://dx.doi.org/10.1897/06-608.S1]). Surprisingly,
the BSAFs were approximately 4- to 50-fold lower than pre-
dicted based on the assumed partitioning between natural or-
ganic carbon and biota lipids [30]. Given the lack of toxicity
observed in soils having high PAH concentrations and the low
BSAFs observed in field-collected earthworms, tests were con-
ducted to evaluate the PAH bioaccumulation by E. fetida under
laboratory conditions using several of the soils.

Comparison of PAH uptake by E. fetida and A. caliginosa

To evaluate the utility of laboratory bioassays using E.
fetida to predict PAH bioavailability to earthworms in the field,
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Table 1. Soil properties, polycyclic aromatic hydrocarbon (PAH) concentrations and worm survival after 14-d bioassays

Soil

Total PAH
concn.a

(�g/g soil)

Total
carbon

(%)
Molar C:H

ratiob

Total PAH concn.,
organic C normalized

(�g/g C)

SFE rapidly
released
fractionc

Worm
survival

(%)

OG10 42,100 86.6 5.0 48,600 0.37 100
OG18 17,300 25.5 2.5 67,900 0.80 0
OG17 17,200 47.3 5.7 36,400 0.32 100
CG11 15,600 29.3 2.3 53,200 0.07 100
OG2 6,760 59.4 6.3 11,400 0.22 100
CG3 4,100 7.5 0.9 54,700 0.87 0
CG12 3,790 7.9 1.1 48,000 0.18 100d

OG5 1,870 6.9 2.4 27,100 0.43 100
OG13 1,700 6.5 1.4 26,200 0.27 100
CG1 1,520 4.6 1.0 33,000 0.81 0
CG15 1,020 24.1 3.5 4,200 0.25 100d

CG17 577 12.5 1.8 4,620 0.32 100d

CG18 554 4.6 1.0 12,000 0.56 100
CG10 521 3.7 1.6 14,100 0.25 25
CG2 307 2.6 0.6 11,800 0.59 100
OG14 168 2.9 1.2 5,790 0.49 100

a Sum of 16 compounds (naphthalene, acenaphthene, fluorene, phenanthrene, anthracene, fluoranthene, pyrene, benz[a]anthracene, chrysene,
benzo[b�k]fluoranthene, benzo[e]pyrene, benzo[a]pyrene, perylene, indeno[1,2,3-cd]pyrene, dibenz[a,h]anthracene, and benzo[ghi]perylene).

b Molar carbon to hydrogen ratio.
c Rapidly released fraction of total PAHs determined by mild supercritical CO2 extraction (SFE).
d Aporrectodea caliginosa and Lumbricus rubellus observed in soil at the time of sample collection.

Fig. 1. Biota–soil accumulation factors measured in field-collected
Aporrectodea caliginosa. Naph � naphthalene; Acen � acenaph-
thene; Fluor � fluorene; Phen � phenanthrene; Anthr � anthracene;
Fluora � fluoranthene; Pyr � pyrene; BaA � benzo[a]anthracene;
Chry � chrysene; Bb�kF � benzo[b�k]fluoranthene; BeP � ben-
zo[e]pyrene; BaP � benzo[a]pyrene; Peryl � perylene; I1,2,3-cdP �
indeno[1,2,3-cd]pyrene; DahA � dibenz[a,h]anthracene; BghiP �
benzo[ghi]perylene; � � predicted using equilibrium-partitioning
model with model estimates of organic carbon–lipid partitioning co-
efficients based on natural organic carbon [40].

PAH residues in E. fetida following a 14-d laboratory test
were compared to PAH residues in field-collected A. caligi-
nosa. Initial uptake tests using E. fetida confirmed previous
reports that PAH uptake was near equilibrium following a
14-d exposure to soil [8,21] (Figs. S1 and S2 [http://dx.doi.
org/10.1897/06-608.S2]). Eisenia fetida exposed to soils in
the laboratory bioassays accumulated, on average, 0.06%
(range, 	0.01–0.17%) of the Soxhlet-extractable PAH mass
present in 20 g of soil, which represented 0.6% (range, 0.017–
5.6%) of the rapidly released mass of PAHs determined by
SFE. Although somewhat lower, the lipid-normalized total
PAH concentrations measured in E. fetida after exposure for
14 d in the laboratory (CG12, 1,390 � 364 mg/kg; CG15, 335

� 109 mg/kg; CG17, 419 � 176 mg/kg) were not significantly
different ( p 	 0.05) than the lipid-normalized total PAH con-
centrations measured in A. caliginosa collected in the field
(CG12, 2,556 � 848 mg/kg lipid; CG15, 901 � 439 mg/kg
lipid; CG17, 1,042 � 408 mg/kg lipid) (Fig. 2). The concen-
tration of total PAHs in laboratory-exposed earthworms were
37 to 54% of the concentration measured in field-collected
earthworms despite differences in earthworm species, ecolog-
ical niche and feeding behavior, and inherent spatial variability
in the concentration of PAHs in the field.

Bioavailability of spiked and field-contaminated PAHs

The bioavailability of freshly spiked d-PAHs and field-con-
taminated PAHs were evaluated in soils OG2, CG12, CG15,
and CG17. Deuterated PAHs were not added to the more highly
contaminated nontoxic samples, because the addition of the
d-PAHs at such high concentrations resulted in toxicity. A
comparison of the uptake of PAHs by earthworms exposed to
unamended control soils and amended soils demonstrated that
the addition of the d-PAHs had no significant effect on the
bioavailability of the field-contaminated PAHs. The field-con-
taminated and spiked d-PAHs were not detected (	50 ng/plug)
in PUF plugs, demonstrating that significant concentrations of
d-PAHs did not volatilize from the soil.

The BSAFs for added d-PAHs were significantly higher
than those observed for field-contaminated PAHs (Table 2).
Although all the added d-PAHs had higher BSAFs than field-
contaminated PAHs, the uptake of the d-PAHs compared to
the field-contaminated PAHs increased dramatically as the mo-
lecular weight increased. The uptake of the lowest-molecular-
weight PAH added to soil, naphthalene-d8, was 1.8- to 5.7-
fold greater than that of the corresponding field-contaminated
naphthalene (Table S2 [http://dx.doi.org/10.1897/06-608.
S1]). In contrast, the BSAF for added benzo[a]pyrene-d12 was
12- to 50-fold greater than the corresponding field-contami-
nated benzo[a]pyrene.
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Fig. 2. Earthworm polycyclic aromatic hydrocarbon (PAH) concen-
trations in field-collected Aporrectodea caliginosa and laboratory-
tested Eisenia fetida. Error bars show one standard deviation for
analysis of three separate extracts of field-collected A. caliginosa
(approximately 2 worms/extract) or four separate extracts of E. fetida
(approximately five worms/extract) following laboratory 14-d bio-
assays. See Figure 1 for definitions of the PAH abbreviations.

Predicting PAH uptake using mild SFE

The equilibrium-partitioning model with no adjustment for
the SFE rapidly released fraction overpredicted the concen-
tration of total PAHs in the tissue of field-collected earthworms
by 2.7- to 11-fold (Fig. 3). However, adjustment of the equi-
librium-partitioning model for the SFE rapidly released frac-
tion (Eqn. 1) provided a much better prediction of PAH con-
centrations in earthworm lipids. The predicted concentration
of total PAHs using the rapidly released fraction of PAHs was
0.8- to 2.1-fold the concentration of PAHs observed in field-
collected A. caliginosa.

Predicting toxicity using mild SFE

Although no relationship between earthworm toxicity and
the concentration of total PAHs using exhaustive extraction
(Soxhlet) is evident, as shown in Table 1, the concentration
of the rapidly released total PAHs determined by mild SFE
expressed per gram of organic carbon in soil was related to
acute toxicity (Fig. 4). Except for soil sample CG10, earth-

worm toxicity was only observed in soils having more than
16,200 mg rapidly released total PAHs/kg organic carbon.

DISCUSSION

The low BSAFs for PAHs in field-collected earthworms
and the low uptake of PAHs by earthworms in laboratory tests
provide strong evidence for greatly reduced toxicity and bio-
availability of PAHs in soils from MGP sites compared to the
toxicity and bioavailability of PAHs observed in laboratory
tests using uncontaminated soils spiked with PAHs. Soils at
MGP sites commonly include the industrial residuals from the
gas manufacturing process. In addition to coal ash and cinders,
soils at MGP sites often have significant quantities of fine
particles of coal, coke, lampblack, soot, pitch, and tar [31].
The soils used in the present study possessed a wide range in
their content of anthropogenic carbon as evidenced by the
range in total carbon content and molar carbon to hydrogen
ratio. The molar carbon to hydrogen ratio of natural organic
matter ranges from 0.6 to 0.8 [24]. In contrast, seven soils
collected from MGP sites in the present study had molar carbon
to hydrogen ratios greater than 2.0, with some soils having a
molar carbon to hydrogen ratios exceeding 5.0. These data
demonstrate that anthropogenic carbon is the predominant
form of organic carbon in some MGP site soils. The low bio-
availability and toxicity of PAHs in some of the MGP site
soils is likely the result of the stronger sorption of PAHs to
anthropogenic carbon and the extensive weathering that has
occurred during the past 50 to 100 years [12,26]. The low
levels of PAH bioaccumulation in field-collected earthworms
and the low uptake of PAHs in laboratory bioassays indicate
that the weathering of the hydrocarbons has apparently re-
moved the more readily available molecules, resulting in an
enrichment of tightly bound PAHs that are not readily available
to soil invertebrates.

Reduced toxicity

Previous studies investigating the toxicity of PAHs to soil
invertebrates have identified soil PAH concentrations that are
expected to result in acute toxicities that are significantly lower
than the PAH concentrations observed in our soils that had no
effect on E. fetida survival. For example, soil pyrene concen-
trations exceeding 218 mg/kg are expected to result in 50%
mortality [32]. Quite unexpectedly, however, mortality was not
observed in MGP soils having up to 7,980 mg/kg of pyrene
and more than 42,000 mg/kg of total PAHs. Seven of 10 soils
tested having pyrene concentrations exceeding 218 mg/kg
were observed to have 100% survival. Previous tests measur-
ing water desorption and mild SFE extraction showed that
these MGP site soils have a wide range in the PAH fraction
that is rapidly released by mild SFE extraction and that this
rapidly released fraction is highly correlated with aqueous de-
sorption [24,26]. Earthworm toxicity has been previously
shown to be predicted by the aqueous concentration of hy-
drophobic chemicals [7]. The toxicity of soil CG10 appears
to be unrelated to total concentration or the rapidly released
concentration of PAHs as a number of soils tested with higher
PAH concentrations were not toxic.

Field BSAFs

The BSAFs for earthworms collected in the field provide
additional evidence for the reduced bioavailability of PAHs.
The BSAFs are similar to the values previously observed in
earthworms (E. andrei and L. terrestris) exposed to field-
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Table 2. Biota-soil accumulations factors (BSAFs) for freshly spiked and field-aged polycyclic aromatic hydrocarbons (PAHs)

Soil PAH

Biota–soil accumulation factora

Field d-PAH
Ratio added to

field BSAF

OG2 Naphthalene 0.013 � 0.012 0.068 � 0.025 3.0
Fluorene 0.023 � 0.014 0.142 � 0.042 2.8b

Anthracene 0.020 � 0.004 0.39 � 0.12 15b

Pyrene 0.091 � 0.005 1.75 � 0.54 16b

Benz[a]anthracene 0.102 � 0.009 2.48 � 0.61 21b

Benzo[a]pyrene 0.090 � 0.005 1.44 � 0.36 14b

CG15 Naphthalene 0.014 � 0.008 0.049 � 0.033 2.5b

Fluorene 0.015 � 0.011 0.076 � 0.030 4.2b

Anthracene 0.023 � 0.009 0.54 � 0.12 22b

Pyrene 0.091 � 0.032 2.07 � 0.22 22b

Benz[a]anthracene 0.140 � 0.047 3.07 � 0.26 21b

Benzo[a]pyrene 0.130 � 0.052 1.64 � 0.34 12b

CG12 Naphthalene 0.004 � 0.000 0.025 � 0.003 5.7b

Fluorene 0.013 � 0.002 0.273 � 0.093 26b

Anthracene 0.023 � 0.002 1.21 � 0.20 66b

Pyrene 0.051 � 0.017 1.93 � 0.22 49b

Benz[a]anthracene 0.054 � 0.012 1.16 � 1.33 41
Benzo[a]pyrene 0.037 � 0.007 1.44 � 0.06 49b

CG17 Naphthalene 0.019 � 0.008 0.050 � 0.025 1.8b

Fluorene 0.016 � 0.005 0.138 � 0.040 7.6b

Anthracene 0.060 � 0.011 0.766 � 0.151 12b

Pyrene 0.129 � 0.046 3.44 � 0.56 25b

Benz[a]anthracene 0.227 � 0.093 5.14 � 0.82 21b

Benzo[a]pyrene 0.196 � 0.083 3.02 � 0.57 14b

a Values are presented as the mean � standard deviation. d-PAH � perdeuterated PAHs.
b Uptake of added d-PAH was significantly greater than that of field-aged PAH ( p � 0.95).

contaminated soils in laboratory tests [8,33] and the BSAFs
in field-collected earthworms (L. rubellus) from other indus-
trial sites [34]. The field-collected earthworms in the present
study, however, were observed in soils having PAH concen-
trations two to three orders of magnitude higher than those
previously reported. In the most highly contaminated field soil
(CG12) from which earthworms were collected, the molar con-
centration of total PAHs in earthworm tissue was 11-fold lower
then expected based on the assumed partitioning between nat-
ural organic carbon and biota. The molar concentration of total
PAHs in earthworms collected from soils CG15 and CG17,
however, was only 2.7- and 2.9-fold lower than expected based
on the assumed partitioning between natural organic carbon
and biota.

PAH uptake in laboratory bioassays

Laboratory bioassays are necessary for the measurement of
PAH bioavailability in soils that do not have native earth-
worms. The concentration of PAHs in E. fetida following
14-d uptake tests provides a good estimate of the PAH con-
centration measured in field-collected A. caliginosa, validating
the use of laboratory bioassays for estimating the bioavail-
ability of PAHs in the field. The uptake of PAHs by E. fetida
was 25 to 42% of the concentration of PAHs in field-collected
A. caliginosa. The uptake of nonpolar organic compounds by
the two earthworm species A. caliginosa and E. andrei have
been shown to be similar in laboratory bioassays as well as
the uptake by A. caliginosa in laboratory assays with residues
measured in field-collected earthworms (mainly L. castaneus)
[11,35]. A good correlation also has been previously reported
in the uptake of PAHs by E. andrei and L. rubellus in labo-
ratory bioassays using field-contaminated soils [11].

Laboratory bioassays in the present study demonstrated that
the PAHs in field-contaminated soils were 5- to 50-fold less
available than the same PAHs freshly added to soils. Others

have observed a wide range in BSAFs for field-contaminated
PAHs that are significantly lower than the same compounds
added to artificial soil [36]. The bioavailability of PAHs to
aquatic amphipods in field-contaminated and amended sedi-
ments has been observed to be only 1.4- to 3.3-fold higher
than that of the field-contaminated compounds [22]. In the
present study, tests with d-PAHs added to field-contaminated
soils demonstrated a large difference in the bioavailability of
freshly added compared to field-contaminated compounds.
Other researchers have added PAHs to uncontaminated soil,
allowed them to age for varying periods of time, and then
observed up to 65% reduction in uptake by earthworms com-
pared to the freshly amended soils [28,37–39]. The results of
these laboratory amendment and aging experiments, however,
do not fully explain the lack of toxicity of highly contaminated
soils such as OG10, OG17, and CG11, which were observed
to have 42,000, 17,200, and 15,600 mg/kg of total PAHs,
respectively, or the large reduction in the bioavailability (up
to 50-fold) of field-contaminant, high-molecular-weight PAHs
compared to added d-PAHs. The data presented here confirm
previous reports that the PAHs in some soils at MGP sites are
in an advanced state of sequestration compared to freshly add-
ed d-PAHs [14]. In contrast to other studies in which PAHs
were added to soils, the soils used in the present study represent
a very wide range in total organic carbon (2.6–85%) and a
wide range in soot content (molar carbon to hydrogen ratio,
0.6–6.3). The soot-like matrix of the organic carbon present
in some of these soils and the removal of the more mobile
fraction because of 50 to 100 years of weathering may explain
the very low availability of PAHs observed in some MGP site
soils.

SFE rapidly released fractions

The observed low values for the rapidly released fraction
of total PAHs determined using mild SFE provides additional
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Fig. 3. Measured and predicted polycyclic aromatic hydrocarbon
(PAH) in field-collected Aporrectodea caliginosa. Error bars show
one standard deviation of triplicate extracts of field-collected A. cal-
iginosa (approximately two worms/extract). � � predicted using
equilibrium partitioning model (EqP); � � predicted using equilib-
rium-partitioning model adjusted for the rapidly released PAH fraction
determined by supercritical carbon dioxide extraction (SFE); � �
measured concentration of PAHs in A. caliginosa. See Figure 1 for
definitions of the PAH abbreviations.

Fig. 4. Survival of Eisenia fetida compared to the rapidly released
concentration of total polycyclic aromatic hydrocarbons (PAHs; sam-
ple CG10, 3,360 �g PAH/g organic carbon, 25% survival).

evidence for the greatly reduced availability of PAHs in some
soils from MGP sites. In addition, the concentration of rapidly
released PAHs appears to be predictive of earthworm toxicity
and may be useful for evaluating bioavailability and under-
standing the variability in PAH toxicity observed in different
soils. When Equation 1 is used to predict the internal PAH
concentration of E. fetida exposed to soils OG10 and CG1

(16,200 and 23,900 mg/kg OC, respectively), an internal molar
concentration of 40 and 86 �mol/g lipid, respectively, is pre-
dicted. This is in the same range as the genus mean acute
values developed for freshwater aquatic annelids using the
hydrocarbon narcosis model [40]. The genus mean acute values
for the freshwater oliogchaete Lumbriculus variegates is es-
timated to be more than 53 �mol/g lipid, and the genus mean
acute values for the saltwater polychaete Neanthes arenaceo-
dentata is estimated to be 76 �mol/g lipid. These values com-
pare favorably to the predicted internal PAH concentrations
for E. fetida at which survival was reduced when exposed to
MGP soils (Fig. 4).

CONCLUSION

Two surprising observations were made in the present
study. Acute toxicity was not observed in some soils from
MGP sites having up to 42,000 mg/kg of total PAHs, and
several soils were observed to have native populations of
worms despite total PAH concentrations up to 3,700 mg/kg
soil. Polycyclic aromatic hydrocarbon residues observed in
field-collected worms and PAH uptake in laboratory bioassays
clearly demonstrated the low bioavailability of PAHs in soils
in which the organic carbon was chiefly anthropogenic. The
bioavailability of PAHs in MGP site soils that contain many
sources of anthropogenic carbon and have had more than 50
years for weathering of the hydrocarbon mixture was 5- to 50-
fold lower than the bioavailability of freshly added PAHs. A
comparison of the rapidly released fraction of PAHs extracted
using mild SFE with worm survival indicated that SFE may
be a useful tool for predicting PAH uptake and toxicity to
terrestrial worms.

SUPPORTING INFORMATION

Table S1. Biota–sediment accumulation factors (BSAF) in
field-collected worms.

Table S2. Measured amended and native polycyclic aro-
matic hydrocarbon (PAH) concentrations in soil and worms
after 14-d exposure.

Both tables found at DOI: 10.1897/06-608.S1 (85 KB PDF)
Figure S1. Earthworm polycyclic aromatic hydrocarbon

(PAH) concentrations and biota–soil accumulation factors for
Eisenia fetida exposed for 7, 14, and 28 d to soil HP2. Error
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bars show one standard deviation of triplicate extracts of E.
fetida.

Figure S2. Earthworm polycyclic aromatic hydrocarbon
(PAH) concentrations and biota–soil accumulation factors for
Eisenia fetida exposed for 7, 14, and 28 d to soil HP12. Error
bars show one standard deviation of triplicate extracts of E.
fetida.

Both figures found at DOI: 10.1897/06-608.S2 (49 KB
PDF)
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Polycyclic Aromatic Hydrocarbons in
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The U.S. Environmental Protection Agency (EPA) narcosis
model for benthic organisms in polycyclic aromatic
hydrocarbon (PAH) contaminated sediments requires the
measurement of 18 parent PAHs and 16 groups of alkyl PAHs
(“34” PAHs) in pore water with desired detection limits
as low as nanograms per liter. Solid-phase microextraction
(SPME) with gas chromatographic/mass spectrometric (GC/
MS) analysis can achieve such detection limits in small
water samples, which greatly reduces the quantity of sediment
pore water that has to be collected, shipped, stored,
and prepared for analysis. Four sediments that ranged
from urban background levels (50 mg/kg total “34” PAHs)
to highly contaminated (10 000 mg/kg total PAHs) were
used to develop SPME methodology for the “34” PAH
determinations with only 1.5 mL of pore water per analysis.
Pore water was obtained by centrifuging the wet sediment,
and alum flocculation was used to remove colloids.
Quantitative calibration was simplified by adding 15 two-
to six-ring perdeuterated PAHs as internal standards to the
water calibration standards and the pore water samples.
Response factors for SPME followed by GC/MS were
measured for 22 alkyl PAHs compared to their parent PAHs
and used to calibrate for the 18 groups of alkyl PAHs.
Dissolved organic carbon (DOC) ranging from 4 to 27 mg/L
had no measurable effect on the freely dissolved
concentrations of two- and three-ring PAHs. In contrast,
5-80% of the total dissolved four- to six-ring PAHs were
associated with the DOC rather than being freely dissolved,
corresponding to DOC/water partitioning coefficients
(KDOC) with log KDOC values ranging from 4.1 (for fluoranthene)
to 5.6 (for benzo[ghi]perylene). However, DOC-associated
versus freely dissolved PAHs had no significant effect on the
total “34” PAH concentrations or the sum of the “toxic
units” (calculated by the EPA protocol), since virtually all (86-

99%) of the dissolved PAH concentrations and toxic units
were contributed by two- and three-ring PAHs.

Introduction
The U.S. Environmental Protection Agency (EPA) guidelines
for protecting benthic organisms in polycyclic aromatic
hydrocarbon (PAH) contaminated sediments are based on
the concentrations of “freely dissolved” PAH concentrations
in sediment interstitial water or “pore water” (1-5). The
narcosis risk model uses the concentrations of “34” individual
PAHs (18 two- to six-ring parent PAHs and 16 groups of
prominent C1 to C4 alkyl derivatives) (2). The concentration
of each PAH is then converted to a “toxic unit” on the basis
of its partitioning behavior from water to an organism, and
the risk to aquatic organisms is based on the sum of the
individual PAH toxic units. Since higher molecular weight
PAHs show stronger partitioning to biological lipids than
lower molecular weight PAHs (which are more soluble in
water), lower detection limits for higher molecular weight
PAHs are required than for the lower molecular weight PAHs.
The EPA provides a procedure for predicting PAH pore water
concentrations based on an equilibrium partitioning model,
but these predictions need to be validated and improved for
the “34” PAHs by their measurement in field pore water
samples (1, 2).

The determination of polycyclic aromatic hydrocarbons
(PAHs) in sediment pore water is complicated by several
factors. Analytical sensitivities required to meet regulatory
goals are in the low nanograms per liter range, which are
difficult to achieve by conventional organic solvent extraction,
even when large (liter) samples of pore water are obtained
(1, 6, 7). Collecting, shipping, and storing such large samples
under field conditions greatly increases the cost and com-
plexity of site investigations. Filtering samples to obtain pore
water and to remove colloidal material is not desirable
because of potential losses of PAHs to the filtering material,
and the use of centrifugation suggested by the EPA becomes
increasingly difficult when liter samples of water must be
generated from sediments, particularly when sandy material
is collected (2, 6, 7). Routine use of in situ pore water samplers
is also complicated by the problems of placement and
recovery, long sampling times required, and lack of sufficient
sensitivity for higher molecular weight PAHs (1, 2, 6, 7). In
addition, losses of hydrophobic compounds having log KOW

(octanol/water partitioning coefficient) values >4 can occur,
which may make the use of such devices unsuitable for most
PAHs since only the lowest molecular weight PAHs (naph-
thalene, alkyl naphthalenes, and acenaphthylene) have log
KOW values less than 4 (3, 4, 6-8).

Analytical methods for pore water PAH determinations
must also be able to accommodate a very wide range in
concentrations, both because the concentrations of interest
for individual PAHs in pore water range from nanograms to
milligrams per liter and because the saturation water
solubilities of individual PAHs regulated by the EPA range
from 0.2 µg/L for indeno[1,2,3-cd]pyrene to 31 000 µg/L (for
naphthalene) (9). Thus, in a single water sample it may be
necessary to determine milligram per liter concentrations of
low molecular weight PAHs, and nanogram per liter con-
centrations of higher molecular weight PAHs.

Solid-phase microextraction (SPME) has been used for
the determination of PAH concentrations in water samples
(5, 8, 10, 11), and has several attractive characteristics for
determining pore water PAH concentrations. Since SPME is
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an equilibrium (rather than an exhaustive) extraction method,
the water sample size has little effect on the detection limit,
regardless of the size of the PAH. For example, the mass of
the five-ring PAH benzo[a]pyrene extracted by a 7 µm SPME
fiber from a 1000 mL water sample is only about 1.5 times
more than the mass extracted from a 1 mL sample, while
there is essentially no change in the mass of naphthalene
extracted from a 1 mL or 1000 mL water sample (8). However,
SPME makes up for its inability to quantitatively extract large
volumes of water by the fact that every molecule extracted
by the SPME fiber is quantitatively transferred into the gas
chromatograph, in contrast to solvent extracts where only a
small fraction of the extracted analytes are introduced into
the GC injection port. Since conventional quadrupole mass
spectrometers can detect PAHs in the low picogram range,
the potential detection limit of SPME for higher molecular
weight PAHs from a 1 mL water sample is in the picograms
per milliliter (nanograms per liter) range. In addition, the
detection limits for individual PAHs are inversely related to
their fiber/water partition coefficient, which is fortuitous since
lower detection limits are required for higher molecular
weight PAHs than for lower molecular weight PAHs (2).

The use of SPME for quantitative analyses is sometimes
criticized because it is an equilibrium technique and because
the actual time to come to equilibrium depends on the solute
identity, the water and fiber sorbent volumes, and the mixing
conditions (8, 10). However, the use of suitable perdueterated
PAHs (d-PAHs) as internal standards can compensate for
these perceived disadvantages (8).

The present study developed a robust method for
determining nanogram to milligram per liter pore water PAH
concentrations that is also capable of determining the
partitioning of PAHs between the freely dissolved and
dissolved organic carbon (DOC) phases. Practical limitations
on the method include the need for small sediment samples
(to facilitate shipping and storage); the use of “certified clean”
glassware for shipping, storage, and preparation steps; and
sample preparation steps that are rapid enough to reduce
sample storage time and to coincide with the analytical step.

Experimental Section
Sediment Samples. Sediment samples were collected with
a Ponar grab sampler at 22 locations in a freshwater harbor
near a former manufactured gas plant (MGP) site. Ap-
proximately 15 L each of sediment/water slurry was im-
mediately transferred to a 20-L bucket, sieved through a 2-mm
screen to remove debris, and briefly mixed before sub-
sampling into new glass jars. Samples (ca. 200 g) were then
cooled on ice in the dark and shipped to the laboratory by

overnight air delivery. (The bulk of each sample was stored
separately for subsequent biological testing.) Storage was at
4 °C in the dark. Four of the sediments representing the
range of PAH concentrations found at the site were selected
for developing and testing the SPME pore water method
(Table 1). The sediment samples typically had ca. 50 wt %
water as stored.

Pore Water Preparation. Pore water samples were
prepared fresh daily as suggested by the EPA (7) by transfer-
ring ca. 40 mL of the sediment/water slurry to a “certified
clean” 40 mL glass “VOA” vial and centrifuging for 30 min
at 1000g. (Higher speed caused the glass vials to break.) This
typically resulted in 10-15 mL of pore water that could be
gently collected with a pipet. Flocculation of the water
samples was performed twice with a 10 wt % solution of
alum (aluminum potassium sulfate) added to the water at
a 1:40 ratio. A few drops of 1 M NaOH was added and the
vial was mixed to cause the flocculation. The vial was
centrifuged again for 30 min and the supernatant water was
collected with a pipet.

The pore water sample was then split into four 1.5 mL
aliquots that were placed into new 2-mL silanized glass
autosampler vials (Agilent, Wilmington, DE) containing a
precleaned (sonicated overnight in acetone) 7-mm Teflon-
coated stir bar, and the d-PAH internal standards were
immediately added. The samples were then subjected to
SPME analysis within a few minutes of preparation to ca. 4
h after preparation (for the fourth replicate sample). Daily
blank and calibration water samples were prepared in the
same manner with 1.5 mL of HPLC-grade water (Fisher
Scientific, Pittsburgh, PA). Dissolved organic carbon (DOC)
was determined by EPA method 5310C.

SPME and GC/MS Procedure. SPME analysis of the pore
water samples was performed with commercially available
PDMS [poly(dimethylsiloxane)] coated fibers from Supelco
(Bellefonte, PA). SPME sorption was performed for 30 min.
After the sorption period, the fiber was immediately desorbed
into the GC/MS injection port in the splitless mode at 320
°C for 5 min. After an additional 10-min cleaning at 320 °C,
sorption of the next water sample began. This sequence
corresponded to the ca. 45 min GC/MS analysis time and
allowed a new sample to be analyzed every 50 min.

Comparisons of commercially available fibers with 100
µm and 7 µm film thickness coatings of poly(dimethyl-
siloxane) (PDMS) showed little advantage in sensitivity for
the higher molecular weight PAHs with the 100 µm (0.612
µL) fiber compared to the 7 µm (0.026 µL) fiber with the
30-min sorption time used. These results are consistent with
early studies showing the 100 µm PDMS fiber requires longer

TABLE 1. PAH and Carbon Contents of Sediment Samples A-D and Associated Pore Water

PAH concn, mg/kg dry wta

sediment A sediment B sediment C sediment D

2-ring 7.7 36.8 490 2903
3-ring 23.2 85.1 829 3761
4-ring 21.8 80.8 770 2299
5+6 ring 5.8 28.8 143 910
sum total “34” PAHsb 58 232 2232 9873
sum total “16” EPA PAHsc 13 92 779 4281
sediment TOC, dry wt % 8.5 2.9 3.3 4.6
sediment soot OC,d dry wt % 3.1 0.3 0.7 0.75
pore water DOC, mg/L

after centrif 6.7 12.1 28 70
after centrif and flocc 3.7 5.1 17 27

a Individual concentrations of the “34” PAHs and standard deviations of quadruplicate analyses are given in Table S2, Supporting Information.
b Total PAHs based on the sum of the18 parent and 16 groups of alkyl PAHs included in the total “34” PAH list (2). c Total PAHs based on the sum
of the 16 parent PAHs as normally reported from EPA method 610. d Sediment soot carbon determined by 375 °C oxidation as described in ref
18.
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equilibration times and has fiber water distribution coef-
ficients (KD) that are lower than those of the 7 µm fibers for
higher molecular weight PAHs (8, 10, 11). On the basis of
reported apparent SPME KD values determined with 5 h
sorption times (8), the mass of three-ring and larger PAHs
sorbed by the 100 µm fiber would only be ca. 1.5-2-fold
more than that sorbed by the 7 µm fiber. In addition, PAH
carryover and problems in obtaining low method blanks were
substantially worse for the 100 µm fiber versus the 7 µm
fiber. Thus, all subsequent studies were performed with the
7 µm fiber.

All analyses were performed with an Agilent model 5973
GC/MS equipped with a 60-m Agilent HP-5 MS column (0.25
µm film thickness, 250 µm i.d.) operated in the selected ion
mode for the molecular ions of the target PAHs and d-PAHs.
The oven temperature was held at 40 °C for 5 min during the
SPME desorption, then programmed at 50 °C/min to 110 °C,
followed by a temperature ramp of 12 °C/min to 320 °C (hold
for 10 min).

Detection Limits and Calibration. The EPA’s narcosis
model predicts toxicity if the sum of the “toxic units”
calculated for all “34” PAHs measured in a pore water sample
meets or exceeds a value of 1. Therefore, the desired detection
limits for individual PAH determinations were defined as
the concentration of an individual PAH that would yield 1/34

of a “toxic unit.” (2). Under this definition, the required
detection limit ranges from ca. 0.01 ng/mL for high molecular
weight PAHs to a few nanograms per milliliter for low
molecular weight PAHs (Table S1, Supporting Information).
This distribution also mimics the relative concentrations of
PAHs expected to be found in pore water, since lower
molecular weight PAHs are more soluble and have lower KOC

values (2, 9). Therefore, PAH calibration standards were
prepared so that the distribution of individual PAH con-
centrations reflected the target detection limit. Because of
the very wide range of concentrations needed, a separate
calibration stock solution was prepared for low (naphthalene
to pyrene) and for high (benz[a]anthracene and larger)
molecular weight PAHs. Dilutions of these stock solutions
were made in acetone for spiking into pure water for the
SPME calibration standards so that no more than 20 µL of
the diluted stock standards was needed for any of the
calibration levels and so that no single PAH in the most
concentrated water calibration standard exceeded its satura-
tion solubility in water.

The individual PAH concentrations in the lowest calibra-
tion standard were typically at, or somewhat below, the target
detection limit values (Table S1, Supporting Information),
and ranged from ca. 0.001 ng/mL for the highest molecular
weight PAHs to 2 ng/mL for naphthalene. Three-point
standard curves (for benz[a]anthracene and larger PAHs)
were generated from the concentrations of the lowest
standard to 40-fold higher concentrations. Four-point stan-
dard curves (for pyrene and smaller PAHs) were generated
starting with the lowest concentration standard and up to
800-fold higher. For phenanthrene and larger PAHs, the
highest calibration standard contained approximately half
the saturation solubility of the individual PAHs in water, while
the concentration of lower molecular weight PAHs was
substantially below their water saturation solubility.

Unless otherwise noted, all standard and sample peak
areas were normalized to the 15 d-PAH internal standards
ranging in size from naphthalene-d8 to benzo[ghi]perylene-
d12 (Table S1, Supporting Information), which were spiked
into the water sample in 20 µL of acetone. When no deuterated
analogue of a PAH was available, the d-PAH with the closest
molecular structure was used (e.g., benzo[a]pyrene-d12 was
used as the internal standard for benzo[e]pyrene, and the
parent d-PAH was used for the related alkyl PAHs, except for
1-methylnaphthalene-d10). Full calibration curves were de-

termined periodically throughout the year-long study and
were always found to be linear with essentially zero intercepts
for each of the PAHs when the calibration peak area per
nanogram of standard was normalized to the appropriate
d-PAH internal standard. Therefore, routine analyses can be
based on daily determinations of one of the middle con-
centration standards coupled with periodic verification of
the full calibration curves.

While most parent PAHs (and many of their perdeuterated
analogues) are available as pure standards, few alkyl PAHs
are available, so their response must be estimated rather
than measured in many cases. The calibration and quan-
titation of the more highly alkylated PAHs is increasingly
complicated by the fact that a single group can have multiple
alkylated isomers (even hundreds for C3- and C4-alkyl PAHs)
that are listed as a single PAH in the total “34” PAH list.
Finally, the MS response and the SPME sorption behavior of
alkyl isomers will vary from isomer to isomer, and few SPME
partitioning coefficients are available for alkyl PAHs.

In an effort to best determine and estimate the alkyl PAH
response factors, we determined the SPME response (versus
the appropriate parent d-PAH) of every alkyl PAH available
as a pure standard from commercial sources. This attempt
was complicated by the fact that stated purities of several of
the alkyl PAHs were not accurate. Therefore, all of the alkyl
PAHs we obtained from commercial sources were analyzed
by GC/FID to determine their purity and by GC/MS to
determine if their mass spectra were consistent with their
reported identity. The chemical purity of the 22 alkyl PAHs
tested ranged from ca. 70% to 98%, and these purities were
used to correct their response factors. (Note that 1-methyl-
and 2-methylnaphthalene were included in the parent PAH
calibration standard discussed above.)

The 22 alkyl PAHs were prepared as a standard and were
diluted in acetone to concentrations similar to those used
for the preparation of the parent PAH calibration standards
described above. This diluted alkyl PAH standard was then
added to a normal water standard (containing the parent
PAH calibration standard), and the combined water standard
was analyzed by the SPME GC/MS procedure. The response
factors for the alkyl PAHs were then normalized to those of
their parent PAH [i.e., peak area per concentration (nano-
grams per milliliter) of the alkyl PAH divided by the peak
area per concentration (nanograms per milliliter) of its parent
PAH], to obtain the relative response factors, which include
SPME partitioning and GC/MS response. The relative re-
sponse factors determined range from 0.12 for C4-phenan-
threnes/anthracenes (i.e., the alkyl derivative is less sensitively
detected by SPME-GC/MS than the parent phenanthrene)
to 1.4 for C2-naphthalenes (Table S1, Supporting Informa-
tion). Since the alkyl standard stock solutions showed
degradation of several individual species during the initial
1 month of calibration runs (compared to no changes in a
year for the parent PAH solutions), their response factors
were used in all future analyses to estimate the alkyl-PAH
concentrations.

Results and Discussion
Four sediments were selected out of 22 sediments to represent
the range of PAH concentrations found in the contaminated
and urban background sediments. As shown in Table 1 (and
Table S2, Supporting Information), the total “34” PAH
concentrations varied from 58 to 10 000 mg/kg in the four
samples.

Effect of Colloidal Material. Initial studies were performed
to determine whether sufficient colloidal material remained
in the pore water samples after centrifugation to cause losses
of d-PAHs added as internal standards. All of the lower
molecular weight d-PAHs (naphthalene-d8, 1-methylnaph-
thalene-d10, acenaphthene-d10, fluorene-d10, and phenan-
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threne-d10) showed the same concentration by SPME in pore
water samples A, B, C, and D as was found in the standard
water (within 90-110% based on a comparison of the raw
peak areas). However, the loss of the higher molecular weight
d-PAHs to colloidal material was substantial. Colloids sorbed
25-50% of the fluoranthene-d10 and pyrene-d10, ca. 75-90%
of the benz[a]anthracene-d12 and chrysene-d12, and more
than 90% of the 5- and 6-ring d-PAHs. Losses of the d-PAHs
were the highest for pore water D, which had the highest
DOC value (Table 1).

In contrast to the losses of added d-PAHs to colloidal
material, the presence of colloids resulted in falsely high
dissolved concentrations of higher molecular weight sample
PAHs (based on external standard calibration). For example,
the highly contaminated samples, pore waters C and D,
showed several of the higher molecular weight PAHs to be
present at concentrations higher than their saturation
solubility concentrations (Table 2 and Table S3, Supporting
Information). For these samples, particles could be seen
adhered to the SPME fiber after analysis of their pore water,
indicating that thermal desorption of the particles in the GC
injection port could contribute to erroneously high pore water
concentrations for the higher molecular weight PAHs. In
addition, a second thermal desorption of these contaminated
fibers (without exposure to a new sample) showed a similar
distribution of the same higher molecular weight PAHs, also
indicating that particles adhered to the SPME fiber were the
source of erroneously high PAH values. Depletion of dissolved
PAHs by the SPME fiber followed by desorption of colloid-

associated PAHs has also been reported to cause falsely high
values for higher molecular weight PAHs (12). In either case,
for the proposed method described in the present work,
removal of colloids is necessary to obtain accurate dissolved
concentrations of higher molecular weight PAHs.

Removal of Colloids with Alum Flocculation. Hong et al.
(13) determined that colloidal material could substantially
contribute to erroneously high PAH concentrations in
solvent-extracted pore water samples, and they investigated
the use of alum flocculation to remove residual colloids after
centrifugation. The flocculation method was validated by
comparing the PAH concentrations in the water after
flocculation to those obtained by using an air bridge and
several months to obtain equilibrium. More recently, Ghosh
further validated the use of flocculation by comparison to
the air bridge technique for samples from the same site (pore
water C) as were the subject of the present study [Upal Ghosh,
personal communication].

Flocculation is simple to perform for the small samples
used in our method, and its use has been validated to remove
colloidal PAHs without changing the concentration of
dissolved PAHs (13). Therefore, flocculation was evaluated
by comparing the concentrations of PAHs in the four test
samples before and after flocculation. Preliminary studies
showed that two sequential flocculation steps removed a
few percent more of the colloids from the water (based on
DOC analysis of the produced water). Also, two flocculation
steps yielded slightly lower remaining concentrations of the
high molecular weight PAHs than one step, indicating some

TABLE 2. Effect of Removing Colloids on Apparent Pore Water PAH Concentrations

sediment C pore water concn (ng/mL)

before flocc
(mean ( SD)

after flocc
(mean ( SD)

% PAH
on colloids

naphthalene 1589 ( 103 1561 ( 209 2
2-methylnaphthalene 499 ( 24 431 ( 84 14
1-methylnaphthalene 543 ( 55 438 ( 152 19
C2 naphthalenes 749 ( 82 425 ( 116 43
C3 naphthalenes 557 ( 54 210 ( 47 62
C4 naphthalenes 167 ( 14 34 ( 6 80
acenaphthylene 32 ( 13 16 ( 8 48
acenaphthene 351 ( 28 265 ( 94 24
fluorene 116 ( 9 80 ( 23 31
C1 fluorenes 78 ( 9 28 ( 7 64
C2 fluorenes 46 ( 2 10 ( 3 77
C3 fluorenes 31 ( 5 13 ( 5 57
phenanthrene 191 ( 3 122 ( 19 36
anthracene 57 ( 3 21 ( 4 63
C1 phenanthrenes/anthracenes 169 ( 12 41 ( 7 76
C2 phenanthrenes/anthracenes 110 ( 5 19 ( 3 83
C3 phenanthrenes/anthracenes 29.9 ( 2.2 2.2 ( 0.3 93
C4 phenanthrenes/anthracenes 14.4 ( 1.3 1.4 ( 0.8 90
fluoranthene 42.9 ( 2.8 9.5 ( 1.1 78
pyrene 45.1 ( 2.8 8.7 ( 1.0 81
C1 fluoranthenes/pyrenes 67.7 ( 3.5 3.5 ( 0.9 95
benz[a]anthracene 6.9 ( 0.3 0.5 ( 0.1 93
chrysenea 4.9 ( 0.2 0.5 ( 0.1 89
C1 chrysenes/benz[a]anthracenes 4.0 ( 0.3 0.3 ( 0.1 94
C2 chrysenes/benz[a]anthracenes 2.4 ( 0.4 ND
C3 chrysenes/benz[a]anthracenes ND ND
C4 chrysenes/benz[a]anthracenes ND ND
benzo[b+k]fluoranthene 2.0 ( 0.2 0.12 ( 0.06 94
benzo[e]pyrene 1.2 ( 0.1 0.07 ( 0.02 94
benzo[a]pyrene 2.8 ( 0.3 0.11 ( 0.05 96
perylenea 0.45 ( 0.05 0.02 ( 0.01 95
indeno[1,2,3-cd]pyrenea 0.22 ( 0.05 0.01 ( 0.00 95
dibenz[ah]anthracene 0.18 ( 0.04 0.02 ( 0.01 91
benzo[ghi]perylenea 0.31 ( 0.06 0.02 ( 0.01 93
sum total “34” PAHs 5507 3742 32

a Concentrations determined before removal of the colloids exceeded their water solubilities for chrysene (2 µg/L), perylene (0.40 µg/L), indeno[1,2,3-
cd]pyrene (0.19 µg/L), and benzo[ghi]perylene (0.26 µg/L) (9).
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remaining colloidal PAHs. A third flocculation did not change
either the DOC or the concentrations of any of the PAHs
(demonstrating that dissolved PAHs were not removed by
the flocculation procedure), so it was concluded that two
sequential flocculation steps were optimal for removing PAHs
associated with colloids without affecting the dissolved PAH
concentrations.

Generally speaking, the flocculation step removed ca. half
of the measured DOC from the water sample (Table 1). (Note
that, as discussed earlier, the samples were not filtered to
remove colloids to prevent PAH losses, so the measured DOC
before flocculation would include colloidal carbon.) The effect
of flocculation on the concentrations of PAHs remaining in
the pore water is shown in Table 2 and Table S3, Supporting
Information. For pore water A, the sample with the lowest
DOC after centrifugation, the flocculation had little or no
detectable effect on the dissolved PAH concentrations
(although the PAH concentrations were so low in this sample
that small changes would be difficult to measure). However,
the other three samples showed substantial changes in the
concentrations of higher molecular weight PAHs after
flocculation. For samples C and D, several of the higher
molecular weight PAHs exceeded their water solubility limits
before flocculation but were reduced to concentrations that
did not exceed saturation after flocculation (Table 2 and Table
S3, Supporting Information). As would be expected on the
basis of their published KOC values (2), the lower molecular
weight PAHs (which have the highest water solubility and
lowest KOC values), are found in the water phase, while only
a few percent are associated with the colloidal material (Figure
1). However, the fraction of PAHs associated with colloids
(rather than dissolved in water) increases dramatically with
molecular weight. Thus, ca. 1/4 to 1/3 of phenanthrene
molecules in samples B, C, and D are found associated with
colloids, and up to 96% of the higher molecular weight PAHs
are found associated with colloidal material. Alkylated PAHs
are also found to be more associated with the colloids than
their parent PAHs (Table 2 and Table S3, Supporting
Information), as would be expected since increasing alky-
lation increases their KOC values (2).

These results clearly demonstrate that, after centrifuga-
tion, an additional step to remove colloids such as flocculation
should be applied. Failure to remove the colloids before SPME
(or solvent extraction) can have a significant effect on
individual and total PAH concentrations.

Effect of Dissolved Organic Carbon on PAH Concentra-
tions. According to the EPA protocol (1), PAHs in pore water
samples are defined as existing in three separate phases,
that is, associated with sediment particles and colloids,
associated with the dissolved organic carbon (DOC), and
dissolved in the water aside from the DOC (freely dissolved).
After centrifugation and flocculation to remove the colloidal
material, the PAHs are found partitioned between the water
and the DOC. Poerschmann et al. (14, 15) have demonstrated
that d-PAHs added to a water sample become equilibrated
with the DOC fraction in 1-2 min, and therefore, determining
the concentration of an individual PAH based on its d-PAH
analogue as an internal standard will represent the total PAH
concentration in the water including the freely dissolved and
DOC-associated PAHs. This sum will be referred to as the
“total dissolved” concentration.

A comparison of the peak areas of the d-PAHs from the
water calibration standards and pore waters A, B, C, and D
shows that some loss of the higher molecular weight d-PAHs
does occur to the DOC, but it is not significant for the lower
molecular weight d-PAHs. On the basis of a comparison of
the d-PAH peak areas compared to those found for the
calibration standards by SPME analysis, partitioning of
pyrene-d10, fluoranthene-d10, and all lower molecular weight
d-PAH internal standards from the water to the DOC phases
was insignificant, that is, the d-PAH peak areas in the four
pore water samples ranged from 90% to 109% of those in the
water calibration standards (typically within 1 standard
deviation unit for quadruplicate analyses of each pore water
sample). However, significant partitioning of the higher
molecular weight d-PAHs from the freely dissolved phase to
the DOC phase did occur, in agreement with earlier reports
(14-17). For the four pore water samples, 25-40% of the
benz[a]anthracene-d12 and chrysene-d12 partitioned to the
DOC phase, while 40-60% of the five- and six-ring d-PAHs
partitioned to the DOC phase for pore waters A, B, and C.
However, pore water D (which has the highest DOC
concentration) showed from 60% to 85% partitioning of the
five- and six-ring d-PAHs to the DOC phase.

As previously discussed, quantitation of pore water PAHs
by use of the full range of d-PAH internal standards gives the
total dissolved concentrations in the combined freely dis-
solved and DOC phases (14, 15). Since partitioning of lower
molecular weight PAHs (naphthalene to fluoranthene and
pyrene) to the DOC phase had no measurable effect on their

FIGURE 1. Fraction of individual PAHs associated with colloidal material removed by flocculation compared to their log Koc values reported
in ref 2.
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freely dissolved concentrations, the total dissolved and freely
dissolved concentrations are effectively the same. Thus, the
use of the analogous low molecular weight d-PAH internal
standards gives the freely dissolved concentrations required
by the EPA protocol. For the higher molecular weight PAHs,
freely dissolved PAH concentrations can be calculated from
the same analytical data set by basing the calibrations and
sample concentration calculations on a lower molecular
weight internal standard. Therefore, phenanthrene-d10 (which
shows no measurable partitioning to the DOC phase) was
used as the internal standard for all of the higher molecular
weight PAHs to calculate their freely dissolved concentrations.

As shown in Table 3, the freely dissolved and total dissolved
concentrations (freely dissolved plus DOC-associated) of the
higher molecular weight PAHs are measurably different. Pore
waters A, B, and C show as much as 3-fold higher concen-
trations of the five- and six-ring PAHs in the total dissolved
versus freely dissolved fractions, and pore water D shows up
to a 7-fold increase. On the basis of these data and the DOC
concentrations (Table 1), the DOC/water partition coef-
ficients (KDOC) can be calculated for the higher molecular
weight PAHs. As shown by representative four-, five-, and
six-ring PAHs in Table 4, log KDOC values range from 4.1 to
5.6 and are in good agreement with those reported by earlier
investigators (14-17), thus validating the use of d-PAH
internal standards with SPME to determine both the freely
dissolved and total dissolved PAH concentrations from a
single analysis.

While it is true that there are measurable differences in
the freely dissolved and total dissolved (freely dissolved plus
DOC-associated) concentrations of the higher molecular
weight PAHs, the differences are insignificant when the sum
total “34” PAH concentrations are compared (Table 3), since
nearly all of the PAHs found in the pore water are two- or
three-ring PAHs, which show no measurable partitioning
into the DOC phase. For example, two- and three-ring PAHs
account for 96% of the sum total “34” freely dissolved PAHs
for the background sample A and 99% of the sum total “34”
dissolved PAHs for the other three pore water samples (Table
3).

Effect of Dissolved Organic Carbon on Pore Water Toxic
Units. According to the EPA protocol (1, 2), risk from sediment
PAHs to benthic organisms is based on the number of PAH
“toxic units” freely dissolved in the sediment pore water. All
PAHs are assumed to have the same toxicity (on a molar
basis) in this model, and they differ only in their tendency
to partition from pore water to the organism. In brief, the
toxic units are calculated for each PAH from its measured
freely dissolved concentration and its partitioning coefficient
from water to an organism that is estimated from the PAH’s
octanol/water coefficient, KOW, by the method of Di Toro et
al. (2-4). These factors can be converted to a concentration
value for each PAH. Because the partitioning coefficients
increase dramatically with PAH molecular weight, freely
dissolved concentrations of low molecular weight PAHs must
be higher to represent 1 toxic unit than the concentrations
required for high molecular weight PAHs. For example, the
freely dissolved concentrations that represent 1 toxic unit
range from 193 ng/mL for naphthalene to 10 ng/mL for
pyrene and to 0.27 ng/mL for indeno[1,2,3-cd]pyrene (Table
S1, Supporting Information). Thus, the toxic units contributed
by each of the “34” PAHs is simply calculated by dividing its
pore water concentration by the corresponding “concentra-
tion for one toxic unit” value from Table S1, Supporting
Information.

Since much lower concentrations of high molecular weight
PAHs contribute to the toxic units of a pore water than for
the lower molecular weight PAHs, the distinction between
total dissolved and freely dissolved PAH concentrations is
potentially more important for the calculation of the sum of TA
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toxic units than the sum total PAH concentration for a pore
water sample. However, as shown in Table 3, for these four
samples, there is no significant effect on the sum of toxic
units value regardless of whether the freely dissolved or total
dissolved concentration is used.

Even though (on an equal concentration basis) lower
molecular weight PAHs contribute much less to the toxic
units than higher molecular weight PAHs, the pore water
concentrations of two- and three-ring PAHs are so much
higher than the larger PAHs that any differences caused by
not accounting for DOC-associated PAHs is insignificant.
This is equally true whether the sample is highly contami-
nated or has only background PAH concentrations. For
example, determining the toxic units from the total dissolved
concentration (i.e., ignoring the correction for DOC-associ-
ated PAHs) changes the sum of the toxic units for pore water
C only from 295 to 299 (Table 3). Similarly, the sum of the
toxic units calculated for the background sample A changes
only from 1.15 (correctly calculated by use of the freely
dissolved concentrations) to 1.23 when the DOC correction
is ignored (Table 3).

Sediment/Pore Water Storage Stability. Ideally, a colloid-
free pore water sample could be prepared in the field and
shipped in a stable form to the lab for analysis. However,
previous studies have demonstrated substantial losses (as
much as 50-70%) of PAHs during transport and short-term
storage of water samples, even when the samples are stored
in the dark for as little as 48 h in silanized glass vials (6, 8).
In a detailed review of methods to determine sediment pore
water PAH concentrations, Adams et al. (6) concluded, “that
it is preferable to store pore water with its associated
sediment, either in the form of a sediment core or a grab in
a sealed container filled to the top with zero headspace, at
4 °C in the dark”, and these recommendations were followed
in our study. However, since changes in PAH concentrations
could still occur (e.g., from vaporization of the lower
molecular weight PAHs or from enhanced biodegradation
as the sediment slurries are exposed to air during collection
and homogenization), five samples collected during a
6-month sampling period were analyzed twice, that is, upon
receipt at the laboratory and after a week or two of additional
storage of the sediment/water slurry. In each case, fresh pore
water was generated from the sediment/water slurry by the
centrifugation and flocculation procedure on each day of
pore water analyses.

Fortunately, no significant differences in PAH concentra-
tions were found in the pore water samples before and after
the additional storage time, i.e., the pore water concentrations
of the individual PAHs in the fresh and stored samples were
virtually the same within the analytical reproducibility of the
SPME method as shown for sediment E in Table S4,
Supporting Information. Although these results cannot
guarantee that PAH concentrations are stable between
sampling and transport to the laboratory, they do indicate
that the pore water PAH concentrations remain stable for at
least weeks when the sediment/water slurry is stored in
accordance with the recommendations of Adams et al. (6).

Practical Considerations of the Method. As noted above,
centrifugation at 1000g for 30 min was not sufficient to remove
colloids and their associated PAHs. Although increasing the
centrifugation speed may yield better colloid removal, the
simple flocculation step allowed all storage and preparation
steps to be performed with readily available disposable
“certified clean” glassware that is commonly used in trace
environmental studies. In addition, after implementation of
the flocculation step, the robustness of the SPME fibers
increased dramatically. Without flocculation, the usefulness
of a fiber could be ruined by exposure to colloids in only one
highly contaminated pore water sample. However, with
flocculation only two fibers were used for the analysis of ca.
500 samples, standards, and blanks over a 1-year study
without significant loss of method sensitivity or precision.

The use of d-PAH internal standards also enhanced the
reproducibility of replicate analyses and greatly increased
the stability of the quantitative calibration curves. With
external standard calibration, changes in fiber capacity and
MS response caused the calibration factors (e.g., peak area
per nanogram of standard PAH in the calibration water) to
vary by a factor of ca. 20-30 over the 1-year study. However,
quantitative calibration curves based on the d-PAH internal
standards were very stable over the 1-year study, as evidenced
by the variation in the calibration PAH response factors (as
normalized to the appropriate d-PAH internal standards)
was only by 3-10% for the two-, three-, and four-ring PAHs
and only by ca. 5-20% for the five- and six-ring PAHs over
the 1-year study. With the proper precautions to maintain
low SPME method blanks (discussed below), the detection
limits also remained stable over the study. This stability in
calibration utilizing the d-PAH internal standards significantly
reduces the need for extensive daily calibration runs that are
required when external standard calibration is used with
SPME.

Since the GC/MS used in these analyses was capable of
detecting low picogram levels of injected PAHs, obtaining
good SPME blanks was critical to determining the overall
method detection limits. Even with a new fiber, some low-
and mid-molecular weight PAHs (primarily naphthalene,
phenanthrene, fluoranthene, and pyrene) were present as
background regardless of the amount of thermal cleaning
used (as much as 6 h at 320 °C). It should also be noted that
the SPME blanks should be prepared with pure water since
the mass of background PAHs was higher than SPME blank
analyses with no exposure to water. (The blank PAH
background species were apparently not contributed by the
water, since their amounts varied from fiber to fiber.) During
pore water analyses, method blanks were routinely performed
twice a day from pure water spiked with the same d-PAH
internal standards as were used for the pore water samples.
Any carryover of PAHs from the stir bars is also determined
by method blanks and also found not to be measurable after
the 14-h acetone sonication cleaning procedure. However,
as an added precaution, stir bars were routinely discarded
after exposure to the more highly contaminated samples.

TABLE 4. Experimental Dissolved Organic Carbon/Water Distribution Coefficients (log KDOC) Values

sediment A sediment B sediment C sediment D lit. ref

fluoranthene 4.61 4.14 4.74 14
pyrene 4.79 4.26 4.83 14
benz[a]anthracene 5.37 4.96 4.31 4.40
chrysene 5.23 5.01 4.31 4.27 5.04 16
benzo[b+k]fluoranthene 5.39 5.33 4.57 4.73
benzo[a]pyrene 5.64 5.31 4.59 4.88 5.10 17
perylene 5.51 5.20 4.53 4.87
benzo[ghi]perylene 5.62 5.58 4.88 5.31
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Daily method blanks are also critical because of the
potential for contamination of the fiber from ambient air.
This problem was first identified when the concentrations
of alkyl-substituted low molecular weight PAHs were sub-
stantially higher than expected in three different pore water
samples and in the method blanks performed on the same
days. Each of these days was associated with very hot days
with south winds. On such days, an 1800 kW diesel generator
is used to provide peak electrical power, and it is located ca.
100 m upwind of the laboratory. Since the distribution of
alkyl PAHs is consistent with diesel exhaust, the contamina-
tion of the fiber with the alkyl PAHs was apparently from the
generator exhaust. Table 5 shows the concentrations of the
major parent and alkyl PAHs determined in a pore water
sample from sediment F on a day when the generator was
running and 9 days later when it was not used. The high
concentrations of the alkyl PAHs found on the first day
emphasize the need for daily method blanks. Since this
observation was made, contamination from ambient air
organics has been avoided by storing the fiber with the sheath
needle inserted into an empty autosampler vial capped with
a septum.

As shown in Table 2, the range in PAH concentrations in
sediment pore waters can vary by more than 1000-fold. When
the SPME fiber is exposed to high concentration samples,
some carryover is possible even with the 5 min analytical
desorption and the 10-min cleaning routinely performed.
Therefore, it is also important to perform method blanks
after pore water samples that have very high PAH concen-
trations are analyzed. With these precautions, the detection
limits ranging from 0.002 to 0.5 ng/mL (Table S1, Supporting
Information), have been routinely achieved with 1.5 mL water
samples during 1 year of performing pore water analyses.

With proper care to remove colloids, to obtain low method
blanks, and to base quantitative determinations on d-PAH
internal standards, SPME provides a robust method to
determine pore water PAH concentrations. The method is
capable of determining nanogram per liter (part per trillion)
concentrations of individual PAHs and can accurately
measure individual PAH concentrations up to milligram per

liter concentrations. Only 1.5 mL of pore water is needed per
determination, which reduces the effort and cost in collecting,
processing, shipping, and storing the large numbers of
samples required for site surveys. A similar approach should
also be applicable to other hydrophobic organics such as
PCBs, and the recent introduction of commercial autosam-
plers makes the use of this method for routine analyses more
favorable.

Regardless of whether PAHs were determined in the
background pore water sample or in highly contaminated
samples, the fraction of the two- and three-ring PAHs found
in the DOC phase was insignificant (as compared to freely
dissolved PAHs), but as much as 60-80% of the six-ring PAHs
were found associated with the DOC. Therefore, differentiat-
ing freely dissolved versus total dissolved (freely dissolved
plus DOC-associated) PAHs is important only for the
individual four- to six-ring PAHs. However, since the lower
molecular weight PAHs are present in pore water at much
higher concentrations than the higher molecular weight
PAHs, there is no significant difference in the sum total of
the “34” PAH concentrations or the regulatory sum of the
“toxic units” regardless of whether total dissolved or freely
dissolved PAH concentrations are determined.

Acknowledgments
The financial support of the Gas Research Institute, Niagara
Mohawk Power Corporation, and the U.S. Department of
Energy under Cooperative Agreement DE-FC26-98FT40321
is gratefully acknowledged. However, any opinions, findings,
conclusions, or recommendations expressed herein are those
of the authors and do not necessarily reflect the views of the
sponsors.

Supporting Information Available
Tables showing parent and alkyl PAH detection limits, toxic
unit equivalents, and SPME-GC/MS relative response factors;
sediment concentrations; effect of removing colloids from
pore water on PAH concentrations, and pore water PAH
concentrations (sediment E) before and after 14 days of
storage. This information is available free of charge via the
Internet at http://pubs.acs.org.

Literature Cited
(1) U.S. Environmental Protection Agency. Methods for the deriva-

tion of site-specific equilibrium partitioning sediment guidelines
(ESGs) for the protection of benthic organisms: Nonionic organics;
EPA/822/R/02/042; Office of Science and Technology: Wash-
ington, DC, 2004.

(2) U.S. Environmental Protection Agency. Procedures for the
derivation of ESBs for the protection of benthic organisms: PAH
mixtures; EPA/600/R-02/013; Office of Research and Develop-
ment: Washington, DC, 2003.

(3) Di Toro, D. M.; McGrath, J. A.; Hansen, D. J. Technical basis for
narcotic chemicals and polycyclic aromatic hydrocarbon criteria.
1. Water and tissue. Environ. Toxicol. Chem. 2000, 19, 1951-
1970.

(4) Di Toro, D. M.; McGrath, J. A. Technical basis for narcotic
chemicals and polycyclic aromatic hydrocarbon criteria. II.
Mixtures and sediments. Environ. Toxicol. Chem. 2000, 19,
1971-1982.

(5) Kraaij, R.; Mayer, P.; Busser, F. J. M.; van Het Bolscher, M.;
Seinen, W.; Tolls, J.; Belfroid, A. C. Measured pore-water
concentrations make equilibrium partitioning worksa data
analysis. Environ. Sci. Technol. 2003, 37, 268-274.

(6) Adams, W. J.; Burgess, R. M.; Gold-Bouchot, G.; Leblanc, L.;
Liber, K.; Williamson, B. Porewater chemistry: Effects of
sampling, storage, handling, and toxicity testing. In Porewater
Toxicity Testing: Biological, Chemical, and Ecological Consid-
erations; Carr, R. S., Nipper, M., Eds.; Society for Environmental
and Toxicological Chemistry: 2003; pp 95-124; ISBN 1-880611-
65-1.

(7) U. S. Environmental Protection Agency. Methods for collection,
storage and manipulation of sediments for chemical and

TABLE 5. Effect of Ambient Air Contamination on Apparent PAH
Concentrations in Pore Water from Sediment F

mean ( SD,b ng/mL

high blanka normal blanka

naphthalene 27.4 ( 1.1 29.4 ( 0.6
2-methylnaphthalene 4.4 ( 0.2 4.5 ( 0.1
1-methylnaphthalene 6.0 ( 0.3 5.8 ( 0.1
C2 naphthalenes 17.7 ( 2.0 13.3 ( 1.6
C3 naphthalenes 64.4 ( 19.0 5.3 ( 0.3
C4 naphthalenes 84.4 ( 18.5 ND
acenaphthylene 0.52 ( 0.17 0.62 ( 0.06
acenaphthene 6.96 ( 0.15 6.86 ( 0.03
fluorene 2.37 ( 0.13 1.94 ( 0.03
C1 fluorenes 5.06 ( 1.35 1.06 ( 0.11
C2 fluorenes 7.96 ( 1.49 0.90 ( 0.19
C3 fluorenes 22.08 ( 3.54 ND
phenanthrene 3.83 ( 0.36 2.43 ( 0.02
anthracene 0.47 ( 0.03 0.34 ( 0.01
C1 phenanthrenes/anthracenes 4.95 ( 1.17 1.15 ( 0.02
C2 phenanthrenes/anthracenes 5.81 ( 0.74 0.64 ( 0.11
C3 phenanthrenes/anthracenes 1.92 ( 0.50 0.60 ( 0.10
C4 phenanthrenes/anthracenes 0.79 ( 0.21 ND
fluoranthene 0.39 ( 0.03 0.36 ( 0.01
pyrene 0.35 ( 0.02 0.31 ( 0.00
C1 fluoranthenes/pyrenes 0.26 ( 0.04 0.17 ( 0.01

a Pore water from sediment F was analyzed on a day with high
background ambient air levels of alkyl PAHs and on a day with normal
background ambient air levels. b Concentrations and standard devia-
tions are based on analyses of quadruplicate pore water samples.

2802 9 ENVIRONMENTAL SCIENCE & TECHNOLOGY / VOL. 39, NO. 8, 2005



toxicological analyses: Technical manual; EPA-823-B-01-002;
Office of Science & Technology: Washington, DC, 2001.

(8) Langenfeld, J. J.; Hawthorne, S. B.; Miller, D. J. Quantitative
analysis of fuel-related hydrocarbons in surface water and
wastewater samples by solid-phase microextraction. Anal. Chem.
1996, 68, 144-155.

(9) Mackay, D.; Shiu, W. Y. Aqueous solubility of polynuclear
aromatic hydrocarbons. J. Chem. Eng. Data 1977, 22 (4), 399-
402.

(10) Paschke, A.; Popp, J. Solid-phase microextraction fibre-water
distribution constants of more hydrophobic organic compounds
and their correlations with octanol-water partition coefficients.
J. Chromatogr. A 2003, 999, 35-42.
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Abstract—The toxicity of polycyclic aromatic hydrocarbons (PAHs) to Hyalella azteca, was measured in 34 sediment samples
collected from four manufactured-gas plant (MGP) sites ranging in total PAH16 (sum of 16 U.S. Environmental Protection Agency
priority pollutant PAHs) concentrations from 4 to 5,700 mg/kg, total organic carbon content from 0.6 to 11%, and soot carbon
from 0.2 to 5.1%. The survival and growth of H. azteca in 28-d bioassays were unrelated to total PAH concentration, with 100%
survival in one sediment having 1,730 mg/kg total PAH16, whereas no survival was observed in sediment samples with concentrations
as low as 54 mg/kg total PAH16. Twenty-five of the 34 sediment samples exceeded the probable effects concentration screening
value of 22.8 mg/kg total PAH13 (sum of 13 PAHs) and equilibrium partitioning sediment benchmarks for PAH mixtures (on the
basis of the measurement of 18 parent PAHs and 16 groups of alkylated PAHs, [PAH34]); yet, 19 (76%) of the 25 samples predicted
to be toxic were not toxic to H. azteca. However, the toxicity of PAHs to H. azteca was accurately predicted when either the
rapidly released concentrations as determined by mild supercritical fluid extraction (SFE) or the pore-water concentrations were
used to establish the bioavailability of PAHs. These results demonstrate that the PAHs present in many sediments collected from
MGP sites have low bioavailability and that both the measurement of the rapidly released PAH concentrations with mild SFE and
the dissolved pore-water concentrations of PAHs are useful tools for estimating chronic toxicity to H. azteca.

Keywords—Polycyclic aromatic hydrocarbon Manufactured-gas plant Hyalella azteca Pore water Supercritical
fluid extraction

INTRODUCTION

Remediation and management of contaminated sediments
is often technically difficult and can be very expensive when
large volumes of contaminated material require treatment. The
National Research Council has recently reviewed the impli-
cations and science regarding the bioavailability of contami-
nants in sediments and has determined that there is a need to
improve risk-based assessments by including more explicit
consideration of bioavailability processes [1]. Inadequate sci-
entific understanding has hampered the widespread consider-
ation of bioavailability processes in remedial decision making
to date. In their report, the National Research Council rec-
ommends specific steps that can be taken to improve the un-
derstanding of bioavailability processes at individual sites for
use in regulatory decision making.

The technical approach for assessing risk to aquatic life
from complex mixtures of polycyclic aromatic hydrocarbons
(PAHs) is not well defined and is being debated at a national
level. To address this debate, the U.S. Environmental Protec-
tion Agency (U.S. EPA) has developed equilibrium partition-
ing sediment benchmarks (ESBs) for PAH mixtures that are
designed to protect benthic aquatic invertebrate organisms [2].
These benchmarks incorporate equilibrium partitioning theory

* To whom correspondence may be addressed
(jkreitinger@retec.com).

Any opinions, findings, conclusions, or recommendations ex-
pressed herein are those of the authors and do not necessarily reflect
the views of the sponsors.

(EqP) and the hydrocarbon narcosis model of toxicity [3,4].
The U.S. EPA’s approach for deriving ESBs is based on the
observation that the toxicity of organic contaminants in sed-
iment is more closely related to the measurement of 34 PAHs
(18 parent PAHs and 16 groups of alkylated PAHs designated
as PAH34) in sediment (expressed either on a sediment organic
carbon basis or as that measured as freely dissolved in pore
water) than to the concentration in bulk sediment. However,
to support the use of U.S. EPA’s ESB approach and to dem-
onstrate why they are more appropriate than conservative em-
pirical methods, a database is needed that incorporates mea-
sures of PAH bioavailability.

Characterization of the biological and chemical availability
of PAHs in sediments has indicated that in certain environ-
ments the aqueous concentrations and toxicity of PAHs are
much lower than previously assumed. Numerous reports have
been published showing that some sediments have high con-
centrations of PAHs but lack observable toxicity to aquatic
organisms [5–10]. For example, no correlation could be shown
between the concentration of total PAHs in sediments and
toxicity to the marine amphipod Rhepoxynius abronius at an
aluminum smelter in British Columbia, Canada, despite PAH
concentrations up to 10,000 mg total PAH/kg sediment [9].
Similar results on PAH bioavailability have recently been pub-
lished comparing the predicted and observed uptake of PAHs
by the freshwater aquatic invertebrate Lumbriculus variegatus
in contaminated sediments collected near Superior, Wisconsin
(USA) [10]. In this study, standard default assumptions for
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estimating PAH exposure to this aquatic invertebrate resulted
in an overestimate of chemical uptake by 50- to well over
1,000-fold. However, predictions of PAH uptake were greatly
improved when the pore-water concentration of chemicals was
used to estimate contaminant bioavailability.

The observed lack of toxicity at high sediment PAH con-
centrations is believed to be associated with reduced exposure
resulting from the stronger sorption of PAHs to sediment or-
ganic carbon than is normally assumed. It is believed that the
PAHs sorbed to anthropogenic sources of ‘‘black’’ or ‘‘soot’’
carbon (e.g., charcoal, soot, coal or coke fines, coal tar pitch)
are more strongly sorbed and less bioavailable than PAHs
associated with natural sources of ‘‘soft’’ organic carbon (e.g.,
natural organic matter) [11–20]. A number of methods have
been proposed for evaluating the bioavailability of pollutants
in soils and sediments, including the analysis of pore water
[21,22] and mild supercritical carbon dioxide extraction (SFE)
[23]. The rapidly released concentrations of PAHs by SFE have
been correlated previously with aqueous desorption, field bio-
degradation, uptake of PAHs by earthworms, and the potential
for dermal and gut uptake by humans [23–26].

The objective of this study was to evaluate the feasibility
of estimating PAH bioavailability in aquatic sediments as a
means to improve predictions of toxicity to benthic aquatic
organisms. Two different methods for determining bioavail-
able PAHs were evaluated for their ability to improve predic-
tions of PAH toxicity to Hyalella azteca exposed to 34 sed-
iment samples collected from four MGP sites. These methods
included the analyses of dissolved PAHs in interstitial sedi-
ment pore water and analyses of the rapidly released concen-
tration of PAHs in sediment by mild SFE. Hyalella azteca
was selected as the test organism because it is sensitive to
narcotic contaminants such as petroleum hydrocarbons and
PAHs, ecologically important, typically in direct contact with
sediment, and tolerant of a wide range of physical/chemical
sediment properties [2,27]. The pore water and SFE rapidly
released concentrations of PAHs were used as input data for
the equilibrium partitioning and hydrocarbon narcosis models
to develop predictions of sediment toxicity. These predictions
were then compared with chronic toxicity to H. azteca in 28-
d bioassays.

MATERIALS AND METHODS

Sediment samples

Thirty-four sediment samples were collected from four for-
mer MGP sites; two sites were located adjacent to the Hudson
River (Hudson and Troy, NY, USA), a third site was located
adjacent to Lake Champlain and Saranac River (Plattsburgh,
NY, USA), and a fourth site was located adjacent to a small
creek in central New York (Oneonta, NY, USA). Gas manu-
facturing from coal occurred at these sites from approximately
50 to 140 years ago, and all sites had ceased MGP operations
approximately 50 to 70 years ago. Sediment samples were
collected with a Ponar grab sampler or with a shovel. Ap-
proximately 15 L of sediment was transferred to a 20-L bucket,
sieved through a 2-mm screen to remove debris, and briefly
mixed. After homogenization, sediment samples were placed
into new 64-oz (�175-ml) glass jars with Teflon� lined lids
and stored in the dark at 4�C for less than 28 d before testing.
Each sediment sample was initially screened for its concen-
tration of total PAH34 and total organic carbon (TOC) content
to select a set of 34 sediment samples having a broad range
in PAH concentration and carbon content.

A laboratory control sediment sample, JAM, was collected
from a rural area (Jamesville Reservoir) near Syracuse, New
York (USA) with a measured 2.8 weight % (wt %) TOC and
6.4 mg/kg total PAH34 (PAH13 � 2.1 mg/kg). Several (2–4)
potential field reference sediments were collected near each
MGP site from locations having low concentrations of PAHs
and considered not affected by MGP contamination. Samples
selected as the field reference sediment for each site had the
lowest PAH concentration with physical and chemical char-
acteristics (i.e., field characterization of grain size and TOC
content) similar to the test samples. Two field reference sam-
ples were collected from the Troy MGP site to evaluate the
effect of different TOC content on amphipod survival and
growth. Samples TR22 and TR11 were selected for their low
and intermediate TOC contents (0.6 and 2.1 wt %, respec-
tively).

Sediment characterization

Total organic carbon and soot carbon were determined on
air-dried sediment samples according to the method proposed
by Gschwend and others [15,17] with a Teledyne model CE440
elemental analyzer (Leeman Labs, Hudson, NH, USA). Total
solids and grain size were determined according to U.S. EPA
Method 160.3 and American Society for Testing and Materials
Method D422-63/D421-85, respectively [28,29].

Determination of total and rapidly released PAHs in
sediment

Sediment samples were extracted for analysis of PAHs with
a combination of SFE followed by Soxhlet extraction, as pre-
viously described [24]. Sediments were briefly centrifuged to
remove interstitial pore water, and then 2-g samples were
mixed with 4 g of sodium sulfate before SFE. After the ex-
traction of rapidly released PAHs by SFE (200 bar, 50�C for
40 min), each residue was quantitatively transferred to a Soxhl-
et thimble and then extracted overnight in a Soxhlet apparatus
with 1:1 (v/v) methylene chloride/acetone. Polycyclic aromatic
hydrocarbon concentrations in all extracts were determined by
gas chromatography/mass spectrometry (GC/MS) with an Agi-
lent Model 5973 instrument (Agilent Technologies, Santa Cla-
ra, CA, USA) operated in the selected ion mode by monitoring
the molecular ion of each PAH. Separation of the PAHs was
performed with a 60-m HP-5 (0.25 mm i.d., 0.25-�m film
thickness) column supplied by Agilent. Quantitation was
achieved with the aid of perdeuterated PAHs (d-PAHs), which
were added to each extract as internal standards [23].

Determination of PAHs in pore water

Methods used to collect and analyze pore water have been
described previously [30]. In brief, pore-water samples were
obtained by centrifuging the wet sediment, and alum floccu-
lation was used to remove colloids. The pore-water samples
were prepared fresh daily from sediment samples within 28 d
of sample collection. Polycyclic aromatic hydrocarbon con-
centrations in pore-water samples were determined after solid-
phase microextraction (SPME) and GC/MS analysis according
to the procedures described above for the molecular ions of
the target PAHs and d-PAHs, which were added to the pore-
water samples as internal standards.

Analysis of 34 parent and alkylated PAHs

Analysis of PAHs in sediment and pore water included the
analysis of 18 parent and 16 groups of alkylated compounds
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(PAH34) [2]. All standard and sample peak areas were nor-
malized to the d-PAH internal standards, ranging in size from
naphthalene-d8 to benzo[ghi]perylene-d12. When no deuterated
analog of a PAH was available, the d-PAH with the closest
molecular structure was used (e.g., benzo[a]pyrene-d12 was
used as the internal standard for benzo[e]pyrene). The parent
d-PAH was used for the related alkyl PAHs (except for 1-meth-
ylnaphthalene-d10). Quantitations were based on the peak areas
of the molecular ions (compared with those of the relevant
d-PAH internal standards) and the relative response factors as
previously reported [30,31]. Peak identities were routinely ver-
ified by analyzing representative extracts in the full scan GC/
MS mode.

Pore-water dissolved organic carbon

The dissolved organic carbon (DOC) content for each pore-
water sample was determined after alum flocculation by U.S.
EPA Method 415.1 [32].

Toxicity testing

Chronic toxicity to the freshwater amphipod H. azteca was
conducted in accordance with the procedures outlined in U.S.
EPA Test Method 100.4 for a 28-d sediment exposure period
to assess the bioavailability of PAHs in sediments [27]. Am-
phipods were obtained as 4-d-old juveniles (Environmental
Consulting and Testing, Superior, WI, USA) and acclimated
to a temperature of approximately 23�C for 3 d before the start
of a toxicity test. Amphipods were fed a mixture of yeast–
cerophyl–trout chow (Purina Mills, St. Louis, MO, USA) and
cultures of green algae (Selenastrum capricornutum) during
acclimatization. During testing, replicate beakers received dai-
ly 1.2-ml yeast–cerophyl–trout chow only, with a solids con-
centration of 1.6 g/L [27]. Approximately 100 ml of overlying
water was poured off and renewed once daily for the duration
of the 28-d sediment exposure period. Chemistry of aged over-
lying water was measured either daily (dissolved oxygen) or
intermittently (total ammonia, conductivity, pH, alkalinity, and
hardness). The test design entailed the exposure of four rep-
licates of 10 amphipods to control, field reference, and test
samples. Following the 28-d sediment exposure period, the
surviving amphipods were harvested, counted, and weighed.
Comparisons of survival and dry weights among treatments
were performed with the use of TOXSTAT Version 3.5 sta-
tistical software (Western EcoSystems Technology, Cheyenne,
WY, USA). Comparisons of survival among treatments were
conducted with arc sine (square root)–transformed values sub-
jected to either the parametric Dunnett’s test or nonparametric
Steel’s many-one rank test procedures. The dry weight among
treatments was analyzed by the Tukey method of multiple
comparisons. All statistical comparisons were made at the 95%
confidence level (p � 0.05).

Sediment spiking experiment

The toxicity of PAHs associated with sediment TR15 (a
highly contaminated, but nontoxic, sediment) were evaluated
by extracting them and then spiking this extract onto the field
reference sediment HD22. Approximately 650 grams (wet wt)
of sediment TR15 was centrifuged to decant as much water
as possible, then air dried overnight. Polycyclic aromatic hy-
drocarbons were extracted by adding 350 ml of pesticide res-
idue–grade acetone and sonicating for approximately 20 h. The
acetone was decanted from the sediment, followed by a fresh
addition of approximately 225 ml of acetone (enough to fully

cover the sediment) and an additional 20 h of sonication. This
procedure was repeated four times to yield a total extract vol-
ume of approximately 1 L. The 1-L extract bottle was then
placed in a 25�C water bath, and the acetone was evaporated
under a gentle stream of pure nitrogen to approximately 25
ml. At this point, the bottle was rotated while the remaining
acetone was evaporated to deposit the PAHs in a shell around
the bottle’s interior. All procedures were performed in brown
glass bottles in a darkened laboratory hood to avoid photo-
chemical decomposition of the PAHs.

After evaporation of the acetone was completed, 650 g (wet
wt) of the uncontaminated field reference sediment HD22 was
added to the spiking bottle, and the wet sediment/PAH slurry
was rotated for 20 h at approximately six rotations per minute.
A replicate sample of HD22 was prepared in an identical man-
ner by evaporating 1 L of acetone and mixing the residue with
fresh HD22 sediment. Quadruplicate 2-g subsamples were re-
moved from the sediment amended with PAHs and analyzed
by GC/MS in a manner identical to that used for the sediment
samples as described above.

Predicting toxicity with EqP and hydrocarbon narcosis
models

Predictions of sediment toxicity were made by determining
narcotic potential of the PAHs present in each sample [2,4].
The aqueous PAH-specific final chronic values or the sediment
critical PAH concentration expressed on an organic carbon
basis were used to calculate the number of toxic units asso-
ciated with each individual parent PAH or group of alkylated
PAHs in pore water or sediments, respectively [2]. A toxic
unit (TU) is a hazard quotient that is defined as the measured
concentration of PAHs in sediment or pore water compared
with the concentration of PAH expected to result in toxic ef-
fects. For a mixture of PAHs, the TUs for the individual parent
PAH and groups of alkylated PAHs are summed. The com-
bined models predict that PAHs in sediment or pore water will
be toxic when the sum of TUs for 18 parent PAHs and 16
groups of alkylated PAHs exceeds one. The total PAH con-
centration determined by Soxhlet extraction, the bioavailable
PAH concentration determined by mild SFE extraction, and
the dissolved PAH concentration in pore water were used to
estimate the narcotic potential of the PAHs in each sediment.

RESULTS

To investigate the bioavailability of PAHs in sediments at
MGP sites, 34 sediment samples were selected from four sites
representing a broad range of properties. The sediments ranged
in physical composition from highly organic muck to nearly
pure sand with TOC content ranging from 0.6 to 11 wt %,
soot carbon content ranging from 0.2 to 5.1 wt %, and the
concentration of DOC in pore water ranging from 2.5 to 40
mg/L (Table 1). Table 2 shows a comparison of the total PAH
concentrations from the measurement of the 34 parent PAHs
and groups of alkyl PAHs (PAH34) specified for determining
equilibrium partitioning sediment benchmarks by the U.S. EPA
[2] and the total PAH concentrations that have traditionally
been reported on the basis of the sum of the 16 parent PAHs
(PAH16) measured by U.S. EPA Method 8310. As shown in
Table 2, the sum of 16 priority pollutant PAHs ranged by three
orders of magnitude in concentration from 4 to 5,700 mg/kg,
whereas the concentration of the sum of 34 PAHs, representing
both the predominant parent and alkylated PAHs, ranged from
10 to 11,400 mg/kg. A third definition of total PAH from the
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Table 1. Range in sediment physical and chemical characteristics. DOC � dissolved organic carbon

Site (NY, USA)
No. of

samples (n)
Sand

min–max (wt %)
Total organic carbon

min–max (wt %)
Soot carbon min–max

(wt %)
Pore-water DOC
min–max (mg/L)

Hudson 13 3–70 0.4–10 0.3–5.1 3.7–27
Oneonta 4 40–64 3.1–11 0.4–5.0 4.1–15
Plattsburgh 7 20–93 0.7–6.5 0.3–0.7 3.1–24
Troy 10 47–94 0.6–4.8 0.2–4.1 3.9–40

Table 2. Range of total sediment polycyclic aromatic hydrocarbon (PAH) concentrations, supercritical fluid extraction (SFE) rapidly released
PAH fractions, and pore-water dissolved PAH concentrations

Site (NY, USA)
No. of

samples (n)

Sediment

Total PAH concentration (mg/kg)

PAH16 min–maxa PAH34 min–maxb
SFE rapidly released

fraction min–max (%)c
Pore-water PAH34 concn.

min–max (�g/L)b

Hudson 13 8–5,700 23–11,400 1.0–79 0.7–5,330
Oneonta 4 45–429 107–1,040 2.4–22 2.5–46
Plattsburgh 7 6–1,380 16–3,430 2.9–94 0.06–10,700
Troy 10 4–1,730 10–2,990 0.7–17 1.0–694
All locations 34 4–5,700 10–11,400 0.7–94 0.06–10,700

a Sum of 16 U.S. Environmental Protection Agency priority pollutant PAHs noted below with an asterisk.
b Sum of 34 PAHs includes 18 parent PAHs and 16 groups of alkylated PAHs: naphthalene*, C1 naphthalenes, C2 naphthalenes, C3 naphthalenes,

C4 naphthalenes, acenaphthylene*, acenaphthene*, fluorene*, C1 fluorenes, C2 fluorenes, C3 fluorenes, phenanthrene*, anthracene*, C1 phen-
anthrenes/anthracenes, C2 phenanthrenes/anthracenes, C3 phenanthrenes/anthracenes, C4 phenanthrenes/anthracenes, fluoranthene*, pyrene*,
C1 fluoranthenes/pyrenes, benz[a]anthracene*, chrysene*, C1 chrysenes, C2 chrysenes, C3 chrysenes, C4 chrysenes, benzo[b�k]fluoranthene*,
benzo[e]pyrene, benzo[a]pyrene*, perylene, indeno[1,2,3-cd]pyrene*, dibenz[a,h]anthracene*, benzo[ghi]perylene*.

c SFE rapidly released fraction is PAH34 concn. determined by SFE (Table 4)/PAH34 concn. determined by Soxhlet extraction (Table 3).

sum of 13 parent PAH (PAH13) concentrations has also been
used for predicting the toxicity of PAH mixtures in sediment
samples. For example, the probable effects concentration
(PEC) is the PAH13 concentration above which toxic effects
are considered likely [33], and the threshold effects concen-
tration is the PAH13 concentration expressed on a sediment
organic carbon basis below which toxicity is considered un-
likely [34]. However, total PAH concentrations from PAH13

and PAH16 are very similar, as shown in Appendix A.
The sediments had a wide range in the fraction of SFE

rapidly released PAH34 (0.7–94%) and a very wide range in
the PAH34 concentration measured in pore water by SPME
(0.06–10,700 �g/L). In addition to a wide range in PAH con-
centrations, the samples ranged significantly in the apparent
degree of weathering, as estimated by the relative concentra-
tion of low–molecular weight PAHs (2-ring) compared with
the total concentration of PAHs (Table 3).

The field reference sediments HD22, ON5, PL1, TR11, and
TR22 were determined to have total PAH34 concentrations of
23, 107, 16, 11, and 10 mg/kg dry weight, respectively (Table
3). The concentration of total PAHs expressed as the sum of
13 parent compounds, PAH13, was determined to be 6.1, 40.2,
5.0, 3.6, and 4.8 mg/kg dry weight, respectively, and when
normalized for the organic carbon content, the PAH13 concen-
tration measured in sediment samples was 215, 878, 103, 174,
and 872 mg PAH13/kg organic carbon, respectively (Appendix
A). All of the field reference samples, with the exception of
ON5 and TR22, were below the proposed threshold effects
concentration of 290 mg PAH13/kg organic carbon, below
which toxic effects are considered to be unlikely [34].

SFE rapidly released PAHs

The fraction of PAHs that were rapidly released by SFE
ranged dramatically among sediment samples (Table 2). For

example, 0.7% (20 mg/kg) of the total Soxhlet-extracted PAH34

(2,990 mg/kg) in sample TR15 was rapidly released by mild
SFE (Tables 3 and 4). In contrast, 95% of the total Soxhlet-
extracted PAHs (3,430 mg/kg) in sample PL8 was rapidly
released by SFE. Of the 34 sediment samples evaluated, 28
of the samples (82%) were observed to have low concentra-
tions of rapidly released PAHs (�10% of the total PAH34 mass
was extracted by SFE). It is also interesting to note the wide
range in the total PAH34 concentrations among the sediment
samples that had 1% or less of their PAH molecules charac-
terized as rapidly released. Only 1.0, 0.9, and 0.7% of the
PAH34 were rapidly released in samples HD19, TR1, and TR15
respectively; yet, the total PAH34 concentration in these sam-
ples ranged from 58 to 2,990 mg/kg. The rapidly released
fraction of PAH34 was generally low for sediment samples
collected from the Oneonta and Troy sites, ranging from 2.4
to 22% and 0.7 to 17%, respectively (Table 4). In contrast, a
wide range in the rapidly released fraction was observed for
sediment samples collected at the Hudson and Plattsburgh
sites. For these sites, the rapidly released fraction was observed
to range from 1 to 79% and 2.9 to 94%, respectively.

SPME pore-water concentrations

The concentrations of PAHs measured in pore water were
not related to the total extractable PAH concentrations in sed-
iment, as in the SFE rapidly released concentrations discussed
above. For example, the concentrations of total PAH34 mea-
sured in pore water were 694 and 3,390 �g/L for sediment
samples TR15 and PL11, respectively (Table 5). However, the
concentrations of total Soxhlet-extractable PAH34 for sediment
samples TR15 and PL11 were 2,990 and 139 mg/kg, respec-
tively (Table 3). As expected, on the basis of their higher water
solubility, 2-ring PAHs are the primary PAHs detected in sed-
iment pore water (Table 5).
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Table 3. Concentration of polycyclic aromatic hydrocarbons (PAHs) in sediment, PAH distribution by ring number, and number of toxic units

Site (NY, USA) Sample name

Sediment PAH concentration (mg/kg)

PAH34
a 2-ring 3-ring 4-ring 5-ring 6-ring Toxic unitsb

Hudson HD3 977 318 388 219 32 21 50 � 4
HD4 33 4 14 11 2 1 2.5 � 0.8
HD5 2,230 569 750 770 84 59 100 � 10
HD6 1,030 74 320 527 61 47 47 � 17
HD8 11,400 3,830 3,960 2,650 602 353 510 � 80
HD9 84 15 34 25 7 4 3.8 � 0.5
HD10 232 45 77 81 14 15 12 � 2
HD12 27 2 11 9 2 2 1.0 � 0.0
HD13 273 10 68 135 31 29 3.5 � 0.8
HD14 260 11 58 126 27 38 4.4 � 0.6
HD15 177 7 39 85 22 22 3.4 � 0.6
HD19 58 8 22 22 4 2 0.9 � 0.2
HD22 23 2 8 8 2 2 1.1 � 0.0

Oneonta ON3 117 4 23 59 20 11 5.0 � 0.7
ON5 107 13 37 41 12 4 3.5 � 0.3
ON6 1,040 58 383 472 93 35 13 � 1
ON7 944 37 294 442 120 50 24 � 1

Plattsburgh PL1 16 2 4 6 3 1 0.5 � 0.0
PL2 203 15 63 91 24 10 6.5 � 0.5
PL4 267 24 90 112 29 12 15 � 3
PL8 3,430 1,650 1,010 628 101 41 140 � 20
PL11 139 44 53 32 8 2 37 � 6
PL13 493 98 201 156 27 11 62 � 8
PL14 122 6 39 55 17 5 22 � 15

Troy TR1 326 19 96 148 42 21 31 � 7
TR3 962 44 266 444 155 52 34 � 9
TR7 319 14 83 153 43 26 8.8 � 2.3
TR9 41 4 9 19 6 3 3.7 � 1.6
TR11 11 1 4 3 2 1 0.7 � 0.1
TR12 1,840 100 524 811 303 104 64 � 16
TR13 911 44 226 442 153 47 40 � 4
TR15 2,990 219 1,040 1,140 410 181 120 � 20
TR17 108 9 26 50 16 7 3.4 � 0.5
TR22 10 1 2 4 2 1 2.4 � 1.4

a PAH34 is the sum of 18 parent PAHs and 16 groups of alkylated PAHs (see Table 2).
b Toxic units estimated from Soxhlet-extracted sediment PAH concentrations according to equilibrium partitioning and hydrocarbon narcosis

models.

Toxicity of MGP sediments to amphipods

Survival and growth of amphipods exposed to test sedi-
ments were compared with laboratory control (HD22 and
JAM) and field reference (HD22, ON5, PL1, and TR11) sed-
iments. Sample HD22 was used as either a laboratory control
sample or as a combined field reference/laboratory control
sample, depending on the toxicity test performed. The percent
survival of amphipods in the laboratory control samples was
98% or greater for both HD22 and JAM (Tables 6 and 7). The
growth of amphipods exposed to HD22 and JAM was not
significantly different (p � 0.05) when both laboratory control
sediments were tested simultaneously.

The survival and growth of amphipods exposed to field
reference sediments were not significantly different from the
survival and growth of amphipods exposed to the JAM or
HD22 laboratory control samples, with an exception for the
field reference sediment PL1 (Table 6). All of the amphipods
exposed to PL1 survived (100%); however, growth was 71%
(0.25 mg dry wt/organism) of the growth observed in amphi-
pods exposed to the laboratory control JAM (0.35 mg dry wt/
organism). Neither survival nor growth of amphipods exposed
to the low TOC field reference sediment TR22 was signifi-
cantly different from the lab control sediment JAM. Even
though the mean survival of amphipods exposed to TR22 was
83 � 12% and 78 � 21% in two separate tests, the large

variances are likely a result of the coarse grain size and low
TOC content of TR22. These characteristics have previously
been observed to reduce amphipod survival in uncontaminated
sediments (F. Doherty, unpublished data). Because of the large
variance, test samples from the Troy site were not compared
with TR22 but were instead compared with the field reference
sample TR11.

The chronic toxicity measured with H. azteca in 28-d bio-
assays was not correlated to the total concentration of PAH34

despite the wide range in the concentration of PAH34 (10–
11,400 mg/kg) (Fig. 1). No amphipods survived in three sed-
iment samples collected from the Hudson MGP site and in
three sediment samples collected from the Plattsburgh MGP
site (Table 6). The dry weights of amphipods collected from
nonlethal sediments after 28 d of exposure were not signifi-
cantly lower than those obtained from amphipods exposed to
field reference samples.

Quite unexpectedly, no mortality or reduction in growth
was observed in several sediments with very high concentra-
tions of PAHs, whereas other samples with much lower con-
centrations of PAHs were highly toxic. For example, PL11
(with a total PAH34 concentration of 139 mg/kg) had no sur-
viving amphipods at the end of the 28-d test, whereas 100%
of the amphipods exposed to sediment TR15 (having a total
PAH34 concentration of 2,990 mg/kg) survived and showed no
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Table 4. Supercritical fluid extraction (SFE) rapidly released sediment polycyclic aromatic hydrocarbon (PAH) concentrations and PAH distribution
by ring number

Site (NY, USA) Sample name

Rapidly released PAH concentration (mg/kg)

PAH34
a 2-Ring 3-Ring 4-Ring 5-Ring 6-Ring Toxic unitsb

Hudson HD3 297 135 116 42 3 1 16 � 3
HD4 1.9 0.7 0.7 0.4 0.1 �0.1 0.2 � 0.1
HD5 977 408 369 185 11 4 52 � 6
HD6 24.3 5.5 11.2 6.6 0.9 0.1 1.4 � 1.1
HD8 9,040 3,490 3,440 1,840 200 80 430 � 90
HD9 3.8 1.5 1.4 0.8 0.1 �0.1 0.2 � 0.0
HD10 25.7 10.4 9.2 5.3 0.7 0.2 1.5 � 0.5
HD12 0.7 0.1 0.4 0.2 �0.1 �0.1 �0.1
HD13 35.4 2.0 14.6 16.7 1.5 0.6 0.5 � 0.1
HD14 58.5 2.7 20.1 30.5 3.2 2.0 1.0 � 0.2
HD15 27.4 1.8 10.1 13.3 1.5 0.7 0.5 � 0.3
HD19 0.6 0.2 0.1 0.2 �0.1 �0.1 �0.1
HD22 0.7 0.2 0.3 0.3 �0.1 �0.1 �0.1

Oneonta ON3 24.5 1.6 7.2 12.8 2.3 0.7 1.1 � 0.2
ON5 23.7 2.6 10.5 9.2 1.3 0.2 0.7 � 0.2
ON6 37.5 3.2 19.2 13.4 1.5 0.2 �0.1
ON7 22.6 1.3 9.1 10.6 1.4 0.2 0.6 � 0.2

Plattsburgh PL1 0.5 0.1 0.2 0.1 0.1 �0.1 �0.1
PL2 10.0 0.9 4.0 4.3 0.6 0.1 0.3 � 0.1
PL4 69.6 7.6 30.0 27.4 3.7 0.8 4.1 � 1.6
PL8 3,240 1,550 970 600 90 30 130 � 21
PL11 102 36 40 21 4 1 29 � 6
PL13 223 59 104 54 5 1 30 � 11
PL14 7.1 0.6 3.1 2.9 0.4 0.1 1.4 � 0.4

Troy TR1 2.9 0.5 1.2 1.0 0.2 �0.1 0.3 � 0.1
TR3 15.1 1.3 7.0 5.9 0.7 0.1 0.6 � 0.0
TR7 32.9 1.8 13.0 15.7 2.0 0.4 0.9 � 0.3
TR9 5.4 0.7 1.9 2.4 0.3 0.1 0.5 � 0.2
TR11 0.4 0.1 0.2 0.1 �0.1 �0.1 �0.1
TR12 129 8 59 56 5 1 4.9 � 1.5
TR13 77.3 4.6 33.2 35.6 3.5 0.4 3.7 � 1.5
TR15 20.0 4.4 11.6 6.9 0.8 0.1 1.1 � 0.2
TR17 1.5 0.1 0.5 0.7 0.1 �0.1 0.1 � 0.0
TR22 1.6 0.1 0.6 0.7 0.2 �0.1 0.4 � 0.2

a PAH34 is the sum of 18 parent PAHs and 16 groups of alkylated PAHs (see Table 2).
b Toxic units estimated from SFE rapidly released sediment PAH concentrations according to equilibrium partitioning and hydrocarbon narcosis

models.

significant reduction in growth. To better understand the sur-
prising lack of toxicity observed in sample TR15, PAHs in
this sample were extracted and then added to the field reference
sediment HD22. The field reference sediment spiked with
PAHs extracted from sample TR15 was highly toxic and re-
sulted in 100% mortality of H. azteca (Table 7). The survival
and growth of amphipods exposed to the control treatment
(consisting of the field reference sediment spiked with only
the carrier solvent) was not different than for amphipods ex-
posed to the field reference sediment.

The ability to predict which sediment samples were non-
toxic was not substantially improved by calculation of TUs
with the measurement of Soxhlet-extractable PAHs (Fig. 2).
The concentration of Soxhlet-extractable PAHs in sediment
TR15 was determined to be equivalent to 118 TU, and as
identified above, no toxicity was observed in this sample.
Twenty-three of the 29 sediment samples that were measured
to have PAH concentrations exceeding one toxic unit were
observed to be nontoxic to H. azteca.

Although a relationship between the total concentration of
PAHs in sediment and toxicity (Figs. 1 and 2) was not apparent,
estimates of PAH bioavailability with the use of either the
rapidly released PAH concentrations measured by SFE (Fig.
3) or the concentrations of PAHs measured in pore water (Fig.
4) were clearly able to differentiate between toxic and nontoxic

sediment samples. The highest PAH concentration determined
by SFE that did not result in toxicity to H. azteca was 5.0 TU
(sediment TR12). However, this same sediment sample was
determined to have 65 TU when total Soxhlet-extractable
PAHs were used to predict toxicity. Interestingly, sediment
TR15, which was nontoxic to H. azteca, was estimated to have
a PAH concentration of 118 TU on the basis of Soxhlet ex-
traction, whereas the number of TUs calculated on the basis
of the SFE rapidly released PAH concentrations was 1.1 TU.
The maximum pore-water PAH concentration determined by
SPME that did not result in toxicity to H. azteca was 25 toxic
units (sediment TR15).

DISCUSSION

Sediment screening guidelines have been developed for
PAHs that are used widely by regulatory agencies for esti-
mating the toxicity of PAH-affected freshwater sediments
[33,34]. The PEC and median effects concentration (MEC),
22.8 mg total PAH13/kg sediment and 1,800 mg total PAH13/
kg organic carbon, respectively, are widely believed to rep-
resent the maximum concentration of PAHs that can be present
in sediment, above which harmful effects are likely to be ob-
served. In our study, 19 out of 25 sediment samples (76%)
that exceeded the PEC and 12 out of 18 sediment samples
(67%) that exceeded the MEC were not toxic to H. azteca in
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Table 5. Pore-water polycyclic aromatic hydrocarbon (PAH) concentrations and PAH distribution by ring number

Site (NY, USA) Sample name

Pore-water PAH concentration (�g/L)

PAH34
a 2-Ring 3-Ring 4-Ring 5-Ring 6-Ring Toxic unitsb

Hudson HD3 5,330 4,860 449 24.1 0.24 0.022 310 � 60
HD4 71.8 64.2 6.61 0.89 0.12 0.011 2.3 � 0.2
HD5 3,850 3,450 372 25.2 0.35 0.038 110 � 10
HD6 299 237 55.4 5.97 0.15 0.010 18 � 2
HD8 3,710 3,210 439 52.4 3.47 0.427 130 � 10
HD9 42.4 39.4 2.38 0.62 �0.01c 0.006 1.4 � 0.2
HD10 280 254 23.2 2.39 0.09 0.014 9.5 � 0.9
HD12 5.0 2.0 2.57 0.40 0.04 0.004 0.4 � 0.0
HD13 2.7 1.66 0.51 0.54 �0.01 0.010 0.2 � 0.0
HD14 9.5 5.7 1.80 1.74 0.17 0.024 3.1 � 0.7
HD15 15.7 3.3 8.84 2.70 0.74 0.126 4.3 � 0.3
HD19 0.7 0.2 0.23 0.25 0.03 0.007 0.1 � 0.0
HD22 2.3 1.8 0.28 0.22 0.04 0.006 0.3 � 0.1

Oneonta ON3 2.5 0.8 1.15 0.49 0.04 0.005 0.3 � 0.1
ON5 28.2 16.6 9.61 1.92 0.05 �0.004 3.4 � 0.3
ON6 46.2 20.4 20.3 5.41 0.09 0.010 5.7 � 0.3
ON7 28.6 11.0 12.0 5.37 0.14 0.015 3.2 � 0.1

Plattsburgh PL1 �0.5 �0.5 �0.1 0.06 �0.01 �0.004 �0.1
PL2 16.9 8.4 5.80 2.57 0.12 0.013 2.9 � 0.2
PL4 83.1 56.1 21.8 5.08 0.13 0.016 7.8 � 0.6
PL8 10,700 10,300 374 30.9 1.08 0.156 140 � 10
PL11 3,390 2,970 387 38.7 0.45 0.055 120 � 10
PL13 1,130 830 255 39.2 1.42 0.262 81 � 8
PL14 8.3 5.2 2.49 0.59 �0.01 �0.004 0.7 � 0.0

Troy TR1 104 79.0 21.9 2.58 0.02 �0.004 3.0 � 0.1
TR3 46.0 23.5 19.8 2.71 0.02 �0.004 2.6 � 0.1
TR7 6.9 2.8 2.9 1.21 0.03 �0.004 0.7 � 0.1
TR9 6.5 4.4 1.8 0.30 0.01 �0.004 0.3 � 0.0
TR11 2.7 2.1 0.5 0.10 �0.01 �0.004 0.1 � 0.0
TR12 49.9 29.7 17.6 2.53 0.04 �0.004 2.4 � 0.1
TR13 49.7 23.7 19.6 6.33 0.11 0.010 4.0 � 0.7
TR15 694 486 188 19.5 0.34 0.019 25 � 2
TR17 7.0 4.1 0.9 1.89 0.12 0.016 0.6 � 0.1
TR22 1.0 0.6 0.3 0.19 �0.01 �0.004 �0.1

a PAH34 is the sum of 18 parent PAHs and 16 groups of alkylated PAHs (see Table 2).
b Toxic units estimated from pore-water PAH concentrations according to equilibrium partitioning and hydrocarbon narcosis models.
c Detection limits range from 0.5 mg/L for naphthalene to 0.002 mg/L for individual 6-ring PAHs. Detection limits for each PAH have been

previously reported in MacDonald et al. [33].

28-d bioassays. The lack of toxicity observed in these sedi-
ments indicate that the PEC and MEC screening values do not
provide a reliable basis for predicting the toxicity of PAHs in
sediments at some MGP sites.

Evidence for reduced bioavailability of PAHs

Multiple lines of evidence indicate that PAHs present in
sediments at some MGP sites often have low availability. This
evidence includes low rapidly released PAH fractions deter-
mined by SFE; dissolved PAH concentrations in sediment pore
water that are much lower than expected from assumed aque-
ous partitioning to natural organic carbon; low toxicity ob-
served in sediments predicted to be toxic by the combined
EqP and hydrocarbon narcosis models; and finally, the lack of
PAH toxicity in a sediment sample that, when the PAHs were
extracted and added to a nontoxic field reference sediment
sample, were highly toxic. It has been suggested that bio-
availability of PAHs in sediments might be overestimated by
the analysis of bulk sediments when they contain soot, and
under these conditions, the consensus screening values will
overestimate toxicity and ecological effects [9,34]. The sedi-
ment samples used in our study that exceeded the PEC were
observed to contain 0.2 to 5.1 wt % soot carbon that repre-
sented 9 to 84% of the TOC present in these samples. In
addition to the multiple lines of evidence described above, our

results are consistent with the suggestion by others that soot
carbon could modify the bioavailability of PAHs in sediments
[14,15]. On the basis of the multiple lines of evidence indicting
the low availability of PAHs in the samples we investigated,
it is not surprising that PAH screening values and ESBs are
not reliable predictors of toxicity to aquatic invertebrates in
MGP site sediments.

Spiking the extracted PAHs from sediment TR15 onto a
nontoxic field reference sediment (HD22) clearly demonstrated
the large difference in the bioavailability and toxicity of freshly
added and field-aged compounds in our study. Previous re-
search has compared the bioavailability of PAHs with aquatic
amphipods in field-contaminated sediment and in sediment
spiked with added PAHs [35]. In these experiments, the biota–
sediment accumulation factors for the spiked PAHs were only
1.4 to 3.3 times higher than the field-aged compounds. The
toxicity observed in our sediment with spiked PAHs suggests
that the difference in bioavailability of freshly added and field-
aged PAHs could be substantively greater than that reported
by others and that PAHs in some sediments at MGP sites are
in a highly advanced state of sequestration.

Improving predictions of sediment toxicity

The concentration of rapidly released PAHs determined by
SFE greatly improved predictions of toxicity to H. azteca com-
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Table 6. Survival and growth (mean � 1 SD) of Hyalella azteca in 28-d bioassays

Sample type
Sample
name Survival (%)

Growth (mg dry
wt/organism) Sample type

Sample
ID Survival (%)

Growth (mg dry
wt/organism)

Hudson, NY, USA Troy, NY, USA
Lab control/field reference HD22 100 � 0 0.31 � 0.04 Lab control JAM 100 � 0 0.39 � 0.06

HD22 100 � 0 0.27 � 0.02 JAM 100 � 0 0.45 � 0.08
Test HD4 100 � 0 0.25 � 0.03 HD22 98 � 5 0.43 � 0.05

HD6 100 � 0 0.30 � 0.02 HD22 100 � 0 0.39 � 0.03
HD9 100 � 0 0.33 � 0.04 Field reference TR11 98 � 5 0.40 � 0.04
HD12 100 � 0 0.28 � 0.03 TR11 98� 5 0.36 � 0.03
HD13 100 � 0 0.33 � 0.03 TR22 78 � 21 0.36 � 0.05
HD14 100 � 0 0.28 � 0.02 TR22 83 � 13 0.37 � 0.02
HD10 98 � 5 0.28 � 0.02 Test TR9 100 � 0 0.40 � 0.04
HD19 98 � 5 0.35 � 0.04 TR13 100 � 0 0.38 � 0.04
HD15 95 � 6 0.22 � 0.03 TR15 100 � 0 0.30 � 0.03b

HD3 0 NDa TR17 100 � 0 0.35 � 0.05b

HD5 0 ND TR1 98 � 5 0.44 � 0.03
HD8 0 ND TR3 98 � 5 0.39 � 0.08

TR12 98 � 5 0.38 � 0.03
TR7 80 � 16 0.34 � 0.08

—
Oneonta, NY, USA Plattsburgh, NY, USA
Lab control JAM 100 � 0 0.35 � 0.03 Lab control JAM 100 � 0 0.35 � 0.03
Field reference ON5 88 � 13 0.32 � 0.03 Field reference PL1 100 � 0 0.25 � 0.02b

Test ON3 100 � 0 0.38 � 0.03 Test PL4 100 � 0 0.34 � 0.03
ON7 100 � 0 0.27 � 0.03b PL2 100 � 0 0.28 � 0.01b

ON6 95 � 10 0.29 � 0.05 PL14 100 � 0 0.28 � 0.02b

— PL8 0 ND
— PL11 0 ND
— PL13 0 ND

a ND � no growth data collected in test sample because of 100% mortality.
b Significant reduction in survival or growth compared with corresponding laboratory control sediment. No significant reductions in survival or

growth were observed for comparisons of test sediments to field reference sediments. All tests conducted at p � 0.05.

Table 7. Toxicity (mean � 1 SD) of polycyclic aromatic hydrocarbons (PAHs) to Hyalella azteca when added to field reference sediment compared
with field-contaminated sediments

Sediment

Source Name Treatment
Total PAH34

concn. (mg/kg)

H. azteca toxicity

Survival (%)
Growth (mg

dry wt/organism)
Total organic

carbon (wt %)
Soot carbon

(wt %)

Test TR15 None 2,990 98 � 5 0.30 � 0.05 3.5 0.7
Field reference HD22 PAH-spiked 2,730 0 NDa 2.9 0.5
Field reference HD22 Solvent-spiked 23 100 � 0 0.38 � 0.05 2.9 0.5
Field reference HD22 None 23 98 � 5 0.38 � 0.01 2.9 0.5
Lab control JAM None 6.4 98 � 5 0.43 � 0.04 2.8 —a

a ND � no data collected in spiked field reference treatment because of 100% mortality; — � not determined.

pared with predictions determined by the concentration of total
extractable PAHs. Other researchers have used various meth-
ods to estimate the uptake and bioavailability of PAHs by
aquatic invertebrates [36,37]. Much of the variability in the
biota–sediment accumulation factor of field-contaminated and
freshly added PAHs observed for an aquatic deposit-feeding
amphipod (Corophia volutator) could be explained by the
rapidly desorbing fraction measured with Tenax TA resin over
a 25-d period [35]. The concentration of rapidly released PAHs
determined during a 40-min extraction with supercritical car-
bon dioxide has been shown to be directly correlated to the
rapidly desorbing fraction measured by a 14-d aqueous ex-
traction with XAD2 resin [23]. In this study, the 40-min ex-
traction with mild supercritical carbon dioxide was observed
to correlate with the toxicity observed in sediments having a
wide range of characteristics (Fig. 3).

The PAH concentrations measured in pore water were also
able to clearly discriminate between toxic and nontoxic sed-

iments (Fig. 4). Others have also shown that the concentrations
of PAHs measured in sediment pore water are a more accurate
predictor of sediment toxicity than the concentrations of PAHs
in the bulk sediment [8,10]. This has lead to the proposed use
of pore-water PAH concentrations and the combined EqP and
hydrocarbon narcosis models as means to estimate sediment
toxicity and to develop sediment remediation goals (Electrical
Power Research Institute, Palo Alto, CA, USA, Technical Up-
date 1010371, http://www.epri.com). It appears surprising that
in our study, no toxicity was observed in pore-water samples
having up to 25 TU (sample TR12). On the basis of the hy-
drocarbon narcosis model, one would expect to observe tox-
icity when the concentration of PAHs in pore-water samples
exceeds 1.0 TU. However, the basis for calculating a toxic
unit is the estimated critical body burden (final chronic value,
2.24 �mol/g lipid) believed to protect 95% of all aquatic genera
from chronic toxic effects, and this criteria is not specific to
H. azteca [2]. The mean critical body residue resulting in 50%
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Fig. 1. Total Soxhlet-extractable polycyclic aromatic hydrocarbon
(PAH) concentrations in sediment as a predictor of Hyalella azteca
survival and growth after 28-d bioassays. Error bars represent �1 SD.
Sites located in New York, USA.

Fig 3. Toxic units in sediment determined by measuring supercritical
fluid extraction (SFE) rapidly released polycyclic aromatic hydrocar-
bons (PAHs) as a predictor of Hyalella azteca survival and growth
after 28-d bioassays. Error bars represent �1 SD. Sites located in
New York, USA.

Fig. 2. Toxic units in sediment determined by measuring Soxhlet-
extractable polycyclic aromatic hydrocarbons (PAHs) as a predictor
of Hyalella azteca survival and growth after 28-d bioassays. Error
bars represent �1 SD. Sites located in New York, USA.

Fig. 4. Toxic units determined by measuring freely dissolved poly-
cyclic aromatic hydrocarbons (PAHs) in pore water as a predictor of
Hyalella azteca survival and growth after 28-d bioassays. Error bars
represent �1 SD. Sites located in New York, USA.
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mortality (LR50) has been estimated by others to be closer to
56 �mol/g lipid, with a 95% confidence interval ranging from
40 to 114 �mol/g lipid (i.e., 3,550 �mol/g dry wt for organisms
having 6.3% lipid) [38]. On the basis of this reported critical
body burden, we would expect acute toxic effects when the
PAH concentration in pore water is between 18 and 51 TU (as
calculated by the use of the final chronic value, 2.24 �mol/g
lipid, in the U.S. EPA method for deriving ESBs) [2]. Re-
gardless of the criteria used for predicting toxicity by the hy-
drocarbon narcosis model, it is clear that the analysis of pore-
water PAHs provided a means to differentiate between samples
that were toxic and those that were nontoxic to H. azteca.

Some have suggested that DOC reduces the concentration
of freely dissolved PAHs in pore water, thus reducing its tox-
icity. As a result of this, it is recommended that estimates of
PAH toxicity in pore water should be adjusted for the PAHs
that are associated with the DOC phase [39]. Our analysis of
PAHs in pore water with the use of SPME is designed to avoid
this problem by allowing the measurement of freely dissolved
and total dissolved (i.e., freely dissolved plus PAHs associated
with the DOC) PAH concentrations [30]. For all of the samples
in our study, the effect of DOC on our determination of toxic
units was minimal because the lower molecular mass PAHs
(that show no significant partitioning to DOC) contribute near-
ly all of the toxicity to pore water. For example, when the
pore-water PAH concentrations from TR12 were adjusted for
the DOC present in the sample, the number of TUs was only
reduced from 25.4 to 24.1 TU.

CONCLUSIONS

It is surprising to observe a lack of toxicity in the majority
of sediments that exceed the PEC and MEC screening values.
Several sediment samples had no apparent toxic effects to H.
azteca even when the total Soxhlet-extractable PAH34 con-
centrations were as high as 2,990 mg/kg PAHs (PAH16 � 1,730
mg/kg). Clearly, these screening values for PAHs do not apply
to the MGP sediments investigated in this study that have a
significant percentage of the TOC characterized as heat-stable
soot. Future investigations should focus on evaluating the pre-
dictive ability of these screening values for additional species,
various toxicity endpoints, and other industrial sources of
PAHs. The analysis of rapidly released PAHs demonstrated a
wide range in the availability of PAHs in sediments at MGP
sites, and all of the four MGP sites investigated had some
sediment samples with very low rapidly released fractions, as
determined by SFE. A comparison of the rapidly released PAH
concentrations to the observed toxic effects on H. azteca in-
dicated that SFE might be an efficient tool for predicting the
toxicity in sediment samples collected from MGP sites. Ap-
plication of the EqP and hydrocarbon narcosis models, ad-
justed for the bioavailability of PAHs by measuring either the
SFE rapidly released PAH concentrations or the pore-water
PAH concentrations, was effective at predicting toxicity to H.
azteca.
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APPENDIX. Sediment physical and chemical characteristicsa

Site (NY, USA)
Sample
name

PAH concentration (mg/kg dry wt)

PAH13
b PAH16

c PAH34
d

Grain size (wt %)a

Sand Silt Clay
Total organic

carbon (wt %)
Soot carbon

(wt %)
Pore-water

DOC (mg/L)e

Hudson HD3 286 310 971 25 38 37 3.2 0.5 11.1
HD4 9.3 10.6 32.5 62 15 23 1.8 0.7 6.7
HD5 711 779 2,230 9 49 43 3.3 0.6 17.3
HD6 246 302 1,030 19 40 41 2.8 0.4 6.5
HD8 5,260 5,700 11,400 ND 4.6 0.7 27.0
HD9 26.8 31.2 84.2 3 57 40 3.2 0.4 7.9
HD10 74.6 91.7 232 3 56 41 0.4 0.3 5.1
HD12 6.3 8.8 27.1 18 47 35 3.5 0.4 8.1
HD13 104 140 273 67 14 19 10.3 3.9 7.9
HD14 84.4 128 260 70 13 18 7.7 1.7 9.9
HD15 65.0 92.0 177 69 14 17 6.8 5.1 9.7
HD19 10.6 13.0 58.1 31 41 28 8.5 3.1 3.7
HD22 6.1 7.8 22.7 8 49 43 2.9 0.5 3.9

Oneonta ON3 54.8 67.4 117 57 33 11 3.1 0.4 15.0
ON5 40.2 45.1 107 58 27 16 4.6 1.9 4.7
ON6 339 380 1,040 64 25 11 11.0 5.0 4.1
ON7 372 429 944 40 42 18 5.1 2.5 5.4

Plattsburgh PL1 5.0 6.0 16.2 20 61 19 4.8 0.7 2.5
PL2 56.2 67.6 203 61 31 8 4.2 0.7 3.1
PL4 77.6 91.7 267 87 7 6 2.4 0.5 9.1
PL8 1,340 1,380 3,430 76 15 9 6.5 0.3 24.0
PL11 52.3 54.5 139 93 3 4 0.7 0.5 23.1
PL13 156 168 493 79 10 11 1.2 0.4 10.9
PL14 48.3 53.5 122 90 5 5 0.7 0.2 7.1

Troy TR1 145 171 326 65 26 9.2 1.5 0.4 4.3
TR3 547 609 962 70 18 12 3.9 1.8 3.9
TR7 135 167 319 94 4 2 4.8 4.1 39.7
TR9 17.6 21.1 41.3 76 15 10 1.5 0.7 8.8
TR11 3.6 4.4 10.8 85 7 8 2.1 1.2 24.0
TR12 1,030 1,160 1,840 62 26 12 3.9 1.2 4.4
TR13 498 553 911 47 37 17 3.1 1.1 9.0
TR15 1,510 1,730 2,990 71 18 11 3.6 0.7 6.7
TR17 44.4 52.5 108 76 14 10 4.3 3.0 9.4
TR22 4.8 5.6 9.8 85 10 6 0.6 0.2 17.1

a ND � not determined.
b Sum of 13 polycyclic aromatic hydrocarbons (PAHs) noted below with an asterisk.
c Sum of 16 PAHs noted below with an dagger.
d Sum of 34 PAHs: naphthalene*†, C1 naphthalenes, C2 naphthalenes, C3 naphthalenes, C4 naphthalenes, acenaphthylene*†, acenaphthene*†,

fluorene*†, C1 fluorenes, C2 fluorenes, C3 fluorenes, phenanthrene*†, anthracene*†, C1 phenanthrenes/anthracenes, C2 phenanthrenes/anthra-
cenes, C3 phenanthrenes/anthracenes, C4 phenanthrenes/anthracenes, fluoranthene*†, pyrene*†, C1 fluoranthenes/pyrenes, benz[a]anthracene*†,
chrysene*†, C1 chrysenes, C2 chrysenes, C3 chrysenes, C4 chrysenes, benzo[b�k]fluoranthene*†, benzo[e]pyrene, benzo[a]pyrene*†, perylene,
indeno[1,2,3-cd]pyrene†, dibenz[a,h]anthracene†, benzo[ghi]perylene†.

e Dissolved organic carbon after flocculation to remove colloids as described in MacDonald et al. [33].
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Predicting Bioavailability of
Sediment Polycyclic Aromatic
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Polycyclic aromatic hydrocarbon (PAH) bioavailability to
Hyalella azteca was determined in 97 sediments from six
former manufactured-gas plants and two aluminum smelter
sites. Measurements of Soxhlet extractable, rapidly
released based on mild supercritical fluid extraction, and
pore water dissolved concentrations of 18 parent and 16
groups of alkyl PAHs (PAH34) were used to predict 28
day survival based on equilibrium partitioning and hydrocarbon
narcosis models. Total PAH concentrations had little
relationship to toxicity. Amphipods survived in sediments
with PAH34 concentrations as high as 2990 µg/g, while
sediments as low as 2.4 µg/g of PAH34 resulted in significant
mortality. Equilibrium partitioning using either total
extractable or rapidly released concentrations significantly
improved predictions. However, pore water PAH34
concentrations were best for predicting amphipod survival
and correctly classified toxic and nontoxic sediment
samples with an overall model efficiency of 90%. Alkyl
PAHs accounted for 80% of the toxicity, demonstrating that
careful measurement of the 16 alkyl clusters in pore
water is required. Regression analysis of the pore water
PAH34 data from 97 field sediments against amphipod survival
resulted in a mean 50% lethal residue value of 33 µmol/g
of lipid, consistent with 32 µmol/g of lipid for fluoranthene
determined by others in controlled laboratory conditions,
thus demonstrating the applicability of EPA’s hydrocarbon
narcosis model when using pore water PAH34 concentra-
tions.

Introduction
Industries that historically produced or utilized coal tars have
been a major source of polycyclic aromatic hydrocarbons
(PAHs) to the environment. Many such industries were (or

are) located on waterways, with the result that PAH-
contaminated sediments are often associated with these sites.
In addition, sediments that have not been impacted by these
industries contain background levels of PAHs from other
sources such as atmospheric deposition of combustion
particulates and background levels of PAHs that typically
exceed baseline regulatory concentrations. For example, the
regulatory based probable effects concentration (PEC, the
total concentration of 13 parent PAHs above which toxicity
is expected to be likely) and the threshold effects concentra-
tion (TEC, below which toxicity is considered unlikely) are
22.8 and 1.6 µg/g, respectively (1), but few urban sediments
have PAH concentrations below either criteria. In a recent
study of 114 field-collected sediments (both background and
impacted), only 27 had PAH13 concentrations below the PEC,
and only four sediments were below the TEC (2).

Efforts to improve predictive methods for the risks posed
by sediments contaminated with PAHs have used equilibrium
partitioning models to predict the partitioning of PAHs from
sediments to water based on natural organic carbon-water
partitioning coefficients (KOC) (3-6). However, historically
contaminated sediments often have much lower pore water
concentrations of PAHs than predicted using literature KOC

values (2, 7), supposedly because of a greatly reduced
availability of PAHs as sequestration processes occur.
Measured KOC values for historically contaminated sediments
from manufactured-gas plant (MGP) sites have been reported
to be as much as 3 orders of magnitude higher than literature
KOC values used in equilibrium partitioning models (2, 7).
There are also an increasing number of reports demonstrating
that many different carbon types (such as coal, combustion
soots, charcoal, and coal tar pitch) are present in many
sediments that bind PAHs much more tightly (and result in
much less partitioning to water) than predicted by equilib-
rium partitioning models using KOC values based on natural
organic carbon (2, 7-12).

Recently, there has been an increasing amount of evidence
that the bioavailability of PAHs can also be overestimated
using equilibrium partitioning models based on KOC values
that are normally used to describe partitioning with natural
organic carbon. Several investigators have reported the lack
of observable toxicity to aquatic organisms, despite high
sediment concentrations of PAHs (13-16), and PAH uptake
in Lumbriculus variegatus was found to be as much as 1000-
fold less than predicted by sediment PAH concentrations
and equilibrium partitioning models (17). In a recent report,
the toxicity of PAHs in sediments from MGP sites to Hyalella
azteca was found to be much lower than predicted by the
equilibrium partitioning model but was more accurately
predicted when either pore water PAH concentrations or the
rapidly released PAH concentrations measured by mild
supercritical fluid extraction (SFE) were used rather than
sediment concentrations (18). The use of mild SFE to obtain
rapidly released PAH concentrations has also previously been
reported to correlate with water desorption of PAHs from
soils (19, 20) and to improve the prediction of earthworm
uptake of PAHs from soil (21).

In the present study, we compare three approaches to
predict the availability of PAHs to H. azteca based on a 28
day chronic toxicity test. Ninety-seven background and
industrially impacted sediments were studied from six
different MGP sites and from two aluminum smelting
operations. Both 18 parents and 16 groups of alkyl PAHs
(PAH34) suggested by the U.S. EPA (5) were measured in the
sediment, the pore water, and the rapidly released or available
fraction based on mild SFE (19-21). Predictions of the internal
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PAH concentrations expressed on a lipid basis (and thus,
toxicity to the organism) were based on the U.S. EPA’s PAH
equilibrium partitioning/hydrocarbon narcosis model
(3-6), which uses generally accepted KOC values to predict
pore water PAH concentrations from sediment concentra-
tions, followed by the use of octanol-water coefficients (KOW)
to predict the organism lipid PAH concentrations. Biota lipid
PAH concentrations were also predicted using the rapidly
released sediment PAH34 concentrations and the measured
pore water PAH34 concentrations as input data to the
equilibrium partitioning model proposed by the U.S. EPA
(3-6).

Experimental Procedures
Sediment Collection and Characterization. Sediment col-
lection procedures and analytical methods have been
described in detail in earlier reports (2, 22, 23). In brief,
approximately 150 sediments were collected using a Ponar
grab sampler or, in a few cases, with a shovel. Approximately
15 L of the sediment-water slurry was transferred to a clean
bucket, sieved through a 2 mm screen, briefly mixed,
transferred to new glass jars with Teflon-lined lids, and
immediately placed on ice. This procedure resulted in
sediment-water slurries with approximately 40-70% water
content. Samples were shipped by overnight air to the
analytical and toxicology laboratories and stored at ca. 4 °C
until use. All analytical tests were completed, and all biological
tests were begun within 28 days of sample collection. All
sediments were initially screened for PAH concentrations
and total organic carbon (TOC) to select 97 sediments that
best represented the range of PAH concentrations, organic
carbon contents, and sediment textures existing at each site,
as well as to spatially represent the site. Field reference
sediments were also selected from each site that were not
contaminated by the MGP or aluminum smelter activities
(based on their PAH concentrations).

TOC and BC (black or soot carbon) were determined by
elemental analysis (C,H,N) after acidification with HCl to
remove inorganic carbonates. Samples for BC were prepared
by oxidation under air at 375 °C for 24 h in a gas
chromatographic oven (24). Pore water dissolved organic
carbon (DOC) was determined after alum flocculation using
the U.S. EPA method 415.1.

The 34 PAHs (18 parent and 16 groups of alkyl PAHs)
listed for the sediment PAH narcosis model by the U.S. EPA
(5) were determined in all sediment Soxhlet extracts, SFE
extracts, and pore water samples. Each method used several
2- to 6-ring perdeuterated PAHs as analytical internal
standards to aid in quantitation (22, 23). Pore water PAH
concentrations were obtained in quadruplicate by briefly
centrifuging the sediment-water slurry, flocculating with
alum twice to remove colloids, adding the perdeuterated
internal standards, and quantitative analysis of the dissolved
pore water PAH concentrations with solid-phase microex-
traction (SPME) and GC-MS with selected ion monitoring
(22). SFE available and total extractable sediment PAH
concentrations were based on extractions of quadruplicate
2 g samples of the sediment, after the pore water fraction
was removed by centrifugation, and the sediments were
mixed with 4 g of sodium sulfate (23). SFE was performed
for 40 min with pure carbon dioxide at 200 bar, 50 °C, and
a flow rate of 1.0 mL/min (19, 20). Soxhlet extraction was
performed for 18 h with 150 mL of acetone-methylene
chloride (1:1).

Toxicity Testing. Toxicity to H. azteca was determined
using EPA method 100.4 for a 28 day exposure period as
previously described (18).

Data Analysis. Statistical analysis of amphipod survival
data was performed to estimate the dose response for each
of the three chemical measurements of PAHs. A Probit

regression model was run in SAS (SAS Institute, Cary, NC)
using the Probit procedure to estimate the mean amphipod
survival. The statistical fits (ø2 test of significance) of the
Probit regression models were evaluated for significance
(R ) 0.05), and the mean dose and probability were presented
as the Probit regression line. The 85% survival dose was
determined by the lower 95% confidence interval for a
probability of 85% survival, and the 15% survival dose was
represented by the upper 95% confidence interval for a
probability of 15% survival. The modeled dose response for
each of the three chemical measurements of PAHs was
evaluated for statistical fit using a binary logistic regression
model and the Goodman-Kruskal γ (25). The Goodman-
Kruskal γ is a rank-order correlation statistic used as a
measure of association for the ability of a predictor variable
(e.g., pore water concentrations) to explain the response
variable (the binary variable toxic or nontoxic). The γ value
ranges from -1.0 (no predictive ability) to 1.0 (perfect
predictor).

Results and Discussion
Sediment Characteristics and PAH Concentrations. Sedi-
ment textures ranged from coarse sand to fine-grained silts
and clays. The TOC ranged from 0.3 to 42 wt %, and BC
ranged from 0.1 to 40 wt %, indicating both low and high
impact from industrial carbon residues. The fraction of BC
as compared to TOC ranged from 5% (indicating no
significant contribution of BC) to 100% (indicating that all
organic carbon in that sediment was present as BC).

PAH concentrations for the 97 test sediments are sum-
marized in Table 1 and Table S1. PAH concentrations ranged
from very low background concentrations (<µg/g) to sedi-
ments contaminated as high as 1.8 wt % (17 600 µg/g) total
PAH34. The fraction of low molecular weight PAHs (sum of
2- and 3-ring PAHs) as compared to the total EPA34 PAHs
(2-6-ring) ranged from 6% (indicating highly weathered PAHs
from coal tar or coal tar pitch) to 96% (indicating unweathered
coal tar PAHs) (Table 1). Pore water concentrations also
ranged over several orders of magnitude, from a lowest
detected concentration of 0.02 ng/mL to a highest detected
concentration of 10 900 ng/mL (PAH34). A more complete
description of the individual 34 PAH concentrations for
sediment, the SFE rapidly released fractions, and the pore
water concentrations is given in Table S1.

Approximately 10 impacted sediments showed significant
heterogeneity in the quadruplicate Soxhlet extracts and in
the SFE extracts. For these sediments, the relative standard
deviations (RSDs) for individual and total PAH34 concentra-
tions in the quadruplicate extracts sometimes exceeded 50

TABLE 1. Summary of Sediment and Pore Water
Characteristics

units minimum maximum median

Bulk Sedimenta

total PAH34 µg/g 1.31 17 600 277
total PAH16 µg/g 0.22 8580 128
TOC wt % 0.3 42.4 3.3
BC wt % 0.1 39.7 0.8
Fraction (BC/TOC) % 5.3 100 33.4
% alkylated PAHsb % 25 94 53
2- and 3-ring PAHs/

total PAH34
c

% 6 96 38

Sediment Pore Water
total PAH34 ng/mL 0.02 10 900 17.4
total PAH16 ng/mL 0.02 9250 5.84
DOC mg/L 1.4 114 4.35

a Sediment PAH concentrations are on a dry weight basis. b Total
concentration of alkyl PAHs divided by total PAH34 concentration. c Sum
concentration of all 2- and 3-ring PAHs divided by total PAH34

concentration.
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or 100%, and for such sediments, the replicate extracts usually
ranged from light yellow to dark brown. When this occurred,
a second set of quadruplicate samples was extracted and
analyzed, and in all cases, the sediment PAH heterogeneity
was confirmed, demonstrating that the sediments contained
blebs of nonaqueous-phase coal tars, pieces of coal tar pitch,
or pieces of other material that were highly contaminated
with PAHs. In many cases, visual observation under a low-
power microscope confirmed the presence of pitch particles
and/or tar droplets. In contrast, the quadruplicate pore water
samples from each sediment showed good reproducibility,
with % RSDs typically less than 10% for low- and mid-
molecular weight PAHs and typically less than 15% for higher
molecular weight PAHs.

Survival Predictions Based on Sediment Total Extract-
able PAH Concentrations. Out of the 97 sediments used to
compare toxicity predictions, 25 were found to result in
reduced survival to H. azteca following 28 day exposures.
Both MGP and aluminum smelter sites had toxic sediments,
with 17 out of the 73 MGP sediments causing reduced survival
and eight of the 24 aluminum smelter sediments causing
reduced survival.

The poor relationship between total PAH concentrations
expressed as micrograms per gram (whether EPA16 or EPA34)
and H. azteca survival is shown in Figure 1. When compared
to the probable effects concentration (PEC) of 22.8 µg/g
(PAH13) (1), 73 of the sediments have total PAH13 concentra-
tions that exceed the PEC, yet 67% of those that exceed the
PEC value are nontoxic. Similarly, the total extractable PAH34

concentration shows little relationship to H. azteca survival
(Figure 1). Except for sediments with very low or very high
PAH concentrations, total PAH concentrations have little or
no ability to predict toxicity. (Note that the plot for total
PAH13 versus toxicity is essentially identical to that shown in
Figure 1 for total PAH16 since PAH13 concentrations are only

a few percent lower than the PAH16 values for all of these
sediments.)

The use of equilibrium partitioning models as developed
by DiToro and others and proposed as a regulatory sediment
guidance approach by the U.S. EPA (3-6) to improve toxicity
predictions is explored in Figure 2. This model first predicts
pore water concentrations from sediment concentrations
using literature and modeled KOC values. The resultant pore
water PAH concentrations are then used to predict biota
lipid concentrations using KOW values for each of the 34 parent
and groups of alkyl PAHs (3-6). Thus, proper prediction of
the final lipid total molar PAH concentration depends heavily
on the assumption that KOC values used for each individual
PAH (and each group of alkyl clusters) are correct and that
each PAH has a single KOC value that applies to all sediments.

As shown in Figure 2 (top), the use of total extractable
PAH34 sediment concentrations and the equilibrium parti-
tioning model (5, 6) significantly improves the ability to
predict survival to H. azteca over the simple use of total
extractable (PAH34 or PAH16) concentrations shown in Figure
1. The overall model efficiency (% of correct predictions)
improves from 48 to 80% (Table 2). However, substantial
overlap between toxic and nontoxic sediments still exists,
and 26 of the 97 sediment samples lie within the region of
85-15% survival where it is difficult to make statistically
strong predictions of toxicity (Table 2). The scatter in
predicted versus actual survival shown in the top of Figure
2 might be expected based on a recent report where the KOC

values for each individual PAH from a similar set of sediments
(including most of the sediments reported here) varied by
nearly 3 orders of magnitude for the same PAH from different
sediments. For example, while a log KOC value for pyrene of
4.84 is used for all sediments in the model (5), measured
values of log KOC in 114 sediments ranged from 4.17 to 7.40,
and the median log KOC was 5.81, nearly one log unit higher

FIGURE 1. H. azteca survival as compared to total extractable PAH16 and PAH34 sediment concentrations.
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than the value used in the model (2, 5). Thus, the essential
assumption in the equilibrium partitioning model that KOC

values for a single PAH are constant for all sediments is not
supported by experimental data on field sediments (2, 7).

Survival Predictions Based on SFE Rapidly Released PAH
Concentrations. The next approach we investigated was to
replace the total Soxhlet extractable concentrations for each
PAH by the concentration that was measured to be rapidly
released by mild SFE, then predicting the lipid PAH con-
centrations in the same manner as that used for the total
extractable concentrations using equilibrium partitioning
modeling based on literature KOC and KOW values (3-6). As
shown in Figure 2 (middle), replacing the total extractable
PAH concentrations with rapidly available PAH concentra-
tions does not appear to significantly differentiate toxic and
nontoxic sediment samples. The Goodman-Kruskal γ in-
creases modestly from 0.78 to 0.80, and the model sensitivity
(correctly identifying toxic samples) increases from 80 to
92%. However, in gaining sensitivity, the model specificity

(correctly identifying nontoxic samples) decreased signifi-
cantly to 64%, with an even greater number of samples (forty)
within the uncertain region of 85-15% survival, forcing the
overall model efficiency to 71% (Table 2).

Survival Predictions Based on Pore Water PAH Con-
centrations. Finally, the predicted biota lipid PAH concen-
trations were determined based on measured pore water
concentrations for PAH34. The pore water approach has the
obvious advantage that only KOW values for each PAH need
to be accurate (and apply to all water samples) (3-6), which
is certainly more valid than the assumption that KOC values
are correct and apply to all sediment samples (2, 7-12). As
shown in Figure 2 (bottom), the use of pore water concen-
trations and lipid-water partitioning coefficients based on
KOW values significantly improves the prediction of toxic and
nontoxic sediments over the other two approaches discussed
previously. The Goodman-Kruskal γ improves dramatically,
to 0.95. In addition, the model sensitivity (correctly predicted
toxicity) reaches 92%, and the specificity (correctly predicted

FIGURE 2. H. azteca survival (28 day) as compared to predicted micromol per gram of lipid for 97 sediments based on total extractable
sediment, SFE rapidly released, and pore water PAH34 concentrations.
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nontoxic) reaches 89%, yielding an overall model efficiency
of 90% (Table 2).

Since the data presented in Figure 2 come from sediments
from eight different MGP and aluminum smelter sites, and
since they encompass such a large range of carbon con-
centrations and types (as well as PAH concentrations), it
would seem likely that specific sites or sediment charac-
teristics may strongly relate to the toxicity and/or ability of
the models to predict toxicity. However, there is no apparent
relationship between toxicity and model behavior among
the different sites or between MGP and aluminum sites
(Supporting Information Figure S1). In addition, there
appears to be no relationship between total TOC (Supporting
Information Figure S2), BC (Supporting Information Figure
S3), the fraction of BC as compared to TOC (Supporting
Information Figure S4), or sediment texture (not shown) on
the predictive abilities of the models based on total extractable
PAH, SFE available PAH, or porewater PAH concentrations.

As shown in Table 2 and Figure 2, Probit regression
analysis shows that the number of sediment samples within
the 95% confidence interval for 15-85% survival was
significantly fewer for the pore water predictions than for
either SFE rapidly released or total extractable concentrations.
With the pore water data, only two toxic sediments were
incorrectly predicted to have less than 85% survival (i.e., had
a predicted µmol/g of lipid PAH concentration below the
85% survivability line). However, it should be noted that the
toxicity for the sediment with ca. 30% survival (Figure 2,
bottom) is unlikely to be caused by PAHs since the total
sediment concentrations were only 2.4 µg/g (PAH16) and 6.4
µg/g (PAH34). In fact, only three sediments out of the 97 shown
in Figure 2 had lower total extractable PAH concentrations.
This sediment also had only 0.2 wt % natural organic carbon
(0.8 wt % TOC minus 0.6 wt % SOC) and was composed
primarily of sand. Recent studies with uncontaminated sandy
sediments show that the lack of essential nutrients may cause
mortality, even with the addition of food as per EPA method
100.4 (Francis Doherty, personal communication). Unidenti-
fied toxic agents may have also been present. However, none
could be found by full-scan GC-MS analysis of the pore water
and sediment extracts. The other sample defined as toxic (by
failing the 85% survival criteria) but predicted as nontoxic
had a survival of 75 ( 19% (Figure 2, bottom), which is very
close to the conservative 85% survival value used in our study
as the cutoff for nontoxic sediments.

Ideally, any method used to predict biological effects of
pollutants would be conservative (i.e., tend to overpredict
rather than underpredict toxicity). The pore water predictions
of toxicity had a sensitivity of 92%, classifying only two
sediments (just discussed previously) out of 25 toxic sediment
samples as nontoxic (Table 2). The pore water predictions

also had fewer sediments in the uncertain region between
85 and 15% survival as compared to the rapidly released and
total extractable PAH34 approaches (Table 2). These results
from Probit regressions show that (to a 95% confidence level)
sediments falling outside the 85-15% survival range would
not need to be tested during field surveys but could be directly
classified as toxic or nontoxic based on pore water PAH
concentrations. The sediments falling between the predicted
85 and 15% survival range would then require toxicity testing.
Thus, for the 97 sediments, 26 sediments would require
biological testing based on total extractable sediment PAH34

concentrations, 40 sediments for rapidly available sediment
concentrations, while only 17 sediments would need bio-
logical testing for the predictions based on pore water
concentrations (Table 2).

The relatively poor ability of rapidly released PAH
concentrations to predict toxicity was a surprise since our
initial report comparing pore water and SFE predictions
showed both methods to improve toxicity predictions over
using total extractable concentrations and the equilibrium
partitioning model (18). All of the sediments studied in the
initial report were from MGP sites, while the present study
includes sites near aluminum smelters that had higher relative
proportions of high molecular weight PAHs (likely associated
with coal tar pitch used for anode production) than the MGP
sites (likely contaminated with MGP tars having a lower
molecular weight distribution). There are no apparent
differences in toxicity (or the ability to predict toxicity)
between MGP and aluminum sites as shown in Figure S1.

The poorer predictive ability of mild SFE is likely a result
of the types of available PAH molecules measured by the two
techniques. Pore water PAH measurements determine the
equilibrium (or near equilibrium) pore water PAH concen-
trations found in the sediment-water slurry. In contrast,
SFE measures the capacity of the sediment to rapidly release
PAHs to water (19). Since H. azteca presumably absorbs
solvated PAHs from the water phase, it would seem logical
that pore water concentrations may more closely reflect
exposure in the toxicity tests. It should also be noted that
sediment heterogeneity (discussed previously) also likely
reduces the predictive abilities of both total extractable and
rapidly released PAH concentrations, as compared to the
good homogeneity shown by pore water PAH concentrations.
In any case, the results in Figure 2 and Table 2 clearly
demonstrate that pore water concentrations are superior to
either total extractable PAH34 or SFE rapidly available PAH34

concentrations in predicting H. azteca mortality.
Since the two methods measure different phenomena

(capacity to rapidly release PAHs vs equilibrium pore water
concentrations), it was hoped that a combination of the two
approaches would further increase the ability to predict

TABLE 2. Survival Predictions for H. azteca using Total Extractable, SFE Rapidly Released, and Pore Water PAH34 Concentrations
from 97 Field Sediments

prediction efficiencies

method

15-85%
survival range

(µmol/g of lipid)a

no. of
sediments in

15-85% range
sensitivityb

(%)
specificityc

(%)
overalld

(%)
Goodman-
Kruskal γ

PAH13 concn > 1.6 mg/kg
(TEC)e

100 6 30 0.73

PAH13 concn > 22.8 mg/kg
(PEC) f

96 32 48 0.75

PAH34 concn 36-315 26 80 81 80 0.78
SFE rapidly released PAH34 0.9-43 40 92 64 71 0.80
pore water PAH34 15-75 17 92 89 90 0.95

a Lower 95% confidence interval for 85% survival and upper 95% confidence interval for 15% survival. b Sensitivity is the extent to which a test
correctly classifies a toxic sample as toxic and is therefore protective of the environment. c Specificity is defined as the rate at which a test correctly
classifies a nontoxic sample as nontoxic. d Overall efficiency is the fraction of correct predictions for all samples. e TEC is the sum of 13 parent
PAH concentrations below which toxicity is considered unlikely (1). f PEC is the sum of 13 parent PAH concentrations above which toxicity is
considered likely (1).
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toxicity. As would be expected, the molar PAH lipid con-
centrations predicted by SFE and pore water measurement
concentrations are correlated, but not strongly, and a linear
regression of the log SFE µmol/g of lipid versus log pore
water µmol/g of lipid only has an r2 value of 0.55. A binary
logistic regression model using the molar PAH lipid con-
centrations predicted by pore water as the predictor and
toxic/nontoxic as the response was statistically significant
(p < 0.0001) and explained approximately 95% of the variance
in toxicity (Goodman-Kruskal γ ) 0.95). Unfortunately,
adding the molar PAH lipid concentrations predicted by SFE
as an additional predictor was not statistically significant
(p ) 0.657), nor did it change the Goodman-Kruskal γ,
indicating that adding SFE to the pore water measurements
did not improve the predictions of toxicity. Thus, based on
the results from the 97 sediments, there was no added value
in obtaining the SFE rapidly released PAH34 concentrations
for the prediction of H. azteca toxicity in freshwater
sediments.

Effect of Nonaqueous-Phase Hydrocarbon Liquids
(NAPL). As might be expected for sediments collected in
industrial waterways, approximately one-third of the
samples had a sheen or NAPL phase observed during sample
collection, which was later confirmed by independent
observation at the analytical laboratory. Any significant
amount of a NAPL hydrocarbon phase (whether PAHs or
other hydrocarbons such as petroleum alkanes) could change
the mechanism from sediment-water partitioning to liquid-
liquid partitioning. Since the equilibrium partitioning model
assumes that PAH partitioning occurs between natural
organic carbon on the sediment and pore water, the presence
of the NAPL phase in one-third of our test sediments may
contribute to the model’s inability to predict pore water
concentrations and thus reduce its ability to predict toxicity.

Surprisingly, the presence or absence of NAPL did not
have a significant relationship to toxicity or on the predicted
µmol/g of lipid PAH concentrations, as shown in Supporting
Information Figure S5. Out of the 97 sediments tested, 27
had NAPL phases, of which 17 were toxic and 10 were
nontoxic. Note also that removing the NAPL containing
sediments from the sample set did not improve the prediction

of toxicity based on the total Soxhlet extractable PAH34

concentrations or the rapidly available PAH34 concentrations.
Field versus Laboratory Determination of Threshold

Toxicity Concentration. As shown in Figure 2, the sediment
samples used in this study had a fairly broad distribution of
nontoxic, moderately toxic, and toxic samples that allows a
lethal residue (LR50) to be calculated using Probit regression
modeling. For the field sediments used in this study, the LR50

lipid concentration (total PAH34 molar concentration) was
33.0 µmol/g of lipid (31-35 µmol/g of lipid, 95% CI). This
value is in good agreement with a laboratory-determined
value recently reported by Schuler et al. (26) for fluoranthene
with 28 day exposures to H. azteca of 32 µmol/g of lipid
(26-40 µmol/g of lipid, 95% CI). This good agreement from
controlled laboratory exposure and from 97 field sediments
validates the EPA’s narcosis model with pore water con-
centrations for describing PAH toxicity to sensitive benthic
organisms such as H. azteca.

Relative Contributions of Alkyl and Parent PAHs to
Toxicity Predictions. Historically, only 16 (or 13) parent PAHs
determined by EPA method 8270 are considered in regulatory
processes, as well as in the majority of scientific studies
reported in the literature. This is potentially misleading since
the majority of PAHs found in the environment are likely to
be alkylated rather than parent PAHs. For example, a recent
report showed that ca. 99% of the PAHs in a petroleum crude
oil was alkylated and that ca. 60-70% of the PAHs in MGP
coal tars was alkylated (23). In recognition of the potential
importance of alkylated PAHs, the EPA’s PAH hydrocarbon
narcosis model suggests that a total of 18 prominent parent
PAHs and 16 groups of alkyl PAHs be measured as was done
in the present study (5). (Note that, with the exception of the
two methylnaphthalene isomers, each group of alkyl PAHs
can contain a few to nearly 100 isomers, so that this list of
16 groups of alkyl PAHs represents several hundreds of PAHs
(23).) The potential impact of the alkyl PAHs on the predicted
toxicity is potentially quite large since their modeled KOW

values are significantly larger than the related PAH (3-5),
and therefore, the concentration of a particular group of
alkyl PAHs can be much lower to account for one predicted
toxic unit than the concentration required for the related

FIGURE 3. Cumulative average relative contribution to lipid PAH burden of each of the 34 PAHs in MGP and aluminum smelter sediment
pore water samples. Alkyl PAHs are designated with a solid symbol and parent PAHs with an open symbol.
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parent PAH. For example, the pore water concentrations
required for one toxic unit in the EPA model (equivalent to
a concentration of 2.24 µmol/g of lipid) for naphthalene,
and its C1, C2, C3, and C4 isomers, were 194, 82, 30, 11, and
4 ng/mL, respectively (5, 22). Therefore, C4 naphthalenes
contribute nearly 50-fold higher toxic units than the same
concentration of naphthalene in pore water. In contrast, the
concentrations of sediment PAHs that account for one toxic
unit only vary by a factor of 2, essentially since the partitioning
coefficients (KOC and KOW) used in the model tend to cancel
each other’s effect on the predicted lipid concentration (5).

Figure 3 shows the average relative contributions of the
different PAHs and groups of alkyl PAHs in pore water to
predicted bioaccumulation and related PAH narcosis for all
non-background sediments (i.e., sediments that had the
majority of PAHs as nondetected are not included). Two
features are important to note in these data. First, an average
of 96% (MGP) and 78% (aluminum) of the predicted toxicity
is contributed by 2-4 four-ring PAHs (e.g., naphthalene
through chrysene), and the measurement of 5- and 6-ring
PAHs in pore water does little to change the predicted lipid
molar PAH concentration. This is fortunate since the
measurement of 5- and 6-ring PAHs at the required picogram
per milliliter detection limits is difficult (22). The results in
Figure 3 also show that, since only the higher molecular
weight PAHs have significant partitioning into dissolved
organic matter (DOM) (22), there is no significant difference
in the predicted lipid PAH concentrations (or the EPA toxic
units (5)), whether freely dissolved (PAHs associated only
with the pore water phase) or total dissolved (freely dissolved
PAHs and PAHs associated with DOM). For the 97 sediments
used in the present study, predicting the lipid PAH con-
centrations using freely dissolved or total dissolved PAH
concentrations did not yield significantly different results in
model interpretations. Therefore, the distinction of freely
dissolved and total dissolved PAH concentrations for pre-
dicting PAH toxicity does not appear to be important as long
as PAHs associated with colloids are removed by flocculation
prior to analysis of the pore water (22).

The second observation from Figure 3 is that alkyl PAHs
contribute an average of 81% (MGP) and 55% (aluminum)
of the total predicted lipid molar PAH concentrations (and
therefore 81 and 55% of the predicted toxicity, respectively).
For the combined sites, 69% of the total toxicity was caused
by the C1 to C4 alkyl naphthalene and phenanthrene/
anthracene isomers. The importance of the alkyl PAHs to
toxicity clearly demonstrates the need to apply methods
capable of measuring both parent and alkyl PAHs (22, 23)
rather than relying on methods that only determine parent
PAHs.

The results of this study involving 97 field sediments clearly
demonstrate that the measurement of pore water PAHs is
superior to the use of total extractable or SFE rapidly available
PAH34 concentrations to accurately predict the bioavailability
and toxicity of PAHs from background and impacted sedi-
ments using the EPA’s hydrocarbon narcosis model. Con-
sidering sediment matrix characteristics such as TOC, BC,
texture, and presence of NAPL did not appear to improve
predictions based on total sediment PAH concentrations. In
addition, it is clear that the common practice of measuring
only the parent PAHs is not sufficient to describe environ-
mental effects and that the high contribution of alkyl PAHs
to the predicted sediment toxicity emphasizes the need for
consistent and accurate methods to calibrate for, and
quantitate, the complex clusters of isomers that make up
most alkylated groups on the PAH34 list.
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Designation: D 7363 – 07

Standard Test Method for
Determination of Parent and Alkyl Polycyclic Aromatics in
Sediment Pore Water Using Solid-Phase Microextraction
and Gas Chromatography/Mass Spectrometry in Selected
Ion Monitoring Mode1, 2

This standard is issued under the fixed designation D 7363; the number immediately following the designation indicates the year of
original adoption or, in the case of revision, the year of last revision. A number in parentheses indicates the year of last reapproval. A
superscript epsilon (e) indicates an editorial change since the last revision or reapproval.

1. Scope

1.1 The U.S. Environmental Protection Agency (USEPA)
narcosis model for benthic organisms in sediments contami-
nated with polycyclic aromatic hydrocarbons (PAHs) is based
on the concentrations of dissolved PAHs in the interstitial
water or “pore water” in sediment. This test method covers the
separation of pore water from PAH-impacted sediment
samples, the removal of colloids, and the subsequent measure-
ment of dissolved concentrations of the required 10 parent
PAHs and 14 groups of alkylated daughter PAHs in the pore
water samples. The “24 PAHs” are determined using solid-
phase microextraction (SPME) followed by Gas
Chromatography/Mass Spectrometry (GC/MS) analysis in se-
lected ion monitoring (SIM) mode. Isotopically labeled ana-
logs of the target compounds are introduced prior to the
extraction, and are used as quantification references.

1.2 Lower molecular weight PAHs are more water soluble
than higher molecular weight PAHs. Therefore, USEPA-
regulated PAH concentrations in pore water samples vary
widely due to differing saturation water solubilities that range
from 0.2 µg/L for indeno[1,2,3-cd]pyrene to 31 000 µg/L for
naphthalene. This method can accommodate the measurement
of milligram per litre concentrations for low molecular weight
PAHs and nanogram per litre concentrations for high molecular
weight PAHs.

1.3 The USEPA narcosis model predicts toxicity to benthic
organisms if the sum of the toxic units (STUc) calculated for
all “34 PAHs” measured in a pore water sample is greater than
or equal to 1. For this reason, the performance limit required
for the individual PAH measurements were defined as the

concentration of an individual PAH that would yield 1/34 of a
toxic unit (TU). However, the focus of this method is the 10
parent PAHs and 14 groups of alkylated PAHs (Table 1) that
contribute 95 % of the toxic units based on the analysis of 120
background and impacted sediment pore water samples.3 The
primary reasons for eliminating the rest of the 5-6 ring parent
PAHs are: (1) these PAHs contribute insignificantly to the pore
water TU, and (2) these PAHs exhibit extremely low saturation
solubilities that will make the detection of these compounds
difficult in pore water. This method can achieve the required
detection limits, which range from approximately 0.01 µg/L,
for high molecular weight PAHs, to approximately 3 µg/L for
high molecular weight PAHs.

1.4 The test method may also be applied to the determina-
tion of additional PAH compounds (for example, 5- and 6-ring
PAHs as described in Hawthorne et al).4 However, it is the
responsibility of the user of this standard to establish the
validity of the test method for the determination of PAHs other
than those referenced in 1.1 and Table 1.

1.5 This standard does not purport to address all of the
safety concerns, if any, associated with its use. It is the
responsibility of the user of this standard to establish appro-
priate safety and health practices and determine the applica-
bility of regulatory limitations prior to use. For specific hazard
statements, refer to Section 9.

2. Referenced Documents

2.1 ASTM Standards: 5

D 1192 Guide for Equipment for Sampling Water and

1 This test method is under the jurisdiction of ASTM Committee D19 on Water
and is the direct responsibility of Subcommittee D19.06 on Methods for Analysis for
Organic Substances in Water.

Current edition approved Aug. 1, 2007. Published August 2007.
2 Standard methods under the jurisdiction of ASTM Committee D19 may be

published for a limited time preliminary to the completion of full collaborative study
validation. Such standards are deemed to have met all other D19 qualifying
requirements but have not completed the required validation studies to fully
characterize the performance of the test method across multiple laboratories and
matrices. Preliminary publication is done to make current technology accessible to
users of Standards, and to solicit additional input from the user community.

3 Hawthorne, S. B., Grabanski, C. B., and Miller, D. J., “Measured Partitioning
Coefficients for Parent and Akyl Polycyclic Aromatic Hydrocarbons in 114
Historically Contaminated Sediments: Part I, Koc Values,” Environmental Toxicol-
ogy and Chemistry, 25, 2006, pp. 2901-2911.

4 Hawthorne, S. B., Grabanski, C.B., Miller, D .J., and Kreitinger, J. P., “Solid
Phase Microextraction Measurement of Parent and Alkyl Polycyclic Aromatic
Hydrocarbons in Milliliter Sediment Pore Water Samples and Determination of
KDOC Values,” Environmental Science Technology, 39, 2005, pp. 2795-2803.

5 For referenced ASTM standards, visit the ASTM website, www.astm.org, or
contact ASTM Customer Service at service@astm.org. For Annual Book of ASTM
Standards volume information, refer to the standard’s Document Summary page on
the ASTM website.

1
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Steam in Closed Conduits6

D 1193 Specification for Reagent Water
D 2777 Practice for Determination of Precision and Bias of

Applicable Test Methods of Committee D19 on Water
D 3370 Practices for Sampling Water from Closed Conduits
D 5847 Practice for Writing Quality Control Specifications

for Standard Test Methods for Water Analysis
E 178 Practice for Dealing With Outlying Observations

3. Terminology

3.1 Definitions:
3.1.1 calibration standard—a solution prepared from a

secondary standard, stock solution, or both, and used to
calibrate the response of the instrument with respect to analyte
concentration.

3.1.2 calibration verification standard (VER)—the mid-
point calibration standard (CS3) that is analyzed daily to verify
the initial calibration.

3.1.3 CS1, CS2, CS3, CS4—shorthand notation for calibra-
tion standards.

3.1.4 data acquisition parameters—parameters affecting
the scanning operation and conversion of the analytical signal
to digitized data files. These include the configuration of the
ADC circuitry, the ion dwell time, the MID cycle time, and
acquisition modes set up for the method. Examples of acqui-
sition modes for the HP5973 include SIM mode, and Low
Mass Resolution Mode.

3.1.5 performance limit—performance limit for individual
PAH is defined as the concentration of an individual PAH that
would yield 1/34 of a toxic unit. For performance limit of
individual PAH, refer to Table 2 (see 4.6).

3.1.6 deuterated PAH (d-PAH)—polycyclic aromatic hydro-
carbons in which deuterium atoms are substituted for all
hydrogens (that is, perdeuterated). In this method, d-PAHs are
used as internal standards.

3.1.7 GC—gas chromatograph or gas chromatography.
3.1.8 HRGC—high resolution GC.
3.1.9 LRMS—low resolution MS.
3.1.10 internal standards—isotopically labeled analogs (d-

PAHs) of the target analytes that are added to every sample,
blank, quality control spike sample, and calibration solution.
They are added to the water samples immediately after
completing the flocculation step and transferring the water
aliquot to the autosampler vial, and immediately after adding
the calibration PAH solution to water calibration standards, but
before SPME extraction. The internal standards are used to
calculate the concentration of the target analytes or estimated
detection limits.

3.1.11 laboratory blank—see method blank.
3.1.12 method blank—an aliquot of reagent water that is

extracted and analyzed along with the samples to monitor for
laboratory contamination. Blanks should consistently meet
concentrations at or less than one-third of the performance
limits for individual PAHs stated in Table 2. Alternatively, if
the PAH concentrations calculated from the water blank
immediately preceding the test samples are <20 % of the test
sample concentrations, the blank is acceptable.

3.1.13 low calibration level (LCL)—the level at which the
entire analytical system must give a recognizable signal and
acceptable calibration point for the analyte. It is equivalent to
the concentration of the lowest calibration standard assuming
that all method-specified sample weights, volumes, and
cleanup procedures have been employed.

3.1.14 high or upper calibration level (UCL)—the concen-
tration or mass of analyte in the sample that corresponds to the
highest calibration level in the initial calibration. It is equiva-
lent to the concentration of the highest calibration standard,
assuming that all method-specified sample weights, volumes,
and cleanup procedures have been employed.

3.1.15 MS—mass spectrometer or mass spectrometry.
3.1.16 PAH—polycyclic aromatic hydrocarbon, or alter-

nately, polynuclear aromatic hydrocarbon.6 Withdrawn.

TABLE 1 Relative Response FactorsA

Analyte
SPME-GC/MS

RRFB

versus Parent

Basis for
Performance

LimitC

Naphthalene 1.00 B
2-MethylnaphthaleneD 1.00 B
1-Methylnaphthalene 1.00 B
C2-Naphthalenes 1.44 B
C3-Naphthalenes 0.88 B
C4-Naphthalenes 0.71 C
Acenaphthylene 1.00 B
Acenaphthene 1.00 B
Fluorene 1.00 B
C1-Fluorenes 0.73 B
C2-Fluorenes 0.59 B
C3-Fluorenes 0.35 S
Phenanthrene 1.00 B
Anthracene 1.00 B
C1-Phenanthrenes/Anthracenes 0.57 B
C2-Phenanthrenes/Anthracenes 0.32 B
C3-Phenanthrenes/Anthracenes 0.29 B
C4-Phenanthrenes/Anthracenes 0.12 S
Fluoranthene 1.00 B
Pyrene 1.00 B
C1-Fluoranthenes/Pyrenes 0.51 C
Benz[a]anthracene 1.00 B
Chrysene 1.00 B
C1-Chrysenes/Benz[a]anthracenes 0.62 C

A From Hawthorne, S. B., Grabanski, C.B., Miller, D .J., and Kreitinger, J. P.,
“Solid Phase Microextraction Measurement of Parent and Alkyl Polycyclic Aro-
matic Hydrocarbons in Milliliter Sediment Pore Water Samples and Determination
of KDOC Values,” Environmental Science Technology, 39, 2005, pp. 2795-2803.

B All relative response factors are based on the SPME-GC/MS peak area per ng
of the alkyl PAH in a water standard compared to that of its parent PAH as
determined by SPME followed by GC/MS.When several isomers were available,
(for example, C2-naphthalenes), the mean relative response factor is reported.
The relative response factors of alkyl PAHs for which no standards were available
were estimated based on the closest analogous alkyl PAH as described in
reference 2.1.

C Performance limits were determined as 3 times the background concentra-
tions from the SPME fiber based on the analysis of water blanks (“B”), the lowest
calibration standard which consistently yielded a signal to noise ratio of at least 3:1
(“C”), or (for when no calibration standard was available) for the lowest concen-
trations consistently found in pore water samples with a signal to noise ratio of at
least 3:1 (“S”). Detection limits for alkyl PAHs are based on a single isomer.

D Alkyl PAHs used to determine the SPME-GC/MS relative response factors
including alkyl naphthalenes (1-methyl-, 2-methyl-, 1,2-dimethyl-, 1,3-dimethyl-
1,8-dimethyl-, 2,7-dimethyl-, 1-ethyl, 2-ethyl, 1,4,5-trimethyl-, 2,3,5-trimethyl-, and
2-isopropyl-), 1-methylfluorene, 2-methyl- and 9-methylanthracene, 1-methyl-,
2-methyl-, and 3-methylphenanthrene, 9,10-dimethylanthracene,
2-ethylanthracene, 2-tertbutylanthracene, 1-methyl-7-isopropylphenanthrene,
1-methylpyrene, 7-methylbenz[a]anthracene, and 7,12-
dimethylbenz[a]anthracene.
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3.1.17 percent difference (%D)—the difference between the
analyzed concentration and expected concentration, expressed
as a percentage of the expected concentration.

3.1.18 relative response factor (RRF)—the empirically de-
termined ratio between the area ratio (analyte to internal
standard) and the unit mass of analyte in the calibration
standard (area ratio/ng) for available alkyl PAHs in a given
homolog and their parent PAH.

3.1.19 selected ion monitoring (SIM)—a mode of operation
for the mass spectrometer in which specific ions are monitored.
This mode of operation differs from the full scan mode, in
which the MS acquires all ions within a range. Because the
spectrometer is monitoring fewer ions in the SIM mode, more
acquisition (dwell) time is possible for each ion. This results in
greater instrument sensitivity for the selected ions. Spectral
scanning and library searching, used for tentatively identified
compounds, are not supported in this mode.

3.1.20 signal-to-noise ratio—the ratio of the mass spec-
trometer response of a GC peak to the background noise signal.

4. Summary of Test Method

4.1 Either the use of an autosampler, or a manual approach
can be used to perform the SPME extraction and the subse-
quent injection of collected analytes into the GC/MS. An
autosampler (Leap Technologies Compi-Pal or equivalent) is
much preferred over the manual method because: (1) the
autosampler yields lower and more reproducible blanks, (2) the
manual method requires the use of a stir bar that can cause
sample cross-contamination, (3) the manual method is highly
labor-intensive and requires multiple timed manipulations per
analysis leading to operator fatigue and resultant errors, and (4)
the autosampler reduces the technician time required to prepare
samples for a 24-h run sequence to approximately 3 h, while

the manual method requires 24-h operator attendance. There-
fore, the method procedures are written assuming the use of an
autosampler, with modifications to the autosampler procedures
listed for the manual method.

AUTOSAMPLER METHOD

4.2 Pore Water Separation and Preparation—The pore
water is separated from wet sediment samples by centrifuga-
tion and supernatant collection. Colloids are removed from the
separated pore water samples by flocculation with aluminum
potassium sulfate (alum) and sodium hydroxide as described in
Hawthorne et al.4 A second flocculation and centrifugation,
followed by supernatant collection completes the colloid re-
moval. The prepared pore water samples are then split into the
required number of replicate aliquots (1.5 mL each) and placed
into silanized glass autosampler vials. The 8 perdeuterated
PAH internal standards (d-PAHs) are then added immediately.
All of the water preparation steps beginning with the centrifu-
gation and ending with the addition of d-PAH internal stan-
dards should be conducted continuously and in the minimum
amount of time possible.

4.2.1 The SPME fiber should be cleaned at the beginning of
each sampling set (and after very contaminated samples) for 1
h by placing in the cleaning chamber under helium flow at
320°C. This can conveniently be performed while the pore
waters are being prepared.

4.3 Solid-Phase Microextraction—The SPME extraction of
the pore water samples is performed using a commercially
available (available from Sigma-Aldrich, formerly Supleco, or
equivalent) 7 µm film thickness polydimethylsiloxane
(PDMS)-coated fused silica fiber for 30 min while the water
sample is mixed by the precession of the autosampler mixing
chamber at a rate of 250 revolutions per minute. The target

TABLE 2 Toxic Unit Factors and Performance LimitsA

Analyte

Added
d-PAH
Internal

Standard

d-PAH
Internal
Std. for

Calculation

SPME-GC/MS
RRF

versus Parent

Conc. for
One Toxic
Unit, Ctu,
(ng/mL)

Performance
Limit

(ng/mL)

Naphthalene A A 1.00 193.47 5.69
2-Methylnaphthalene B 1.00 81.69 2.40
1-Methylnaphthalene B B 1.00 81.69 2.40
C2-Naphthalenes A 1.44 30.24 0.89
C3-Naphthalenes A 0.88 11.10 0.33
C4-Naphthalenes A 0.71 4.05 0.12
Acenaphthylene C 1.00 306.85 9.03
Acenaphthene C C 1.00 55.85 1.64
Fluorene D D 1.00 39.30 1.16
C1-Fluorenes D 0.73 13.99 0.41
C2-Fluorenes D 0.59 5.30 0.16
C3-Fluorenes D 0.35 1.92 0.06
Phenanthrene E E 1.00 19.13 0.56
Anthracene E 1.00 20.72 0.61
C1-Phenanthrenes/Anthracenes E 0.57 7.44 0.22
C2-Phenanthrenes/Anthracenes E 0.32 3.20 0.09
C3-Phenanthrenes/Anthracenes E 0.29 1.26 0.04
C4-Phenanthrenes/Anthracenes E 0.12 0.56 0.02
Fluoranthene F F 1.00 7.11 0.21
Pyrene G G 1.00 10.11 0.30
C1-Fluoranthenes/Pyrenes G 0.51 4.89 0.14
Benz[a]anthracene H 1.00 2.23 0.066
Chrysene H H 1.00 2.04 0.060
C1-Chrysenes/Benz[a]anthracenes H 0.62 0.86 0.025

A From Hawthorne, S. B., Grabanski, C.B., Miller, D .J., and Kreitinger, J. P., “Solid Phase Microextraction Measurement of Parent and Alkyl Polycyclic Aromatic
Hydrocarbons in Milliliter Sediment Pore Water Samples and Determination of KDOC Values,” Environmental Science Technology, 39, 2005, pp. 2795-2803.
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PAHs and d-PAH internal standards adsorb to the nonpolar
PDMS phase at equivalent rates. The use of the d-PAHs (that
is, isotopic dilution) to quantitate the target PAHs compensates
for variations in equilibrium partitioning and kinetics.

4.4 GC/MS SIM Analysis—Following the sorption period,
the SPME fiber is immediately desorbed to a GC/MS injection
port in the splitless mode at 320°C for 5 min. The GC/MS
system specified uses a 60 m narrow-bore (250 µm ID)
HP5-MS or equivalent capillary column to achieve high
resolution for PAHs. Following the 5 min desorption period,
the SPME fiber is inserted into the cleaning port and addition-
ally cleaned for 15 min under helium flow at 320°C. At the end
of the cleaning period, sorption of the next water sample is
begun.

MANUAL METHOD

4.5 Alternate Procedures for Manual Method—Samples are
prepared as for the autosampler method, except that a small
Teflon-coated stir bar is placed in the silanized autosampler
vial prior to adding the water and d-PAH internal standard
solution. A new stir bar should be used for each sample,
calibration standard, and blank to avoid cross-contamination
caused by carryover on the stir bar. To perform the SPME step,
the vial is set on a stir plate and the stirring rate adjusted so that
no large vortex is formed. The SPME fiber should be inserted
into the water so that the entire 1-cm active length is exposed
to the water sample, but not so low that the fiber comes into
contact with the stir bar or that the metal needle sheath contacts
the water. All time sequences should be the same as specified
for the autosampler method. A spare GC split/splitless injection
port at 320°C and under helium flow can be used for the
15-min cleaning step between samples as well as for the initial
1-h cleaning step at the beginning of each experimental day.

4.6 The mass spectrometer is operated in the SIM mode for
the molecular ions of the target PAHs and d-PAHs to achieve
low limits of detection. Analyte concentrations are quantified
by three methods:

4.6.1 PAHs for which an exact deuterated analog is included
in the internal standard mix are quantified by isotope dilution.

4.6.2 Parent PAHs (that is, unsubstituted PAHs) for which
an exact deuterated analog is not included in the internal
standard mix are quantified by reference to a deuterated analog
of a PAH with the same number of rings as the analyte.

4.6.3 Alkyl PAHs are quantified using the experimentally
and empirically-determined relative response factors from
Hawthorne et al.4 and as shown in Table 1. The laboratory may
use updated response factors, if additional alkyl PAH standards
become commercially available. However, the laboratory must
correct for purities of less than 98 %.

4.7 Conversion of Quantified Concentration to Toxic
Units—The USEPA narcosis model predicts toxicity to benthic
organisms if the sum of the toxic units calculated for all “34
PAHs” measured in a pore water sample is greater than or
equal to 1. For this reason, the performance limits required for
the individual PAH measurements were defined as the concen-
tration of an individual PAH that would yield 1/34 of a toxic
unit. See Table 2. This distribution reflects the relative concen-
trations of PAHs expected to be found in pore water because
the lower molecular weight PAHs are more soluble and have

lower organic carbon partition coefficients (Koc), and reflects
the lower partitioning of lower molecular weight PAHs to the
receptor organism since they have smaller octanol/water coef-
ficients (Kow). The performance limits are essentially bench-
marks to ensure that the adequate sensitivity is achieved to
predict toxicity.

5. Significance and Use

5.1 This method directly determines the concentrations of
dissolved PAH concentrations in environmental sediment pore
water samples. The method is important from an environmen-
tal regulatory perspective because it can achieve the analytical
sensitivities to meet the goals of the USEPA narcosis model for
protecting benthic organisms in PAH contaminated sediments.
Regulatory methods using solvent extraction have not achieved
the wide calibration ranges from nanograms to milligrams per
litre and the required levels of detection in the nanogram-per-
litre range. In addition, conventional solvent extraction meth-
ods require large aliquot volumes (litre or larger), use of large
volumes of organic solvents, and filtration to generate the pore
water. This approach entails the storage and processing of large
volumes of sediment samples and loss of low molecular weight
PAHs in the filtration and solvent evaporation steps.

5.2 This method can be used to determine nanogram to
milligram per litre PAH concentrations in pore water. Small
volumes of pore water are required for SPME extraction, only
1.5 mL per determination and virtually no solvent extraction
waste is generated.

6. Interferences

6.1 Non-target hydrocarbons can cause peaks on selected
ion current profiles (SICPs) intended for other PAHs. Pattern
recognition must be employed for identifying interfering
peaks, and peak series that should not be considered for the
homolog or target PAH under consideration. Analysts should
be intimately familiar with both parent and alkyl PAH analyses
in complex environmental samples. Representative samples
having higher PAH concentrations should periodically be
analyzed by full scan GC/MS so that pattern recognition of
alkyl PAHs (and interfering species) can be verified by their
full mass spectra. This procedure is particularly important for
newer operators.

6.2 Solvents, reagents, glassware and other sample process-
ing hardware may yield discrete artifacts or elevated baselines
that may cause misinterpretation of the chromatographic data.
All of these materials must be demonstrated to be free from
interferences under the conditions of analysis by performing
laboratory method blanks. Analysts should avoid using PVC
gloves, powdered gloves, or gloves with measurable levels of
phthalates.

NOTE 1—The use of high purity reagents and solvents helps minimize
interference problems.

7. Apparatus

7.1 Centrifuge, capable of sustaining 1000 g with cups for
securing 40 mL and 20 mL vials.

7.2 SPME Fiber Holder, compatible with 7-µm SPME fiber
and compatible with either the autosampler or the manual
method.
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7.3 SPME Fibers, 7-µm diameter, coated with polydimeth-
ylsiloxane (PDMS).

7.4 PTFE Coated Stir Bars (Stir Fleas), of a size effective
for stirring 1.5 mL water without vortexing (for manual method
only).

7.5 Magnetic Stir Plate (for manual method only).

7.6 SPME Holder Stand (for manual method only) or
GC/MS Autosampler, capable of SPME extraction and injec-
tion.

7.7 Cleaning Port, capable of purging SPME fibers in a
helium-swept atmosphere at 320°C.

7.8 GC/MS Analysis:

7.8.1 Gas Chromatograph shall have split/splitless injection
port for capillary column, temperature program with isother-
mal hold.

7.8.2 GC Column, 60 mm 3 0.25 mm ID 3 25 µm film
thickness HP5-MS or equivalent.

7.8.3 Inlet Liner, 2 mm ID silanized glass.

7.8.4 GC Inlet, 320°C, splitless mode.

7.8.5 Oven Program—Isothermal 5 min hold at 40°C.
Ramp at 50°C/min to 110°C, followed by a temperature ramp
of 12°C/min to 320°C (hold for 10 min).

7.8.6 Mass Spectrometer—Electron impact ionization with
the ionization energy optimized for best instrument sensitivity
(typically 70 eV), stability and signal to noise ratio. Shall be
capable of repetitively selectively monitoring at least 12 m/z
during a period of approximately 1 s and shall meet all
manufacturers’ specifications.

7.8.7 GC/MS Interface—The mass spectrometer (MS) shall
be interfaced to the GC such that the end of the capillary
column terminates within 1 cm of the ion source but does not
intercept the electron or ion beam.

7.8.8 Data System, capable of collecting, recording, and
storing MS data.

8. Reagents and Materials

8.1 Purity of Reagents—Reagent grade chemicals must be
used in all tests. Unless otherwise indicated, it is intended that
all reagents shall conform to the specifications of the Commit-

tee on Analytical Reagents of the American Chemical Society,
where such specifications are available.7

8.2 Purity of Water—Unless otherwise indicated, references
to water shall be understood to mean reagent water that meets
the purity specifications of Type I or Type II water, presented
in Specification D 1193.

8.3 40 mL Vials, with Teflon-lined caps.
8.4 20 mL Vials, with Teflon-lined caps.
8.5 Silanized 2.0 mL Autosampler Vials.
8.6 Internal Standard Stock Solution—A dichloromethane

solution of d-PAH internal standards used for preparing spiking
solutions by dilution into acetone (see 12.2).

8.7 Internal Standard Spiking Solution—A dilution of the
internal standard stock solution in acetone used to spike d-PAH
internal standards into all sample, calibration, and blank water
vials.

8.8 Calibration Stock Solution—A dichloromethane solu-
tion of PAHs used for preparing calibration standards (see
12.2).

8.9 Calibration Spiking Solutions—A series of solutions
prepared by diluting the calibration stock solution with acetone
(see 12.2).

8.10 Calibration Standards—Prepared by adding internal
standard and calibration spiking solutions in reagent water (see
12.2).

8.11 Acetone.
8.12 Dichloromethane (DCM).
8.13 Sodium Hydroxide (NaOH).
8.14 Aluminum Potassium Sulfate Dodecahydrate

(AlK(SO4)2·12H2O).
8.15 Alum Solution—Add 20 g (AlK(SO4)2·12H2O) to 80

mL reagent water.

9. Hazards

9.1 The effluents of sample splitters for the gas chromato-
graph and roughing pumps on the mass spectrometer must be

7 Reagent Chemicals, American Chemical Society Specifications, American
Chemical Society, Washington, DC. For suggestions on the testing of reagents not
listed by the American Chemical Society, see Analar Standards for Laboratory
Chemicals, BDH Ltd., Poole, Dorset, U.K., and the United States Pharmacopeia
and National Formulary, U.S. Pharmacopeial Convention, Inc. (USPC), Rockville,
MD.

TABLE 3 Primary Material Hazards

Material Hazards Exposure LimitA Signs and Symptoms of Exposure

Alum (Aluminum Potassium Sulfate) Irritant 2 mg/M3

TWA
May cause skin irritation, especially under repeated or prolonged contact, or when moisture
is present. May irritate or burn the eyes. Dust or mist inhalation at levels above the TLV
may cause irritation to the respiratory tract. May irritate the gastrointestional tract.

Acetone Flammable 1000 ppm-TWA Inhalation of vapors irritates the respiratory tract. May cause coughing, dizziness, dullness,
and headache.

Dichloromethane (DCM) Carcinogen,
Irritant

25 ppm-TWA,
125 ppm-STEL

Causes irritation to respiratory tract. Has a strong narcotic effect with symptoms of mental
confusion, light-headedness, fatigue, nausea, vomiting and headache. Causes irritation,
redness and pain to the skin and eyes. Prolonged contact can cause burns. Liquid
degreases the skin. May be absorbed through skin.

Sodium Hydroxide Corrosive 2 mg/M3

TWA
Causes skin irritation, chemical burns, permanent injury or scarring, and blindness. Vinegar
is a mild acid that will neutralize lye if it were to make contact with the skin. Harmful if
inhaled or ingested. Causes Sore throat, cough labored breathing, shortness of breath, and
abdominal pain. Symptoms may be delayed.

A Exposure limit refers to the OSHA regulatory exposure limit.
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vented to the laboratory hood exhaust system or must pass
through an activated charcoal filter.

9.2 Primary Materials Used—The table contains a sum-
mary of the primary hazards listed in the MSDS. A complete
list of materials used in the method can be found in the reagents
and materials section. Practitioners must review the informa-
tion in the MSDS for each material before using it for the first
time or when there are major changes to the MSDS.

10. Sampling and Sample Preservation

10.1 Collect the sediment sample in accordance with Prac-
tices D 3370 and Specification D 1192, as applicable.

10.2 Prior to shipment, the samples should be mixed well.
Sieve the slurry of sediment and site water through a 2-mm
screen to remove debris. If the sieved slurry is to be stored or
shipped before use, store in 250 mL to 1 L jars with PTFE-lined
lids. Great care must be taken to clean the lid of the jar before
capping with the lid to avoid leakage of the water during
shipment.

10.3 Ship in an ice chest with adequate ice to maintain 0 to
6°C. Store at the laboratory in the dark at 0 to 6°C.

11. Preparation of Apparatus

11.1 Set up the GC system using the following parameters.
11.1.1 GC Column Agilent HP-5MS column (0.25 µm film

thickness, 0.25 mm ID) or equivalent.
11.1.2 Inlet liner 2-mm ID silanized glass.
11.1.3 GC Inlet 320°C, splitless mode.
11.1.4 Oven Program—Isothermal 5 min hold at 40°C.

Ramp at 50°C/min to 110°C, followed by a temperature ramp
of 12°C/min to 320°C. (Hold for 10 min.)

MS Quad Temperature 150°C, maximum 200°C
MS Source Temperature 230°C, maximum 250°C

11.1.5 Set up SIM Groups to monitor the quantitation and
internal standard ions shown in Table 4. Each ion dwell time
should be set at 25 ms. Twelve ions are monitored in each
group.

NOTE 2—Some ions (for example, m/z 184.1 for C4 naphthalenes) are
included in two ion groups to ensure that the target peaks are adequately
monitored. Table 4 should be used with the chromatograms in Appendix
X1 to aid the analyst in setting proper retention time windows and
recognition of target and contaminant peaks, especially for the alkyl
clusters.

12. Calibration

12.1 Determine the absolute and relative retention times of
the first and last characteristic peak in each homolog with the
aid of the examples in Appendix X1.

12.1.1 Set up a SIM program with the necessary ions to
acquire all the alkyl-PAH homologs using the ion groups
shown in Table 4 and 25 ms dwell time per ion.

12.1.2 Update the expected retention times in the method
section of the quantitation software using the d-PAH internal
standards of previous runs as relative retention time markers
and the representative chromatograms in Appendix X1. Assure
that the SIM windows for the homologs are set to at least 8 s
before the first, and 30 s after the last characteristic peaks to
assure coverage of the elution range.

12.2 Analyze Initial Calibration:

12.2.1 Prepare stock solutions of PAHs and internal stan-
dard stock solutions of d-PAHs at approximately the concen-
trations shown in Table 5. These concentrations were based on
the PAH distributions previously determined in 120 sediment
pore water samples. Stocks are prepared in DCM. Spiking
solutions are prepared by dilution of intermediate stocks in
acetone. For calibration solutions, spiking solutions are added
to reagent water.

12.2.1.1 Prepare calibration standard spiking solutions.
These are prepared by adding acetone to the stock to give the
calibration solution concentrations (CS1–CS4), as described
below:

(1) For CS1, take 5 µL stock to 100 mL in acetone.
(2) For CS2 take 50 µL to 100 mL in acetone.
(3) For CS3, take 25 µL to 10 mL in acetone.
(4) For CS4, take 100 µL to 10 mL in acetone.

12.2.1.2 Spike 4 µL of each calibration solution into 1.5 mL
of reagent water to give a calibration series with the low
calibration limits (LCLs) and upper calibration limits (UCLs)
shown in Table 5. Spike 10 µL of internal standard spiking
solution at the concentrations shown in Table 5 into each vial.

12.2.1.3 Extract and analyze the calibration series.
(1) Extract and analyze two water blank solutions.
(2) Extract and analyze the water calibration solutions, as

described in 13.4 and 13.5. Begin with the CS1-spiked sample,

TABLE 4 SIM Ion Groups and Retention Time Windows

NOTE—Retention times must be verified by the user.

Analyte
SIM
Ion

Group

Target
m/z

Retention Time (min)

Start Stop

Naphthalene 1 128.1 7 17
2-Methylnaphthalene 1 142.1 7 17
1-Methylnaphthalene 1 142.1 7 17
C2-Naphthalenes 1 156.1 7 17
C3-Naphthalenes 1 170.1 7 17
C4-Naphthalenes 1,2 184.1 7 21
Acenaphthylene 1 152.1 7 17
Acenaphthene 1 154.1 7 17
Fluorene 1 166.1 7 17
C1-Fluorenes 2 180.1 17 21
C2-Fluorenes 2 194.1 17 21
C3-Fluorenes 2,3 208.1 17 25
Phenanthrene 2 178.1 17 21
Anthracene 2 178.1 17 21
C1-Phenanthrenes/Anthracenes 2 192.1 17 21
C2-Phenanthrenes/Anthracenes 2,3 206.1 17 30
C3-Phenanthrenes/Anthracenes 2,3 220.1 17 30
C4-Phenanthrenes/Anthracenes 3 234.1 21 30
Fluoranthene 2,3 202.1 17 30
Pyrene 2,3 202.1 17 30
C1-Fluoranthenes/pyrenes 3 216.1 21 30
Benz[a]anthracene 3 228.1 21 30
Chrysene 3 228.1 21 30
C1-Chrysenes 3 242.1 21 30

d-PAH Internal Standards

Naphthalene-d8 1 136.1 7 17
1-Methylnaphthalene-d10 1 152.1 7 17
Acenaphthene-d10 1 164.1 7 17
Fluorene-d10 1 176.1 7 17
Phenanthrene-d10 2 188.1 17 21
Fluoranthene-d10 2,3 212.1 17 30
Pyrene-d10 2,3 212.1 17 30
Chrysene-d12 3 240.2 21 30
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followed by sequentially more concentrated calibration stan-
dards. Follow by two water blanks.

12.2.1.4 Calculate the performance parameters for the cali-
bration.

(1) Generate ion chromatograms for the masses listed in
Table 4 that encompass the expected retention windows of the
target analytes. Integrate the selected ion current profiles of the
quantitation ions shown in the table. Integration of alkyl
clusters should be as the total area of the cluster integrated
from the baseline before the first peak in the cluster to the
baseline after the last peak in the cluster peaks. Cluster peaks
should never be integrated using the valley-to-valley method.
The peak areas of non-target peaks (see Appendix X1) must be
removed from the alkyl cluster peak area before any calcula-
tion.

(2) Calculate the area ratio (analyte peak area divided by
internal standard peak area) per unit mass of analyte, using the
area of the appropriate internal standard listed in Table 1.
Quantitative calculations are based on a comparison of the area
ratio per ng from the calibration and sample waters. The area
ratio per ng is calculated for calibration runs by dividing the
calibration peak area by the peak area of its most closely
associate d-PAH internal standard (the deuterated parent PAH,
in most cases), and dividing this result by the ng of the
calibration PAH present in the vial (that is, its mass in the vial,
not its concentration). Calibration standards are given in Table
5.

area ratio per ng ~ar rat/ng! 5
@~peak area cal. std!/~peak area d2PAH!#

~mass of std in cal vial!
(1)

(3) Calculate the mean ar rat/ng. The mean relative
response factor for these duplicate daily calibration standards
should agree with those from the 4-point (or 3-point) standard
curve within 20 % for the two and three-ring PAHs, and within

25 % for the four-ring PAHs. No sample data will be reported
if these calibration criteria are not met. Calculate the mean area
ratio/ng and the standard deviation of the relative response
factors for each calibration standard solution using the follow-
ing equations:

ar rat/ng 5
1
n (

i51

n

~ar rat/ng!i (2)

where:
~ar rat/ng!i = ar rat/ng calculated for calibration solution “i”

using the equation in 12.2.1.4(2), and
n = number of calibration points in the curve.

(4) Calculate the percent relative standard deviation:

%RSD 5
SD

ar rat/ng
3 100 (3)

where:
ar rat/ng = mean ar rat/ng calculated above, and
SD = sample standard deviation of the replicate area

rat/ng values used to calculate the mean ar
rat/ng.

12.3 Criteria for Acceptable Initial Calibration—Prior to
analyzing any samples, the standard curves are prepared using
the identical analysis procedures as used for sample waters. To
be acceptable, the linearity of each PAH standard curve should
be r2 > 0.99, and the relative response factor per ng for each
concentration should show a relative standard deviation of
<25 % for two- to three-ring PAHs, and <30 % for four-ring
PAHs. See Section 16. If acceptable initial calibration is not
achieved, identify the root cause, perform corrective action,
and repeat the initial calibration. If the root cause can be traced
to an abnormal disruption of an individual acquisition (for
example, injector malfunction) repeat the individual analysis
and recalculate the percent relative standard deviation. If the

TABLE 5 Initial Calibration Standard Series

Analyte
DCM

Stock Conc.
mg/mL

LCL UCL

CS1 CS2 CS3 CS4

ng/1.5 mL ng/1.5 mL ng/1.5 mL ng/1.5 mL

Naphthalene 41.5 8.3 83 415 1660
1-Methylnaphthalene 23.9 4.78 47.8 239 956
2-Methylnaphthalene 20.42 4.084 40.84 204.2 816.8
Acenaphthylene 9.02 1.804 18.04 90.2 360.8
Acenaphthene 11 2.2 22 110 440
Fluorene 7.55 1.51 15.1 75.5 302
Anthracene 0.6 0.12 1.2 6 24
Phenanthrene 5.5 1.1 11 55 220
Fluoranthene 2.11 0.422 4.22 21.1 84.4
Pyrene 1.8 0.36 3.6 18 72
Benz[a]anthracene 0.08 0.016 0.16 0.8 3.2
Chrysene 0.03 0.006 0.06 0.3 1.2

Deuterated Analogs of
Mix A Compounds

Stock Solution CS1 CS2 CS3 CS4

Naphthalene-d8 5 50.0 50.0 50.0 50.0
1-Methylnaphthalene-d10 6 60.0 60.0 60.0 60.0
Acenaphthene-d10 1.23 12.3 12.3 12.3 12.3
Fluorene-d10 1.2 12.0 12.0 12.0 12.0
Phenanthrene-d10 0.96 9.6 9.6 9.6 9.6
Fluoranthene-d10 0.93 9.3 9.3 9.3 9.3
Pyrene-d10 0.84 8.4 8.4 8.4 8.4
Chrysene-d12 0.033 0.33 0.33 0.33 0.33
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calibration is acceptable, document the problem and proceed;
otherwise repeat the initial calibration.

12.3.1 Because of the large range of calibration concentra-
tions required, the wide range of water solubilities of the
individual PAHs, and the desire to require only one stock
calibration solution, some PAHs may only have a three point
linear calibration curve that meets the above criteria. This is
most likely to occur for the higher molecular weight PAHs,
because the dilution of lowest calibration standard is likely to
be below detection limits for many labs (and is also below the
required detection limits needed for the method, so it does not
negatively impact the analyses). In such cases, the lowest
calibration standard is ignored, and the “J” level adjusted
appropriately. Less frequently, the highest concentrations of the
lowest molecular weight PAHs may exceed the linear dynamic
range of the GC/MS response. In such cases the laboratory
should investigate lowering the MS multiplier voltage to
autotune voltage or slightly below and rerun the calibration
curve. If the highest calibration standard still exceeds the
detector linearity, it is acceptable to reject the highest concen-
tration for those specific PAHs (and adjust the “E” value
accordingly), as long as a minimum of a three-point standard
curve is generated for each PAH.

12.3.1.1 It is recommended that a 4-point (or 3-point) initial
calibration be established every two weeks, when continuing
calibration criteria are not met, or when service is performed
on the GC/MS instrument system.

12.3.2 The signal to noise ratio (S/N) for the GC signals
present in every selected ion current profile (SICP) must be
$10:1 for the labeled internal standards and unlabeled calibra-
tion compounds.

12.4 Calibration Verification—Continuing calibration is
performed daily at the beginning of a 24-h period. The
injection of the first continuing calibration begins the 24-h
window, within which all pore water samples must be injected.
Duplicate daily standards are analyzed.

12.4.1 Into 1.5 mL of reagent water, add 4 µL of the CS3
spiking solution and 10 µL of the d-PAH internal standards.

12.4.2 Analyze duplicate vials of the Calibration Standard
Solution CS3. Use the same data acquisition parameters as
those used during the initial calibration. Check for GC resolu-
tion and peak shape. If peak shape or retention times are
unacceptable, perform column and injector maintenance. If this
fails to correct the problem, the column must be replaced and
the calibration repeated.

12.4.3 Criteria for Acceptable Daily Calibration Check—
The criteria listed below for acceptable calibration must be met
at the beginning of each 24-h period that samples are analyzed.
The mean relative response factor for these duplicate daily
calibration standards should agree with those from the 4-point
(or 3-point) standard curve within 20 % for the two- and
three-ring PAHs, and within 25 % for the four-ring PAHs. No
sample data will be reported if these calibration criteria are not
met. If the continuing calibration criteria are not met, identify
the root cause, perform corrective action and repeat the
continuing calibration. If the second consecutive continuing
calibration does not meet acceptance criteria, additional cor-
rective action must be performed.

12.4.4 The signal to noise ratio (S/N) for the GC signals
present in every selected ion current profile (SICP) must be
$10:1 for the labeled internal standards and unlabeled calibra-
tion compounds.

12.5 Method Blanks—Method blanks are prepared and ana-
lyzed daily in duplicate following the continuing calibration
and between analysis of replicate sets of the same pore water
sample. See 12.5.2.2.

12.5.1 For each method blank, add 10 µL of the d-PAH
internal standards solution into 1.5 mL of reagent water.

12.5.2 Two types of sources of background PAHs must be
considered. For the higher molecular weight PAHs, typical
GC/MS criteria for signal to noise are appropriate, since their
detection limits are normally controlled by GC/MS sensitivity.
However, for lower molecular weight PAHs, atmospheric
contaminants can cause significant background peaks, espe-
cially for low MW alkyl PAHs. This problem is most likely to
be significant in urban areas impacted by atmospheric PAHs
(for example, from diesel exhaust), and with laboratories using
manual techniques, rather than the SPME autosampler.

12.5.2.1 Background PAHs from Ambient Air—
Concentrations of each PAH in the water blanks should be
calculated in the same manner as a sample. Should the blank
prior to the subsequent pore water sample have detectable
background concentrations more than 1⁄3 of the target detection
limit given in Table 3, the analyses should not continue until
the fiber is sufficiently cleaned as demonstrated by a clean
water blank. The mean of the calculated concentrations of the
PAHs in the blanks analyzed immediately before and immedi-
ately after sample pore waters should be subtracted from the
sample pore water concentrations.

12.5.2.2 Carryover from Highly Contaminated Samples—
Carryover blanks are analyzed between each new pore water
sample (not including replicates). Significant carryover can
occur if the previous sample was highly contaminated. Should
the blank prior to the subsequent pore water sample have
detectable background concentrations more than 1⁄3 of the
target detection limit, the analyses should not continue until the
fiber is sufficiently cleaned as demonstrated by a clean water
blank. Alternatively, if the concentrations determined in the
blanks are less than 20 % of those found in the related sample,
the data can be accepted.

13. Procedure

13.1 At the laboratory, store samples and extracts in the dark
at 0 to 6°C.

13.2 Holding Times:
13.2.1 Pore waters must be generated within 28 days of

sediment sample collection.
13.2.2 Pore waters must be generated and flocculated as

quickly as possible, and then immediately spiked with 10 µL of
d-PAH solution.

13.2.3 Solid phase micro-extraction must be completed
within 24 h of flocculation.

13.3 Generation of Pore Water:
13.3.1 Stir the slurry and transfer approximately 40 mL

(containing a solids and liquids in proportion to the slurry
provided) to a clean 40 mL vial. Cap the vial with a PTFE-lined
cap. Place the vials in a centrifuge. Spin for 30 min at 1000 g.
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Using a new, graduated serological pipette, transfer 10 mL of
the supernatant to a new 20 mL vial.

13.3.2 Flocculation of Pore Water—Flocculation must be
performed no more than 24 h prior to extraction.

13.3.2.1 If a flocculation blank is to be analyzed, create the
blank by placing 10 mL of reagent water in clean a 40 mL vial.
Process this blank along with pore water samples.

13.3.2.2 Add the working alum solution (see Section 9) to
each vial of pore water (and QC samples). The volume of the
alum solution should be 1/40th of the sample volume. After the
addition, swirl the vial for several rotations to incorporate the
solution.

13.3.2.3 Add 3 to 5 drops of NaOH working solution (see
Section 9) to each vial. Swirl to incorporate the NaOH.

13.3.2.4 Shake the vial for 15 s.
13.3.2.5 Centrifuge for 30 min at 1000 g.
13.3.2.6 Collect the supernatant into a clean 20 mL vial.
13.3.2.7 Repeat 13.3.2.2 through 13.3.2.6 once.
13.3.2.8 Immediately transfer 1.5 mL aliquots to new si-

lanized autosampler vials and immediately add the internal
standard solution as described below. Vials are weighed before
and after adding the water sample to determine the exact
sample water mass.

13.4 Extraction and Analysis of Flocculated Pore Water:
13.4.1 Split the prepared pore water samples into the

required number of replicate samples, placing 1.5 mL aliquots
of each into a new silanized glass autosampler vial. For QC
samples, add 1.5 mL of reagent water.

NOTE 3—The SPME fiber should be cleaned at the beginning of each
sampling set (and after very contaminated samples) for 1 h by placing in
the cleaning chamber under helium flow at 320°C. This can conveniently
be performed while the pore waters are being prepared.

13.4.2 Immediately add 10 µL of the d-PAH solution to each
sample and QC sample.

NOTE 4—All of the water preparation steps beginning with the cen-
trifugation and ending with the addition of d-PAH internal standards
should be conducted continuously and in the minimum amount of time
possible.

13.4.3 Load the autosampler following the recommended
analytical sequence in Table 6. Verify the sequence against
documented sequence following the loading process.

13.5 The recommended analytical sequence described in
Table 6 is based on a 24-h “clock.”

13.5.1 Two calibration verification standards are analyzed
(122 min). The sequence begins with analysis of the first
continuing calibration standard.

13.5.2 Analyze two method blanks (61 min each).
13.5.3 Analyze pore water samples (in duplicate at a mini-

mum) (61 min each).

14. Data Analysis and Calculations

14.1 Generate ion chromatograms for the masses listed in
Table 4 that encompass the expected retention windows of the
target analytes (see Appendix X1). Integrate the selected ion
current profiles of the quantitation ions shown in the table.

14.1.1 Qualitative Identification Criteria for Individual
Analytes—For a gas chromatographic peak to be identified as
a target analyte, it must meet all of the following criteria:

14.1.1.1 The quantitation ion must be present, with a
signal-to-noise ratio of at least 3:1 for environmental samples.

14.1.1.2 The relative retention time (RRT) of the parent
PAHs (and the 2 and 1-methylnaphthalene compounds) com-
pared to the RRT for the labeled-standards must be within 63 s
of the relative retention times obtained from the continuing
calibration (or initial calibration if this applies). Alkyl clusters
must be identified based on their relative retention times to the
parent PAHs and related d-PAHs, and also by observation of
their characteristic fingerprints by an experienced analyst.

TABLE 6 Example of a 24-h Analytical SequenceA

Example Analytical Sequence

Run Type Minutes
Cumulative
Minutes to

Start

Cumulative
Minutes to

End

Cumulative
Hours to

StartA

Cumulative
Hours to

End

Standard 50 0 50 0.0 0.8
Standard 50 50 100 0.8 1.7
Blank 50 100 150 1.7 2.5
Blank 50 150 200 2.5 3.3
Sample 50 200 250 3.3 4.2
Sample 50 250 300 4.2 5.0
Blank 50 300 350 5.0 5.8
Blank 50 350 400 5.8 6.7
Sample 50 400 450 6.7 7.5
Sample 50 450 500 7.5 8.3
Blank 50 500 550 8.3 9.2
Blank 50 550 600 9.2 10.0
Sample 50 600 650 10.0 10.8
Sample 50 650 700 10.8 11.7
Blank 50 700 750 11.7 12.5
Blank 50 750 800 12.5 13.3
Sample 50 800 850 13.3 14.2
Sample 50 850 900 14.2 15.0
Blank 50 900 950 15.0 15.8
Blank 50 950 1000 15.8 16.7
Sample 50 1000 1050 16.7 17.5
Sample 50 1050 1100 17.5 18.3
Blank 50 1100 1150 18.3 19.2

A The last pore water sample must be injected within 24 h of the flocculation step (that is, the value for cumulative hours to start must be #24).
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14.1.2 Qualitative Identification Criteria for Total Homolog
Groups (for example, total C2 or C3 alkylnaphthalenes)—
Integration of the alkyl PAHs requires hands-on labor from a
highly experienced analyst. Retention time windows, like those
used for the parent PAHs are inadequate for identifying alkyl
clusters (that can be minutes wide). Proper identification of
alkyl clusters is critical, as is the proper identification of
non-target species that occur at the same nominal mass. Mental
pattern recognition must be used to avoid including non-target
species that may occur at the same mass and retention time
window as the target alkyl PAHs. All alkyl clusters should be
integrated baseline to baseline to sum the total area of the
cluster (adjusting the baseline for detector drift), but not valley
to valley. Manual control of the integration is required for alkyl
clusters.

14.1.2.1 Representative selected ion chromatograms from
coal tar contaminated sediment pore water for all target species
are shown in Appendix X1. The top chromatogram on each
page is the d-PAH internal standard used for the parent and
alkyl PAHs associated with that parent. For example, the first
page shows d8-naphthalene (m/z 136) followed by naphthalene
(m/z 128), the two methylnaphthalene isomers (m/z 142), the
C2 naphthalene cluster (m/z 156), the C3-naphthalene cluster
(m/z 170), and the C4 naphthalene cluster (m/z 184). The
chromatogram also shows a typical interference that occurs in
sediments for the C4-naphthalene cluster, that is, the diben-
zothiophene isomers that occur in the same selected ion
chromatogram as the C4-naphthalene cluster. These interfering
dibenzothiopenes are crossed out, and the correct cluster for
integration (based on full scan analyses of several different
contaminated sediment pore waters) are indicated by brackets.
Similar designations are used to indicate common interfering
peaks and the correct target species in the subsequent chro-
matograms.

14.1.3 The retention time (RT) of the analyte must be no
more than 5 s before the expected RT of the first isomer in the
homolog, based on the continuing windowing solution analy-
sis.

14.1.4 The retention time (RT) of the analyte must be no
more than 5 s after the expected RT of the last isomer in the
homolog, based on the continuing windowing solution analy-
sis.

14.2 Quantitation for Target Analytes:
14.2.1 Sample water concentrations are calculated by divid-

ing the peak area of the sample peak by the peak area of its
d-PAH internal standard, and then dividing the result by the
calibration area ratio per ng, and dividing that result by the
sample water weight.

Concentration ~ng/mL! 5
~area sample peak!/~area d2PAH peak!

~area ratio per ng cal. std! 3 ~sample weight!
(4)

14.2.2 The mean calibration area ratio per ng values from
the daily calibration runs is used for sample concentration
calculations (assuming QA/QC checks with the full calibration
curve meet criteria).

14.2.3 The concentrations of alkyl PAH clusters are based
on the calibration response of their parent PAH as adjusted for
the relative response factor (rrf) for that cluster of species

(including SPME and GC/MS responses) taken from Table 1.
Thus, the concentrations of alkyl clusters are calculated by:

Concentration ~ng/mL! 5 (5)

~area sample cluster!/~area d2PAH peak!

~area ratio per ng parent cal std! 3 ~sample weight!

NOTE 5—The two methylnaphthalene isomers are individual alkyl
peaks (not clusters as in all other alkyl cases) and are treated as parent
PAHs in the calculations.

14.2.4 If no peaks are present at a signal to noise value $3
to 1 in the region of the ion chromatogram where the
compounds of interest are expected to elute, report the result as
“Not Detected” (that is, ND) at the reporting limit.

14.2.5 Depending on project objectives, the results may be
reported to TDLs or estimated detection limits (EDLs).

14.2.5.1 If project-specific guidance requires analysis-
specific EDLs, calculate the detection limit for that compound
according to the following equation:

Estimated Detection Limit 5
N 3 2.5

His 3 ~ar rat/ng!
(6)

where:
N = height of peak to peak noise of quantitation ion

signal in the region of the ion chromatogram
where the compound of interest is expected to
elute,

His = peak height of quantitation ion for appropriate
internal standard, and

ar rat/ng = mean ar rat/ng of compound obtained during
daily calibration.

14.2.5.2 If project-specific guidance requires total toxic
units (TTU) to be reported, calculate the detection limit for that
compound according to the following equations:

TUc 5 Ctu 3 result~ng/mL!
21 (7)

Total Toxic Units ~TTU! 5 (
1

34

TUc (8)

where:
TUc = toxic unit concentration for each individual com-

pound or homolog (ng/mL),
Ctu = concentration for one toxic unit (ng/mL), see Table

2,
result = individual pore water result for a compound or

homolog (ng/mL), and
TTU = total toxic units for all 34 compounds and ho-

mologs.
14.2.6 Flag all compound results in the sample which were

estimated below the lowest calibration level with a “J” quali-
fier.

14.2.7 Flag all compound results in the sample which were
estimated above the upper calibration level with an “E”
qualifier.

15. Precision and Bias

15.1 Single Analyst Precision Statement:
15.1.1 The recommendations of the ASTM task group

members were followed in performing the single-laboratory
study. Three environmental sediment samples were selected
from archived sediments to represent low, medium, and high
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TABLE 7 Precision Statement for SPME Pore Water PAHs

Target Analyte Statistic/Parameter

Study Pore Water Samples

HP-24 HP-3 HP-4

Low Medium High

Naphthalene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) NDA 130.9 975.3
Single Operator Std. Deviation (So) 4.2 42.6
Relative Standard Deviation (%) 3.2 4.4

2-Methylnaphthalene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 20.2 245.4
Single Operator Std. Deviation (So) 0.64 9.89
Relative Standard Deviation (%) 3.2 4.0

1-Methylnaphthalene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 81.7 209.6
Single Operator Std. Deviation (So) 2.4 7.1
Relative Standard Deviation (%) 3.0 3.4

C2-Naphthalenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.33 125.4 324.2
Single Operator Std. Deviation (So) 0.0259 8.61 23.7
Relative Standard Deviation (%) 7.8 6.9 7.3

C3-Naphthalenes Number of Retained Values 7 7 6
Mean Recovery (ng/mL) 0.41 124.9 212.5
Single Operator Std. Deviation (So) 0.029 12.7 5.99
Relative Standard Deviation (%) 7.1 10.2 2.8

C4-Naphthalenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.14 44.6 53.0
Single Operator Std. Deviation (So) 0.025 6.05 5.3
Relative Standard Deviation (%) 17.7 13.6 10.0

Acenaphthylene Number of Retained Values 7 7 6
Mean Recovery (ng/mL) ND 0.16 7.52
Single Operator Std. Deviation (So) 0.020 0.09
Relative Standard Deviation (%) 12.5 1.3

Acenaphthene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.21 44.1 84.8
Single Operator Std. Deviation (So) 0.0125 1.28 2.79
Relative Standard Deviation (%) 6.1 2.9 3.3

Fluorene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.11 23.2 31.6
Single Operator Std. Deviation (So) 0.0071 0.75 1.48
Relative Standard Deviation (%) 6.7 3.2 4.7

C1-Fluorenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.11 22.4 25.8
Single Operator Std. Deviation (So) 0.011 0.86 1.50
Relative Standard Deviation (%) 10 3.8 5.8

C2-Fluorenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 12.7 16.1
Single Operator Std. Deviation (So) 0.88 1.85
Relative Standard Deviation (%) 6.9 11.5

C3-Fluorenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND ND ND
Single Operator Std. Deviation (So)
Relative Standard Deviation (%)

Phenanthrene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.1 31.3 39.2
Single Operator Std. Deviation (So) 0.0069 1.84 3.16
Relative Standard Deviation (%) 6.8 5.9 8.1

Anthracene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.03 6.2 8.2
Single Operator Std. Deviation (So) 0.0007 0.37 0.72
Relative Standard Deviation (%) 2.6 5.9 8.9

C1-phenanthrenes/anthracenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.13 31.9 45.2
Single Operator Std. Deviation (So) 0.0088 1.97 5.76
Relative Standard Deviation (%) 6.9 6.2 12.7

C2-Phenanthrenes/Anthracenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.01 10.3 16.1
Single Operator Std. Deviation (So) 0.0014 0.98 3.43
Relative Standard Deviation (%) 11 9.5 21.3

C3-Phenanthrenes/Anthracenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 4.4 4.4
Single Operator Std. Deviation (So) 0.62 1.55
Relative Standard Deviation (%) 14.1 35.5

C4-Phenanthrenes/Anthracenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 1.2 ND
Single Operator Std. Deviation (So) 0.24
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concentrations of pore water PAHs. Efforts were made to
ensure that sediments were chosen that had a full distribution
of target PAH ring sizes, a range of PAH concentrations found
in environmental sediment samples, and a representative range
in total organic carbon concentration and texture.

15.1.2 The quantitations were based on three- or four-point
calibration curves as verified by daily analysis of duplicate
calibration verification standards at the medium-high concen-
tration level. Prior to sample analysis, the initial calibration
curves must have a coefficient of determination greater than
0.990, and the relative response factors must have a relative
standard deviation of less than 25 % for two to three-ring
PAHs, and less than 30 % for four-ring PAHs. The calibration
verification mean relative response factor must agree with
those of the initial calibration curve within 20 % for two to
three-ring PAHs, and less than 25 % for four-ring PAHs. No
sample data were reported if these criteria were not met. All
method blanks met the requirement that the concentrations be
at or less than 20 % of the Performance Limits for individual
PAHs.

15.1.3 As directed in section 10.3 of Practice D 2777, the
data were evaluated for outliers. The data were evaluated using
the one-sided t-test at the upper 5 % significance level as
described in Practice E 178, Section 6. Two outlying observa-
tions were found for high-level sample HP-4. One C3-
naphthalenes result and one acenaphthylene result for sample
HP-4 were outliers. The mean and single operator standard
deviation were recalculated for sample HP-4 C3-naphthalenes
and acenaphthylene without the outlying observations (that is,
n = 6).

15.1.4 The precision statements for each analyte are shown
on Table 7. For this single-laboratory study, it was assumed
that the calculated standard deviation is equivalent to the single
operator standard deviation (So). Replicate determinations of
sample PAH concentrations typically had relative standard
deviations (RSDs) less than 10 %, with somewhat higher RSDs
for higher molecular weight compounds. The only unusually
high RSDs occurred for the highest molecular weight PAHs
from high-level sample HP 4. The reason for this is that the
saturation limits may have been reached for the high molecular
weight PAHs (that is, C1-phenanthrenes/anthracenes through
C1-chrysenes).

15.1.5 Finally, the variation of individual PAH determina-
tions had no significant effect on the repeatability of the total
toxic unit determinations. See Table 7. This was demonstrated
even though the statistical outliers found in sample HP-4 were
not omitted in the calculation of total toxic units. The RSDs for
the total toxic unit results ranged from 5 to 7 %.

15.2 Single Analyst Bias Statement:
15.2.1 A single laboratory study was performed using the

perdeuterated PAHs d12-benz(a)anthracene and d10-2-
methylnaphthalene spiked at low, medium, and high levels into
environmental sediment samples. The quality control state-
ments for each analyte level sample, obtained from the
perdeuterated spike study, are shown in Tables 8-10. The
quality control statements can also be considered precision and
bias statements because the true spiking levels of the perdeu-
terated PAHs were known. The graphs and regression equa-
tions show the relationship between single-operator standard
deviation and concentration, and mean measured value and

TABLE 7 Continued

Target Analyte Statistic/Parameter

Study Pore Water Samples

HP-24 HP-3 HP-4

Low Medium High

Relative Standard Deviation (%) 20.6
Fluoranthene Number of Retained Values 7 7 7

Mean Recovery (ng/mL) 0.04 5.6 5.8
Single Operator Std. Deviation (So) 0.0028 0.61 0.87
Relative Standard Deviation (%) 6.7 10.9 15.1

Pyrene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.06 6.2 7.7
Single Operator Std. Deviation (So) 0.0038 0.75 1.28
Relative Standard Deviation (%) 6.2 12.1 16.8

C1-Fluoranthenes/Pyrenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.04 5.0 6.1
Single Operator Std. Deviation (So) 0.0033 0.78 1.79
Relative Standard Deviation (%) 7.3 15.8 29.2

Benz[a]anthracene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 0.76 0.75
Single Operator Std. Deviation (So) 0.16 0.33
Relative Standard Deviation (%) 20.8 44.5

Chrysene Number of Retained Values 7 7 7
Mean Recovery (ng/mL) 0.01 0.77 0.79
Single Operator Std. Deviation (So) 0.0009 0.16 0.35
Relative Standard Deviation (%) 10.7 20.5 44.7

C1-Chrysenes Number of Retained Values 7 7 7
Mean Recovery (ng/mL) ND 0.54 0.50
Single Operator Std. Deviation (So) 0.11 0.33
Relative Standard Deviation (%) 21.2 64.9

Total Toxic Units Number of Retained Values 7 7 7
Mean Recovery (units) 0.15 50.4 81.4
Single Operator Std. Deviation (So) 0.01 3.52 5.23
Relative Standard Deviation (%) 4.8 7.0 6.4

A ND: Analyte not detected in the associated sample.
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concentration for both perdeuterated PAHs (see Figs. 1-4). The
figures show the linearity of precision and accuracy with
increasing concentration. The d12-benz(a)anthracene recover-
ies were consistently around 80 %. This may possibly indicate
the consistent suppression of the mass spectral signal by a
near-eluting compound. The recoveries for d10-2-
methylnaphthalene ranged from 81 to 112 %. The repeatability
for the known spike recoveries was consistent; the known spike
RSDs ranged from 3 to 9 %. PAH concentration had no
significant effect on the repeatability of the technique.

16. Quality Control Criteria

16.1 Initial Calibration:
16.1.1 The following acceptance criteria will be used for

initial calibration: (1) The signal to noise (S/N) ratio for the GC
signals present in every selected ion current profile (SICP)

must be $10:1 for the labeled internal standards and calibra-
tion compounds; (2) The percent relative standard deviation
(RSD) for the mean area ratio/ng for labeled internal standards
and the calibration compounds must be less than 30 % for high
molecular weight PAHs and less than 25 % for low molecular
weight PAHs, and the r2 > 0.99. The calibration curve must not
be forced through the origin; (3) The number of calibration
standards may be reduced from four to three based on the
criteria in 12.3 of this test method.

16.1.2 The following corrective action will be adopted for
initial calibration: (1) Initial calibration must be re-established
if the RSD(s) exceed the limit(s); (2) The calibration will not
be re-established in response to a nonconforming RSD if the
sample results are less than the PQL.

16.2 Daily Duplicate Calibration Verifications:

TABLE 8 HP-24 Low Concentration Quality Control

Analyte
True Spiked

Value
(ng/mL)

Number of
Retained
Values

Mean
Recovery
(ng/mL)

Mean
Recovery

(%)

Single
Standard
Deviation

(So)

Relative
Standard
Deviation

(%)

2-Methylnaphthalene-d10 4.68 7 4.33 92.6 0.3161 7.3
Benz[a]anthracene-d12 0.0429 7 0.0352 81.9 0.0031 8.8

TABLE 9 HP-3 Medium Concentration Quality Control

Analyte
True Spiked

Value
(ng/mL)

Number of
Retained
Values

Mean
Recovery
(ng/mL)

Mean
Recovery

(%)

Single
Standard
Deviation

(So)

Relative
Standard
Deviation

(%)

2-Methylnaphthalene-d10 26.7 7 26.7 100.1 0.859 3.2
Benz[a]anthracene-d12 0.25 7 0.199 81.0 0.015 7.5

TABLE 10 HP-4 High Concentration Quality Control

Analyte
True Spiked

Value
(ng/mL)

Number of
Retained
Values

Mean
Recovery
(ng/mL)

Mean
Recovery

(%)

Single
Standard
Deviation

(So)

Relative
Standard
Deviation

(%)

2-Methylnaphthalene-d10 283.9 7 230.7 81.3 11.0 4.8
Benz[a]anthracene-d12 2.61 7 2.13 81.7 0.13 5.9

FIG. 1 2-Methylnaphthalene-d10 Single Standard Deviation versus Spiked Concentration
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16.2.1 The following acceptance criteria will be used for
daily duplicate calibration verifications: (1) The S/N ratio for

the GC signals present in every SICP must be $10:1 for the
labeled internal standards and the calibration compounds; (2)

FIG. 2 Methylnaphthalene-d10 Mean Measured Value versus Spiked Concentration

FIG. 3 Benz[a]anthracene-d12 Single Standard Deviation versus Spiked Concentration

FIG. 4 Benz[a]anthracene-d12 Mean Measured Value versus Spiked Concentration
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The percent differences for the measured area ratio/ng of all
analytes must be within 625 % for high molecular weight
PAHs and less than 620 % for low molecular weight PAHs of
the mean values established during the initial calibration.

16.2.2 The following corrective action will be adopted for
daily duplicate calibration verifications if the first acceptance
criterion is not satisfied: a new initial calibration curve must be
established before sample extracts can be analyzed.

16.3 Flocculation Blanks:
16.3.1 The following acceptance criterion will be used for

flocculation blanks: Prepared as needed to assess contamina-
tion from flocculation reagents and handling. Target analytes
must not be detected above 1⁄3 of the target detection limits or
>20 % of the associated sample result(s).

16.3.2 The following corrective action will be adopted for
flocculation blanks: Locate the source of the contamination;
correct the problem. Re-extract and reanalyze associated
samples that are less than ten times the level of the contami-
nants present in the method blank.

16.4 Extraction and Analytical Blanks:

16.4.1 The following acceptance criterion will be used for
extraction and analytical blanks: Analyzed between every
sample to monitor the baseline. Target analytes must not be
detected above 1⁄3 of the target detection limits or >20 % of the
associated sample result(s).

16.4.2 The following corrective action will be adopted for
extraction and analytical blanks: Locate the source of the
contamination; correct the problem. Re-extract and reanalyze
associated samples that are less than ten times the level of the
contaminants present in the method blank.

16.5 Signal to Noise Ration:
16.5.1 The following acceptance criterion will be used for

signal to noise ratio: The signal to noise (S/N) ratio for the GC
signals present in every selected ion current profile (SICP)
must be $3:1 for target compounds in environmental samples
and $10:1 for the labeled internal standards.

16.5.2 The following corrective action will be adopted for
signal to noise ratio: Reanalyze the sample unless obvious
matrix interference is present.

APPENDIX

(Nonmandatory Information)

X1. ION PLOTS

X1.1 Selected ion chromatograms from a typical coal tar
impacted pore water of d-PAH internal standards (top chro-
matogram of each page), and the related target parent and alkyl
PAHs. Target species are indicated with brackets, and interfer-
ing species are marked with an “X.”
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FIG. X1.1 Naphthalenes
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FIG. X1.2 Methylnaphthalenes
(“s” is a spiked d10-methylnaphthalene surrogate)
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FIG. X1.3 Acenaphthylene/Acenaphthene
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FIG. X1.4 Fluorenes
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FIG. X1.5 Phenanthrenes/Anthracenes
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FIG. X1.6 Fluoranthenes/Pyrenes
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FIG. X1.7 Benz[a]anthracenes/Chrysenes
(“s” is a spiked d12-benz[a]anthracene surrogate)
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Abstract—Polycyclic aromatic hydrocarbon (PAH) partitioning coefficients between sediment organic carbon and water (KOC)
values were determined using 114 historically contaminated and background sediments collected from eight different rural and
urban waterways in the northeastern United States. More than 2,100 individual KOC values were measured in quadruplicate for
PAHs ranging from two to six rings, along with the first reported KOC values for alkyl PAHs included in the U.S. Environmental
Protection Agency’s (U.S. EPA) sediment narcosis model for the prediction of PAH toxicity to benthic organisms. Sediment PAH
concentrations ranged from 0.2 to 8,600 �g/g (U.S. EPA 16 parent PAHs), but no observable trends in KOC values with concentration
were observed for any of the individual PAHs. Literature KOC values that are commonly used for environmental modeling are
similar to the lowest measured values for a particular PAH, with actual measured values typically ranging up to two orders of
magnitude higher for both background and contaminated sediments. For example, the median log KOC values we determined for
naphthalene, pyrene, and benzo[a]pyrene were 4.3, 5.8, and 6.7, respectively, compared to typical literature KOC values for the
same PAHs of 2.9, 4.8, and 5.8, respectively. Our results clearly demonstrate that the common practice of using PAH KOC values
derived from spiked sediments and modeled values based on n-octanol–water coefficients can greatly overestimate the actual
partitioning of PAHs into water from field sediments.

Keywords—Manufactured gas plant Polycyclic aromatic hydrocarbons Sediment KOC values Partitioning

INTRODUCTION

Polycyclic aromatic hydrocarbon (PAH) partitioning co-
efficients between sediment organic carbon and water (KOC

values) are used to predict the bioavailability and general en-
vironmental behavior of individual PAH species. In many ap-
plications, the KOC value for a particular PAH is assumed to
be a constant that can be applied to all sediments. For example,
the U.S. Environmental Protection Agency’s (U.S. EPA) nar-
cosis model requires the measurement of 18 parent and 16
groups of alkyl polycyclic aromatic hydrocarbons (PAH34) in
sediments to calculate the number of PAH toxic units (TU34)
available to benthic organisms. Sediment concentrations for
each PAH (or group of alkyl PAHs) are used along with sed-
iment organic carbon–water partitioning coefficients (KOC) and
octanol–water partitioning coefficients (KOW) to predict tox-
icity [1–4]. However, few experimentally determined values
exist for higher-molecular-weight and alkyl PAHs, especially
for historically contaminated sediments.

An increasing number of reports have showed that mea-
sured KOC values for PAHs can be substantially higher than
those typically used for modeling and predictive investigations
[5–14], and therefore the water concentrations of PAHs are
often lower than those predicted using standard KOC values.
Given the increasing evidence in the literature that there are
multiple carbon types present in sediments and that these car-
bon types can have different sorption affinities for PAHs (and
thus result in different partitioning behavior into water), it
seems unlikely that commonly accepted KOC values are ade-
quate to predict environmental behavior of PAHs in field sed-

* To whom correspondence may be addressed
(shawthorne@undeerc.org).

iments [5]. Several recent reports have shown that PAH KOC

values from sediments having more sorptive carbon forms such
as coke, soot (or black carbon), and pitch can be one to three
orders of magnitude higher than commonly accepted KOC val-
ues for the same PAH [5–14]. In a recent review of measured
KOC values for PAHs [5], Cornelissen et al. concluded that
‘‘the use of generic organic carbon-water distribution coeffi-
cients in the risk assessment of organic compounds is not
warranted and that bioremediation endpoints could be evalu-
ated on the basis of freely dissolved concentrations instead of
total concentrations in sediment/soil.’’ This statement empha-
sizes the need to determine water PAH concentrations and KOC

values for field sediments in order to accurately assess their
environmental partitioning behavior.

Previous reports normally deal with a limited number of
individual PAHs and a small number of sediment samples,
making any generalization of the potential range of PAH KOC

values that actually exist in real-world sediment samples dif-
ficult. None of the previous studies has determined KOC values
for the two- to six-ring PAHs (and their alkyl derivatives) that
are of scientific and regulatory concern from a single sediment,
and no studies have reported values from a large enough num-
ber of sediment samples to allow the range of KOC values that
actually exist in the environment to be explored. Limits in
analytical sensitivity and the resultant need for large sediment
pore-water samples have made such studies prohibitively dif-
ficult, especially for the less soluble five- and six-ring PAHs.
However, the recent application of solid-phase microextraction
for trace determination of PAHs using only 1- to 2-ml samples
of pore water makes determining KOC values for two- to six-
ring PAHs in a large number of sediments more realistic [15].

The purpose of the present study is to present measured
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KOC values from 114 historically contaminated and background
sediments collected from eight different sites. More than 2,100
KOC values are reported, including the first experimentally de-
termined KOC values for several higher-molecular-weight PAHs
and alkyl PAHs for multiple sediment samples. The KOC values
from field sediments are compared to those typically reported
and used in partitioning studies, and the relationships among
PAH identities, PAH concentrations, sediment organic carbon,
and KOC values are discussed. Subsequent reports will include
partitioning coefficients to black carbon (KBC values) and to
dissolved organic carbon (KDOC) for the same suite of samples.
It is the intention of the authors to provide the resultant data
to the scientific community as an electronic database so that
these results can be used to better understand and predict the
partitioning of PAHs that occurs under the broad range of
characteristics that exist in contaminated and background sed-
iments.

EXPERIMENTAL

Sediment samples

More than 200 sediment samples were collected using a
Ponar grab sampler (Forestry Suppliers, Jackson, MS, USA)
at eight different sites in 2003, 2004, and 2005 (Table 1). Six
of the sites were thought to be impacted by former manufac-
tured gas plant (MGP) activities and two by aluminum smelt-
ers. All the MGP sites had ceased production prior to 1960.
Former MGP activities were the most likely source of PAHs
for three of the sites (‘‘rural, light industrial’’ in Table 1), but
the remaining three MGP sites were in heavily industrial or
highly urbanized areas that included other potential PAH
sources (e.g., petroleum storage, transport, and use).

Approximately 15 L each of sediment–water slurry was
immediately transferred to a 20-L bucket, sieved through a 2-
mm screen to remove debris, and briefly mixed before sub-
sampling into new glass jars with Teflon�-lined lids. Samples
(�200 g) were then cooled on ice in the dark and shipped to
the laboratory by overnight air delivery. (The bulk of each
sample was stored separately for subsequent biological test-
ing.) Storage was at 4�C in the dark. The sediment samples
typically had approximately 50 weight % water as stored. Sed-
iment collection and storage procedures were based on pre-
vious recommendations [1,2,16], and all sediments and as-
sociated pore waters were analyzed within 28 d of sample
collection [15,17].

A preliminary estimate of PAH concentrations on each sed-
iment was performed by mixing 2 g of the wet sediment with
2 g of sodium sulfate and extracting with 20 ml of 1:1 acetone/
methylene chloride for 18 h in a bath sonicator and analyzing
the extracts for the so-called 34 PAHs as previously described
[17]. On the basis of these initial estimates of PAH concen-
trations, 114 sediments were selected for additional study to
represent the range of textures, total organic carbon (TOC),
and PAH concentrations (from background to highly contam-
inated) found at the eight sites.

Sediment preparation and analysis

All sediment and pore-water analyses were performed with-
in 28 d of sample collection. Pore-water and sediment samples
were prepared fresh daily as suggested by the U.S. EPA [16]
by transferring approximately 40 ml of the sediment–water
slurry to a certified clean 40-ml glass VOA vial and centri-
fuging for 30 min at 1,000 g. (Higher speed caused the glass
vials to break.) This typically resulted in 10 to 20 ml of pore

water that could be removed with a pipette. Colloidal material
in the pore water was removed by alum flocculation [15].
Perdeuterated PAHs ranging from two to six rings were added
as internal standards, and the pore-water concentrations of the
34 parent and alkyl PAHs were determined using solid-phase
microextraction as previously described [15].

After removal of the pore water, the remaining wet sediment
was recovered, quadruplicate 2-g samples of the sediment were
mixed with an equal weight of sodium sulfate to get a dry and
pourable sample, and each replicate was extracted for 18 h in
a Soxhlet apparatus with 150 ml of 1:1 acetone/methylene
chloride as previously described [17]. Each extract was then
spiked with 5 �l of a mixture of two- to six-ring perdeuterated
PAHs (d-PAHs) as internal standards and analyzed using gas
chromatography/mass spectrometry (GC/MS) with selected
ion monitoring [17]. More dilute extracts were concentrated
under a gentle stream of clean nitrogen prior to GC/MS anal-
ysis. No sediment samples were air dried prior to extraction
in order to avoid any losses of the more volatile PAHs. Rep-
licate portions of each sediment were dried overnight at 80�C
to allow their moisture content to be determined and to allow
presentation of the concentration data on a dry-weight basis.

All pore-water analyses and sediment extractions and anal-
yses were performed in quadruplicate. Detection limits for the
individual PAHs in sediment are given in detail in Hawthorne
et al. [17] and were approximately 1 to 2 ng/g for parent PAHs
and approximately 2 to 30 times higher for the alkyl PAHs.
Detection limits for pore water are reported in detail elsewhere
[15] and vary from approximately 0.5 ng/ml for naphthalene
to approximately 0.05 ng/ml for three- and four-ring PAHs to
approximately 0.002 ng/ml for six-ring PAHs. All analyses
were performed with an Agilent model 5973 GC/MS (Agilent
Technologies, Wilmington, DE, USA) operated in the selected
ion mode for the molecular ions of the target PAHs and d-
PAHs and equipped with a 60-m Agilent HP-5 MS column
(0.25-�m film thickness, 250-�m inner diameter). The possible
presence of petroleum contaminants was routinely evaluated
by monitoring an ion (m/z � 85) that is characteristic for
petroleum alkanes.

TOC

Total organic carbon was determined on air-dried sediment
(80�C for 2 h) after grinding and acidification with 1 M HCl
to remove inorganic carbonates. Elemental analysis (C, H, N)
was performed with a Leeman Labs Model CE440 elemental
analyzer (Hudson, NH, USA). The TOC values were deter-
mined in triplicate for each sediment.

Data acceptance or rejection

All pore-water and sediment PAH analyses were performed
in quadruplicate for all 114 sediment samples. No KOC values
from any of the sediments were rejected. In a few cases, a
replicate pore-water or replicate Soxhlet extract was lost during
laboratory handling. However, a minimum of triplicate pore-
water and sediment analyses were completed for all sediment
samples. For samples near the method detection limits, a min-
imum of three detected values were also required, or KOC data
were not reported. Typical relative standard deviations (RSDs)
for replicate pore water analyses were �15% for lower-mo-
lecular-weight PAHs and �20% for the higher-molecular-
weight PAHs. Only 5% of the pore-water determinations
showed RSDs �30%, and these were normally very low con-
centrations of the higher-molecular-weight PAHs. For sedi-
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Fig. 1. Log KOC values for parent and alkyl polycyclic aromatic hydrocarbons from 114 sediments.

Table 1. Sediment sample description

Site Location Surroundings

Likely
PAHa

sources(s)
Sampling

date

Sediment texture,
min-max wt%

Sand Silt Clay

Total organic carbon,
wt%

Low High Median

A

B

C
D

Freshwater river, eastern
New York ([NY], USA)

Freshwater river and bay,
eastern NY

Freshwater creek, central NY
Oligohaline river, eastern NY

Rural, light industrial

Rural, light industrial

Rural, light industrial
Urban, commercial

MGPb

MGP

MGP
MGP

2003,
2005

2004

2004
2003,

2005

3-93

20-93

40-64
12-77

5-57

3-61

25-43
15-55

2-43

4-19

11-18
8-33

0.4

0.7

3.0
2.5

31.0

6.5

11.0
5.4

4.91

2.8

4.9
3.1

E
F

G

H

Freshwater river, eastern NY
Freshwater river, central NY

Freshwater lake, south central
North Carolina, USA

Freshwater river,
northeastern NY

Urban, industrial
Urban, industrial

Rural, industrial

Rural, industrial

MGP
MGP, general

industry
Aluminum

smelter
Aluminum

smelter

2003
2005

2005

2005

47-94
5-97

1-88

10-56

4-37
1-63

10-40

20-62

2-17
2-46

2-64

10-29

0.6
0.5

0.3

0.7

4.8
13.8

42.4

3.9

3.3
2.4

5.5

3.2

a Polycyclic aromatic hydrocarbons.
b Manufactured gas plant.

ment concentrations, the RSDs for the replicate determinations
were typically �20%. However, some sediments were quite
inhomogeneous and displayed higher RSDs. Approximately
19% of the quadruplicate sediment measurements of individual

PAHs had RSDs �40%. For such sediments, an additional set
of quadruplicate samples were extracted and analyzed, and the
mean of the eight analyses was used for the sediment PAH
concentrations.
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Table 4. Summary of log sediment organic carbon–water partitioning coefficients (KOC) values. KOC units are (�g/kg carbon)/(�g/L)

na
Log KOC

min
Log KOC

max
Log of mean
KOC valuesb

Mean of log
KOC valuesc

Median of log
KOC values

Calculated
log KOC

d

Naphthalene 76 2.45 5.59 4.75 4.26 4.31 3.08
2-Methylnaphthalene 75 3.00 5.96 5.01 4.56 4.55 3.62
1-Methylnaphthalene 88 2.76 5.78 4.71 4.26 4.23 3.63
C2 naphthalenes 89 2.95 5.23 4.53 4.32 4.39
C3 naphthalenes 89 3.04 5.65 4.61 4.33 4.31
C4 naphthalenes 61 3.12 5.56 4.69 4.41 4.43
Acenaphthylene 91 3.76 6.86 5.71 5.11 5.04 3.70
Acenaphthene 109 2.97 5.87 4.82 4.40 4.39 3.68
Fluorene 101 3.23 6.63 5.24 4.71 4.66 3.93
C1 fluorenes 84 3.87 5.85 5.01 4.78 4.82
C2 fluorenes 69 3.02 6.15 5.07 4.76 4.86
Phenanthrene 93 3.60 6.90 5.74 5.20 5.10 4.21
Anthracene 100 4.27 7.51 6.29 5.75 5.69 4.20
C1 phenanthrenes/anthra-

cenes 83 3.89 6.51 5.65 5.34 5.30
C2 phenanthrenes/anthra-

cenes 70 4.42 6.90 5.93 5.60 5.65
C3 phenanthrenes/anthra-

cenes 58 4.52 7.37 6.20 5.79 5.82
C4 phenanthrenes/anthra-

cenes 13 4.77 6.70 5.86 5.52 5.52
Fluoranthene 108 4.32 7.50 6.20 5.79 5.76 4.68
Pyrene 111 4.17 7.40 6.20 5.82 5.81 4.61
C1 fluoranthenes/pyrenes 87 4.36 7.15 6.36 5.96 5.93
Benz[a]anthracene 87 5.08 8.16 6.95 6.55 6.57 5.37
Chrysene 91 5.12 7.79 6.93 6.60 6.64 5.37
C1 chrysenes 51 5.12 7.93 7.11 6.73 6.76
Benzo[b�k]fluoranthene 52 5.61 8.44 7.42 6.88 6.70 5.82
Benzo[e]pyrene 50 5.45 7.98 7.00 6.59 6.47
Benzo[a]pyrene 49 5.53 8.25 7.13 6.68 6.65 5.67
Perylene 30 5.53 7.50 6.84 6.66 6.63
Indeno[1,2,3-cd]pyrene 34 5.78 8.82 7.96 7.57 7.59 6.26
Dibenz[a,h]anthracene 16 6.05 7.68 7.00 6.82 6.92 6.19
Benzo[ghi]perylene 43 5.43 8.91 7.76 7.13 7.03 6.26

a The number of sediments that had sufficient pore-water concentrations to allow KOC values to be determined.
b Log of the average KOC values.
c Mean calculated from the log KOC values.
d Log KOC values based on the correlation of Xia [19] and suggested literature KOW values from the Syracuse Research Corporation, Syracuse,

New York, USA. CHEMFATE data base (http://www.syrres.com/esc/chemfate.htm) accessed March 1, 2006.

RESULTS AND DISCUSSION

Sediment characteristics

The 114 sediments used to determine PAH KOC values rep-
resented a large range of pore-water and sediment PAH con-
centrations as well as TOC and sediment texture (Tables 1 to
3). Sediment textures ranged from gel-like muck to very coarse
sand and gravel. Approximately one half of the sediments had
numbers of mollusks and shell fragments that were largely
removed by sieving with the 2-mm screen. Texture analyses
(sand/silt/clay) showed that the sediments ranged from nearly
pure sand to nearly pure silt and clay (Table 1). In addition to
natural sediment materials such as gravel and mollusk shells,
several showed high amounts of brick fragments and other
industrial residue.

The TOC values range from 0.3 to 42 weight % carbon
(dry basis), although the median TOC values are similar among
the eight sites (Table 1). Sediment PAH concentrations vary
over a very large range, with total sediment PAH concentra-
tions as low as 0.2 �g/g as the total U.S. EPA 16 parent PAHs
(U.S. EPA16, the sum of the 16 parent PAHs normally reported
from U.S. EPA method 8270; http://www.epa.gov/) to as high
as 8,600 �g/g as total U.S. EPA16 (17,600 �g/g as total U.S.
EPA34; Table 2). Similarly, total pore-water concentrations
ranged from 0.02 ng/ml as total U.S. EPA16 to 9,200 ng/ml as

total U.S. EPA16 (corresponding to 10,900 ng/ml as total U.S.
EPA34). Pore-water concentrations were not sufficient for a few
of the alkyl PAHs (C3-fluorenes and the C2- to C4-chrysenes)
to allow quantitation in any of the pore-water samples. It is
important to note that none of the individual PAH concentra-
tions determined in pore-water samples exceeded their satu-
ration water solubility since a flocculation step was used prior
to their determination to remove colloidal material from the
water samples as previously described [15].

PAH partitioning coefficients

Sediment–water partitioning coefficients (KD) determined
for the parent and alkyl PAHs showed nearly four orders of
magnitude variation for each individual PAH, although a large
range in KD values might be expected on the basis of the range
in sediment characteristics, especially TOC (Table 1). How-
ever, the common practice of describing partitioning behavior
using KOC rather than KD does little to reduce the range in
partitioning coefficients. As shown in Figure 1 for the 2,158
values measured in this study, the KOC values showed a high
degree of variation, up to three orders of magnitude, for nearly
all the individual PAHs. Also note that, although there are only
a few extreme KOC values (e.g., the lowest value for naphtha-
lene in Fig. 1), the KOC values for each PAH are fairly evenly
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Fig. 2. Log sediment organic carbon–water partitioning coefficients (KOC) values for representative polycyclic aromatic hydrocarbons from each
site. The characteristics of sample sites A to H are listed in Table 1.

Fig. 3. Selected ion current chromatograms of naphthalene and alkyl
naphthalenes from sediment pore water.

distributed over two to three orders of magnitude. These results
clearly show that the use of a single KOC value to predict the
behavior of a particular PAH is not sufficiently accurate for
the range of sediments and PAH partitioning behaviors that
actually exist in field sediment sites, likely as a result of a
range of carbon types having different sorption characteristics
that exist at such sites [5,18].

The range, mean, and median KOC values are summarized
in Table 4, along with those from modeled values based on
available literature KOC values and KOW values [19]. Note that
few measured KOC values from historically contaminated sed-
iments are actually available for use in these models (especially

for higher-molecular-weight and alkyl PAHs), and the majority
of the KOC values used for the model correlations have been
determined in spiked (rather than historically contaminated)
sediments. In general, the median KOC value determined in our
sediments was an order of magnitude higher than the literature
KOC values. Although the lowest KOC values we measured were
somewhat lower than the literature KOC values, the majority
of our measured KOC values were significantly higher than the
measured literature values or the predicted KOC values (Table
4). It should also be noted that other common models used to
estimate log KOC values, including those proposed by Karick-
hoff [20] and the U.S. EPA’s SPARC model [2], give log KOC

values similar to those listed in Table 4 based on the model
of Xia [19] and thus are generally much lower than the mea-
sured sediment KOC values.

The high values of KOC we obtained for many sediments is
supported by an increasing number of reports that have been
recently reviewed [5], although only a limited number of PAHs
and sediments have been studied. In one of the more extensive
studies, Jonker and Smedes [21] reported KOC values for three-
to six-ring PAHs that are nearly identical to our highest KOC

values shown in Table 4. For example, the highest log KOC

values they reported for phenanthrene, benz[a]anthracene, and
benzo[ghi]perylene were 6.7, 8.0, and 9.3, respectively, which
compare closely to the highest log KOC values we measured
for the same PAHs of 6.9, 8.2, and 8.9.

The dependence of KOC values on the site location appeared
to be significant for some sites; however, it did not appear to
be related to the likely source of PAHs as shown for repre-
sentative PAHs in Figure 2. For example, the aluminum smelt-
er site G consistently had high KOC values, while the other
aluminum smelter site (H) had among the lowest KOC values.
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Fig. 4. Effect of polycyclic aromatic hydrocarbon (PAH) sediment
concentrations on sediment organic carbon–water partitioning coef-
ficients (KOC) values for representative two- to six-ring PAHs.

Table 5. Log sediment organic carbon–water partitioning coefficients (KOC) values for sediments with and without nonaqueous-phase liquids
(NAPL) phases

No NAPL or sheen present

Mean
log KOC SDa

Median
log KOC n

NAPL or sheen present

Mean
log KOC SD

Median
log KOC n

Naphthalene 4.40 0.62 4.41 50 4.03 0.85 3.93 27
2-Methylnaphthalene 4.66 0.57 4.63 45 4.45 0.75 4.41 31
1-Methylnaphthalene 4.36 0.58 4.30 57 4.13 0.73 4.10 32
C2 naphthalenes 4.41 0.41 4.50 60 4.17 0.56 4.17 30
C3 naphthalenes 4.41 0.48 4.36 59 4.17 0.57 4.12 31
C4 naphthalenes 4.46 0.43 4.43 35 4.35 0.65 4.43 26
Acenaphthylene 5.27 0.72 5.18 60 4.83 0.67 4.73 32
Acenaphthene 4.47 0.57 4.41 77 4.27 0.64 4.38 33
Fluorene 4.77 0.54 4.72 69 4.60 0.79 4.60 33
C1 fluorenes 4.79 0.44 4.84 55 4.79 0.51 4.78 30
C2 fluorenes 4.77 0.55 4.84 42 4.75 0.61 4.86 27
Phenanthrene 5.28 0.58 5.16 61 5.07 0.77 5.02 33
Anthracene 5.87 0.65 5.79 68 5.49 0.69 5.57 33
C1 phenanthrenes/anthracenes 5.44 0.51 5.39 55 5.16 0.54 5.19 29
C2 phenanthrenes/anthracenes 5.61 0.54 5.61 44 5.58 0.61 5.73 26
C3 phenanthrenes/anthracenes 5.79 0.60 5.86 32 5.80 0.61 5.77 26
C4 phenanthrenes/anthracenes 5.63 0.83 5.52 4 5.48 0.31 5.52 9
Fluoranthene 5.87 0.61 5.76 75 5.62 0.59 5.76 34
Pyrene 5.91 0.60 5.88 78 5.61 0.59 5.77 34
C1 fluoranthenes/pyrenes 6.03 0.64 5.93 57 5.83 0.63 6.01 31
Benz[a]anthracene 6.60 0.59 6.57 58 6.47 0.62 6.59 30
Chrysene 6.67 0.57 6.63 61 6.47 0.59 6.66 31
C1 chrysenes 6.69 0.62 6.64 31 6.80 0.69 6.91 20
Benzo[b�k]fluoranthene 6.89 0.72 6.70 33 6.85 0.62 6.70 19
Benzo[e]pyrene 6.59 0.68 6.44 31 6.59 0.55 6.59 19
Benzo[a]pyrene 6.76 0.65 6.68 34 6.49 0.49 6.48 15
Perylene 6.74 0.43 6.75 18 6.55 0.41 6.44 12
Indeno[1,2,3-cd]pyrene 7.57 0.65 7.62 21 7.57 0.59 7.54 13
Dibenz[a,h]anthracene 6.82 0.48 6.80 9 6.81 0.38 6.97 7
Benzo[ghi]perylene 7.19 0.77 7.06 30 7.01 0.51 6.99 13

a Standard deviation.

Fig. 5. Effect of polycyclic aromatic hydrocarbon (PAH) sediment
concentration per gram of organic carbon on sediment organic carbon–
water partitioning coefficients (KOC) values for representative two- to
six-ring PAHs. TOC � total organic carbon.
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Fig. 6. Log sediment organic carbon–water partitioning coefficients (KOC) values for background sediments (U.S. EPA16 � 10 mg/kg). U.S. EPA16

refers to the sum of the 16 parent polycyclic aromatic hydrocarbons as defined in the U.S. Environmental Protection Agency method 8270 (http:
//www.epa.gov/).

Similarly, the MGP site D had consistently high KOC values,
while the remaining MGP sites had KOC values fairly evenly
distributed across the range shown by the other sites.

KOC values for alkyl PAHs

With the exception of 1- and 2-methylnaphthalene, each
alkyl PAH included in the EPA34 list actually consists of sev-
eral isomers that are reported as one compound. For example,
the selected ion chromatograms in Figure 3 show the naph-
thalene and alkyl naphthalene isomers from a pore-water sam-
ple. Note that the so-called C2-naphthalene PAH actually con-
sists of seven major (and several minor) different dimethyl-
or ethyl-naphthalene compounds. Similarly, the C3-naphtha-
lene PAH includes 12 major isomers and several minor
isomers. All the other alkyl PAHs on the U.S. EPA34 list in-
cludes a similarly complex (or more complex) mixture of iso-
mers. Thus, the alkyl PAHs on the U.S. EPA34 list actually
summarize the concentrations of several hundred individual
alkyl PAH isomers into only 16 groups of alkyl isomers.

Unfortunately, there are very few standard compounds
available for alkyl PAHs that allow quantitative calibration of
individual alkyl PAH isomers. Therefore, the concentrations
of the alkyl PAHs are reported for each isomeric group based

on calibration with the few alkyl PAH standards available [2,
15,17]. As a consequence, the log KOC values for alkyl PAHs
shown in Figure 1 and Table 4 represent the average parti-
tioning behavior of all the isomers present in each particular
isomeric group. For example, log KOC values reported for the
C2-alkylnaphthalenes shown in Figure 3 represent the average
partitioning behavior for the seven major isomers that make
up the C2-alkylnaphthalene group.

Effect of NAPL phase on KOC values

Sediment samples collected from urban and industrial sites
frequently have hydrocarbon phases (sheen or nonaqueous
phase liquids [NAPLs]) separate from the bulk sediment that
could affect PAH partitioning. Any realistic approach to the
regulation and mitigation of real-world sites must be able to
incorporate such sediments into predictive modeling efforts.
In the present study, 34 out of 114 sediments had observable
NAPL and/or sheen (based on field observations during sample
collection and homogenation). Since the presence of a separate
hydrocarbon phase could influence the observed KOC values,
the KOC values from sediments containing NAPL were com-
pared to those that contained no observable NAPL phase. Sur-
prisingly, removal of the NAPL-containing sediments did not
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reduce the variation in KOC values seen in the other sediments,
as shown in Table 5. Regardless of the presence or absence
of a NAPL phase, there were no significant differences in the
range and median log KOC values for all the PAHs (Table 5),
and all the 34 PAH KOC values agree with those in Table 4
that represent all 114 sediments.

Effect of PAH sediment concentrations on measured KOC

values

Nonlinearity in PAH sorption is normally assumed as PAH
concentrations increase and has led to the use of Freundlich
parameters to adjust KOC values as sorption sites become in-
creasingly occupied [10,22,23]. When single sediments are
spiked at increasing concentrations, the KOC values tend to
drop as much as an order of magnitude [10]. However, PAH
concentrations do not appear to have any significant influence
on KOC values when measured for multiple sediment samples,
as shown for representative PAHs in Figure 4. For example,
the sediment concentration of pyrene varies from 0.02 to 740
�g/g, yet no trend in KOC values with concentration exists (Fig.
4). Similarly, the sediment concentrations of the other PAHs
shown in Figure 4 also have ranges in concentration of four
to five orders of magnitude, but no apparent effect of concen-
tration on log KOC values can be observed. When the concen-
trations are plotted per gram TOC (rather than per gram dry
sediment), once again no significant relationship of KOC to PAH
concentration is observed (Fig. 5).

A comparison of the KOC values determined for the back-
ground sediments and the impacted sediments also showed no
observable differences. Figure 6 shows the log KOC values of
representative two- to six-ring PAHs determined for sediments
having total (U.S. EPA16) PAH concentrations of �10 �g/g
(corresponding to �30 �g/g of the total U.S. EPA34 PAHs).
Although many fewer KOC values could be determined in the
background sediments (especially for the higher-molecular-
weight PAHs), a comparison of Figure 6 with the KOC data for
the entire sample set (Fig. 1) shows no major shift in the KOC

values for the background versus impacted sediments.

CONCLUSION

The KOC values determined for parent and alkyl PAHs from
114 background and contaminated sediments demonstrate that
a better understanding of PAH partitioning behavior with dif-
ferent types of sediment carbon is needed to support the use
of equilibrium partitioning models for their application to real-
world sediments. It is important to note that most prior par-
titioning studies utilized a much narrower range of PAH con-
centrations and of sediment types than those reported here.
However, all the sediments used in the present study are from
sites that are under regulatory scrutiny and therefore are rep-
resentative of the types of sites that are of highest concern to
regulatory agencies and industry. Therefore, despite the dif-
ficulty in working with such a wide range of sediment char-
acteristics and PAH concentrations, it is important that parti-
tioning data that are used for regulatory models be relevant
to sites where those models are applied to determine mitigation
responses.
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Abstract—Polycyclic aromatic hydrocarbon (PAH) desorption partition coefficients between black carbon and water (KBC) were
determined using 114 historically contaminated and background sediments from eight different rural and urban waterways. Black
carbon was measured after oxidation at 375�C for 24 h. Organic carbon–water partition coefficients (KOC) required for the calculation
of KBC values were determined for two- to six-ring parent and C1- to C4-alkyl PAHs based on the lower range of measured KOC

values from the same sediments and comparisons to literature KOC values. Approximately 2,050 log KBC values were determined
on sediments having a range of total organic carbon from 0.3 to 42% by weight, black carbon from 0.1 to 40% by weight, and
total PAH concentrations (U.S. Environmental Protection Agency 16 parent PAHs) from 0.2 to 8,600 �g/g. Contrary to expectations,
PAH partitioning was not better explained using the combined KOC and KBC models rather than the simple KOC model (i.e., KBC

values for each individual PAH ranged nearly three orders of magnitude). No effect of PAH concentration on measured KBC values
was apparent. Values of KBC also showed no trends with total organic carbon, black carbon, or the presence or absence of a non–
aqueous phase liquid. Multiple linear regression analysis with KOC and KBC as fitted values also failed to explain the variance of
the experimental data (r2 values typically less than 0.20, and standard errors greater than two orders of magnitude). These results
demonstrate that models of PAH partitioning that account for different carbon types, although useful for understanding partitioning
mechanisms, cannot yet be used to accurately predict PAH partitioning from historically contaminated sediments.

Keywords—Manufactured gas plant Polycyclic aromatic hydrocarbons Sediment Black carbon–water partition
coefficients Organic carbon–water partition coefficients

INTRODUCTION

It has become increasingly obvious that conventional or-
ganic carbon–water partition coefficients (KOC) are not suffi-
cient for predicting polycyclic aromatic hydrocarbon (PAH)
partitioning behavior in sediments and that the use of con-
ventional literature KOC values often overpredicts water PAH
concentrations [1–7]. In an effort to increase the ability of
equilibrium partitioning models to predict PAH water concen-
trations based on measured sediment concentrations, recent
studies have included a second carbon phase for soot or black
carbon (BC) in addition to the conventional natural organic
carbon (OC) phase [7–18]. Thus, the measured partition co-
efficient (KD) is explained by the combined effects of natural
and soot carbon with the following equation: KD � ( fOCKOC)
� ( fBCKBC), where fOC and fBC are the fraction of natural OC
and BC, respectively, and KOC and KBC are the water partition
coefficients for natural OC and BC, respectively [14].

Improved descriptions of PAH partitioning have been re-
ported using this approach. Only a small number of measured
KBC values have been reported in the literature, however, and
the majority of those are with spiked rather than with histor-
ically contaminated sediments. In addition, KBC values reported
by different investigators for the same PAH vary significantly,
possibly because of procedural differences in determining BC
among different laboratories as well as the difficulties in mea-
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suring relevant PAH concentrations in water, especially for the
less soluble higher-molecular-weight PAHs. Without consis-
tency in KBC values, it is difficult to determine whether com-
bined KOC and KBC partitioning models are useful for improving
the prediction of PAH behavior under environmental condi-
tions.

Traditionally, KOC values reported in the literature have been
based on total organic carbon (TOC) and more properly could
be called KTOC values. For sediments that contain significant
BC, KTOC describes the combined partitioning behavior with
both natural OC and BC. For the purposes of the present paper,
we will use the term KTOC to describe the partitioning based
on TOC, KOC to describe partitioning with natural OC, and
KBC to describe partitioning with BC.

In Part 1 of this series [2], we measured more than 2,000
KTOC values in 114 historically contaminated and background
sediments for all the two- to six-ring PAHs and alkyl PAHs
included in the U.S. Environmental Protection Agency (EPA)
PAH hydrocarbon narcosis model [19]. The measured values
in Part 1 [2] showed that the use of commonly accepted lit-
erature KOC values often greatly overpredicts water PAH con-
centrations and that commonly used KOC values are among the
lowest that actually occur in field sediments. Subsequent tox-
icity studies with Hyalella azteca also demonstrated that the
bioavailability and resultant toxicity was greatly overpredicted
using conventional KOC values for the majority of sediments
tested [18,20].

The purpose of the present study was to test the combined
KOCKBC partitioning model for the same 114 sediments and for
the entire range of parent and alkyl PAHs included in the U.S.
EPA hydrocarbon narcosis model for PAH mixtures [19]. The
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Table 1. Summary of sediment total organic carbon (TOC) and black carbon (BC) from manufactured gas plant (MGP) and aluminum smelter
sites

Site

TOC (% dry wt)

Low High Median

BC (% dry wt)

Low High Median

Fraction of BC vs TOC (%)

Low High Median n

MGP 0.37 31.0 4.86 0.25 20.62 2.52 10 87 47 33
MGP 0.73 6.5 2.83 0.23 1.07 0.50 5 65 27 8
MGP 3.05 11.0 4.86 0.43 5.0 2.17 14 48 43 4
MGP 2.46 5.4 3.13 0.38 3.7 1.13 15 71 37 14
MGP 0.55 4.8 3.32 0.22 4.1 1.13 20 84 42 10
MGP, general industry 0.47 13.8 2.39 0.11 7.1 0.49 8 71 22 21
Aluminum smelter 0.30 42.4 5.49 0.15 39.7 4.26 9 100 75 12
Aluminum smelter 0.73 3.9 3.22 0.09 1.2 0.74 13 38 23 12

Total 114

hope is that a set of suggested KBC values can be determined
that can be used in conjunction with conventional KOC values
to predict more accurately the partitioning behavior for all of
the 18 parent and 16 groups of alkyl PAHs (EPA34) included
in the U.S. EPA narcosis model for benthic organisms. As
currently applied by several investigators, the combined
KOCKBC model is based on the assumption that the KOC value
for each PAH is constant for all sediments; that is, accepted
literature KOC values for each are used to calculate KBC values
based on measured partitioning data [8,11,13–16]. Because
accepted measured KOC values required to calculate KBC values
are not available for many of the higher-molecular-weight and
alkyl PAHs, we suggest KOC values for these species based on
the available literature values and from those we measured in
Part 1 [2].

Finally, multiple linear regression analysis was performed
on the same data set with KOC and KBC as fitted values. This
statistical approach tested the ability of the KOCKBC model to
fit the experimental partitioning data without requiring the
assumption that KOC values for each PAH were constant; in
other words, both KOC and KBC were varied in an attempt to
best fit the model to the experimental data.

MATERIALS AND METHODS

Sediment samples

The sediment samples used in the present study were de-
scribed in more detail in Part 1 [2]. Briefly, sediments were
collected during the years 2003, 2004, and 2005 at six different
sites thought to be impacted by former manufactured gas plant
activities and at two sites thought to be impacted by aluminum
smelters. All sediments were homogenized in the field, shipped
overnight on ice, and stored at approximately 4�C. All sedi-
ment and pore-water PAH concentrations were determined in
quadruplicate within 28 d of sample collection as described
previously [2,21,22].

Total organic and black carbon

Total organic carbon was determined on air-dried sediment
(80�C for 2 h) after grinding to a fine powder and acidification
with 1 M HCl (2 ml for 1 g of sediment) to remove inorganic
carbonates. After acidification, each sediment was observed
for bubbles for several minutes. If bubbling occurred, the acid-
ification was repeated to ensure complete removal of carbon-
ates. Black (or soot) carbon was determined using the 375�C
oxidation method followed by acidification as described above
[16]. A subset of the sample that had been prepared for TOC
analysis was oxidized at 375�C in air for 24 h, then acidified
to remove any formed carbonates. A gas chromatographic oven

(Model 5890 Series 2; Hewlett-Packard, Avondale, PA, USA)
was used for the oxidation step to ensure precise temperature
control. Elemental analysis before and after oxidation was per-
formed with a Model CE440 elemental analyzer (Leeman
Labs, Hudson, NH, USA). All TOC and BC values were de-
termined in triplicate or quadruplicate for each sediment. Nat-
ural OC was defined as the difference between TOC and BC.

Statistical data analysis

Multiple linear regression analysis was performed using
MINITAB� Release 14 statistical software (Minitab, State Col-
lege, PA, USA). The response variable was KD, and the two
predictor variables were fOC and fBC. The fitted values (regres-
sion coefficients) were KOC and KBC. The ability of the two
carbon–type model to fit the experimental data was evaluated
using both linear and log-transformed data. The regression
equation was KD � ( fOCKOC) � ( fBCKBC).

RESULTS AND DISCUSSION

Sediment characteristics

The 114 test sediments included both background and high-
ly impacted samples with a broad range of textures and TOC
and BC values as summarized in Tables 1 and 2 (more detailed
data regarding PAH concentrations and texture, along with
details of the sediment collection and preparation, are given
in Part I [2]). Sediment textures ranged from gel-like muck to
very coarse sand and gravel. Texture analyses (sand/silt/clay)
showed that the sediments ranged from nearly pure sand to
nearly pure silt and clay. In addition to natural sediment ma-
terials, such as gravel and mollusk shells, several sediments
showed high amounts of brick fragments and other industrial
residue. Total organic carbon values ranged from 0.3 to 42%
dry weight. Carbon types ranged from 95% natural OC to
100% BC, and sediment BC values ranged from 0.09 to 40%
dry weight (Table 1).

Sediment PAH concentrations vary over a very large range,
with total sediment PAH concentrations from as low as 0.2
�g/g as the total U.S. EPA 16 parent PAHs normally reported
from U.S. EPA Method 8270 to as high as 8,600 �g/g as total
U.S. EPA 16 parent PAHs (EPA16; 17,600 �g/g of total EPA34)
(Table 2). Similarly, total pore-water concentrations ranged
from 0.02 ng/ml as total EPA16 to 9,200 ng/ml as total EPA16

(corresponding to 10,900 ng/ml of total EPA34). Pore-water
concentrations were not sufficient for a few of the alkyl PAHs
(C3-fluorenes and the C2- to C4-chrysenes) to allow quanti-
tation in any of the pore-water samples. It is important to note
that none of the individual PAH concentrations determined in
pore-water samples exceeded their saturation water solubility,
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Table 2. Summary of pore-water and sediment polycyclic aromatic hydrocarbon (PAH) concentrations

Pore-water concn. (ng/ml)

na Minb Max Medianc

Sediment concn. (�g/g dry-wt basis)

na Minb Max Medianc

Naphthalene 73 0.06 8,405 0.32 112 0.02 1,197 0.8
2-Methylnaphthalene 74 0.01 1,288 0.04 112 0.01 559 0.4
1-Methylnaphthalene 87 0.01 1,141 0.16 112 0.003 383 0.3
C2-naphthalenes 85 0.30 952 1.41 112 0.08 1,105 2.1
C3-naphthalenes 89 0.10 851 1.13 112 0.05 651 1.9
C4-naphthalenes 60 0.20 400 0.52 103 0.05 360 1.6
Acenaphthylene 90 0.001 41 0.11 111 0.01 132 1.1
Acenaphthene 107 0.01 462 0.49 112 0.01 675 0.7
Fluorene 99 0.001 143 0.23 112 0.01 547 0.7
C1-fluorenes 84 0.04 69 0.50 112 0.09 391 2.0
C2-fluorenes 68 0.09 51 0.60 103 0.04 383 2.2
Phenanthrene 92 0.009 155 0.48 112 0.05 1,443 6.5
Anthracene 98 0.001 35 0.10 111 0.01 1,202 4.0
C1-phenanthrenes/anthracenes 82 0.03 72 0.48 112 0.12 1,481 10.8
C2-phenanthrenes/anthracenes 69 0.10 45 0.54 112 0.25 2,422 17.6
Fluoranthene 106 0.002 33 0.38 112 0.02 741 13.0
Pyrene 108 0.001 21 0.36 112 0.02 737 13.0
C1-fluoranthenes/pyrenes 85 0.02 25 0.25 112 0.03 1,163 17.5
Benz[a]anthracene 85 0.0001 3.1 0.02 111 0.00 373 7.5
Chrysene 89 0.0005 2.9 0.03 111 0.01 396 8.5
C1-chrysenes 49 0.02 5.1 ND 111 0.02 788 15.2
Benzo[b�k]fluoranthene 52 0.006 2.1 ND 112 0.02 418 10.6
Benzo[e]pyrene 50 0.003 2.0 ND 112 0.005 151 4.2
Benzo[a]pyrene 48 0.01 2.8 ND 112 0.01 339 8.5
Perylene 30 0.004 0.47 ND 112 0.004 72 2.3
Indeno[1,2,3-cd]pyrene 33 0.001 0.16 ND 110 0.01 314 9.4
Dibenz[a,h]anthracene 16 0.003 0.19 ND 103 0.00 89 1.8
Benzo[ghi]perylene 42 0.01 0.26 ND 110 0.01 165 4.6
Total 34 PAHsd ND 10,867 16.0 1.3 17,583 232
Total U.S. EPA 16 PAHse ND 9,246 5.1 0.2 8,577 92

a n � number of detected concentrations out of the 114 sediment samples.
b The lowest concentration detected is reported. Detection limits are given in Hawthorne et al. [21,22].
c Median concentrations were determined including the nondetect (ND) values.
d Sum of all parent and alkyl PAHs in the table using the PAH species defined by the U.S. Environmental Protection Agency (EPA) hydrocarbon

narcosis model.
e The sum of the 16 parent PAHs as defined in U.S. EPA Method 8270.

because a flocculation step was used before their determination
to remove colloidal material from the water samples as pre-
viously described [21].

Selection of log KOC values

Values of KBC are calculated based on the equation

n�1K � f K � f K CD OC OC BC BC W

where CW is the water PAH concentration and n is the Freun-
dlich isotherm exponent (typically reported for PAHs as �0.7
to 1 [13–15]). This equation is easily solved so that

n�1K � (K � f K )/( f C )BC D OC OC BC W

Values of KD for each PAH from each sediment are known
from the measured pore-water and sediment concentrations of
individual PAHs. The term is used to describe the inhi-n�1CW

bition of sorption at higher concentrations that is observed in
spiking studies, and the term must be set to one (n � 1) to
compare PAH desorption from a broad range of field (not
spiked) sediments. Values of KOC must be assigned a constant
number to calculate KBC values; for example, the accepted
literature values are used for KOC. Measured KOC values, how-
ever, are not available for most of the PAHs on the EPA34 list,
especially the higher-molecular-weight and alkyl PAHs. Dif-
ferent correlations have been used to predict KOC values based
on KOW values [23–25], but measured KOW values also are not
available for many PAHs (especially the alkyl PAHs) in the

EPA34 list. This lack of suitable KOC data could cause signif-
icant error in calculating KBC values from our experimental
data, because appropriate KOC values are not available for so
many of the target parent and alkyl PAHs and predictive cor-
relations (especially regarding those PAHs for which neither
measured KOW or KOC values are available) may not be suf-
ficiently accurate.

In Part 1 [2], we noted that the limited number of measured
literature KOC values that are available for individual PAHs fit
well with the minimum values that we determined for the KTOC

of the 114 sediments. Therefore, we investigated whether using
the lowest 10% of the KTOC values determined for each PAH
from the 114 sediments would give reasonable standard KOC

values compared to the KOC values in the literature. Table 3
shows a comparison of the log KOC values that we determined
based on the mean of the lowest 10% of the values determined
in Part 1 with measured literature log KOC values and those
predicted from two commonly used correlations that calculate
KOC based on measured KOW values that were developed by
Xia [24] and Nguyen et al. [23]. Note that the log KOC values
that we propose based on the mean of the lowest 10% of the
KTOC values measured in Part 1 generally agree well with those
from both the Xia [24] and Nguyen et al. [23] correlations as
well as with the experimentally determined log KOC values.
This generally good agreement for the low- to high-molecular-
weight PAHs in Table 3 indicates that our proposed log KOC
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Table 3. Modeled and measured organic carbon–water partition coefficients (KOC)

Modeled log KOC

Xiaa Nguyen et al.b

Measured log KOC

Literaturec Meand SDe n

Naphthalene 3.08 2.84 2.94 3.02 0.31 8
2-Methylnaphthalene 3.62 3.46 3.36 0.22 8
1-Methylnaphthalene 3.63 3.47 3.16 0.28 9
C2-naphthalenes 3.63 0.14 8
C3-naphthalenes 3.33 0.20 9
C4-naphthalenes 3.34 0.18 6
Acenaphthylene 3.70 3.55 4.02 0.12 9
Acenaphthene 3.68 3.53 3.37 0.29 11
Fluorene 3.93 3.82 3.45 3.65 0.24 10
C1-fluorenes 3.94 0.07 8
C2-fluorenes 3.67 0.31 7
Phenanthrene 4.21 4.14 4.18 0.27 9
Anthracene 4.20 4.12 4.20 4.60 0.21 10
C1-phenanthrenes/anthracenes 4.38 0.24 8
C2-phenanthrenes/anthracenes 4.64 0.15 7
C3-phenanthrenes/anthracenes 4.74 0.18 6
C4-phenanthrenes/anthracenes 4.77 0.18 2
Fluoranthene 4.68 4.68 4.62 4.74 0.29 11
Pyrene 4.61 4.61 4.80 4.70 0.32 11
C1-fluoranthenes/pyrenes 4.75 0.32 9
Benz[a]anthracene 5.37 5.48 5.48 0.26 9
Chrysene 5.37 5.48 5.30 5.50 0.27 9
C1-chrysenes 5.49 0.28 5
Benzo[b�k]fluoranthene 5.87 0.23 5
Benzo[e]pyrene 5.53 0.11 5
Benzo[a]pyrene 5.67 5.83 5.68 0.13 5
Perylene 5.88 0.37 3
Indeno[1,2,3-cd]pyrene 6.41 0.55 3
Dibenz[a,h]anthracene 6.31 6.13 0.11 2
Benzo[ghi]perylene 6.11 0.39 6

a Calculated using the correlation in Xia [24] and suggested octanol–water partition coefficients (KOW) values from the Syracuse Research
Corporation CHEMFATE database (Syracuse, NY USA; http://www.syrres.com/esc/chemfate.htrm, accessed January 15, 2007).

b Calculated using the correlation in Nguyen et al. [23] and KOW values from the CHEMFATE database.
c Measured values taken from the CHEMFATE database.
d Mean log KOC values for the lowest 10% of values reported for 114 sediments in Hawthorne et al. [2].
e SD � standard deviation.

values for the alkyl PAHs as well as for the parent PAHs are
valid. Therefore, the measured log KOC values we report in
Table 3 were used to calculate log KBC values discussed below.

Log KBC values

As discussed in Part 1 [2], sediment–water partition coef-
ficients as determined for the parent and alkyl PAHs showed
nearly four orders of magnitude variation for each individual
PAH, although a large range in KD values might be expected
based on the range in sediment characteristics, especially TOC
(Table 1). The common practice of describing partitioning be-
havior using KOC (or KTOC) rather than KD, however, did little
to reduce the range in partition coefficients, and measured KTOC

values for these sediments ranged over approximately three
orders of magnitude.

Log KBC values determined for the field sediments in the
present study are summarized in Table 4, and the entire set of
experimental values is shown in Figure 1. Although the models
based on two types of carbon sorption assume that log KBC

values would be similar among all sediments for a particular
PAH, the actual experimental values based on field sediments
vary by approximately three orders of magnitude, similar to
the variation shown for the same sediments and PAHs for log
KTOC values in Part 1 [2]. Thus, even though the concept of
combining water partition coefficients for natural OC and black
(or soot) carbon has helped to describe PAH partitioning be-

havior for a few sediments in previous studies, the results
presented in Table 4 and in Figure 1 clearly demonstrate that
the two carbon–type model cannot be used to predict water
concentrations accurately for the range of behavior that occurs
in background and historically contaminated field samples.

It might be expected that partitioning behavior at a single
site would be more consistent, because sediments from a single
site may have more similar carbon types. In Part 1 [2], however,
it was shown that log KTOC values at a single site also were
highly variable, and KTOC values typically ranged by more than
two orders of magnitude at most sites. Unfortunately, log KBC

values show a similarly broad range for the individual sites in
the present study, thus demonstrating that the combined KOC

and KBC model’s predictions of pore-water concentrations
would not be accurate even for a single site. This likely is a
consequence of the multiple carbon sources found at industrial
sites, even ones that are relatively isolated from different in-
dustries. For example, at one site used in the present study,
where only a former manufactured gas plant had significant
impact on the sediment, different carbon types, including soot,
coal tar pitch, charcoal, wood, coal, and coke have been iden-
tified [11].

Interestingly, experimentally determined log KBC values re-
ported by different groups in the literature also show a great
deal of variation. Our median log KBC values (Table 4) agree
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Table 4. Measured black carbon–water partition coefficients (KBC) for 114 field sediments

log KBC
a

n Min Max Median Mean

Naphthalene 73 3.02 6.52 4.62 4.73
2-Methylnaphthalene 72 3.49 6.54 5.00 5.03
1-Methylnaphthalene 84 3.31 6.30 4.79 4.76
C2-naphthalenes 81 3.66 5.95 4.95 4.84
C3-naphthalenes 83 3.55 6.42 4.91 4.85
C4-naphthalenes 58 3.36 6.06 5.05 4.93
Acenaphthylene 88 4.13 7.53 5.56 5.54
Acenaphthene 104 3.57 6.48 4.90 4.89
Fluorene 97 3.85 6.85 5.19 5.17
C1-fluorenes 80 3.95 6.32 5.34 5.23
C2-fluorenes 66 3.83 6.34 5.37 5.25
Phenanthrene 90 4.32 7.40 5.61 5.65
Anthracene 97 4.53 8.35 6.12 6.20
C1-phenanthrenes/anthracenes 81 4.41 7.01 5.93 5.79
C2-phenanthrenes/anthracenes 67 4.84 7.16 6.08 6.04
C3-phenanthrenes/anthracenes 55 4.80 7.54 6.41 6.31
C4-phenanthrenes/anthracenes 13 4.77 7.02 5.63 5.84
Fluoranthene 103 4.94 8.34 6.25 6.28
Pyrene 106 4.89 8.25 6.26 6.32
C1-fluoranthenes/pyrenes 83 4.88 7.68 6.49 6.46
Benz[a]anthracene 83 5.60 8.91 7.07 7.03
Chrysene 87 5.54 8.25 7.03 7.08
C1-chrysenes 48 5.85 8.34 7.35 7.30
Benzo[b�k]fluoranthene 50 5.89 8.97 7.28 7.39
Benzo[e]pyrene 46 6.03 8.51 7.18 7.17
Benzo[a]pyrene 47 5.70 8.78 7.22 7.22
Perylene 28 6.49 7.91 7.31 7.25
Indeno[1,2,3-cd]pyrene 33 6.85 9.50 8.27 8.17
Dibenz[a,h]anthracene 15 6.32 8.12 7.40 7.37
Benzo[ghi]perylene 41 6.12 9.43 7.75 7.73

a Log KBC values were calculated as described in the text using the measured log organic carbon partition coefficient (KOC) values presented in
Table 3.

Fig. 1. Log black carbon–water partition coefficient (KBC) values for parent and alkyl polycyclic aromatic hydrocarbons (PAHs) from 114
background and historically contaminated sediments.



2510 Environ. Toxicol. Chem. 26, 2007 S.B. Hawthorne et al.

Table 5. Literature measured log black carbon–water partition coefficient (KBC) values

Khalil et al.
[11]

Lohmann
et al. [13]

Bucheli and
Gustafsson [15]

Cornelissen
et al. [26]

Jonker and Koelmans [17]

Coal soot Coal Charcoal

Naphthalene 3.39 4.6, 5.2
Phenanthrene 5.30 5.9, 6.1 5.4–5.9 5.6–6.8 6.71 8.03 7.57
Anthracene 5.41 6.1, 7.1 6.91 7.56 8.48
Fluoranthene 5.89 6.4, 7.0 5.45 6.90 8.18 7.72
Pyrene 5.97 6.4, 6.8 6.4–6.7 6.2–7.0 6.88 8.41 7.78
Benz[a]anthracene 6.45 6.9 7.78 9.41 8.92
Chrysene 6.63 7.68 9.99 8.58
Benzo[a]pyrene 6.85 7.1 7.1–7.9 8.58 9.87 10.45
Benzo[ghi]perylene 6.94 7.6–8.2 8.81 9.68 9.59

Table 6. Log black carbon–water partition coefficient (KBC) values for sediments with and without a non–aqueous phase liquid (NAPL) hydrocarbon
phase

No NAPL present

Mean
log KBC SDa

Median
log KBC n

NAPL present

Mean
log KBC SDa

Median
log KBC n

Naphthalene 4.89 0.57 4.77 49 4.40 0.82 4.36 24
2-Methylnaphthalene 5.15 0.59 5.09 44 4.85 0.65 4.85 28
1-Methylnaphthalene 4.88 0.58 4.82 55 4.54 0.66 4.66 29
C2-naphthalenes 4.90 0.49 4.97 57 4.68 0.50 4.70 24
C3-naphthalenes 4.91 0.55 4.98 57 4.71 0.60 4.69 26
C4-naphthalenes 4.94 0.55 5.05 35 4.91 0.71 5.05 23
Acenaphthylene 5.69 0.86 5.82 60 5.21 0.66 5.17 28
Acenaphthene 4.97 0.62 4.96 74 4.69 0.54 4.79 30
Fluorene 5.23 0.65 5.21 68 5.04 0.68 5.04 29
C1-fluorenes 5.24 0.55 5.34 53 5.23 0.61 5.35 27
C2-fluorenes 5.31 0.57 5.34 39 5.17 0.80 5.46 27
Phenanthrene 5.71 0.68 5.69 61 5.52 0.65 5.53 29
Anthracene 6.34 0.76 6.29 67 5.88 0.68 6.00 30
C1-phenanthrenes/anthracenes 5.87 0.63 5.95 55 5.63 0.60 5.67 26
C2-phenanthrenes/anthracenes 6.01 0.65 6.01 43 6.09 0.68 6.28 24
C3-phenanthrenes/anthracenes 6.32 0.62 6.40 30 6.29 0.72 6.41 25
C4-phenanthrenes/anthracenes 5.86 0.95 5.83 4 5.83 0.43 5.63 9
Fluoranthene 6.35 0.68 6.34 73 6.11 0.51 6.10 30
Pyrene 6.41 0.67 6.46 76 6.11 0.49 6.07 30
C1-fluoranthenes/pyrenes 6.47 0.69 6.45 56 6.42 0.59 6.63 27
Benz[a]anthracene 7.04 0.65 6.95 57 6.99 0.45 7.10 26
Chrysene 7.11 0.64 7.16 60 7.00 0.47 7.02 27
C1-chrysenes 7.19 0.63 7.26 30 7.48 0.50 7.58 18
Benzo[b�k]fluoranthene 7.41 0.74 7.25 32 7.34 0.49 7.43 18
Benzo[e]pyrene 7.22 0.60 7.02 28 7.09 0.50 7.20 18
Benzo[a]pyrene 7.33 0.65 7.24 32 6.98 0.64 7.21 15
Perylene 7.34 0.36 7.38 17 7.11 0.41 7.28 11
Indeno[1,2,3-cd]pyrene 8.21 0.63 8.30 20 8.11 0.66 8.26 13
Dibenz[a,h]anthracene 7.48 0.39 7.38 8 7.25 0.58 7.40 7
Benzo[ghi]perylene 7.83 0.75 7.75 28 7.52 0.62 7.62 13

a SD � standard deviation.

well with those measured by Lohmann et al. [13] and by Cor-
nelissen et al. [26] (Table 5). Both significantly lower and
higher log KBC values, however, have been reported for dif-
ferent types of carbon likely to be present in impacted sedi-
ments. For example, log KBC values for coal tar pitch often
are lower than values reported for sediments [11], whereas log
KBC values for other carbon types expected in impacted sed-
iments, such as coal, coal soot, and charcoal, are higher and,
typically, are in the range of the highest values we determined
in field sediments (Tables 4 and 5). Because previous studies
have shown that log KBC values with different carbon types
that would be found in our sediments vary so greatly, it is not
really surprising that the log KBC values we determined for
field sediments show such a broad range of values.

The need for considering more than two carbon types in

models used for predicting water–sediment partitioning has
been suggested previously [26], but no suitable methods to
measure various carbon types on a large number of sediments
are available. It also should be noted that the 375�C oxidation
method to determine BC has been questioned [7,13] and is a
possible contributor to the range of log KBC values we report.
When we determined the BC content on the same reference
samples as other research groups, however, including the de-
veloper of the 375�C oxidation method, we obtain good agree-
ment. For example, for the National Institute of Science and
Technology standard reference material 1650 diesel soot, we
obtained a value of 77% � 1% by weight for TOC and 49%
� 1% by weight for BC, which agrees well with those reported
by Bucheli and Gustafsson [15] of 77% by weight for TOC
and 48% by weight for BC, Jonker and Koelmans [17] of 77%



Measured KBC values for parent and alkyl PAHs Environ. Toxicol. Chem. 26, 2007 2511

Fig. 2. Log black carbon–water partition coefficient (KBC) values versus sediment polycyclic aromatic hydrocarbon (PAH) concentration for
representative two- to six-ring PAHs.

by weight for TOC and 36% by weight for BC, Gelinas et al.
[27] of 78% by weight for TOC and 45% by weight for BC,
and Nguyen et al. [28] of 46% by weight for BC. Similarly,
for standard reference material sediment 1944, we obtained
values of 4.5% � 0.1% by weight for TOC and 1.0% � 0.1%
by weight for BC, similar to the values of 4.4% by weight for
TOC and 0.8% by weight for BC reported by Nguyen et al.
[28]. Thus, it appears that our determinations of TOC and BC

are in accordance with those of other investigators. In any
case, some small error in BC determinations cannot account
for the three orders of magnitude range in log KBC values that
was measured for each PAH in the present study.

Effects of PAH concentration on log KBC values

Figure 2 shows a comparison of log KBC values with sed-
iment PAH concentrations for representative two- to six-ring
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Fig. 3. Log black carbon (BC)–water partition coefficient (KBC) values versus sediment BC content for representative two- to six-ring polycyclic
aromatic hydrocarbons (PAHs). Data are not shown for three sediments that had BC contents of 21, 32, and 40% by weight so that the scale
could be expanded on the x axis; however, the log KBC values for these samples also showed no trend with BC content.

PAHs. Interestingly, there appears to be no effect of PAH
concentration on log KBC values, even though the concentra-
tions of each PAH varies by approximately four orders of
magnitude. For example, the sediment concentration of pyrene
varies from 0.02 to 740 �g/g, yet no trend in KBC values with
concentration exists (Fig. 2). Similarly, no effect of water PAH
concentrations on log KBC values is apparent (not shown).

At first, these results may appear to conflict with the
concept that PAH sorption to BC follows a Langmuir ad-
sorption isotherm [7,14,15,29,30], in which the partitioning
of a PAH to the carbon phase is reduced at higher spiked
concentrations. Adjusting log KBC values for the Freundlich
isotherm only has a small effect, typically a few tenths of
a log KBC unit or less; therefore, any such effects are insig-
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Fig. 4. Log black carbon (BC)–water partition coefficient (KBC) values versus the fraction of BC versus total organic carbon (TOC) for representative
two- to six-ring polycyclic aromatic hydrocarbons (PAHs).

nificant compared to the range in log KBC values we mea-
sured in the field sediments.

Effects of non–aqueous phase liquids

As is typical in field sediments from industrial waterways,
approximately one-third of the impacted sediments in the pres-
ent study contained a non–aqueous phase liquid (NAPL) phase
(based on field observation of a separate phase or sheen and

confirmed in the laboratory). Because PAH partitioning could
well become dominated by liquid–liquid partitioning (NAPL–
water partitioning) rather than being dominated by KOC and
KBC partitioning, it seemed to be possible that the large range
of log KBC values we measured could be greatly influenced by
the presence of a separate hydrocarbon NAPL phase [31]. It
was hoped that by removing the samples with NAPL from the
data set, the log KBC values would become more consistent for
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Fig. 5. Log black carbon (BC)–water partition coefficient (KBC) values versus polycyclic aromatic hydrocarbons (PAHs) concentration per gram
of BC for representative two- to six-ring PAHs.

all the sediments and, therefore, become more useful in pre-
dictive partitioning models.

Table 6 shows a comparison of the log KBC values deter-
mined for samples with and without a NAPL phase. Although
the mean and median values for log KBC are slightly higher
for the sediments with no NAPL phase than for sediments with
a NAPL phase, the difference is not significant, and the large
variation in log KBC values remains even if the sediments con-
taining NAPL are removed. Therefore, compared to the large

range in log KBC values found in our field sediments, the pres-
ence or absence of a NAPL phase is not a significant factor.

Effects of carbon type on log KBC values

The sediments used in the present study have a much broad-
er range of TOC and BC content as well as in the fraction of
total carbon that was BC (Table 1) compared with the sedi-
ments used for any previous PAH–BC partitioning studies.
Conceivably, the log KBC values could show a trend with either
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carbon type or the relative proportions of BC to TOC; however,
no such relationships appear to exist. Plots of log KBC for
individual PAHs versus either TOC content (not shown) or
BC content (Fig. 3) show no significant trend, with linear
correlation coefficients (r2) typically less than 0.1. Log KBC

values may show a slight trend toward lower values with a
higher fraction of BC versus TOC, but the correlation does
not appear to be significant (Fig. 4).

The most likely effect of PAH concentration on log KBC

values should be observed when log KBC values are plotted
versus the PAH concentration per gram of BC, especially if
the competitive sorption mechanism on BC is significant. As
shown in Figure 5, however, there appears to be no significant
relationship between log KBC values and the measured �g PAH/
g BC, even though the range of �g PAH/g BC varies over
four orders of magnitude. These results further demonstrate
that as discussed above, the Freundlich sorption isotherm has
no significant effect on log KBC values compared to the range
found in field sediments. Note that the possible apparent in-
crease in log KBC values with PAH concentration per gram of
BC for the five- and six-ring PAHs is an artifact of detection
limits in water, because PAHs with higher KOC and KBC values
must have very high sediment concentrations to yield detect-
able water concentrations.

Multiple linear regression analysis

As discussed above, calculating KBC values with the KOCKBC

model is based on the assumption that KOC for each PAH has
a constant value on different sediments [8,11,13–16]. Although
previous investigators have reported that KOC values do vary
with different carbon types [1,2,32–34], the goal of the KOCKBC

model reported by several investigators [8,11,13–16] is to ac-
count for these variations to predict partitioning behavior. Un-
fortunately, the results presented above clearly demonstrate
that the model fails to fit the experimental data from the 114
field sediments using constant values of KOC for each PAH.

Multiple linear regression analysis does not require the as-
sumption of a constant KOC value for each PAH but, instead,
will yield fitted values for both KOC and KBC for each PAH.
Unfortunately, the ability of the KOCKBC model to explain a
large percentage of the variance in the data was very poor for
all the PAHs on the field sediments investigated in the present
study. Both KOC and KBC failed to show any consistent values
using either linear or log-linear regressions. For all the PAHs,
r2 values were poor (	0.20) (see Appendix [http://dx.doi.org/
10.1897/07-087.S1]), clearly showing the limited predictive
ability of the two carbon–type model. All the PAHs showed
high standard errors and little or no statistical significance (p

 0.05), again clearly demonstrating that the KOCKBC model
was not capable of predicting PAH partitioning behavior for
the 114 field sediments used in the present study.

CONCLUSION

Values of KBC for PAHs on field sediments do not show a
narrower range of values than previously reported for KOC

values for the same PAHs and field sediments. Therefore, the
model combining carbon–water partition coefficients for nat-
ural OC and BC is not able to predict water concentrations
any better than the simple equilibrium partitioning model
based on KOC. Even though the addition of a third carbon type
to the model has been proposed [26], it seems unlikely that
any such approach will be successful in predicting pore-water
concentrations of PAHs based on sediment concentrations for

field sediments, especially considering that no agreement ex-
ists in the literature regarding how to determine different car-
bon types, with the possible exception of manually separating
sediment particles [11]. This approach simply is not practical,
however, for the numbers of samples required in field surveys.

In the past, use of sediment PAH concentrations and stan-
dard KOC values, which generally have been based on spiked
PAH sorption experiments or estimated from KOW values, have
led to greatly overpredicted water PAH concentrations and
associated overprediction of toxicity to benthic organisms
[19,20]. Based on the wide range of measured KBC values
determined in the present study, the use of KBC values that are
based on partition coefficients derived by sorption of spiked
PAHs onto sediments also clearly will fail to increase the
accuracy of predicted water concentrations. Thus, any regu-
latory framework that uses pore-water concentrations of PAHs
to predict environmental effects should use measured pore-
water values, not those predicted from current partitioning
models.

Although the 114 sediments used in the present study in-
clude a range of characteristics (especially PAH concentra-
tions) much broader than those used to develop partitioning
models and coefficients, it should be noted that these samples
accurately reflect the range of sediments found in field samples.
All the sediments used in the present study are from sites that
are under regulatory scrutiny and, therefore, represent the types
of sites that are of highest concern to regulatory agencies and
industry. As noted in Part 1, the conventional use of KOC values
to predict water PAH concentrations from sediment concen-
trations is not adequate to give useful predictions for real-
world sediments. Unfortunately, the results of the present study
demonstrate that the use of a two carbon–type model including
KOC and KBC also does not improve these predictions. Clearly,
the application of KBC coefficients is useful for understanding
the mechanisms of PAH sorption and partitioning in sediments,
but the results of the present study clearly demonstrate that
KBC values do not help to predict PAH behavior for the range
of sediments that exist in the field.

SUPPORTING INFORMATION

Appendix S1. Residual plots for phenanthrene; correlation
coefficients (r2) values.

Found at DOI: 10.1897/07/087.S1 (98 KB PDF).
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