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ABSTRACT

Contamination of soils by toxic organic pollutants is an environmentd concern.  The in-
Stu dectrokinetic (EK) technology is an emerging process to remediate the contaminated
soils.  Since the éectro-osmaotic (EO) flow rate and sorption behaviors of pollutants are two
citical factors of the process, this study focuses on understanding the partition of nonionic
organic contaminants in soil-water system, mechaniams of the EO flow, and the transport of
organic compounds under an externdly gpplied dectrodatic fidd. The target compounds
include chlorinated organic compounds and polycyclic aromatic hydrocarbons (PAHSs). In
order to improve the treatment efficiency, surfactant and bio-surfactant were used. A
thermodynamic concept, fugacity, was introduced to illusrate the interactions between
organics and the soil. A semi-empirica equation was derived to describe the EO flow rate in
unsaturated soils.  Moverover, the diffuson-advectionsorption modd was used to smulate
the transport of nonionic organic contaminants in the presence of an eectrodatic fidd.

The sorption experiments were conducted with various initid solute concentrations and
different soil to solution ratios. The sdlected chlorinated organics include tetrachloroethylene
(PCE), trichloroethylene (TCE), carbon tetrachloride, and chloroform. Results show that
Langnuir isotherm can be used to express the didribution behavior of these chlorinated
organic compounds in the soil-water sysem. In addition to the hydrophobicity (K..), the
concentration of organic compound and soil to solution ratio can influence the digtribution
behavior aso. In order to illustrate the effects of the organic concentration and soil to
solution ratio, the activity coefficient was used. The activity coefficent, g, a reaive
interaction based on chosen reference date, is a useful means to express the quantitative
festure of the organic-soil interaction without detalled information of their interaction
mechanisms. By comparing the activity coefficients gy and gs (i.e., X/Xy), one can illustrate
the trend of organic digtribution at the soil-water interfaces.

The concentration effect can be explained by the changes in the adsorption of organic onto
the soil surface. Based on the experimenta results, when increasing the organic compound
concentrations, the activity coefficient, g,, can be consdered as a congtant and g increases
due to the increase of interaction energy. The change of gs makes the sorption isotherms of
PCE, TCE, carbon tetrachloride, and chloroform non-linear. According to g, it can be seen
that the sorption between these saceted chlorinated organics and the soil is exothermic.

The effect of soil to solution ratio can be attributed to the presence of dissolved organic
meatter (DOM) in the liquid phase. DOM enhances the organic dissolution, which in turns
increases the organic concentration, i.e, X,. Therefore, the partition coefficients of these
chlorinated compounds, i.e, XJXu, decrease with increesing the soil to solution ratio, i.e,
high soil concentration. It is found that the activity coefficients between organic chemicas
and water, In(g,), exhibits a linear relationship with respect to the TOC concentration, that is,
Ingy = m - n[TOC]. In the absence of TOC, m is the Ingy vaue and n is an interaction
coefficient.  Based on the experimental results, the n vaues of PCE, TCE, carbon
tetrachloride, and chloroform are ca. 0.15, 0.04, 0.03, and 0.08, respcetively.

For the PAHs desorption experiments, it was to explore the solubilization of PAHSs in the
presence of surfactants, sorption of surfactants onto soils, and PAHs didribution in a
surfactant-soil-water  system. The taget PAH compounds dsudied include fluorene,



phenanthrene, anthracene, fluoranthene, and pyrene.  The surfactants include an synthetic
surfactant (Triton X-100) and a biosurfactant, i.e., rhamnolipid.

The partition can be consdered as the main driving force for the digribution of PAHS in
the micdle-water system. The partition coefficient between micdle and water phase (Kn,) can
be related to the partition coefficient of PAHSs in octanol-water phase (Kow). Accordingly, Km
= bKow Where b, a congant, can be obtained experimentally. The b vaues for Triton X-100
and rhamnolipid are 04 and 0.44, respectively. In addition, an empiricd equation for
edimating b can be established based on the number of “hydrophobic” carbons, y, and the
number of “hydrophilic’ groups, y.. The empiricd equaiton can predict b vaues of both
Triton X-100 and rhamnolipid systems, b = (0.031y;-0.0058y5).

Both surfactants exhibit strong attraction to the soil phase. The Triton X100 sorption on
the soil can be described by the Langmuir isotherm and can be attributed to a partition
process. However, the sorption of rhamnolipid is a linear isotherm and can be attributed to an
interfacia interaction. It is seen that the sorption densty of both surfactants decreases with
increesing PAHs contamingtion in the soil. This is because the sorption competition between
the PAHs and the surfactant onto the soil.

The agpparent patition coefficent of PAHs, Kgeme, Can be expressed as

Ky cme :L‘Nfc’c. In this equation, both a and b are constants, Koy IS the octanol
‘ (1+ K, [S])

number of PAHs, f,. represents the totd soil organic carbon, and [S] is the micdle

concentration in the solution. Based on expeimenta results the Kgeme in Triton X-100

system can be related to the reciproca concentration of surfactant, i.e, Ky = K/[S], in

the concentration range of surfactant 10 to 20 CMC, where CMC dsands for the critica
micelle concentration. However, the Ky ¢mc Of the rhamnolipid system is a congtant.

In EO experiments, various factors including solution pH, dectric fidd srength, soil
water content, and eectrolyte concentration were studied. Results indicate that the EO flow
rate, Q, is proportiond to the eectrokinetic charge dendity, se, and the dectric fidd strength,
Eo/L. Inet-dectrolyte has no ggnificant effect on the EO flow rate. A parabolic rdationship
between the EO flow rate and the water content, w, was obsarved. Based on the finite plate
mode, the EO flow rate, can be expressed as a function of eectrokinetic charge density, field
strength, and soil water content, i.e Q = Kse(Eo/L)W?. The characteristic coefficient, K, is a
collection of severa physica properties of the soil-water sysem including the fluid densty,
r, the specific surface area, &, width of the water layer, w, and the fluid viscosity, h, i.e, K =
(kfw)/(hr 282). A K vaue of 57 cn.nC 2. V! was observed.

EK experiments were conducted to study the in-Stu remova of organic contaminants in
unsaturated soils.  In this study, chlorinated organic contaminats and FAHS contaminated soils
were treated with water and surfactant solution respectively usng the EK process. A
diffusrion-advection-sorption modd was used to smulate the transport of organic contaminats
during the EK treatment. Results indicate that PCE, TCE, chloroform, and carbon
tetrachloride can be removed effectivdly from the soil mass with a remova efficiency ranging
from 85% to 98% in two weeks. The releasse of PCE, TCE, chloroform, and carbon
tetrachloride from unsaturated soils follows a fird-order rate expresson. The rate congtants
are 0.61, 0.70, 1.15, and 1.03 day™, respectively, for PCE, TCE, chloroform, and carbon
tetrachloride.  For phenanthrene, the remova efficiency can reach to 30% with the surfactnant

\



addition versus 1% in the absence of surfactant after two-months.  In generd, the mobility of
these chlorinated organic compounds in soils increases with increasing water solubility.

A diffuson-advectionsorption model based on linear sorption isotherm at equilibrium is
ale to smulate the movement of chlorinated organic contaminants in the unsaturated soil.
According to this modd, the patition coefficient is the mgor factor controlling the organic
transport. Based on the modd smulation, the fitted partition coefficient in the EK system is
gregter than that in over-saturated soil-water syssem. This can be attributed to the effect of
s0il to solution ratio on the organic sorption behavior. In addition, the fitted partition
coefficients increase with increasing operation time due to the concentration effect.

In contradt, the diffuson-advection-sorption modd based on the linear sorption isotherm
a non-equilibrium condition is aile to smulate the movement of phenanthrene during the EK
trestment in the presence of Triton X-100. A desorption rate constant of 10° hr! was
obtained. However, the da-s modd does not predict well the digtribution of phenanthrene in
the presence of rhamnolipid. The presence of rhamnolipid apparently promotes microbia
growth in the soil-water ystem which may bring about biodegradation of phenanthrene. As a
result, the desorption behavior of phenanthrene is non-equilibrium.



1. INTRODUCTION

1.1. Significance of the Research

Throughout United States and the world, many organic chemicals such as solvents and
petroleum derivatives were disposed improperly.  Among these hazardous chemicds,
chlorinated organics commonly used as indudrid solvents are the mgor sources for soil
contamination. The EPA, in a survey of 466 public water supply wells, found that one or
more volatile organic compounds (VOCs) were detected. The VOCs found most often in this
survey were trichloroethylene and perchloroethylene (Westrick etc., 1983). In a survey of
7000 wells conducted in Cdifornia from 1984 through 1988 (Mackay and Smith, 1990), the
most common chemicas detected were perchloroethylene, trichloroethylene, chloroform,
1,1,1-trichloroethane, and carbon tetrachloride.  Additionally, according to survey results of
potentia pathways for the release of chemicals (EPA, 1988), transport through soils was cited
as the primary pathway of contaminants. As a result, chlorinated organic compounds become
one of the mgor pollutants in the soil.

In addition, polycyclic aromatic hydrocarbons (PAHS) found in the petroleum derivetives
a0 induce an environmentd concern.  The typicd PAHSs in the contaminated soil include
fluorene, phenanthrene, fluoranthene, and pyrene.  These hydrophobic organic chemicas
including chlorinated organics and PAHs are carcinogens on the lig of U.S. EPA priority
pollutants. They are relaed to some hedth problems such as cancer and chronic illnesses.
Therefore, it is urgent to clean waste Sites contaminated by the organic pollutants.

Many remediation techniques have been gpplied to remove toxic chemicds from
contaminated soils  Among the various remediction dternatives, in-Stu goplicaion is the
mogt attractive option. Many methods have been suggested for the in-Stu remediaion of
contaminated soils such as ar dripping, pump and treat, and dectrokinetics Among these
dternatives, eectrokinetics can separate and extract heavy metds, radionuclides, and organic
contaminants from saturated or unsaturated soils, dudges, and sediments. A low intengty
direct current is applied across dectrode pairs that have been implanted in the ground on each
dde of the contaminated soil mass. The dectricd current causes dectroosmosis and ion
migration, which move the agueous phase contaminants in the subsurface from one dectrode
to the other. Contaminants in the agueous phase or contaminants desorbed from the soil are
trangported towards respective eectrodes depending on their charge. The contaminants may
then be extracted to a recovery system or deposited at the electrode.

Electrokinetic (EK) remediation technology has recently made sgnificant advance. The
company, Geokinetics (The Netherlands), has successfully completed severd fidd sudies,
Electrokinetics, Inc., (Baton Rough, LA) has completed severd large-scade pilot studies using
2-4 ton soil specimens (Acar and Alshawabkeh, 1993). With more emphasis now placed on
ingtu technologies, the EK process is emerging as one of the most promising remediation
techniques. Magor advantages of this method are a possble utilization in- or ex-Stu; a low
power consumption (i.e, low operationd costs); and a potentid applicability to a wide range
of contamingtion Stuations.

Although EK process has made sgnificant achievement in cleaning up contaminated Stes,
it is noted that most cases focused on the soil contaminated by heavy metas. However, the
experimental information about the remova of organic pollutants is limited. In addition, the
factors contralling the remova efficiency of organics during the EK trestment is not
understood. In order to predict the transport of organics during the EK treatment, the



quantification of the sorption reaction and eectro-osmotic flow rate is necessary. Through
this sudy, one can obtain the information about the sorption of orgaincs and eectro-osmotic
flow rate to aid the model smulation for the organic removal.

1.2. Literature Review
1.2.1. Sources of Nonionic Organic Compoundsin Soils

Soils a wadte dtes may be contaminated by hazardous organic chemicas, heavy metds
and radionuclides. Typica hazardous organic contaminants include chlorinated solvents such
as trichloroethylene (TCE), tetrachloroethylene (PCE), chloroform, and carbon tetrachloride,
and PAHs such as fluorene, phenanthrene, anthracene, fluoranthene, and pyrene.  The
treetment of nonionic organic contaminants among these hazardous chemicds is the focus of
this study.

Chlorinated hydrocarbons (CHCs), commonly used as indudria solvents, are a significant
category of hazardous organic compounds. Chlorination has become a widespread indudtrid
practice because it yidds compounds of lower flammability, higher densgity, higher viscosity,
and improved solvent properties compared to nonchlorinated solvents (Watts, 1998).
Chlorinated solvents are mainly used for degreasing and cleaning a large range of products,
from machine parts to computer chips Although CHCs are highly volatile, they can dso
migrate through the subsurface. The chlorinated solvents are mobile in groundwater systems
due to the propeties of high dendty, rdativdy high water <olubility, and low
biodegradability (Watts, 1998). They dso adsorb to soil surfaces, which results in a high
contamination level a some specific dtes.  The most common chemicas detected in the
monitering wels in United States were PCE, TCE, chloroform, 1,1,1-trichloroethane, and
carbon tetrachloride (Mackay, 1990). In addition, at Nationa Priorities List (NPL) Stes the
contaminants that are most frequently found include TCE (42%) and PCE (28%) (ATSDR,
1989).

PAHs ae found in the heavy fractions of petroleum products (eg., lubricating ails,
agphdt, and talike materids) as wdl as automobile exhaud. The lesking of petroleum
underground storage tanks may result in serious contamination of subsurface soils with PAHS,
and eventua contamination of groundwater. Though these tanks are made of rddively
durable materids, soil is a corrosve environment and, after a certain peroid of time (from 5 to
25 years), the tanks rust, corrode, and lesk (Shwendeman et al., 1987). Other major sources
of PAH contamination are gas plants, which produce gas from coa and oil. Soils around
these gas plants are difficult to remediate because of high concentrations of PAHSs, long chan
diphatics, and phenolics (Michdcic et al., 1988). It is wdl known that PAHs chemicdly
induce cancer.

1.2.2. Sorption of Nonionic Compounds on the Soil

For the assessment of organic fate, trangport, and hedth risk in the naturd soil-water
sysem, the sorption reaction is one of the most important factors.  Therefore, an
understanding of the organic sorption is required for the accurate assessment. The sorbent in
the soil for the organic contaminant can be divided into two parts. the minerd materid and
the soil organic matter (SOM). Generdly, the uptake of the organic on the surface of the
minerd <olid is cdled as “adsorption”. The uptake of a organic contaminant without
reference to a specific mechanism is denoted as “sorption”. In fact, the terms, sorption and
adsorption, have been used interchangesbly to describe the digtribution behavior of the



organic contaminant between soil and agueous phase.  As the content of soil organic matter is
abundant, the partition process dways plays a predominant role to the orgnaic sorption
(Sabbah e d., 1997). The term, patition or partitioning, is used to describe the sorption
process in which the sorbed organic chemica is consdered to dissolves in the SOM. This can
be andogous to a extraction process in which the organic solute tranports from the water
phase into the organic solvent.

The extent of organic contaminants uptaken by the soil mianly depends on the SOM
content of the soil (Karickhoff, 1984). The sorption appear to exhibit the partition process as
long as the fraction of soil organic matter (w/w) is grester than 0.2% to 0.4% (Schwarzenbach
and Wedtdl, 1981, Banerjee e d., 1985). The organic sorption capecity is related to the
extent and types of the soil organic matter. Chiou et. a. (1979) observed the linear sorption
isotherm for nonionic compounds onto soils and attributed this to a smple partition process to
SOM.  However, many researchers reported a nonlinear sorption iosherm of some
hydrophobic organics (Weber et d., 1992; Graber and Borisover, 1998; Xia and Ball, 1999).
Some authors proposed that SOM comprises two different domains including a soft, highly
amorphous, and swollen domain (rubbery component) and a hard, reatively condensed
domains (galssy component) (Huang and Weber, 1997a; Graber and Borisover, 1998). Since
the organic sorption on the rubbery and glassy domain are different, therefore, the organic
digribution is nonlinear in the soil-water system.

A vaiety of conceptud and empirica equilibrium modes for representing nonlinear
sorption processes are avallable. A “didributed reactivity” sorption model (Huang et 4.,
1997b) and a dual-mode sorption modd (Xing and Pignatelo, 1997) have been proposed to
eucidate the organic didribution in the two different domains. These modds can be wdl-
fitted to experiments results of some hydrophobic organics. However, Graber and Borisover
(1998) reported that the glassy/rubbery modd cannot account for the sorption of H-bonding
organics in SOM. In addition, this modd dose not necessarily result in the nonlinear sorption.
Some other sorption models have been used to describe the sorption nonlinearity regardless of
the SOM compositions, that is, the Langmuir and Freundlich isotherms.

In addition to SOM, the dissolved organic mater (DOM) in the agueous can aso
influence the organic sorption in the soil-water system (Carter and Suffet, 1982; Landrum et
a. 1984). Some research reported that the partition coefficient of the organic is often
underestimated due to the presenc of DOM (Gschwend and WU, 1985). The organic interacts
with DOM from various sources, which results in various partition coefficients of the organic
pollutant. In addition, Gauthier et d., (1987) reported that the organic interaction with DOM
is not a function of DOM concentration. Accordingly, they suggested that the suructure and
compoasition of the DOM can influence the sorpiton of organic pollutants.

Based on the above illudration, the sorption of nonionic organic in the soil-water system
is mainly controlled by the presence of SOM and DOM. In addition to the extent of SOM and
DOM, the compositions of SOM and DOM can affect the organic sorption as well. However,
the specification of SOM and DOM s a difficult task. The other dternative for descrbing the
sorption is that one can regard the solution (with DOM) and SOM as two homogeneous
phases  Then, by andyzing the partition coefficient or the parameters of sorption isotherms,
one can gain ingght into the organic sorption in the soil-water system.



1.2.3. Desorption of PAHsin the Presence of Surfactant

PAHSs is a highly hydrophobic organic group and exhibits a low water solubility. Due to
this property, PAHs has the difficulty to be removed from the contaminated soil. The
aurfactant can increase the solubility of the hydrophobic organic, thereby, it has been gpplied
to the soil remediation technology (e.g., pump-and-treat). However, the surfactant can aso be
adsorbed on the soil surface, which results in increesing the sorption capacity of the soil.
Moreover, the adsorbed surfactnat may induce another environmenta concern if it is
hazardous.

The surfactant concentration incresses to a certain vaue, where the surfactant molecules
will aggregate, i.e, micdles. This surfactant concentration is referred to as criticd micdle
concentration, i.e, CMC. Micdles are highly dynamic colloids and their typicd sizes are ca
severd nanometers (Attwood and Florence, 1983). The solubility of hydrophobic organics
increases with increasing the micelle concentration proportiadly (Rosen, 1989). The solpe of
this increese solubility versus the surfactant concentration is defined as the solubilization
capecity.  The solubilization cepacity of surfactants varies with the type, the hydrophobity,
and the micdle structure of surfactants.

For the condderation of surfactant adsorption on the soil, Cluinie and Ingram (1983)
reported that a five dages adsorption of nonionic surfactant onto a solid surface.  They
suggested that the orientation of surfactant molecules on the soil varies from the monolayer to
the multilayer type with different surfactant concentrations. A dSmilar sorption behaviors
were observed by Partyka et d., (1984). These studies indicates two categories of surfactant
sorption,  that is, monomer-surface interactions and  monomer-monomer  interactions.
Howeve, Carberry et. d., (1977) proposed that the sorption of nonionic surfactants on soils is
not multilayer but micdle-type sorption.  When the micdle is the sorbate, the sorption
interaction of the surfactant with the soil surface can be regarded as a dissolution process. In
other words, the micelle sorption can be described by the partition process. Nevertheless, the
micelle formed by various type surfactants (eg., anionic surfactant) may not follow this rule
completely. Noordman et. d., (2000) reported that the adsorption of rhamnolipid (anionic
biosurfactant) on the soil is driven by the hydrophaobicity but not a partition process.

Means et d., (1980) expolred the sorption of PAHs onto 14 different meterias and
reported a sorption correlation with the organic carbon content of the soil. The partition
coefficients were found to be independent of dl other soil properties. However, surfactant
adsorption on the soil is the additiond source of soil organic carbon, which increases the
PAHs sorption density the soil. In order to account for the sorption increase by surfactants,
the PAHSs sorption computatios are based on an effective organic carbon content (Edwards et
a., 1994). Consequently, the PAHs digtribution in the presence of surfactant should consider
the hydrophobicity of organics, the solubilization cgpacity of surfactants and the surfactant
adsorption on the soil.

1.2.4. Electro-Osmotic Flow

The EK phenomena teke place when an dectric fidd is gpplied to a porous medium,
which invokes the eectro-osmosis process (Mitchell 1991). Electro-osmoss is the movement
of the liquid (water in most cases) induced by the excess surface charge on the porous media.
Generdly, the soil surface is negatively charged, which induces a net excess of podtive ions
in the adjacent water layer. As these excess podtive ions move under the influence of the
applied fidld they will draw the liquid in soil pores dong with them (Hunter, 1981).



Many invedigations about the principle of dectro-kinetic flow have been reported
(Smoluchowski, 1921; Gray and Mitchel, 1967, Yeung and Datla, 1995). Among these
previous sudies, two theories were commonly used to describe the eectrokinetic flow, that is,
Hdmholtz-Smoluchowski and Schmid.  According to the Hemoltz Smoluchowski  theory
(Helmholtz, 1879, Smoluchowski, 1921), the electro-osmotic flow rate (Qg), moving in a
capillary of length, L, under an eectrogtatic field (externaly applied voltage), E, is

Q. = (ezE)/(4phl.) [1.1]
where e, E, z, and h are the didectric condant, field strength, eectrokinetic (zeta) potentia
and water viscodty, respectively.  Schmid (1950) proposed that the eectro-osmoatic flow rate
is

Q. =(r“gFE) /(&nL) [1.2]
where r, g, and F are the radius of capillary pores, volumetric charge dendty in the pores, and
Faraday congtant, respectively. The HemoltzSmoluchowski theory predicts an dectro-
osmotic flow rate that is independent of the pore sze. In contrast, Schmid theory indicates
that the flow rate is proportiona to the cross sectional area of the pores.

An equation accommodates both the HelmoltzSmoluchowski and the Schmid theories
was developed by Erig and Mgtenyi (1966), thet is.

Q. =@/2)In(1+k/r)(r? In)s(E/L) [1.3]
where s and k ae the average mobile surface charge dendty and the parametric
characterizing the double layer, respectively. Among al eectro-osmotic theories, it is noted
that the surface charge of the soil particles is the common factor controlling the eectro-
osmatic flow rate. The eectro-osmatic flow rate is directly proportiond to the surface charge
density (or zeta potertid of the soil particle). For the field practice, the eectro-osmoatic flow
rate were aways expressed as a function of the cross-sectiond area of the flow:

Qe = KdA [1.4]
where K, I, and A ae the dectrokinetic permesbility, the dectrica potentid gradient, and
electrode surface area.  Casagrande (1957) has determined the eectrokinetic permeability of
various soils and found that the Ke vaues vary only within one order of magnitude with an
average vaue of 5 x 10° cnf/sec-V. Therefore this equaiton was applied to dl stes
regardless of the compositions of the soil.

1.2.5. Electrokinetic Remediation Process
During the dectrokinetic trestment, dectrolyss reections dominate the chemicd
properties of the pore fluid. When the chemica properties of the process fluid are not
controlled externdly (i.e, unenhanced dectrokinetic trestment), gpplication of direct eectric
current results in oxidation a the anode, generating an acid front, while reduction a the
cathode produces a base front by
2H,O0- 4 ® O, +4H" E,=-1.229 (anode) [1.5]
2H,0+2e ® H, +20H" E,=-0.828 (cathode) [1.6]
where E, is the standard reduction eectrochemical potential. Secondary resctions may exist
depending upon the concentration of available species, such as.

H"+e ® %Hz [1.7]
M"+ne ® M, [1.9]



M, (OH), (s)+ne ® M_+nOH" [1.9]
where M. refer to as metds. The type of dectrolysis reactions occuring a the eectrodes
depends on the availability of the chemica species and the dectrochemicd potentid of this
reaction. Although some other secondary reactions might be favored a the cathode because
of ther lower eectrochemicd potentids, the water reduction hdf reaction (H,O/H)) is
dominant at early stages of the process.

In unenhanced dectrokinetic remediation and a the ealy dages of the process,
dectrolyss reactions of water will generate an acidic medium at the anode and an akdine
medium at the cathode. The pH will drop a the anode to below 2 and it will increase a the
cathode to above 12 depending on the total current applied (Acar and Alshawabkeh, 1993).
The acid front will advance toward the cathode by trangport mechanisms including migration
caused by dectricd gradients, pore fluid advection caused by dectro-osmaotic flow, any
externdly applied or internaly generated hydraulic potentid differences, and diffuson caused
by generated chemica gradient.

The removd of soil contaminants is dso via these trangport mechanisms.  The movement
of chemical species in a porous medium under an dectrogtatic field can be described by the
following equation:

I1C /Tt =-NJ +R [1.10]
where C; is the chemicad concentration in pore fluid; J is the chemicd flux, R is the decay
rate of the ith chemicd species. In dilute systems and in the presence of an dectric fied, the
flux is expressed (Shapiro and Probstein, 1993):

Ji =-vizFGNE- DNG +uC; - (r /n)S [1.11]
where v; is the mobility, which is rdated to the diffusivity of the Nerngt-Eingein equation, i.e.
vi = D/ (RT); z is the charge number; D; is the diffusvity coefficient; E is the gpplied dectric
potentid; F, is the Faraday congtant; u is the average mass (electrokinetic) velocity; r isthe
dengty of the soil particles; n is the porogty of the soil matrix; and S is the concentration of
the contaminant on the soil surface. The reationship between the concentration of the
contaminant species in the solution phase, G, and in the solid phase, S, is determined by the
gopropriate adsorption or sorption isotherm.  The following isotherms are most frequently
used to describe the adsorption of contaminants onto solid surfaces:

S = SuK_ Ci/(1+K_ C;) (Langmuir isotherm) [1.12]
S = KGC; (Linear isotherm) [1.13]
S = K:Ci™ (Freundlich isotherm) [1.14]

By combining the above equations, one has the expresson of concentration change of the
chemica contaminant in the water phase:
G /Mt =vzFGN2E + DN?G - uNC +(r /n)NS +R [1.15]
Mathematicd moddls can be edtablished to solve the above equaion under given initid
and boundary conditions. For the mobilization of nonpolar organic compounds from the

surface by dectrokinetic force, it is noted that the eectrogtatic attraction becomes
unimportant.

1.3. Objectives

Under applied dectrokinetic remediation, trangport of nonionic organic  compounds
through soils is a complex and poorly understood phenomenon. Trangport mechanisms may
depend on the variable geologic formation conditions, dectro-osmotic flow, and the physca



chemicad properties of the organic compounds. As such, this complexity often increases the
difficulty of research work on determining trangport mechanism. One of the crucid factors is
the sorption reaction. Although the sorption of nonionic organics has been sudied over
seveard decades, the available information from the literature may not suitable for the specific
contaminated soils.

The man objective of this dudy is to obtan information pertaining to the transport of
nonionic organic compound in contaminated soil with dectrokingtic remediation. Since the
organic sorption on the soil is the main factor of the transport, a series sorption experiments
were conducted. In Chpater 3, the determingtion of the partition coefficients of chlorinated
organics including PCE, TCE, chloroform, and carbon tetrachloride with various organic
concentrations and soil to solution ratios was conducted. In Chapter 4, the PAHs , fluorene,
phenanthrene, anthracenefluoranthene, and pyrene, didtribution in the presence of surfactants
were investigated. The other important factor for the organic transport is the dectro-osmotic
flow rate, which was sudied in Chapter 5. A quantitetive equation was developed to predict
the flow rate based on the physico-chemical properties of the soil. For the organic transport, a
numericd modd was used to quantify the remova behavior of organic compounds in the
unsaturated soil shown in Chgpter 6. Through modding, one can edimate the extent of
organic pollutant in the soil throughout the operation period. This information is important to
help in the design and implementation of clean-up Strategies.

In order to assess the partition coefficients of sdlected nonionic organic compounds, Kg
(i.e, the sorption dendity to organic concentration a equilibrium), a series of batch sorption
experiments have been conducted. The extent of partition coefficient may depend on the
folowing factors: (1) chemicd properties of organic compound (2) the concentration of
organic compounds (3) soil to solution ratio (4) surfactant effect. These factors were tested
and results were analyzed to illugtrate the organic partition process between the soil and the
solution.

The other task is to study eectrokinetic process for the in-stu trestment of contaminated
soils.  Severd different dectrokinetic systems were desgned to study important parameters
contralling the mobilizetion and the trangport of sdected organic chemicds in soils by the
electrokinetic process. Important factors such as fidd srength (applied voltage and power
requirement), pH control, soil water moisture content, soil compostion, zeta potentia), and
lonic drength that may &ffect the dectro-osmotic flow rate were sudied. A mathematical
model was edtablished to predict the movement of water in the unsaturated porous media
The trangport of the nonionic organic compounds was smulated by a diffusonadvection
sorption based mathematical modd.

1.4. Research Approach

Works in this research followed the executive flowchart shown in Figure 1.1 At firs, soil
materids were characterized for soil compostion (clay, dit, and sand), organic matter
content, moisture content, porosity, hydraulic conductivity, concentrations of organic
contaminants, soil pH, and zeta potentid. With the exception of specific surface area, pHzpc,
and hydraulic permesbility, dl the other characterization procedures are extracted from the
Methods of Soil Andyss (Agriculturd Expeimentd Station, Universty of Dedaware
(1991)).

The sorption characteristics of sdected organic contaminants in soils were determined
usng bach reactors A given amount of soil materid would be mixed with a solution



containing the sdected organic. Since it is expected that the association between the chemica
contaminants and the soil particles can be affected by soil to solution ratio, tentatively, soil to
solution ratio ranges a 1.5, 1:10, 1:20, 1:50, and 1:100 were chosen. Effect of the initid
organic concentrations were determined by the concentration ranging from 0.1 Cs to 0.8 Cs,
where Cs is the water solubity of the organic. The sorption isotherms and the partitioning
coefficients can be obtained from these sorption experiments.

In order to enhance the mohilization and the movement of contaminants in soils, research
effot was made to evauae the effectiveness of surfactant as soil flushing agents.  The
section of surfactant was made based on the following criteriaz mobilization, dispersion,
water olubility, and foam formation. Mobilization is the extent of the surfactant's ability to
release the specific organic contaminants from the soil surface.  Disperdgon is an indication of
the extent smdl soil colloids which are brought into the solution by the surfactant. Water
solubility is an indication of the solubility of the surfactant. The foam forméation is a test of
the degree of foam produced by the surfactant. The ided surfactant has high mobilization
capecity, low colloid disperson potentid, high waer solubility and low foam formation
charecterigtics.  Effect of surfactant type and surfactant concentration on the release of
organic pollutants from the soil were determined.

The éectro-oamatic flow influences the movement of organic contaminant directly due to
advection. Important factors such

Chaacteristic; (Sorptic_)nof gﬁrpﬂ?ﬂd Y Edlectrokinetic| &5 fidd Stl‘ength (q)p“aj VOIt&]e
of Soils() | Organics (2) sttt (3 | FOVRA@ | and  power  reguirement), pH
A control, soil surface properties

(soil water moisture content, soil
porodty, zeta potentid), ionic
! srength were studied. During the

. experiments, the effluent
L is Deorotion quantity, the  addiion  of
and EO Flow (7) electrolyte, the dose of acid or

base, and pH value of working
solution were measured with time
until the flow rates gpproached a

Y

Modeling of
Sorption (5)

Movement of

Organicsin Soils
by EK Trestment
©)

stable state.
v The soil characterization and
Moddling the sorption  experiments can provide
Transport of Organics the information  &out the
[ nSolls(®) ] physicochemicd  properties  of
wils and didribution ratio of
Figurel.1. Theflowchart of research approach. organics a equilibrium, respectively.

The electro-osmoatic flowrate
experiments provide water transport Speed in the unsaturated soil under different
eectrokinetic conditions. Moreover, the sudy of the mobilization of organic contaminants in
the contaminated so0il usng the dectrokinetic remediation process give us the movement
profile as a function of time. By combination of the above experimental data, we can build up
and solve the organic compound trangport model of eectrokinetic remediation. As a result,
the removd efficiency of organic, required time for cleaning up, and the cost of eectrokinetic
operation can be esimated. A transport mode of the organic contaminant under



eectrokinetic treatment was developed and written as a computer program by MATLAB.
This mathematical program is used to predict the movement of organic contaminants in the
soils by input of the necessary parameters.
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2. PHYSICAL-CHEMICAL CHARACTERIZATION OF SOILS

2.1. Composition

The compostion of soil sample was andyzed by the sedimentation (hydrometer) method.
The procedures are as follows grind soil samples with mortar and pestle and Seve to make
asurethat al the diameters of the soil particles are less than 2 mm.

a) Take 50 gram of the ground soil sample and add 100 mL of 5% sodium
hexametaphosphate.

b) Transfer the suspenson to a sedimentation cylinder, insart a plunger and mix the
contents thoroughly.

c) About 15 seconds after mixing the suspenson, lower the hydrometer into
suspension, and after 40 seconds, read the scale at the top of the meniscus.

d) Record the hydrometer value.

€) Record temperature of the sample and blank at the 40 seconds time mark. From
these values, the percentage of sand can be calculated.

f) After 2 hours of standing lower the hydrometer into the sedimentation cylinder and
record the hydrometer vaue, then record the temperature of sample and blank.
From these values, the percentage of clay can be caculated.

The equations for the caculation of the soil compostion are asfollows:

s

% Sand =100 - ?100 (hydrometer reading & 40 %conds)lg

g (Corrected weight of Soil ) s

100" (hydrometer readingat 2 hours)
(Corrected weight of Soil )

% Clay =

% St =100- (% Sand + % Clay)

oven dry weight of subsample  ~ 50g
Air - dried weight of subsample

the results of compostion anaysis obtained by using the sedimentation method for the soil

sample received. Clay and it are the mgor components in dl soil samples which indicates
that the application of eectro-osmoss technology will be feasible for these soils.

where: Corrected Weight of Soil =

. Table 2.1. shows

2.2. pH

The pH measurements were made in 0.01 M CaCl, solution. The samples were air dried
and seved through 2 mm Seve to remove the coarse soil fraction. Weigh 10 gram of the
pretrested soil sample and mix with 10 mL of 0.01 M CaCl. Mix thoroughly and let the

sample stand for at least 1 hour. Record the pH value by usng a pH meter. The results
shown in Table 2.1 indicate that most of the soil samples are in the neutrd region (pH is equd
to 7.6).
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Table2.1. Physical-chemical characteristics of the soil sample.

Physica-chemicd Characteristics Reault | Method

Sand (%) 14.0 Hydrometer

Sit (%) 38.0 Hydrometer

Clay (%) 48.0 Hydrometer

PH 7.6 In 0.01M CaCl,

ECEC (meg/100g) 20.5 The sum of exchangeable K,Ca,and Mg

Organic Matter(%) 1.7 Hedting a 105 °C for 2 hours, then at
360 °C for 2 hours

Moisture (%) 13.6 Heating at 105 °C for 24 hours

Hydraulic Conductivity (10 °crm/s) 25 Congtant-head

PHzpc 2.2 pH meter and Zetameter

Specific Surface Area (nf/g) 10.7 Coccine Dye Adsorption

ECEC: effective cation exchange capacity

2.3. Organic Matter

The soil organic matter was determined by the loss of weight on ignition (L. O. 1.)
method. Take 1 cmB of ar dried and sSeved through 2mm sieve soil sample and place it into
a 30 mL besker. Dry the soil sample at 105 OC for two hours. Record the weight of soil
sample plus beaker with an accuracy of +0.001 g. Heat the sample in oven at 360° C for two

hours. Cool the sample to 105 OC and maintain a this temperature until weighing. Weigh the
beeker with the ash in a draft-free environment to +0.001 g.

(Wips - W) (Wpa- W) | 100

O.M.(%) =
Wps - Wp
where: Wh = weight of beaker, Wps = weight of besker plus soil before ashing, Wha = weight
of beaker plus ashed soil.

Table 2.1. shows the results of organic matter content. The organic matter content is
around 1.7 % by weight

2.4. Effective Cation Exchange Capacity
The experimenta procedures of soil effective cation exchange capacity are asfollows:

a) Determination of the exchangeable cations
Weigh 10 g of soil sample into a 100 mL polyethylene cup and add 50 mL of 1 N
ammonium acetate ( NH4OAcC) to the cup as a buffer solution to maintan the
solution pH at 7.0. Shake the cup for 30 minutes. Filter the sugpension with No. 40
filter paper (Whatman) and add 25 ml of 1 N NH4OAc again to wash the filter
paper. Collect the filtrate and determine the K, Ca and Mg concentrations by
atomic absorption spectrophotometer.

b) Determination of exchangeable acidity
Weigh 10 g of soil sample into a 125 mL Erlenmeyer flask, add 25 ml of 1 N KCl
solution and mix wdl. Fltrae the sugpenson into a 300 mL Erlenmeyer flask.
Add 4 drops of phenolphthdein indicator to the KCl solution. Titrate the KCI
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solution with the standard 0.01 N NaOH. At the end point of titration, record the
volume of NaOH used. Get the exchangegble acidity in (meg/100g).
c) Effective cation exchangeable capacity (ECEC)
The sum of the concentrations of exchangeable K, Ca, Mg and the exchangesgble
acidity isthe effective cation exchangeable capacity (ECEC).
Table 2.1 shows the results of effective cation exchange capacity (ECEC) of soil samples,
the measured ECEC range is 20.5 meg/100g.

2.5. Moisture Content

Weigh the empty duminum plate. Weigh 1 g of soil on the duminum plate. Measure and
record the weight of plate with soil and record it. Put the soil sample in oven at 105 °C for 24
hours to get rid of soil moisture. Take these samples from the oven to the desiccator and coal.
Weigh of the dried soil.

The moigture content is caculated as follows:

M(%) — Wwetsoil' Wdrysoil “ 100
W et soil - Wplate

where: M(%) = moisture content, percentage by weight, Wyet <oil = Wweight of origind ol
sample + duminum plate, Wary soil = weight of the ashed soil + duminum plate, Wplate =
weight of the duminum plate. The moisture content results are shown in Table 21. The
moisture content is from 13.6 % by weight.

2.6. Specific Surface Area
The dye adsorption method (Smith and Coachley, 1983) was sdected to determine the
specific surface area of dols in this sudy. A commercidly avalable dye, coccine acid red
#18 (Aldrich Chemica Company, Inc.), was used as an adsorbate.  This dye has a molecular
(0]

weight of 604.48 and a flat molecular area of 196 A . Its Sructure is shown in the following
figure.

A monolayer coverage is assumed for this dye adsorption onto the soil surface. The
experimental procedures for pecific surface area measurement were as follows:

‘N)“:N

NaO3S O;Na
$3Na

The gtructure of new coccine dye

a) Weigh a catan amount of ar dried soil (typicdly 2~3 g/L) into a 1000 mL
besker. Add distilled water to the 1000 mL mark.

b) Adjust the pH of soil sample to 2 by adding HCIO, stock solution. Adjust ioni
drength if necessary.

¢) Measure the suspended solids (SS) concentration .

d) Didgtribute 100 (or 50) mL soil sampleto aseries of 125 mL plagtic bottles.
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€) Add different amounts of stock dye solution into these bottles. The following
initid  dye concentration are suggested: 1x106, 2.5x106, 5x106, 7.5x106, 1x105,
1.25x10° M.

f) Shakethe bottles in a shaker for 30 minutes to achieve equilibrium.

g Centrifugate each mixture a 15,000 rpm (550g) for 10 minutes to separate the soil
from supernatant.

h) Prepare a series of standard stock solution with known concentrations of coccine
dye for the purpose of cdibration.

1) Read and record the absorbance of the standard solutions and the sample
supernatant by colorimetric method usng a visble spectrophotometer (Hach
mode DR/2000, Hach Co., Loveland CO) at awavelength of 505 nm.

j) Cdculate the concentration of the dye remaned in samples usng the linear
regression equation obtained from the calibration curve.

k) Cdculate the maximum dye adsorption density, G, usng a multilayer adsorption
equation.

) Compute the surface area by the following equation:

S=G,NA
where: S is the specific surface area of the soil (n?/g); G, is the maximum monolayer dye
adsorption density (mole/g); N is the Avogadro's number (6.023x1023 moleculesmole); A is
the area occupied by a single dye molecule (m2/molecul€).
The multilayer adsorption mode developed by Wang and Huang (1997) can be expressed

as.
G= G, K.C
(1- KLO)1+(K, - K,)C]
where G= overdl dye uptake densty (mole/g-SS), G,, = monolayer uptake density (mole/g-
SS), K1 = congtant related to the adsorption energy for binding to the particle surface (M-1),
Ko = congtant related to the adsorption energy for multilayer adsorption (M-1). From the
experimentd data of the G- C rdationship, the congtants K1, Ky, as wel as G, can be

obtained by a nonlinear regresson method. Table 2.1 shows the specific surface area of the
s0il samples tested.

2.7. pHzpc

Take the soil samples from the containers, dry a 105 OC, grind and then sieve through a
mesh No.100 (150 um). For each sample, prepare a solution of 0.1 g/L of the pretreated soil
in 0.05 M NaClO4. The zeta potentiad was measured with a zetameter (Laser Zee modd 500)
as a function of pH vaues ranging from 2 to 9. Plot the z vaues vs. pH and then the pHzpc is
obtained a the pH of zero zeta potentid. Since the gpplication of eectro-osmoss were
investigated in this study, it is crucid to know the microscopic dectricd properties of the soil
samples. Table 2.1 shows the zeta potentid for dl soil samples tested, the measured vaue is
gpproxinmately 2.2.

2.8. Hydraulic Conductivity and Hydraulic Permeability

A congant-head permeameter was used to measure hydraulic conductivities as shown in
the below Figure 2.1. Water entered the medium cylinder from the bottom and was collected
as overflow after passing upward through the soils.
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From Darcy's law it follows that the hydraulic conductivity can be obtained from:

« =L

Ath
where V = flow volume in time t, A,
L ad h ae sown in
figureHydraulic permegblity, k, can

be caculated by the equation:
Km
k=—
rg

where K = hydraulic conductivity, p
= dynamic viscosty, r = the fluid
dengty, g = acceleration of gravity.

The hydraulic conductivity of the
soil is important, because the eectro-
osnoss technique is favorably
agoplied to contaminated soils with
low hydraulic conductivity (around
105 cm/sec).  The result of hydraulic
conductivity of the soil samples is
shown in Table 2.1., the measured
vaueis 2.5x10 cm/sec.

Constant

Continuous
supply
+

water level \’:n_l_d

=T 4
Horizontal area Overflow
of sample, A h
Volume V <
intimet —
\ t M P lat
—\ L Soil _> orous plate
=\ | * — |
—

Figure 2.1. The schematic diagram of the constant-head

permeameter.
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3. SORPTION OF CHLORINATED ORGANIC COMPOUNDSIN SOIL-
WATER SYSTEMS

3.1. Introduction

Undergtanding the interaction between organic contaminants and soil materids is
important to assessng of the mobility and fate of these compounds in the environment. In
generd, the sorption behavior of organics on soils is governed by two mgor factors, namely,
the hydrophaobicity of the organic contaminants and the soil organic matter content (Sabbah et
a., 1997). In many studies (Chiou et d., 1990; Rutherford et d., 1992; Seth et d., 1999), the
fraction of organic carbon in soils is regarded as the main sorbent and the role of minerds is
largely ignored. In other words, the partition (dissolution) instead of the adsorption (surface
reaction) process dominates the sorption behaviors of organic pollutants in soils. The organic
adsorbed by minerds is negligible when the soil organic maiter is less than 0.2% by weght
(Schwarzenbach and Westall, 1981).

Chiou et d. (1979) observed linear isotherms for nonionic organic compounds sorbing
onto soils and attributed this to a Smple partition process brought by the soil organic carbon.
According to the partition concept, there exists an linear expresson between the normalized
partition coefficient, Koc, and the octanol number of pollutant, Koy, Thet is

log Ko =alogKg, +b [3.1]
where Ky is the normalized organic @rbon partition coefficient and a and b are congtants. It
is noted that Ko is related to the solute partition coefficient, Ky, and soil organic content (%6),
X, i.e., Koc = Kg/X. Type of organic compound governs the vaues of a and b (Schellenberg .
al., 1984).

However, Mingdgrin and Gerstl (1983) argued that linearity is not evidence for the
partition mechanism. Among the nontlinear isotherms for organic compounds distribution in
soil-water systems reported, (Voice et al., 1983; Weber et a., 1983), many gppeared to follow
that of the Freundlich type (Equation 3.2):

Qe = KfCelln [3.2]
where @ is the concentration in soil phase, G is the chemica concentration in aqueous phase,
K: is the Freundlich congant and n is a coefficient. The linear isotherm is only a specid case
of the Freundlich isotherm when n is equd to 1. The other common nor-linear isotherm is the
Langmuir (Equation 3.3). The Langmuir isotherm predicates an asymptotic gpproach to a
gpecific maximum sorption density, Gnax, and a factor, b, which is related to the affinity of the
solute for the surface, thet is:

g, = JmaCe [3.3]

(1+bCe)

Based on the partition concept, the hydrophobicity of the organic contaminant plays the
magor rolw in the sorption process. As a result, the sorption process would be described by a
linear isotheem.  When sorption follows a non-linear sorption isotherms, it implies that other
factors, in addition to hydrophobicity, must be responsble for the sorption process.
Generdly, the linear isotheem is observed a low initid adsorbate concentrations. The
digribution of the adsorbate between the soil and the solution phase may decrease with
increasng organic concentration (Mingelgrin and Gersll, 1983). Accordingly, solute
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concentration can be condgdered as one of the important factors influencing the sorption
phenomenon.

The other important factor, not consdered by any partition modd is the soil to solution
ratio. This effect has been observed in phosphate adsorption on soils (Barrow and Shaw,
1979). It has been reported that phosphate adsorption increases as soil to solution ratio
increases (Fordham 1963; Barrow et al., 1965; and White, 1966). Hope and Syers (1976),
however, reported that high soil to solution ratio resulted in a low phosphate adsorption.  In
fact, the "soil to solution ratio" affects the sorption behavior for a varety of contaminants
such as heavy metds, organic pollutants, and radioactive materids. Routson and Serne
(1972) and Weiss and Colombo (1979) have found that the partition coefficient of low-levd
radioactive dements decreases with an increese of the soil to solution ratio. Fotovd et d.
(1997) have reported that a decreasing soil to solution ratio increases the amount of cations
adsorbed per unit weight of soil. Puls e a. (1991) dso proposed that Ky increases with
decreasing soil to solution ratio for Pb and Cd sorption on kaolinite.  Accordingly, there must
be some physicochemicd processes occuring as the soil is mixed with water at different
ratios, which results in a change of partition behavior. In this study, the effect of soil to
solution ratio on the sorption of nonionic organic contaminants on soils was investigated. The
adsorption capacity was discovered to closdy corelate the presence of dissolved organic
meatter (DOM) in the aqueous phase.

The objective of this study is to assess the partition coefficient, Ky of sdected chlorinated
organics, namely, tetrachloroethylene (PCE), trichloroethylene (TCE), carbon tetrachloride,
and chloroform with various initid solute concentrations and soil to solution raios. By the
andyss of the partition coefficient variation, it may provide the information about the nor:
linear sorption of organics, i.e, the organic concentration effect. In addition, the soil to
solution effect can be dso explained by the Ky investigation. In order to andyze the partition
coefficient of organic contaminants, it is necessary to characterize thermodynamicdly the
organic compounds in both aqueous and the soil phases (McCdl et d., 1985). The fugacity
concept was introduced to characterize the organic in the soil-water system, which can
determine the organic activity coefficient in the soil and agueous phase respectively.
Furthermore, the organic interaction with the soil and the solution can be quantified based on
the magnitude of the activity coefficient.  Theefore, one can gan indght into the
concentration and soil to solution effects on the organic sorption in the soil-water system.

3.2. Theoretical Aspects

Figure 3.1 is a conceptud presentation of the sorption of nonionic chlorinated compounds
in the soil-water system. In the system, the liquid phase conssts of two components, namely,
the water and the dissolved organic matter (DOM). The DOM in solution is derived from its
dissolution of the soil organic matter due to rain and groundwater movement. In this case,
DOM is a cosolvent and interacts with organic contaminants directly. Consequently, DOM
will influence the digribution of orgenic contaminants in the soil-water system. As a reault,
the measured partition coefficient will be an apparent vaue rather than a true congtant due to
the presence of DOM. The DOM extent can be attributed to the soil concentration in the
sysem. The DOM concentration increases with increasing the soil concentretion, i.e, the soil
to solution ratio. In this study, the presence of DOM was introduced to explain the soil to
solution retio effect on the organic sorption.
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In addition to DOM, the extent of organic concentration is another factor controlling its

sorption  behavior.

=%
SOM((soil organic matter)

The organic contaminants are mainly sorbed in the soil organic matter

= (SOM). Generdly, the

o o Chiorinated Organics sorption  reacion is a
Aqueous Phase o A o partition  process,  which
° o, C reaults in a linear isotherm.

° o o ° OC/C‘C\Cl However, the sorption
o\ __cl o o o ° isotherm may be non-lineer
o Ny o o a the high organic
° ° concentration  (Weber et

° o 4 ° A ° d., 1992). The nonlinear
DOM (dissolved organic matter) S ° sorption  behaviors can be
o ° ° H o “ Kgor K, atributed to the variation

of the organic interaction
with SOM. In this sudy,
the non-linear sorption, i.e,

Soil Phase the concentration  effect,
/ was illustrated by assessng

the partition  coefficient

with various organic

Figure 3.1. Schematic representation of the organics-water-soil  concentrations. Partition
system. coefficent is the sole

parameter used to describe
the didribution of organic contaminant in the soil-water sysem. The partition coefficient
usudly on the mass bads, Ky, is defined as the ratio between the concentration of the organic
compound in the solid phase and in the liquid phase, respectively, i.e,
—Ye
Kg C. [3.4]
where ge (Mg/Kg) is the organic concentration in the soil phase and C. (mg/L) is the solute
concentration in the agueous phase. A linear sorption isotherm means that K4 is a congtant,
whereas, the partition coefficient is varying when the sorption behavior is non-lineer.
However, in order to incorporate with the fugacity concept, one can redefine the partition
coefficient on amolar basis, Kj:
Kp=2s (3.5
XW
where X% and X, are the mole fraction of solute in agueous and soil phase, respectively. The
patitioning process is driven by the redive fugacity of the organics in each phase. The
partition coefficient represents the organic digtribution behavior a equilibrium whereas the
relative fugacity of organic in each phaseisidenticdl.
The partid molar free energy or chemica potentia p of a compound in a given phase f a
a specific temperature and pressure can be expressed by:

ft
m:n?+RTInF [3.6]
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where n? = chemicd potential at standard state, i = fugacity in phase f, £ = fugadity a
dandard date.  Since the fugacity in the liquid phase can be replaced by g X, Equation 3.6
yieds

m=nY+RTIng % [3.7]

where ¢ = the activity coefficient, x; = the mole fraction concentration of compound in
phase f. The term, o X;, iS a messurement of how "active' the compound is relative to its
reference date.  For the sake of smplicity, the pure liquid compound is usudly chosen to be
the reference date at the stated temperature and pressure of the sysem. The term, ¢ X;, IS
therefore referred to the activity of the solute compound. Obvioudy a high activirty indicates
high reative fugacity. At equilibrium, the partid molar free energy of a compound (fugacity)
in each phase must be equd, i.e, m = m,. The subscripts w, and § are designated for aqueous
phase and soil phase, respectively. Accordingly, one has:

OsXs = 9w Xy [3.8]
By arranging Equation 3.8, it yidds.
Xs _ 9w [3.9]
Xw G
By subgtituting Equation 3.9 into Equation 3.5, the partition coefficient is expressed:
K= [3.10]
G5

The molar fraction of organic in agueous and soil phase, Xy, and Xs, can be obtained by
experimentd  measurements. In a diluted <olution, the activity coefficdent of organic
compunds in agueous phase, g, Can be edtimested by its water solubility. According to
Equation 3.8, the activity coefficient of an organic compound sorbed in soils, gs, can be
determined. The vaue of gs can provide the characteridtic interaction information between the
s0il and the organic contaminant. Likewise, when g, was determined in the diluted solution,
then, the gy can account for the organic &ffinity a various concentrations toward the liquid
phase.

The soil organic carbon (SOC) was consdered as the magor sorbent for the organic
sorption.  To caculate the molar fraction of organic in SOC, Xs, the molar volume and the
dengity of the SOC are required. In this sudy, the SOM extent , 1.7% (by weight), can be
measured experimentadly. The soil organic content is 2 grams organic matter/gram organic
carbon (Schwarzenbach et d., 1993), the dengty of organic carbon is caculated to be 0.6
glen®.  Accordingly, the volume of SOC per gram soil is 0.017/(2x0.6) = 1.4x10°2 cnr.
Chiou and co-workers (1983) reported that the molar volume of the organic polymer phase is
around 10* to 10° (cm®/mole) and it was applied as the SOC molar volume. The mole number
of SOC per gram soil can be obtained: 1.4x10%/10* = 1.4x10° mole. This value was used for
the X calculation in this Sudy.

3.2.1. Concentration Effect

Based on the partition concenpt, many researchers assumed that the activity coefficient of
the partitioning chemicd is independent of its concentraion in the agueous phase
(Schwarzenbach, 1993). This assumption is reasonable & a low aqueous concentration where
interactions among organic molecules is amdl that its influence may be negligible.  However,
this interaction may become dgnificant a high organic concentration. Likewise, the activity
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coefficient of sorbed organic compound may change when one treat the soil organic carbon as
a solvent. Compared to the organic concentration in aqueous phase (dilluted solution), the
concentration of the organic compound sorbed is much higher (concentrated solution).
Accordingly, the gs vaue will vary with the concentration of organic compound and that g,
can be considered a constant during the sorption process.

In the diluted solution, the activity coefficient, g, IS approximately equa to its vaue a
saturation, g,. The activity coefficient at saturation can be computed by following equation:

1
— [3.11]
X3t
The term, X, in the diluted solution is equa to V,Cuw™= approximately, where V,, is the
molar volume of water, 0.018 and C,® (molell) is the water solubility of the solute.
Equation 3.11 can be rewitten as.

1
O @—o 312
VW(:W
The molar volume of water is 0.018 L/mole, Equation 3.12 yidds.

sat 1
@———— 3.13
w 0.018C 1343

The magnitude of X,, and X can be obtained experimentdly. According to Equation 3.8, the
activity coefficient of organic with soil organic carbon, g, is obtained. The g5 vdues a
various orgnaic concentrations were used for the illugtration fo the concentration effect.

st _
Ow =

3.2.2. Soil to Solution Ratio Effect

When the soil to solution ratio increases, i.e, the increase of soil concentration, in a soil-
water sysem, the DOM extent will increese.  The mixture of DOM and water can be
considered @& a homogeneous phase. The presence of DOM serves as a cosolvent to increase
the solubility of the organic comound. Accordingly, the organic interaction with the solution
will vary with the DOM concentration, i.e, the soil to solution ratio. The effect of soil to
solution ratio can be attributed to the presence of DOM in the soil-water system.

For assessing the effect of soil to solution ratio, in this study, the activity coefficient of
organic in the liquid phese, g,, a different soil concentrations was investigated. According to
Equation 3.8, the g, can be determined if Xy, Xsand g were already known. Terms, X, and
Xs Can be obtaned experimentdly. The vaue of gs can be obtained by conducting the
soprtion test under the diluted condition. Then, by subdituting gs, Xs, and X, into Equation
3.9, the activity coefficients of organics in the liquid phase, g, can be obtained at various soil
to solution ratios The activitry coefficient, gy, reflects the affinity between DOM solution
and the organic, which was used for the explanation of the soil to solution ratio effect.

3.2.3. Interaction between Organic Contaminantsand Soil

The activity coefficient indicates the compatibility between the the organic solute and the
solvent. A high activity coefficient for the solute presents low degree of sollubilization to the
solvent. To evaduate the interaction between the organic contaminant and the soil, the SOC
has been regarded as a solvent and its sorption characteristics are smilar to that of a polymer
(Weber et d., 1992). Flory and Hocker (1971) proposed an equation to compute the activity
“d of amdl solute moleculesin apolymer:
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Ina:Infl+§- ﬁ%2+cf§ [3.14]
Vag
where subscript 1 represents the solute phase, subscript 2 represents the polymer, f; is volume
fraction concentration, V; is molar volume, and ¢ is caled the Hory interaction parameter.

Fory-Huggins theory has been used to describe the thermodynamics of organic
contaminants in a soil-water system (Chiou, 1983; Chin, 1989; Spurlock,1994) and it was
adways smplified as

Ing=1+c [3.15]

The interaction parameter, c, is an indicaion, like the activity coefficient, of the compatibility
between the organic solute and the soil. A high ¢ vaue presents the low compatibility, which
indicates unfavorable solute-soil interactions.  Thererfore, the interaction parameter, c, is a
characterization parameter to express the interaction between various organic contaminants
and soils.  In andogy to the excess Gibbs free energy in the solute-solvent system, the
resdud chemicd potentid, m~, has been used to quantify the interaction energy between the
organic contaminant and SOC (Spurlock, 1994). The excess Gibbs free energy is the
combination of the combinatoria term (entropic contribution to the excess energy) and the
resdud term, mR, (enthapic contribution to the excess energy). The combinatoria entropic
contribution to the excess energy has been reported as a congant for the partition of organic
compounds in a soil-water system (Chiou, 1983). As a result, the resdua chemical potentid,
m", is able to provide the information of the sorption enthapic energy for various organic
compounds in soils.  Hory (1971) suggested an equation to determine the resdud chemica
potentid, thet is:

3.3. Methodology

Soil samples were collected from a specific DOE waste Ste.  The characteridtics of soil
including paticle sze didribution, pH, ECEC, organic matter, soil moisture, hydraulic
conductivity, zeta potentid, pH;e, and specific surface aea were andyzed.  All the
experimenta results of soil properties are shown in chapter 2. The organic chemicas were
purchased from Aldrich Co (Milwaukee, WI). The purity of PCE, TCE, carbon tetrachloride,
and chloroform is ca 99.0%. Table 3.1 ligts the mgor features of these organic chemicas
incduding molecular formula, molecular weight, saturation water solubility (& 25 °C), and
logK ow-
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Table 3.1. The physical properties of PCE, TCE, carbon tetrachloride, and chlor oform.

Physica Property PCE TCE carbon chloroform
tetrachloride

Molecular Formula C.Cly CoHCl; CCly CHCl3

Molecular Weight 165.8 131.4 153.8 119.4

Sauration Solubility (mg/l) 110 1,100 800 8,000

logK ow 2.88 242 2.73 1.93

Experimental Procedures

Figure 3.2 shows the sorption experimental procedure for chlorinated organic compounds
in soil-water system. Batch sorption experiments were conducted with PCE, TCE, carbon
tetrachloride, and chloroform a various soil to solution ratios (by weight) ranging from 1.5 to
1:100. The initid concentrations of organic compounds range from 0.1Cs to 0.8Cs with Cs
being the saturation water solubility. To a series of glass tubes (tube volume is 12 mL), a
desred amount of soil and organic compound in solution of congtant ionic drength dectrolyte
(0.05M NaNOs3) were added. The tubes were placed in a shaker and shaken congtantly for 48
hours to resch the equilibrium condition. The mixtures were then centrifuged at 2,500 rpm
(1,000 g) for 10 minutes usng a centrifuge (Prescion Scientific Co. model K-9, Chicago, IL)
to separate the ol

Soil to Solution Ratio from  the  SolLtion.

initial 1:5 1:10 1:201:50 1:100blank The residual

- oics © OO OO O concentration of the
oune 0268 O OO OO0O organic compound in
Chemicd  0.3Cs 000000 _ the centrate  was
Concentration — 4818 hc?urgr andyzed. The
vz 04cs @ O QOO O spies were
6cs Q QOO OO O ﬂ ﬁ(tracted one time in

exane then

08cs © OO O O O determined  with a

Centrifuge at 1,000g GC/ECD (Hewlett-

Extract the supernatant w/ hexane <::| for 10minsto collect | Packard, model 5890

the supernatant sries |, Wilmington
ﬂ DE). In order to
obtain the magnitude
Data analysis of the dissolved
organic carbon in soil
solution, a series of
glass tubes were used
to contan the soil-
water mixture without
contamination a different soil to solution ratios. These samples were dso sheken for 48
hours and centrifuged a 1,000g for 10 minutes. Then, the total organic carbon (TOC) of the
supernatants were measured by a tota organic carbon analyzer (Rosemount Andyticd Inc.,
modd DC-190, Santa Clara, CA).

Determine the concentration of
the sorbate with GC/ECD ::>

Figure 3.2. Flowchart of the sorption experimental procedure for
chlorinated organic compounds.
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3.4. Results

Figure 3.3 and Figure 3.4 show the sorption isotherms of PCE and TCE, respectively.
Both of PCE and TCE isotherms can be closdy fitted by the Langmuir equetion, whereas the
TCE isotherms can be dso closdy fitted by the linear sorption equation. For PCE, the mgor
sorption force on soils is peculated to be van der Waals since it is a strong nonpolar organic
compound. Generdly, the van der Waals force ntroduces a low sorption capacity in the soil.
When using the solubility as the initid concentration, the sorption densty may gpproach to its
maximd vaue. Accordingly, PCE sorption on the soil exhibits a Langmuir isotherm.

As for TCE which is a rdatively polar organic compound, the forces responsible for its
sorption can be dipole and van der Waas. Its sorption capacity is higher than PCE. The
sorption dendty is not close to its maxima vaue even goplying the solubility of TCE as the
initid concentration. Therefore, TCE sorption behaviors can be fitted by both Langmuir and
liner eguations  In fact, the Langmuir isotherm is nearly linear in the rddive low
equilibrium concentration range.  The different polarities can be seen from ther water
solubility (PCE 110 mg/l and TCE 1,100mg/l). Generdly, the oragnic compound with higher
water solubility has the higher polarity. The various sorption dengties can be atributed to the
Interaction between the different polarity of organics and soil characterigtics.

Figure 3.3 aso shows the nontlinear sorption isotherms of PCE a various soil to solution
ratios. Reslts indicate that al experimental data at various soil to solution ratios can be fitted
by the Langmuir equation. In Fgure 34, Lagmuir and linear sorption modes can fit
experimetnd results of TCE a different soil to solution ratios  This may imply that the
interaction mechanisms between organic contaminants and the soil does not change with the
soil-solution ratio but only the interactiion extent does. Therefore, Langmuir isotherm is ill
gpplicable to describe the sorption of PCE and TCE at various soil to solution ratios.

Figures 3.5 (PCE) and 3.6 (TCE) show partition coefficients as a function of equilibrium
concentration. Reaults indicate that the partition coefficients increase with decreasing the soil
to solution ratio (i.e, low soil concentration). This is known as "soil to solution ratio effect”.
This can be attributed to the presence of DOM in the liquid phase. In this dudy, the
centrifugation used for phase separation can not remove DOM in the solution during the
sourption tests.  The liquid phase actudly contains two componants such as water and DOM.
Apparently, when the soil concentration was increased, more amount of DOM would be
dissolved from the soil phase to the liquid phase. The presence of DOM can change the
organic chemicd concentration in the liquid phase.  Consequently, the soil to solution
influences the distribution of organic compounds in the soil-water system.

At various soil to solution ratios (ranging from 1.5 to 1:100), the K4 values are from 20 to
240 l/kg for PCE and from 5 to 40 I/kg for TCE, respectively. According to Equation 3.1,

Iog(K—Xd) = alogK,, + b, the organic partition coefficient is proportional to its octanol-water

patition coefficent in log scde  In other words the organic contaminant with high
hydrophobicity aways has high partition coefficient. Accordingly, the partition coefficient of
PCE (log Kow=2.88) is greater than that of TCE (log Konw=2.42).

Figure 3.7 shows sorption isotherms of carbon tetrachloride.  These sorption isotherms
can be closdy fitted by the Langmuir equation. The mgor sorption force on soils for carbon
tetrachloride is mainly attributed to be \an der Wadls like PCE. Figure 3.8 shows the sorption
isotherms of chloroform. Results indicate that these sorption isotherms can be closdy fitted
by both Langmuir and linear equaion like TCE. The explanation of different sorption
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isotherms for carbon tetrachloride and chloform is the same as that for PCE and TCE,
repectivdly.  The different polarities can be seen from ther water solubility (carbon
tetrachloride 800 mg/l, chloroform 8000mg/l), which results in different sorption behaviors.

Figure 3.7 shows the nontlinear sorption isotherms of carbon tetrachloride at various soil
to solution ratios. Results show that experimentd data a dl soil to solution ratios can be
fitted by the Langmuir equatiion. Likewise, chloroform follows the Langmuir eguation a
vaious s0il to solution ratios (shown in Figure 38). This implies that the interaction
mechanisms between organics (carbon tetrachloride and chloroform) and the soil is
independent of the soil to solution ratio. Only the extent of the organic interaction change
with the soil to solution ratio.

Figures 3.9 (carbon tetrachloride) and 3.10 (chloroform) show partition coefficients as a
function of the equilibrium concentration.  Results show that the partition coefficient
increases with decreasing soil to solution rétio, i.e, low soil concentration. This can be seen
from the sorption experiments of PCE and TCE as well, which is attributed to the presence of
DOM in the agueous phase. DOM can enhancess the organic concentration in the agueous
phase due to the interaction between DOM and organic contaminants. The partition
coefficient is caculated according to the chemica concentration raio between Isolid and
liquid phase, Kg = gJ/Ce. The increase of the organic concentration in liquid phase resutsin
decreasing the partition coefficient. Therefore, the partition coefficients of organics decrease
with increasing soil to solution ratio.

The Kq4 vaues range from 10 to 170 I/kg for carbon tetrachloride and from 1 to 10 I/kg for
chloroform based on experimentd results. In the comparison of dl sdected chlorinated
organic compounds, it is seen that the order of the partition coefficients is PCE (10 to 100
I/kg) @carbon tetrachloride (10 to 170 I/kg) > TCE (3 to 35 I/kg) > chloroform (1 to 10 I/kg).
This order is the reverse order of their water solubility (PCE: 110 mg/L, carbon tetrachloride:
800 mg/lL, TCE: 1,100 mg/L, chloroform: 8000 mgL). This indicaes tha the
hydrophobicity of organic compound dominates its digtribution in the soil-water system.

The patition coefficient is used to describe the didribution behavior of chemicd
contaminant in the soil-water mixture. In addition, it dso serves as a crucid parameter in the
edimation of retardeation factor for the organic trangport. The partition coefficient of organic
contaminant measured in the sorpiton experiment was usudly expected to be applicable to the
trangport model. However, the water content is ca. 10% to 15% by weight in the red dte,
which is fa less than that in a over-saturated soil-water system gpplied to sorption
experiments.  Due to the effect of the soil to solution ratio, the partition coefficient determined
by the sorption experiment can not represent the organic didtribution in the field. In order to
obtain the feasble partition coefficient, thereby, it is necessary to dudy the effect of soil to
solution retio on the sorption reaction.

Figure 3.11 shows the concentration of tota organic carbon (TOC) as a function of the
s0il concentration.  Results indicate that TOC (reguarded as DOM) concentration increases
proportiondly to the soil concentration. This indicates that the increase of soil to solution
ratio (high soil concentration) increases the DOM extent in the liquid phase  The linear
reaionship implies that SOM contain a certain fraction of soluble organics. The dope of the
draight line, 0.12 mg/g, represents the fraction of soluble organics in the soil.  According to
Table 2.1, the totd organic matter is ca. 17 mg per gram soil. Based on results shown in
Figue 311, each gran of soil produces 0.012 mg organic carbon in the solution.
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Consequently, the fraction of soluble organics in SOM can be determined by the ratio, i.e,
0.12/17 x 100% = 0.7% (by weight).

3.5. Discussion
According to Egation 310, K :%, the didribution of organics is rdaed to the

G

activity codfficients, gy and gs. The activity coefficient can reflect the interaction of the solute
with the solvent. In this study, the organic concentration and soil to solution ratio are two
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Figure 3.11. The total organic carbon in
solution asa function of soil concentration.
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to solution ratio, i.e., soil concentration is 10 g/L.. The solution can be consdered to consst
only of pure water. Accordingly, the ectivity coefficient of organic in the solution, gy, IS
gpproximadly equd to that in the water. The vaue of g, can be computed by Equation 3.13,

Gy = 1/0.018C, . By sbstituing gy, X and X, into Equation 39, % -9 the g vate
w 9

was given. The terms, X, and Xs, are the molar fraction of organic compound in agueous

phase and soil phase, respectively. They can be obtained based on the experimentd results of

the organic sorption. Furthermore, the Flory interact parameter, ¢, can be determined by

Equation 3.15, Ing=1+c. The resdud patid molar free energy, mR, was obtained from

Equation 3.16, i.e, N = RTC.

Table 3.2. Solute activity coefficients, Flory interaction parameters, and the residual
partial molar free energiesfor various solute concentrations.

Sorbate Ings C m" (KJmol)
PCE
0.1Cs -6.0 -7.0 -17.3
0.2 Cs -5.1 -6.1 -15.1
0.3Cs -4.4 -54 -13.3
0.4 Cg -35 -4.5 -11.2
0.6 Cs -3.0 -4.0 -9.9
0.8 Cs -1.5 -25 -6.3
Carbon Tetrachloride
0.1Cs
0.2 Cs -3.7 -4.7 -11.7
0.3Cs -3.0 -4.0 -9.8
0.4 Cq -2.0 -3.3 -8.1
0.6 Cs -1.8 -2.8 -6.9
0.8 Cs -1.8 -2.8 -6.9
-1.6 -2.6 -6.4
TCE
0.1Cs -3.7 -4.7 -11.6
0.2 Cq -3.3 -4.3 -10.7
0.3Cs -2.6 -3.6 -8.8
0.4 Cs -2.1 -3.1 -7.6
0.6 Cs -0.8 -0.2 -0.4
0.8 Cs -1.4 -0.4 0.9
Chloroform
0.1Cq -5.6 -6.6 -16.3
0.2 Cs -55 -6.5 -16.1
0.3Cs -4.6 -5.6 -14.0
0.4 Cg -4.4 -54 -13.3
0.6 C -4.4 -54 -13.3
0.8 C -4.0 -5.0 -12.4

Note: all datacaculated at 1; 100 soil to solution rétio.
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Based on experimentd results, Table 3.2 ligs the organic activity coefficient, Ings, Flory
interaction parameter, ¢, and the residud partid molar free energy, m~, a various organic
concentrations for PCE, carbon tetrachloride, TCE, and chloroform, respectively. It is seen
that the c vaue increases with increesng organic concentration. The Hory interaction
parameter, ¢, is an indication for the organic-soil interaction; a high ¢ vaue exhibits an
unfavorable interaction.  Consequently, the interaction between the organic and the oil
becomes more unfavorable with incressing organic concentration.  Since the mR® is the
enthalpic contribution to the excess mixing Gibbs free energy, the negdive vaue of m~
shown in Table 3.2 indicates that the the interaction between chlorinated organics and the soil
is exothermic. Table 3.2 dso shows the variance of Hory interaction parameters from 0.1 to
0.8 water solubility for each chlorinated organic compound. The various ¢ vaues of PCE,
carbon tetrachloride, TCE, and chloroform range from —7.0 to -2.5, -4.7 to -2.6, -4.7 to -0.4,
and 6.6 to -5.0, respevtively. Among al selected organics, the oncentration effect on PCE
is mogt sgnificant due to its greastest variance (4.5). In contrast to PCE, the concentration
effect on chloroform is rdaively indgnificant because the ¢ variance is only 1.5. The order
of the concentration effect is PCE > @rbon tetrachloride @TCE > chloroform, which follows
order of ther hydrophobicity. This indicates that SOC is a rdatively low hydrophobicity
materid compared with these chlorinated organics. Therefore, the concentration effect on the
organic with high hydrophobicity becomes sgnificant.

Figure 3.12 and 3.13 show the Flory interaction parameter, ¢, and resdud partid molar
energies, mR~, versus the molar fraction of organic in the soil phase, respectivdly. Resuits
indicate that both of the ¢, and mR incresse with increasing organic concentration. It is
noticed that the interaction energy is expected to reach an infinite vaue when the molar
fraction of solute gpproaches to 1.0. This is because the organic can not overcome the
repulsive interaction energy from the soil a avery high molar fraction.
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Figure 3.12. The c as a function of solute Figure 3.13. The m" asa function of solute molar
molar fraction with soil organic carbon. The fraction with soil organic carbon. The arrow
arrow indicates the molar fraction at which indicates the molar fraction at which all four
all four compounds ar e compar ed. compounds are compar ed.

To compare the interaction energy of different chlorinated organic compounds, Figure
3.13 shows mR vaues of various chlorinted organics a an identicd molar fraction. The order
of the interaction energy is PCE > TCE @carbon tetrachloride > TCE, which is in reverse
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order of the water solubility. This indicates that the organic contaminant with higher
hydrophobicity (eg., PCE) has weaker interaction with SOC. Since most organic meatter in
naura soils is polar with a combination of hydroxy- and oxy-moieties exposed to ther
exterior (Schwarzenbach, et d., 1993), the nonpolar compounds in soil matrix are unfavorably
bound compared with polar ones. Accordingly, the interaction energy of sorption reection
between organics and soils follows the order of the organic hydrophobicity.

Although organic compound with high hydrophobicity (eg., PCE) presents wesk
interaction with soils, the order of the partition coefficients, PCE > carbon tetrachloride @
TCE > chloroform, is 4ill the same as that of the hydrophobicity..According to Equation 3.9,

Kp =="%, the partition coefficient is obtained by comparing the organic interaction in liquid
S

and solid phase a equilibrium.  High hydrophobic compounds may have high partition
coefficient when the interaction in liquid phese is dgnificat (i.e, gy vaue is great). In this
dudy, the Ings value of PCE at 0.3 G (-4.4) is the same as that of chloroform a 0.4 G, shown
in Table 32. The gy vdue of PCE (9 x 10% is far grester than that of chloroform (800)
according to Equation 3.13, g, = 1/0.018C,. Accordingly, the Ky value of PCE is greater than
that of chloroform. This indicates that the digtribution of organic not only depends on the
organic interaction with the soil but dso on its interaction with the solution.  Since the organic
interaction in the agueous phase is dgnificant, the high hydrophobic organic exhibits high
partition coefficient.

3.5.2. Soil to Solution Ratio Effect

Based on experimenta results, Table 3.3 ligts the organic activity coefficients in the liquid
phase, g, and the solubility ratio, log(C/IC) a various soil to solution ratios The g
computation was based on experiments conducted a of 0.1 Cs organic concentration, where
the concentration effect is negligible. It is seen that the organic concentration, (C/C),
increases experimentaly with increesing the soil concentration, i.e, high soil to solution ratio.
The increase of soil concentration increases
the DOM concentration in the solution.

14 TSSO, R QSIS : DOM sarves as “a cosolvent”, thereby, the
et R R a— organic concentretion in the agueous phase

12 \ T e increases  with  the  soil  concentration.
=N -x--owoom | According to Table 33, the activity
ER s e B o8 ; coefficient, g, decreases experimenta  with
. OO el o Sy = - S increesdng the soil  concentration. The
S . . adtivity coefficent reflects the  afinity

6 R A T e ; between the solute and solvent and its low
X vaue exhibits a high affinity. The decrease

of the activity coefficent, Ing,, exhibits the

increase of the affinity due to the presence of
Total Organic Carbon in Solution (mg/l) DOM.

Figure 3.14 shows the log vdue of the
activity coeffidents, Ing,, as a function of
TOC in the solution. TOC concentration

0 5 10 15 20 25

Figure 3.14. The Ing, as a function of total organic
carbon in solution.
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can be an indication to present the DOM extent and cordated to the activity coefficient.
Results show thet alinear relationship between TOC and Ing,, thet is:
Lngy = mn[TOC] [3.17]

where m is the Ing, vaue in the asence of TOC, n is a interaction coefficient. The
interaction coefficient, n, indicates the compatibility between the organic and TOC (or DOM).
A high n vdue indicates a favorable interaction between the organic and the solution.
According to Figure 3.15, the n values of PCE, TCE, carbon tetrachloride, and chloroform are
ca 0.15, 0.04, 0.03, and 0.08, respcetively.

Table 3.3. Solute activity coefficients in liquid phase, In g, and the solubility ratio at
various soil to solution ratio.

Sorbate g, log(C/IC™)
PCE
15 8.2 1.37
1:10 8.3 1.33
1: 20 10.7 0.25
1: 50 11.0 0.16
1:100 11.3 0.00
TCE
15 8.4 0.33
1:10 8.8 0.25
1:20 9.0 0.19
1:50 9.2 0.08
1:100 9.3 0.00
Carbon Tetrachloride
15 8.0 0.39
1:10 8.2 0.22
1:20 8.4 0.13
1:50 8.6 0.04
1:100 8.8 0.00
Chloroform
15 4.8 0.85
1:10 5.9 0.35
1:20 6.3 0.17
1:50 6.5 0.09
1:100 6.7 0.00

Note the data calculated under the 0.1 C/Cs condition.

3.6. Summary

The use of the fugacity concept is useful for illudrating the partition behavior of organic
compounds in the soil-water sysem. This gpproach is not only able to analyze the non-linear
sorption isotherms (concentration effect) but dso explain the soil to solution ratio effect. The
activity coefficient is a useful means to describe the quantitative feature of the organic-soil
interaction without detailled information of their interaction mechanisms. By comparing the
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activity coefficents, gy and gs, one can illudrate the trend of organic distribution between the
s0il and water phase.

In addition to the hydrophobicity (K,,) of organic contaminant and SOM, the organic
compound concentration and the soil to solution retio can influence the organic digtribution as
well. As increasng the organic compound concentration, the activity coefficient, gu, can be
considered as a constant and @ increases due to the increase of te repulsve force from the
il phase. The change of g5 makes the sorption isotherms of organic contaminants non
linear. According to the interaction interpretation of gs, it can be found that the sorption
reaction between these selceted chlorinated organics and the sail is exothermic.

Based on experimenta results, the soil to solution effect can be attributed to the presence
of the DOM in the liquid phase. DOM can act as a cosolvent in liquid phase, which results in
the increase of the organic concentration. Accordingly, the partition coefficients (= XdJX,) of
these chlorinated compounds decrease with increasing the soil to solution ratio. It is seen that
the organic activity coefficent in the solution, Ing,, presents a linear reationship with the
TOC concentration. The linear expression is Ingy = mn[TOC], where m is the Ing, vaue in
the absence of TOC, n is an interaction coefficient. Based on the experimentd reults, the n
vaues of PCE, TCE, carbon tetrachloride, and chloroform are ca. 0.15, 0.04, 0.03, and 0.08,
repcetively.
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4. DESORPTION OF POLYCYCLIC AROMATIC HYDROCARBONS
IN THE PRESENCE OF SURFACTANT

4.1. Introduction

The sbsurface contamination by hazardous organic pollutants is an  important
environmentd  issue. Among vaious organic contaminants, polycydic aomdic
hydrocarbons (PAHs) are of specid concern due to their high toxicity and hydrophobicity.
By nature of high hydrophobicity, PAHs are strongly sorbed to soil or sediments (Karickhoff,
1984). In other words, the soils contaminated by PAHs are difficult to clean up. From the
view point of removd efficiency, the desorption of PAHs plays a key role in the the
remediation process. The remova efficiency is enhanced upon the increase in the desorption
rate of PAHs in soil-solution systems.  Since surfactant has the high solubility for organics, it
IS expected that surfactant can increase the desorption rate of hydrophobic contaminants in
soils. It has been reported that surfactants have been used in soil-washing, soil-flushing, and
pump-and-treat techniques (Mackay and Cherry, 1989). Generaly, aggregates of surfactant
molecules (micelles) can incresse the dissolution and mohility of organic contaminants in the
water and soil phase, respectively (Edwards et a., 1991). Nonetheless, the surfactant can be
sorbed by the soil and becomes part of the soil organic matter (SOM). Therefore, the sorbed
surfactant can increase the organic sorption dendty of the soil, thereby increesing the stability
of the organic contaminants in soils In addition, the sorbed surfactant, if it is toxic or
hazardous, may cause ancther environmentd problems. When applied in remediation
process, surfactant, especicd anionic surfactant, may precipitate which can  dgnificantly
impact the remova efficiency (Rouse et d., 1993). Precipitation can be minimized by the use
of sdecting the appropriate anionic surfactants.  Another way to avoid the precipitation is by
mixing the nonionic surfactant with the anionic surfactant.  Mixing two different surfactants
can reduce the overdl CMC, thereby decreasing the surfactant precipitation (Sabatini, 1991).
According to the above illudratiion, some disadvantages will occur when the surfactant
goplication is not well-designed. Therefore, it is necessary to study the desorption behavior of
contaminants in the presence of surfactant.

This work explores the solubilizetion of PAHs in an atifica synthetic surfactant, Triton
X-100, and in a biosurfactant, rhamnolipid, respectively. The compounds of PAHs sudied
include fluorene, phenanthrene, anthracene, fluoranthene, and pyrene The partition
coefficients of PAHs in these two soil-surfactant systems were measured. A quantitative
relationship between the partition coefficient and the octanol number of PAHs was developed
by rdaing experimentad data of PAHs solubilizetion. Additiondly, the sorption behavior of
the synthetic and the bio-produced surfactants on both uncontaminated and PAHS
contaminated soils were investigated.

4.1.1. Fundamentals of Surfactants

A aurfactant molecule congsts of both hydrophilic and hydrophobic moieties.  The
molecular structure makes surfactants accumulate a interfaces, eg., air-water, oil-water, and
water-solid preferentidly.  The hydrophilic moiety of the surfactant prefers to stay in polar
phase such as water. The hydrophobic moiety of surfactant will prefer the nonpolar phase
like the oil. Therefore, surfactants can accumulate & an oil-water interface (West and
Hawdl, 1992). Many indudrid applicaions takes advantatge of the amphiphilic



characteridic of surfactants. The accumulation of surfactants a waeter-oil interface can reduce
the surface tenson of water, which improves the wetting process.

Surfactants can be generdly categorized into four groups including cationic, anionic,
nonionic and zwitterionic, i.e, both cationic and anionic. This classficaion is based on the
nature of their head group, i.e, the hydrophilic head. In the agueous solution, surfactant
molecules form micdles when the surfactant concentration exceeds a cetan vaue. This
concentration is caled the criticd micelle concentration, CMC. The CMC vdue of a
aurfactant is a function of surfactant type (nonionic surfactants generdly have lower CMC
than ionic surfactants) and system conditions, eg., temperature and hardness (Rosen, 1989).
Micedles condst of two portions the hydrophilic exterior which is oriented toward water
phase and the hydrophobic interior which is away from the water phase and oriented toward
the center of micdles. Since hydrophobic organic compounds are soluble in the interior of
micdle, the solubility in water will increese. This increesing “agueous solubility” of organic
compounds in micdles is refered as solubilization.  The degree of organic solubilization
depends on the class and the concentration of the surfactant.

Although the surfactant has the potentia to increase the agueous solubility of hydrophobic
contaminants and to fadlitate the organic removd efficiency, the accumulatiion a the soil-
water interface may be the disadvantage to engineering applications. The surfactant sorption
on the soil is undedrable. Among the four types of surfactant, cationic surfactants exhibit the
strongest attraction to the soil surface. This can be attribued to the negative charge of the soil
aurface in a neutra pH environment.  Generdly, most surfactant sorptions displays three to
four diginct regions in the sorption isotheem of which some regions can be fitted
gpproximately by the Langmuir isotherm (Rosen, 1989).

4.1.2. Biosurfactant

Many bacterial species produce biosurfactants. There are a variety of biosurfactants, most
of which can be dassfied as anionic or nonionic. In addition, biosurfactants can adso be
classfied into severd broad groups: glycolipids, lipopeptides, lipopolysaccharides,
phospholipids, and fatty acidgneutral lipids (Fiechter, 1992). The largest and best-studied
group of biosurfactants is glycolipids, which include the sophorose-, rhamnose-, trehalose,
sucrose-, and fructose-lipids. Many factors induding growth conditions, culture medium
nutrients, temperature, pH, and agitation control the production and purification of
biosurfactants (Miller, 1995). Biosurfactants have a typicd molecular weights range of
approximately 500 to 1500 mw and CMC vaues of 1 to 200 mg/l (Lang and Wagner, 1987).

Like many other synthetic surfactants, biosurfactants can improve the remova efficdency
of the organic contaminants. Compared to synthetic surfactant and in terms of remediation,
biosurfactants have severd advantages over synthetic ones. They are biodegradable, codt-
effective, and can be produced in-Stu a contaminated Sites.

4.2. Theoretical Aspects

Figure 41 shows the conceptud scheme of equilibrium desorption of PAHs in the
micdle-soil-water sysem.  According to Figure 4.1, it is seen that PAHS compounds are
digributed in three phases including water, micdle, and soil. Three reaction steps can be
recognized:
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Figure4.1l. Schematic representation of the PAHs desor piton in micelle-water-soil system.
(1) Solubilization of PAHs from the agueous into the micelle phase:
PY+M-3$® P- M [4.1]

where P" is the PAHs in the water phase, M is the free micele, P-M is the PAHSs in the
micdle, and Ky, is the partition coefficient of PAHS between water and micdlle phase. Since
the solubilization of PAHSs is a partition process between water phase and micdle phase, that
is,
P-M]
[P"]

(2) Sorption of surfactant on the soil induding the sorption of both individud surfactant
molecule and aggregates (micdlle):

S+ X-%® S- X [4.3]
where S represents the concentration of surfactant including individud molecule and
aggregate in agueous phase, X is the soil surface, SX is the surfactant-soil associates. Since
the surfactant sorption is an interfacid interaction, it can not been regarded as a partition
process. As a result, the surfactant sorption on the soil surface may be described by the
Langmuir or linear isotherm (Rosen, 1989).
(3) Partition of PAHSs between the agueous and the soil phase:

P+ X" - 98l P - X [4.4]
where P is the PAHs concentration in the solution, i.e, both water and micdle phase, X is
the soil phase containing the sorbed surfactants, P'-X" is the PAHs concentration in the soil
phase. The term, Kjcme, IS the goparent partition coefficient of PAHs in the soil-micdle-water
sysem. That is

K =L

m

[4.2]

_[P"- X7]
d,cme — [P*]

According to Equation 4.5, the PAHs desorption in the presence of surfactant is associated
with both the solubilization capacity and soil sorption of the surfactant. Therefore, in order to

[4.5]
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decribe the PAHs desorption, an integrated relationship among the solubilization of PAHS,
sorption of surfactants, and the apparent partition of PAHs is necessary.

4.2.1. PAHs Solubilization in the Micelle Phase

As mentioned above, the solubilization of PAHs from water phase into micele phase is
one of the three mgor steps for PAH's desorption.  The solubilization of micdle can enhance
the PAHs solubility in the agueous phase, which increases the desorption of PAHSs in the soil-
water system. According to Equation 4.5, the PAHs concentration in the presence of micdlle,
P, should be determined to compute the apparent coefficient of PAHS, Kyeme. The partition
codffident in the micdle-water phase, Ky, can use to cdculate the PAHSs concentration in the
micelle phase, then, one can obtain the P vaue Therefore, the effect of the solubilization of
the surfactant can be involved into the quantification of Kgcme When introducing Kp into
Equation 4.5.

According to the definition of the patition coefficent in micdle-water phase, i.e,

P-M .
= [ s ] , Jafvert (1991) derived that Ky, and the octanol number of PAHS, Koy, can be
corrdlated by a linear equation. Almgren et a. (1979) determined the micele-water partition
coefficent (Ky,) of 10 aromatic hydrocarbons in the micelle solution. These vaues dso can
be correlated to alinear reationship with a corresponding Kow. Thét is:
K = bKow [4.6]

where b is a congant. During the derivation by Jafvert (1994), b was independent of the
specific PAHs compound but only depends on the characteritic of the surfactant. This
equation was used to incorporate with Equation 4.5 to compute the Ky eme.

Km

4.2.2. Surfactant Sorption on the Soil

The sorption of surfactant onto soil surface is the part of the soil organic matter. In other
words, the sorbed surfactant can increase the sorption dendty of the soil for PAHs
contaminants.  Accordingly, the magnitude of the sorbed surfactants must be involved into the
computation of the apparent partition coefficient, Kgeme. The surfactant sorptions can be
fitted by the Langmuir or linear equation. The Langmuir expresson is

1+b[S
where , gmax iS the maximum sorption dengty in the soil phase and b is an indicaior of the
affinity for various organic compounds to the soil. The linear isothem of the surfactant
sorptionis:
[S- X]=c+d[T] [4.8]

where ¢ and d are the regresson congtants. Therefore, Langmuir or linear isotherm was used
to incorporate with Equation 4.5 to compute the Kg eme.

4.2.3. Partition of PAHs between the Aqueous and the Soil Phase

The partition coefficient of PAHs in the presence of surfactants, Kgcme IS defined as the
ratio between the concentration of the PAHS in the soil phase and in the liquid phase. Since
the agueous phase conssts of water and micelle phase, Equation 4.5 can be rewritten as.
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_ [P* _ X*]
O P+ [P
where the superscription w and m stands for water phase and micelle phase, respectively. It
must be noted that the liquid phase dso comprises the other componant such as the dissolved
organic matter (DOM). Compared to the micdlle concentration, we assume that the effect of
DOM on PAHs desorption is relaively smal and can be neglected. Equation 4.9 can be
divided by [P"], one has:
_[P - X1PY]
O L [P P
where [P-X"]/[P"], is the partition coefficient of PAHSs, K4, between soil and water phase
and [P"]/[P"] can be replaced by Km[S], Equation 4.10 can be written as follows:
Kg
(1+ Kp[S])
Generaly, the sorbate is considered to be dissolved in the organic carbon of soil, a normaized
partition coefficient, Koc, can be used to express the digtribution of contaminant between the
water and organic carbon content, that is,
_ [P* _ X*]
* [P foc
where foc is the organic carbon content in soils containing the sorbed surfactant.  According
to the definition of Ky, K¢ =[P -X ]/[P"], Equation 4.12 becomes:
K*
Koo =—2 [4.13]
fOC
For PAHs compounds, their K. vaues can be dways correlate to the corresponding Kow
vdues. In addition, PAHs sorption isotherms in soils dways exhibit a linear expresson
(Karickhoof, 1984). Hessett et a. (1980) reported a near-zero intercept and a constant dope
(a = 0.48) for the sorption of various PAHs onto 14 sediments and soils. The proportiondity
between Ko and Ko, can be expressed asfollows:

Koe =aKow [4.14]
By combining Equation 4.13 and 4.14, one has.
Ky =af Koy [4.15]
By substituting Equation 4.15 into Equation 4.11, it yields:
aKy, o
K =——ov @ 4.16
T (L KlS) o
By subgtituting K, = bK oy into Equation 4.16, one has:
aK,, o
K =__ —~ ow oc 4.1
d,cmc (1+ mow[s]) [* 7]
The sorbed surfactant is the part of the organic carbon content in soilsthereby, f o, can be
expressed:

[4.9]

[4.10]

decme —

[4.11]

[4.12]

oc

foo =O[S- X]+ fy [4.18]
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where g is the effective coefficient of the surfactant which has contributed to the sorption of
organic contaminants, i.e, as the soil organic carbon. The term, fo, is the origind organic
carbon of the soil.
If the surfactant adsorption can be fitted by the Langmuir isotherm, by the combination of
Equation 4.7 and 4.18, ond has:
fgc — ngaxb[S] + foc
1+H S
By subtituting Equation 4.19 into Equation 4.17, the apparent partition coefficient, Kycmc, Can
be expressed:

[4.19]

éQJmaxb[S] + f l:,J
- ST O
1+ BKowlS]

When the term, bKo[S is far greaster than one, Equation 4.20 can be smplied to the
following expresson:

Kd,cmc = [420]

— aKow[g]max + fOC]

K = 421
d,cmc | Kow[ S] [ ]
Then, Ko can be cancelled in Egaution 4.21, one has:
Qﬂmax + fOC]
K = —a[ 4.22
d,cmc b[ S] [ ]

Since a, b, g, gnax, and & are congants in a specific soil-water system, Equation 4.22 can be
written asfollows:

Kgeme = K/ [4.23]
where K is an integrated coefficient, i.e, K = a[gdmax*tfoc)/ b. According to Equation 4.23,
the apparent patition coefficient, Kgeme, 1S inversdy proportiond to the surfactant
concentration in the solution, [S].

If the surfactant adsorption is linear, one can subtitute Equation 4.8 into Equaiton 4.18 and
hes.
foo =1 (C+d[S]) + oo [4.24]
By subtituting Equation 4.24 into Equation 4.17, the gpparent partition coefficient, Kgcme, Can
be expressed:
_ @Koyl +d[SD) + foc]

K = 4.25
d,cme 1+ bK,[S] [4.25]

4.3. Methodology
4.3.1. Qualitative Analysis of the Surfactant

In order to sdect the suitable surfactant for the remova of PAHs compounds from soils, a
group of surfactant was screened based on the following properties: water solubility, clay
particle disperson, oil disperson, and foam formation (Ellis et d., 1985). Fird, a surfactant
must have high solubility in water phase. To determine the water solubility of surfactant, it
begins by mixing 5 ml of surfactant (2% by weight) in 250 ml of didtilled water for 5 minutes.
The degree of surfactant dissolution was distinguished by visud observation.
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A surfactant possesses the drong ability of clay paticle disperson may have adverse
effect on the flushing process Since high day disperson ability dways mobilize smal
particles, these particles may resettle and clog the soil pores. As a result, both the flushing
flow and the removd efficiency would decresse.  High purity kaolinite and bentonite
(Georgia Kaolin Company, Atlanta, GA) were used to evauate the clay particle disperson. A
given amount of clay (250 mg) and 10 ml of the 2% (w/w) surfactant solution were mixed in a
15-ml vid. The vid was sheken for 5 minutes over a sheker then adlowed to settle overnight.
The visud cloudiness of the solution was indicative of the presence of suspended clay.

For remova PAHs from soils, a surfactant should have the high ability of oil disperson.
This will decrease he strong attraction between PAHs and soils. The oil disperson tests were
conducted by mixing 100 ml surfactant solutions and three drops of motor oil in a 250 mi
besker. The extent of the oil disperson was determined by the visud cloudiness of the find
olution.  For the foam formation consderation, surfactant with a high foam formation
tendency might have adverse effect on the remediation gpplication. The foaming may block
the flushing pahway in the sol matrix. To determine the extent of foam formation of
aurfectant, surfactant solutions were mixed vigoroudy for 2 minutes, then, the extent of the
foaming was observed visualy.

The precipitation of surfactant may block the pores of the soil, which is an adverse effect
on the soil flushing process. To determine the extent of precipitation of surfactant, surfactant
solutions were mixed with the cdsum chloride solution (0.1 M). The mixtures were shaken
for 24 hours, then, the extent of precipitation was obserbed visudly. Table 4.1 ligts type and
manufacturer of various surfactants used in this study.

Table4.1. Thetypeand the manufacturer of surfactants studied.

No | Surfactant Charge | Company

1 | MERPOL A Non DuPont, Wilmington, DE

2 MERPOL SE Non DuPont, Wilmington, DE

3 | MERPOL SH Non DuPort, Wilmington, DE

4 | MERPOL 189S Non DuPont, Wilmington, DE

5 | ZONYL FSK AM DuPont, Wilmington, DE

6 | EMULPHO GENEBC-610 | Non Rhodia, Cranbury, NJ

7 | IGEPAL CO-210 Non Rhodia, Cranbury, NJ

8 | IGEPAL CO-630 Non Rhodia, Cranbury, NJ

9 | LUBRHOPHOSLF-200 Non Rhodia, Cranbury, NJ

10 | Triton X-100 Non Rohm and Haas, Philadelphia, PA
11 | Triton X-405 Non Rohm and Haeas, Philadelphia, PA
12 | Triton X-85 Non Rohm and Haas, Philadel phia, PA
13 | Triton QS-44 Non Rohm and Haas, Philadel phia, PA
14 | Triton GR-5 Non Rohm and Haas, Philadelphia, PA
15 | SDS Non Aldrich, Milwaukee, Ml

16 | Fluorochemica FC-143 A 3M, St. Paul, MN

17 | Biosurfactant Rhamnolipid A Jendll Biotech, Saukville, WI

Note: Non: nonionic  AM: amphoteric  A: anionic surfactant

4.3.2. PAHs Solubilization with Surfactants
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Figure 4.2 shows the experimentd procedures for the PAHs dissolution in the surfactant

solution.

Baich dissolution experiments were conducted with fluorene, phenanthrene,

anthracene, fluoranthene, and pyrene a various CMC vaues ranging from 0 to 5. To a series
of glass tubes, 10 ml surfactant solution and PAHs organic compound were added. The tubes
were placed in a shaker and shaken congtantly for 10 days to reach the equilibrium condition.
The mixtures were then centrifuged at 2,500 rpm (1,000 g) for 10 minutes using a centrifuge

Surfactant Concentrations (asCMC)
blank 5 10 15 20 30

phenantirene Q) QO O O O O

Surfactant: Triton X-100

rhamnolipid
pyrene OO0O00 OO0
atracere Q O OO OO ) Shake for
fluorene Q000 00 10 days
fluorahrene ©Q QO O O O O l
Centrifuge at 12,0009 Centrifuge at 1,000g
for 10 minsto remove & |for10minstocollect
fine particles the supernatant

i

Determine the concentrations of
PAHSs in agueous phase by
HPLC/FLD

m) |Dataanaysis

Figure 4.2. Flowchart of the experimental procedures for PAHs
solubilization.

Triton X-100 Nonionic Surfactant

CHs  CH:
HiC—E-CH7 ¢ O(CH,CH ,0%7H
CH, CH,

n=ca. 9.5; MW=625; CMC=200 mg/L

Rhamnolipid Anionic Biosurfactant

f @
H—CH,—C—O0—CH — CH,—C—O0—H
OH 7 2 % 2
(¢H2)s (FH2)
OH CH, °CH,
MW=600; CMC=20 mg/L
OH

Figure 4.3. The molecular structure, molecular weight, and
CMC valueof Triton X-100 and rhamnolipid.
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(Prescion Scientific Co. mode
K-9, Chicago, IL) to separate
the PAHs powder from the
supernatant. Then, a
superspeed refrigerated
centrifuge  ( Sorvadl, modd
RC-5, Wilmington, DE) was
used to remove fine particles
in the supernatant at the speed
of 12000 g The
concentration of the PAHS in
the centrate was andyzed by a
HPLC/FLD (Hewlett-Packard,
model 1100 series,
Wilmington, DE).

In solubilization
experiments, Triton X-100 and
the biosurfactant
(rhamnolipid) were sdected.
Figue 43 cows the
molecular dructure, molecular
weight, and CMC vdue of
Triton X-100 and rhamnolipid,
respectively. The PAHs were
purchased from Aldrich Co
(Milwaukee, WI). The purity
of fluorene,  phenanthrene,
fluorathene, and pyrene is
98.0% and that of anthracene
is 97.0%. Table 4.2 ligs the
magor features, including
molecular  formula, molecular

weight, saturation water
lubil Ity, and |OgK ow of
PAHs studied.



Table 4.2. Major physical properties of fluorene, phenanthrene, fluoranthene, pyrene,

and anthracene (Schwar zenbach, 1993).

Physical Property | fluorene phenanthrene | anthracene fluoranthene | pyrene
Formula Ci3H10 CiaH10 CiaH10 CisH10 CisH10
Molecular Weight 166.2 178.2 178.2 202.3 202.3
Solubility (mg/L) 18 11 0.1 0.2 0.1
logK ow 4.2 4.6 45 52 51

4.3.3. PAHs Desorption in the Presence of Surfactants
The characterisics of soil samples are lisged in Chapter 2. Figure 4.4 shows the
exp@imentad procedures for PAHs desorption in the surfactant-soil-water sysem.  Batch
desorption  experiments were conducted with  fluorene, phenanthrene,  anthracene,
fluoranthene, and pyrene a various CMC vdues ranging from 0 to 5. The soil samples were
pre-contaminated by PAHS, which concentrations in soils ranged from 25 to 200 pg/g. To
prepare PAHs contaminated soil samples, a given amount of PAHs powder was dissolved into
100 ml hexane completdly. The PAHshexane solution then was added into a soil mixer
(Hobart, model CT-345, Lake Bluff, IL) with 100 g dried soils.  After mixing for about 1 hour
in the hood , hexane eveporated into the air phase and the nonvolatile PAHs remained in the
oil.
Surfactant Concentrations (asCMC) papg phenanthrene To a series of glass

tu PAHs 2
ek blank 5 10 15 20 30 pyrene, anthracene Cobl’Eninaed (g(‘;ﬂ
ak O Q0000 fluorene, fluoranthrene samoles and 10 ml of
25mg O OO O OO Surfactant: Triton X-100 fp i
50 ngy/g 8 8 8 8 8 rhamnolipid S'Ir,a:tmt SJEJt;QH %
75 ny/g Various concentrations,
¥ 1 mg® OO QO OQQ m) | Shakefo CMC to 30 CMC, were
72 hours added. Two surfactants,
¢ 1m0 OO0O0O0O0 o
2000 © OO O OO l Triton _ .X-100 and
ST T RGeS rhamnolipid, were used
entrifuge ,000g Centrifuge at 1,000
forlOminstoremove| {@@ | for 10 mins to colledt o conduct  the
fine particles the supernatant desorption  experiments.
l The tubes were placed in

a shaker and shaken
congantly for 72 hours
to reach the equlibrium
condition. The mixtures
were then centrifuged at
2,500 rpm (1,000 g) for
10 minutes using a centrifuge (Prescion Scientific Co. modd K-9, Chicago, IL) to separate the
coarse paticles from the supernatant. Then, a superspeed refrigerated centrifuge ( Sorvall,
modd RC-5, Wilmington, DE) was used to remove the fine particles in the supernatant at a
gpeed of 12,000 g. The resdud concentrations of PAHs and Triton X-100 in the centrate
were andyzed with a HPLC/FLD and HPLC/DAD (Hewlett-Packard, modd 1100 series,
Wilmington, DE), respectively.
The concentration of rhamnolipid was determined by the surface tenson method. Since
pH may affect the surface tenson measurements, the solution was buffered. This was done

Determine residual concentrations
of PAHs and surfactant in agueous =)

Data anaysis
phase by HPLC/FLD/DAD

Figure 4.4.
desor ption.

Flowchart of the experimental procedures for PAHs
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by mixing 10 ml buffer solution (pH=7) with 10 ml rhamnolipid solution. The buffer solution
was made of potassum phosphate (0.05 M) monobasic-Sodium hydroxide (Fisher Scientific,
Pittsourgh, PA). The surface tenson of dl samples was determined by a tensometer
congtructed with a platinum ring produced from (CSC Scientific company, Farfax, VA) ring
and arecorder (Coll-Parmer, Chicago, IL).

4.4. Results

4.4.1. Screening Tests
Table 4.3 ligs the results of screen teding of surfactants in terms of water solubility, oil

disperson, clay disperdon, forming capecity, color, and precipitation degree. Results show

that most surfactants have high water solubility. Since the surfactant would be used in the

oil-water sysem to enhance the PAHs remova efficiency, the qudified candidates generdly

possess the features of high oil dispersion, low clay disperson, low forming, clear color, and

low precipitate. Based on results shown in Table 4.3, Triton X-100, SDS, and rhamnolipid

are better surfactants.

Table4.3. Results of screening testing of Surfactants.

No | Surfactant Name A* | B°

MERPOL A

MERPOL SE

MERPOL SH

MERPOL 189S

ZONYL FSK

EMULPHO GENE BC-610

IGEPAL CO-210

IGEPAL CO-630

LUBRHOPHOS LF-200

Triton X-100

Triton X-405

Triton X-85

Triton QS-44

Triton GR-5

Fuorochemical FC-143

SDS

Biosurfactant-ramhnolipid

Note A: Solubility (2%), B: Oil Disperson, C. Clay Disperson, D: Forming, E: Color, F:
Precipitation, a Y=yes, N=no, b: H=high, M=moderate, L=low, c. w=white, c=clear,
y=ydlow, b=brown, Surfactantsin bold type are sdlected for further experiment.
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Figure 4.5 shows the surface tension of various surfactants as a function of concentration.
Reaults show that the surface tenson of dl surfactants decresses with increasing
concentration and reaches a minimum vaue, repectively.  This gpedific minimum  surface
tenson vaue is ca 32, 30, and 28 dynelcm for SDS, Triton X-100, and rhamnopilid,
respectively. Results indicate that the CMC vaue of SDS, Triton %100, and rhamnolipid is



roughly 500, 200, and 20 mg/L, respectively. There is no micdle formation when the
surfactant concentration is below CMC.

The Triton X-100 surfactant is a popular
flushing agent in the soil remediaton practice

TR (Yeom et d, 1996; Sahoo et d., 1998). The
§ °0 N e SDS (sodium dodecyl sulfae) is dso
2 L\.ﬂ R I (i frequently applied in the soil  washing
2, 5N \\ trestment (Deshpande et a., 1999). However,
5 VT S\ - O .
7 i A the posshility of precipitation for Triton X-
(RO i et 100 is lower than SDS because SDS is an
g anion surfactant.  Accordingly, Triton X-100
3 10 was sdected in this Sudy. Rhamnolipid
(anionic biosurfactant) may dso cause the

o 100 200 300 400 500 600 700 800 precipitation problems but it has the advantage
of being biodegradable. In addition, the CMC
vdue of the rhamndipid (20 mglL) is
Figure 45. The surfactant tension as a reletively low compared to that of SDS (500
function of surfactant concentration for SDS, mg/L). Since the solubilization of micdle is
Triton X-100, and rhamnalipid. the man factor controlling the remediation
efficiency, the surfactant with low CMC vdue
may save the operation cost. Therefore, the Triton X-100 and rhamnolipid were sdected as
target surfactants for desorption experiments.

Surfactant Concentration (mg/l)

4.4.2. PAHsDissolution in the Presence of Surfactants
Figure 46 shows the PAHs
concentration as a function of Triton X- 120
100 concentration. Results show that the
PAHs  concentration  increases  with
increesng the surfactant  concentration
proportionaly except a the surfactant
concentration becomes greater than 30
CMC. Since the solubilization of PAHs
manly depends on the micdle 0 .
concentration, the PAHs concentration is 20
related to the surfactant concentration in -
tems of CMC. The nonproportiona 0
solubilization capacity can be attributed to
the various micdlar gructures. In generd, Triton X-100 (CMC)
micelles ae regaded to be roughly
gphericd, but micdles may become
nongpherical a concentration grester than
ten times CMC (Rosen, 1989). The nonsphericd surfactant micdles consst of two padld
gheets (lamdlar micdles) in which the individua molecules are oriented perpendicular to the
plane of the sheet. Compared with spherica micdles, the lamdlar micdles are aggregated by
different number of surfactant molecules  Therefore, the solubilization capacity can be
affected by different micdlar formation.
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Figure 4.6. The PAHs concentration as a function of
Triton X-100 concentration.



Reaults indicate that the degree of PAHs solubilization follows the order of water
solubility except fluorene, that is, phenanthrene > fluoranthene > pyrene > anthracene. This
degree reflects the solubilization capacity surfactants which can be expressed by the term,

, . P-M N
[P- M]. According to Equation 4.2, K, = [ [ ] then, the solubilization degree can be

=

written as. K[P"] = [P-M]. Since K, is a congtant and [P"] is the PAH in water, the degree
of various PAHs follows the order of ther water solubility. Based on experimentd results,
the Km[P"] vaue of fluorene, phenanthrene, fluoranthene, pyrene, and anthracene is 7.7, 5.0,
1.2, 0.7, and 0.3, respectively. The exceptiond case of fluorene implies that the Ky, vaue of
fluoreneis different from thet of other PAHs.

Figure 4.7 shows the PAHs concentration 2 i
as a function of rhamnolipid concentration. 3 SP——
Results show that the PAHs concentration E T B e /
increases  with  increasing  the  surfactant ST S s /.
concentration. Compared with Triton X% 100, s 2~
the solubilization proportiondity of the S 10 ,A}"/
rhamnolipid remain  congant a the high S o B -
concentration. This indicates that the T ° /”?_; I
structure of rhamnolipid micele does not * /5/" ...... .
change throughout the concentrations tested. o s 10 15 22 2 2 3
The CMC vdue of rhamnolipid (20 mg/L) is Rhamnolipid Concentration (CMC)

about ten times smdler then that of Triton X-

100 (200 mg/L). For the surfactant with  Figure 47. The PAHs concentration as a
sndl CMC vdue, its micdlar structure may function of rhamnolipid concentration.

not change its dructure due to the rdatively

4

low concentration. This can account for the 110

solubilization  proportiondity of PAHs in o

rhamnolipid solution. 2 /
Results dso indicate that the dope ratio of & *° /

PAHs solubilization in  rhamnolipid  solution <§ 7000

folows the order of ther weler solubility 5 e/

except fluorene, that is, phenanthrene > 3 7 //

fluoranthene > pyrene > anthracene. Thiscan  § s 7

be interpretted by the same explandtion for ~

Triton X-100 results. The SIOpe ratio is 065, 0 1000 2000 3000 4000 5000

045, 045, 0.29, and 0.02 for phenanthrene, Trition X-100 (mg/L). Ce

fluoranthene, fluorene, pyrene, and

anthracene, respectively. Figure 4.8. Triton X-100 sorption isotherms in

uncontaminated soils.

4.4.3. Surfactant Sorption onto Soils

Figure 4.8 shows that the Triton X-100 sorption on the PAH-free soil. Reaults indicate
that the sorption curve can be fitted by the Langmuir isotherm except data points a the
highest equilibrium concentration.  This result is in agreement with the report of Sun and
Inskeep (1995). Their results showed that the sorption isotherms of Triton X-100 on Oshtemo
s0ils exhibits the Langmuir type a the equilibrium concertration ranging from 0 to 600 mg/L.
In this study, Langmuir isotherm can describe the sorption of Triton X-100 in the range of
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equilibrium concentration from O to 3,000 mg/L. Although various soils exhibit different
sorption capacity of surfactant, the sorption behavior of Triton X-100 basicly follows the
Langmuir equetion.

For the high equilibrium concnetration out of the Langmuir equetion fitting range, it may
be atributed to different micdlar dructures. Narkis and BenrDavid (1985) investigated a
series of nonionic surfactants sorption on the mineral clay. They reported that micdles may
be sorbed on the soil directly. Carberry et. d., (1977) dso suggested that the sorption of
nonionic surfactants on soils is not multilayer but micdle-type sorption. When the micdle is
the sorbate, the sorptive interaction of the surfactant with the soil surface can be regarded as a
solubilization process.  Accordingly, the sorption densty has a maxima vdue, ie, the
sauration solubility of surfactant in soil phase. The surfactant sorption can be fitted by the
Langmuir isotherm. Based on the solubilization concept, the sorption capacity varies with the
hydrophobicities of solutes. ~ The hydrophobicity of micdle may change with micdlar
sructures.  According to results from the solubilization experiments, the micdlar sructure of
Triton X-100 may change from spherica to lamelar a 20 CMC. Figure 4.8 shows that the
equilibrium concentration a 20 CMC (4,000 mg/L) can not be fitted by the Langmuir
equation. This may demondrate that Triton X-100 changes its micdlar structures at ca. 20
CMC and that the surfactatant sorption can not be fitted by the Langmiur isotherm due to the
presence of various micdlar formations.

Figures 4.9, 4.10, 4.11, 4.12, and 4.13 show Triton %100 sorption isotherms at various
levels of PAH-contaminated soils including fluorene, phenanthrene, anthracene, fluoranthene,
and pyrene, respectively. The contaminated PAH concentrations in the soils were from 25 to
200 ny/g. Reaults show tha the sorption dengty of Triton X-100 decreases with increasing
the PAHs contamination leve in the soil. Since the interaction of both PAHs and surfactants
with the soil can be regarded as a sollubilization process and soil organic métter is the only
sorbent, PAHs molecules can occupy some avalable soil stes of the surfactant.  In other
words, the sorption of PAHs compounds and surfactants on soils are competitive.  In addition,
results show that PAHs types can influence the sorption densty of surfactant. For various
PAHs contaminated oils, the sorption dendties of Triton X-100 at 200 ng/g ae
appromaxitely 6000, 5800, 5600, 4800, and 3000 ngy/g for fluoranthene, anthracen,
phenanthrene, pyrene, and fluorene, respectively. The order of sorption dendty is dmog the
sane as ther logKow vaues except pyrene, tha is fluoranthene (logKow=5.2) > anthracen
(logKow=4.5) @ phenanthrene (logKow=4.6) > fluorene (logKow=4.2). Generdly, the organic
contaminant with low hydrophobicity exhibits srong sorption interaction with the soil.
Therefore, the sorption densty of surfactant is smdl on the soil contaminated by low logK ow
vaue PAHs.

Reaults show that the sorption densty of surfactant decreases with increesing surfactant
concentration except the lowest and highest equilibrium concentration.  This may be
atributed to the rdlease of soil organic matter from soils. It is inevitable that the organic
matter was dissolved from the soil to the agueous phase due to the strong hydrophobic
lublization of micdles Because of the loss of the soil organic matter, avallable soil Stes
for surfactant decreases. The soil organic matter is consdered as the main domain for the
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micelle sorption, therefore, the sorption dendty of surfactant decreases with increasing
surfactant concentration.

Figure 4.14 shows that the rhamnolipid sorption in the PAH-free soil. Results show that
the sorption curve can be fitted by a linear equation. Thangamanl and Shreve (1994) reported
the same sorption behavior of rhamnolipid. Noordman et. d., (2000) reported that the
adsorption of rhamnolipid on the soil is driven by the hydrophobicity of rhamnolipid but not
by the patition process. This may be evidenced by the linear isotheem of the rhamnolipid
sorption.  If the pratition process is the only interaction between rhamnolipid and the soil, the
sorption behavior should be related to the hydrophobicity of surfactant.  According to
experimental  results, there exits the linearity even the micdle formed in the aqueous phase,
i.e, the equilibrium concentration over 20 mg/L. The defference between the hydrophobicity
of individua surfactant molecule and the micelle can not affect the surfactant sorption.  This
implies that the rhamnolipid sorption is manly an interfacia adsorption process.  Generdly,
the sorption drived by organic hydrophobicity is a partition process. The anionic character of
the rhamnolipid may repe the organic attraction to the soil, which truns the partition reaction
into an interfacial adsorption. The sorption densties of the rhamnolipid range from 500 to
2,500 ngy/g and the partition coefficient is 34 L/Kg.
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Figure 4.15. Rhamnolipid sorption isotherms Figure 4.16. Rhamnolipid sorption isotherms at
various quantities of fluorene contaminated soils. various quantities of phenanthrene contaminated
soils.

Figures 4.15, 4.16, 4.17, 4.18, and 4.19 show rhamnolipid sorption isotherms versus
vaious PAH contaminaed soils incuding fluorene, phenanthrene, anthracene, fluoranthene,
and pyrene, respectively. The contaminated PAH concentrations in the soils were from 25 to
200 ng/g. Realts show that the sorption dengty of rhamnolipid decreases dightly with
increasing the PAHs contamination concentration. This may be atributed to the decrease of
the soil specific surface aea When preparing PAHs contamination soils, PAHs were
dissolved in hexane and mixed with the soil. After hexane evaporation, part of PAHs may be
filled in the pores of the soil in addition to the sorption. Accordingly, the specific surface area
of soils decreases with increasing the contaminaion concentration. Since the rhamnolipid
sorption is an interfacid reaction, the sorption density decreases with increasing the soil
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Figure 4.17. Rhamnolipid sorption isotherms at Figure 4.18. Rhamnolipid sorption isotherms at
various quantities of anthracene contaminated various quantities of fluoranthene contaminated
soils. soils.

contamination. Results show that the dopes of the linear isotherm are 54, 48, 59, 72, and 74
L/Kg for  fluorene, phenanthrene,
anthracene,  fluoranthene, and  pyrene
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(logkow=4.2).  This indicaes that the
adsorption of rhamnolipid is mainly driven
by the hydrophobicity of the soil.
Therefore, the sorption intengty of rhamnolipid increases with increesng the hydrophocity of
PAHSs contamination soils.

Figure 4.19. Rhamnolipid sorption isotherms at
various quantities of pyrene contaminated soils.

4.4.4. PAHsDidgribution in the Presence of Surfactants

Figures 4.20, 4.21, 4.22, 4.23, and 4.24 show the desorption isotherms at various Triton
X-100 concentrations (0 to 30 CMC) for fluorene, phenanthrene, anthracene, fluoranthene,
and pyrene, respectively. Results show that al desorption isotherms can be fitted by the
linear equation and be described by the partition coeffcient. According to the definition of the
partition coefficient, Ky = 0J/Ce, Where Ky is the partition coefficient, ge is the organic
concentration in the soil phase, and G is the organic concentration in the agueous phase. The
partition coefficient can be related to the activity coefficient, gu/gs, (Chapter 3). The terms, gy
and g, are the activity coefficient of organics in the agueous and soil phase, respectively. The
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Figure 4.23. The fluoranthene isotherms with
various CMC values in Triton X100 solution-soil
system.

liner isotherm indicates that the activity
coefficients, gy and g, are congtant vaues. In
other words, the PAHs interaction with
aufactant  solution and the ol ae
independent of the PAHs concentration.

Results show that agpparent partition
coefficient of PAHS, Kgcme, decreases with
increesng the surfactant concentration.  This
observation is in agreement with the results
reported by Sun and Boyd (1993). With the
drong surfactant  solubilization  &bility, the
solubility of PAHs can be enhanced in the
aqueous phase.  Accordingly, the desorption
capacity of PAHs increases with increasing
surfactant concentration, which decreases the
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partition coefficient. It is noticed that the desorption difference is inggnificant in comparison
with the desorption tests conducted by pure water and 5 CMC Triton %100. According to
results obtained from sorption experiments, most surfactant molecules are sorbed on the soil
surface with use of the low surfactant concentration, i.e, 5 CMC. There are few or none
micdles in the solution, which results in indgnificant solubilization surfectant.  Therefore, the
surfactant applied to PAHs desorption at the low concentration is not effective.

The Kgceme VaAues of fluorene, phenanthrene, anthracene, fluoranthene, and pyrene are ca
5~20, 25~55, 50~275, 5~15, and 20 L/Kg, respectively. The partition process is te man
reection for the PAHs didribution in the micdle-soil-water sysem. The driving forces of
partition process contain the hydrophobicity of PAHs, surfactant, and soil organic matter.
When using the same type of surfactant and soil during desorption tests, the hydrophobicity of
PAHSs is the only factor controlling the PAHs desorption. Based on this concept, the partition
coefficient, Kgeme, Should follow the order of the megninute of PAHs hydrophobicity.
According to results, Kgcme Of PAHSs does rot follow this rule. In fact, the surfactant would
sorbed on the soil surface and become a new sorbent for PAHS during the desorption process.
This coupling reaction results in the PAHs patition coefficient not following the solubility
order in the presence of surfactant.
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Figure 4.25. The fluorene isotherms with various Figure 4.26. The phenanthrene isotherms with

CMC valuesin rhamnolipid solution-soil system. various CMC values in rhamnolipid solution-soil
svstem.

Figures 4.25, 4.26, 4.27, 4.28 and 4.29 show desorption isotherms at various rhamnolipid
CMC vaues for fluorene, phenanthrene, anthracene, fluoranthene, and pyrene, respectively.
Reaults show that the desorption among various surfactant concentrations are insgnificant
except fluoranthene.  This indicates that rhamnolipid concentration has no sgnificant effect
on the enhancement of PAHs desorption. The rhamnolipid concentration in the agueous
ranges only from O to 2 CMC gpproximaey. In contrag, the initid rhamnolipid
concentration was 5~30 CMC, therefore a great amount of biosurfactant molecules were
sorbed by soils. As a result, the equilibrium concentration of PAHSs are close to ther water
olubility levd, which causes the desorption isotheem not to vary with the rhamnolipid
concentration.  In addition, the rhamnolipid adsorbed on the soil becomes part of sorbent for
PAHs. The increasing content of the soil sorbent can reduce the solubilization of PAHs from
the soil phase.  Therefore, the desorption of PAHs is independent of rhamnolipid
concentrations.
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Figure 4.27. The anthracene isotherms with Figure 4.28. The fluoranthene isotherms with
various CMC values in rhamnolipid solution-soil various CMC values in rhamnolipid solution-soil
system. system.
Results show that dl the desorption
200 il A isotherms with rhamnolipid can be fitted by
o / the linear equation. As discussed for Triton
5 10 G-f -4 % X-100, the linear isotherm indicates that the
P B some activity coefficients , gy and g, are constant
g / . o e vaues The PAHs interaction with
3 i + oo rhamnolipid and soil are independent of the
'é PAHs concentration.  Results show that
% 50 :,Z Kaeme  Of  fluorene, phenanthrene,
anthracene, fluoranthene, and pyrene are ca.
0o 50, 400, 2000, 1000, and 500 L/Kg,
0 02 04 0608 1 12 repectivedly.  The sorption of rhamnolipid
Pyrene in Solution (mg/L), Ce reults in a random order in the PAHSs
partition coefficient.
Figure 4.29. The pyrene isotherms with
various CMC values in rhamnolipid solution- . .
soil system. 4.5, Discussion
45.1. PAHs Dissolution in the Presence of
Surfactants

Figure 4.30 shows the partition coefficient of PAHs in the micdle-water system, Ky, as a
function of the partition coefficient of PAHs in the octanol-water system, K,y Results show
that Ky, can be correlated to the Ko proportionaly as expected, i.e., Equation 4.6: K, = bKow.
A high b vdue reflects the high solubilization cgpacity of the surfactant for hydrophobic
organics. Results indicate that b vaues for Triton X-100 and for rhamnolipid are ca 0.4 and
044, repectively. This means that the solubilization capacity of these two surfectants are

dmilar to each other a an identica concentration.
(20 mg/L), is largey different from that of Triton X-100 (200 mg/L).

However, the CMC vdue of rhamnalipid
This implies that the

there is no correation between the CMC and solubilization capacity of surfactant.
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8 Edwards et al., (1991) reported that the
b vdue of Triton X-100 for phenanthrene
e 5 and pyrene is 038 which is in good
.’)/ agreement  with results obtained in this
k y study (0.40). According to Equation 4.6
e - ,/ (Jafvert, 1994), b vaues only depends on
7" bof rhamnolipidis0.44 the surfactant characteristics such as molar
2y o TR AT S AT volume and the disperson force of
L surfactant.  Jafvert et a., (1995) proposed
0 an empirical equation to estimate the rétio,
° ° 10 1 20 b, based on K, and Ko, as follows:
K x10° Km = (0.031y;-0.0058y,)K o [4.26]

” where y1 = number of “hydrophobic’
cabons (eg., aomatic or diphatc,
sraight or branched reduced carbons), y»
= number of “hydrophilic’ groups (eg., sorbitan carbons (in CgHs group), or ethoxy groups
(C2H40 group)). Based on results shown in Figure 4.3, the number of “hydrophobic” carbons
in Triton X-100 is 14 and number of “hydrophilic’ groups (C2H4O group) is 9.5. The b can
be computed as 0.031*14 - 0.0058*9.5 @0.38, which is close to our experimenta result
(0.40). Likewise, the number of “hydrophobic” carbons for rhamnolipid is 18 and the number
of “hydrophilic’ groups (sorbitan carbons) is 14. Therefore, the b vaue of the rhamnolipid
was determined as ca 047 which is dso close to the experimenta result (0.44). This
indicates that Equation 4.26 is not only suitable to prediction of the b vadue for Triton X-100
but aso for rhamnolipid.

M

K x10°
\

\

N

Figure 4.30. The partition coefficient of PAHS in
micelle-water system versustheir octanol number.

45.2. PAHsDidribution in the Presence of Surfactants
The apparent partition coefficient of PAHs compounds in the surfactant-water-soil

-SRI

1+ bKOW[S]
Equation 4.20 (Section 4.2.3), the gpparent partition coefficient can be smplified to Equation
4.23, when the term bKu[S is much greater than 1.0. The integrated coefficient, K, is equa
to agqmaxtfoc]/b. Figures 4.31, 4.32, 4.33, and 4.34 show the apparent partition coefficient,
Kd.cme, @ a function of Triton X-100 concentration in the presence of fluorene, phenanthrene,
anthracene, and fluoranthene, respectively. Reaults show that there is an inversdy
proportiond relationship between Kgcme and Triton X-100 concentration in the range from 10
to 20 CMC. This can be dttributed to bKyn[S] being much grester than 1.0 in Triton X-100
solutionsoil sygsem. The K, of fluorene is ca. 15,000, wth a b of 0.4, and Triton X100
concentration of ca 10° M. The product of these three parameters, bKo[S], is ca 6.0.
Accordingly, the smplified equation, K/[S, is ale to describe the partition behavior of PAHs
relationship with the Triton X-100 ®ncentration. Compared with fluorene, the desorption of
other PAHs compounds studied can fit this equation due to their higher Ko, vaues.

system can be expressed by Equation 4.20, Ky o = . According to
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Reaults indicate that the integrated coefficient, K, of fluorene, phenanthrene, anthracene,
and fluoranthene is ca. 1.7, 3.1, 21.8, and 1.0 mol- Triton/Kg-soil, respectively. The integrated
coefficient, K, is equa to a[ggmaxtfoc)/b. The term, a, is the proportionality between the Ko
and Kow, Which can be conddered a condant. The term, g, is the effective transformation
coefficient of the surfactant which serves as the soil organic carbon.  Since only Triton X-100
was used in these experiments, g is a congnat. The origina content of soil organic carbon, f,
iIs a condant due to the same soil sample used. The dissolution ratio, b, is a congtant
according to the experimenta results.  Consequently, the variaion in K vadue can be only
attributed to the maxima sorption densty of surfactnat, gnax. Since K is proportiona to nax,
a high gnax can yidd a high K value. According to Figures 4.9, 4.10, 4.11, and 4.12, the Gnax
of Triton X-100 for various PAHs contaminated soils gppromaxitey follows the same order:
anthracen > phenanthrene > fluorene, as that of the K vaue except fluoranthene.  This
indicates that the Triton X-100 sorption on the soil can reduce PAHSs desorption significantly.



According to the sorption results of surfactants, most surfactant molecules were sorbed in
the soil when Triton X-100 concentration applied in the soil-water sysem was 5 CMC.
Under this circumgance, there were few micdles in the solution, which causes the eguaiton,
Kaceme = K/[S, being not vdid. In addition, this equation is not feasble when the surfactant
concentration agpplied was a 30 CMC. This can be attributed to the change of the micdlar
dructure. Due to various micdlar dructures, the b vaue changed. Meanwhile, the sorption
of Triton X-100 a this high concentration is not the Langmuir type. Consequently, this linear
equation is only gpplicable in the range of Triton X-100 concentration from 10 to 20 CMC.

For the PAHs desorption in the Rhamnolipid solution, Equation 4.25:

Kgeme = A ou|O(C+ d[SI) + fog was used due to the linear sorption of rhamnolipid. The
' 1+ bKoy[S]

Kow Of fluoranthene is around 1.6x10°, b is 044, and rhamnolipid concentration is around

2x10° M. The product of these three parameters, bKou[S)], is around 0.14. Since bKou[9] is

much less than 1.0, the apparent partition coefficient can be gpproximately smplified as

Kg.cme =aKonl9c+d[S]) + f]. Theterms, a, Kow, g, and §c are congtant, thereby, the

partition coefficient is proportationa to the sorption dengtiy of the surfactant. Figures 4.15 to
419 show that the sorption dendty of rhamnolipid incresses with increasing equilibrium
concnentration, [S]. This means that Kgeme incresses with increasng  equilibrium
concentration of rhamnolipid. However, results of Figures 4.25 to 4.29 show that the PAHs
isotherms change dightly or negligibly with increesng rhamnolipid concentraion.  This
indicates that rhamnolipid sorption on the soil has no dgnificant effect on the PAHS
desorption.  Therefore, the partition coefficient of PAHs is a congtant in the presence of
rhamnolipid.

4.6. Summary

The didgribution of PAHs in the micdle-soil-water system can be consdered as a
partitioning process. The partition coefficient between micdle and water phase (Ky,) can be
related to the partition coefficient of PAHs in octanol-water phase (Kow). The ratio of K
over Koy, i.€, b, only depends on the surfactant type and can be determined experimentally.
The b vdue for Triton X-100 (syntheticaly nonionic surfactant) and rhamnolipid (anionic
biosurfactant) is 0.4 and 0.44, respectively. An empirical equation for estimating the ratio, b
= (0.031y;-0.0058y-), is not only able to predict the b vaue of Triton X-100 but also that of
rhamnolipid. The term, i, is the number of “hydrophobic’ carbons and y, is number of
“hydrophilic” groups.

The surfactant exhibits the strong attraction with the soil particle.  The sorption of Triton
X-100 can be dexribed by the Langmuir isotherm except the sorption with the initid
concentration a 30 CMC. The sorption of rhamnolipid shows a linear isotherm based on the
tested initia concentration (0 ~ 30 CMC). According to experimenta results, rhamnolipid
has stronger sorption ability (Kgq = 34 L/Kg) than Triton X100 (K4 = 10 L/Kg ) in the soil.
The sorption dengity of both surfactants decreases with increasing PAHs concentration sorbed
in the soil.

The apparent partition coefficient of PAHs in the presence of surfactant, Kgcme, Can be
a'KOW.I:OC

described by an equaiton: Ky ¢ :m.
owl

The term, Ko, is the partition coefficient
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of PAHSs in octanol-water phase, a is a congtant for reflecting the affinity between the organic
contaminant and the soil, foc is the totd content of soil organic carbon, and [ is the
surfactant solution in the agueous phase. For PAHSs desorption in the presence of Triton X
100, Kg,cme Can be related to the reciproca of surfactant concentration, i.e,, Ky e = K/[§ in

a cetan range of surfactant concentration (10~20 CMC). The integrated coefficient, K, is
equa to a[gqmaxtfoc]/b. The term, gnax, IS the sorption capacity of Triton X-100 on the soil.
For the PAHs desorption in the presence of rhamnolipid, Kgcme is invariant when increasing
rhamnolipid concetration in the soil-water system.
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5. ELECTRO-OSMOTIC FLOW RATE IN UNSATURATED SOILS

5.1. Introduction

Electrokintics has found its gpplications in dudge dewatering, grout injection, in-Stu
generdion of chemica resgents in soil remediation, groundwater flow bariers, and soil and
groundwater decontamination (Mitchell, 1986). Since its devdopment a the beginning of the
19th century, many theories have been advanced to explain he mechanism of eectro-osmotic
(EO) flow in the capillary and the porous media Reuss (1809) was the first to discover that a
water flow could be induced through a cepillasy by an extend dectric fidd. Later,
Hemholtz (1879) incorporated dectricd components into the dectro-osmotic flow equation.
Although the dectric double layer theory can not totaly explan the dectro-osmoatic
behaviors, it is wel received as a means to describe the eectro-osmotic phenomenon in most
capillary materids (Burgreen and Nakache, 1964).

Figure 5.1 illugrates the didribution of eectro-osmotic flow based on the eectric double
layer theory. Since
the surface charge
¥t F T f T of most sols is
- - Flow in regi-onl(d-c;L_J-t;I"elayer) ne_galve n typlCd
oil-water system, it
induces an excess

@ Flow in region 2 (bulk solution) @ counter-ion  (cation)
Cathode Anode digribution in a thin

+ + 4+ + + + water layer a the
— — — — | — — —— vidnity of the ol

Soil Surface urface. When an
dectric  fidd s
imposed to the soil-
water system, the
caions will migrate
to the cathode and
Figure 5.1. Schematical diagram of distribution of electro-osmotic flow based the anions to the
on the electric doublelayer theory. anode. As the

cations and anions
are dways hydrated, a water momentum (or frictional drag) is produced by the movement of
these ions (Yeung and Datla, 1995). In the presence of excess postive charges on the soil
surface, a net dectric driving force transports the water layer from the anode to the cathode
(low 1). In other words, the dectro-osmotic flow thet results from the fluid surrounding the
soil particlesisinduced by ionic fluxes (Lyklemaand Minor, 1998).

In addition, the water molecules in bulk phase (flow in region 2) can be carried dong with
“flow in region 1" in the same flow direction. Interaction between “flow in region 1" and
“flow in region 2" enables the movement of water in the bulk phase (i.e, by drag action).
Therefore, the tota observed dectro-osmotic flow is attributed to the novement of these two
water layers. In the absence of eectrolyte or when both the cationic and anionic components
are equivaent in concentrations, there will be no “flow in region 1”. As a result, “flow in
region 2" is not possible. Consequently, the overdl eectro-osmotic flow would be zero.

A\E, Direct Electric Power Applied
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Based on above arguments, the zeta potentid and the charge didribution in the fluid
adjacent to the capillary wal play key roles in determining the éectro-osmatic flow. Many
rescarchers have reported that the zeta potentid of the soil particle corrdates well with the
electro-osmotic flow (Quincke, 1861, Dorn, 1878, Hemholtz, 1879, Smoluchowski, 1921,
Ned and Peters, 1946). The Helmholtz Smoluchowski equation is the one of the earlies and
dill widdy used modds of dectrokinetic processes (Helmholtz, 1879, Smoluchowski, 1921).
The HemholtzSmoluchowski equation assumes the pore radii are rdatively large compared
to the thickness of the diffuse double layer and al of the mobile ions are concentrated near the
il-water inteface.  These assumptions are vdid as long as soils with large pores are
saurated with water or dilute dectrolyte solutions. The HemholtzSmoluchowski  equation
has the following expression:

v = Dz E

4oh L [5.1]
where & = velocity of eectro-osmotic flow in soils (m s'), E = dectric potentid (V- m), D =
didectric constant of the soil water (C-V'1-m'), z = zeta potentid of soil particle (V), h =
viscosity of soil water (N-s-m?), L = dectrode spacing (m). For smdl capillaies or
unsaturated soils, where the thickness of eectric double layer and the water layer radius are of
the same order of magnitude, the Helmholtz- Smoluchowski equation is no longer gpplicable.

Furthermore, the zeta potentia adone can not totaly predict the EO flow rate. At the onset
of EO flow, the dectrogatic force is the only driving mechanism for water movement, i.e
“flow in region 1’ (Vane and Zang, 1997). According to the Coulomb's law, the eectrodtatic
force is a function of the intengty of eectric fidd and the dectricd charge. Therefore, the
goplied fidd (potentid gradient) and excess charge a the soil-water interface must be
included in modeling the osmotic water flow. The zeta potentia, measured a the shear plane,
can not directly represent the charge condition a the very surface of the soil particle
Consequently, zeta potentiadl may not be a relidble parameter for predicting the eectro-
osmoatic flow.

The surface charge dendty of soil surface has dso been consdered a contributing
parameter to the eectro-osmotic flow rate.  Esig and Matenyi (1966) applied the
Buchkingham p theorem to describe the dectro-oamotic flow in porous media  They
suggested that the average velocity is proportiona to the surface charge dendty of the porous
media.  Schmid (1950) developed a quantitative model based on the concept of volume charge
densty. He assumed that the excess cations countering the negative charge of clay particles
are uniformly digtributed through the entire pore cross-sectiond area The Schmid equation
has the following expresson:

Y = r’r,F E
8h L [5.2]

where r = radius of pore (m), ro = volume charge density in the pore (C- m®), F = Faraday
constant (96,500 C- eq' ).

In deding with the vadose zone (i.e, unsaturated), al the above modds may not be
applicable because these equations were derived under the scenario of saturated condition.
Practicdly, the most widdly used dectro-osmotic flow equation for the under unsaturated
subsurface system is proposed by Casagrande (1949):

Q=k,.A [5.3]
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where Q = electro-osmoatic flow rate (nt- s'), k. = coefficient of electro-osmoatic conductivity
(m?-V-sY), ic = applied dectricd gradient (V-ml), A = gross cross-sectiond area
perpendicular to water flow (nf). The hydraulic conductivity of different soils can vary by
sverd orders of magnitude; however, the coefficient of eectro-osmotic conductivity is
generally between 1 x 10° and 10 x 10° n?/(V s) and is independent of the soil type (Mitchell
1993). Therefore, an dectricd gradient is a much more effective driving force than the
hydraulic gradient. Although Equation 5.3 is congdered a practicd one, it can not account for
the effect of various physica-chemica parameters of a soil-water system.

There is need to deveop a smple and rdiable eectro-osmotic weter flow equation that
can be gpplied to unsaturated soils in terms of fundamentd soil-water parameters, such as, the
water content of the soil, the soil surface charge dendty, and the eectrolyte concentration.
The objective of this sudy was to develop a semi-empirical equation for the prediction of
electro-osmoatic flow rate in unsaturated soils.  Several operationa parameters were studied.
There included the solution pH, the dectric field strength, the soil water content, and the
electrolyte concentration. It is hoped that the semi-empirica equation can provide a better
tool for designing in-Situ remediation of contaminated soilsin the vadose zone.

5.2. Theoretical Aspects

The waer flow behavior of the unsaturated soil is totdly different from tha of the
saturated system. In the presence of an dectrical fidld, a friction force is created when water
molecules begin to move in the soil pores. The frictiond sress decreases as the thickness of
the water layer increases. For the unsaturated soil-water system, the water layer is extremey
thin, usudly ranging from 10%m to 10%m Under such circumstance, al water molecules
exhibit grong frictiona interaction with the soil surface. In the case of saiurated water-
capillay system, the radii of capillaies are rdaively lage, ranging from 10cm to 103cm.
As a result, mogt capillay water molecules do not interact physcdly or chemicdly with the
capillay wdl (lwata et d., 1995). The circular capillary modd would be ussful for the
prediction of EO flow rate, for saturated soils. However, for the unsaturated soil system, the
finite plate modd would be better for predicting the EO flow.

Figure 5.2. shows the basic concept of the finite plate modd. According to the finite plate
model, the soil matrix is conceptudized as a finite plae and dl waer molecules ae evenly
spread on the soil surface (surface/water). The water layer can be divided into two portions.
One portion of the water layer between shear plane and soil surface is stagnant and its
thicknessis ¢. The other water layer under the influence of a shear dress, t, is moving & a
veocity gradient, dv/dz, i.e, a Newtonian fluid. The thickness of this layer is q. The
proportiondity constant is the coefficient of viscogty of thefluid. Thetis

t = h(dv/dz) = h(w/q) [5.4]
where t = shear stress (erg- m2), h = viscosity of fluid €rg- s cm?), dv/dz= velocity gradient
of the fluid (s%), w = the surface velocity of the water layer (cm s%), q = average thickness of
water layer between water surface and shear plane(cm).

When an agueous solution moves tangentiadly across a charged surface, the thin water
layer becomes a two-dimensond ge which macroscopicdly behaves as a rigid body
(Lyklema et d., 1998al). Figure 5.2 shows the conceptudized dimensions of the water layer
of finite length, L, and width, w. The EO flow rate can be expressed by the following
equation:
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Q=VA=Vgw [5.5]
4z where Q = Electro-oanotic flow rae
(cnt-st), v = average velocity of the
flud (cm s1), A = the cross section area

Water Layer W/{ -

P of the water layer (cnf), w = width of the
S S water layer (cm). The thickness of water
¢1990q layer can be expressed as following
Sofl Surfate eguation:
q=VImS [5.6]
Az where V = totd voume of the fluid
(cn?), m = totd mass of soils (g), S =
v, _ Water Surface specific surface area of soils (c?- gb).
4 By aubdituting Equation 56 into
q chear Plane Equation 55, one has the following
%% © % PototelaCololo? Stagnant Laver presson.
X Q=VW/mé [5.7]

The average velocity can be related to

Figure 5.2. Illustration of EO flow behavior by the the velocity & the water surface, \o. That

S is,
finite plate model. 7 =fvo [5.8]
wheref = adimensonlessratio. By subgtituting Equation 5.8 into Equation 5.7, one has:
Q =fvoVW/imS [5.9]
By subdtituting Equetion 5.6 into Equation 5.4, it yudds
t =h(v/q) =hvomS/V [5.10]
Rearranging the above equation gives the following expresson:
Vo =tV/hmS [5.11]
By subgtituting Equetion 5.11 into 5.9, the EO flow rate s
Q = fvoVWIMS = V2t whn?S? [5.12]

The “rigid” water layer includes water molecules in the region beyond the shear plane into the
bulk phase. Therefore, the shear force is proportiona to the eectric force induced by the
electrokinetic charge densty (the accumulated space charges from the bulk phase to the zeta
potentid plane) and the gpplied dectric fidd, that is:

kse(Eo/L) =t [5.13]
where k = frictiond coefficient, se = dectrokinetic charge densty (C-cm?), Ey = the
intengty of eectric fidd (V), L = totd length of water layer (cm). By subdituting Equation
5.13 into Equation 5.12, the EO flow rate is written as follows:

Q = ks o(Eo/L)V2W/h?S? = k's o(Eo/L)V? [5.14]
where k' = kfw/hn?S?. Since w = r V/m, where w, r, and m are water content of the oil, fluid
density and soil mass, respectively, the EO flow rate equation finaly has the following form:

Q = k's o(Eo/L)W?Nf/r 2 = Ks o Eo/L)W? [5.15]
where K is a characterized coefficient, i.e, K = kfw/hr 242 This characterized coefficient, K,
collects severd physca properties of the soil-water sysem such as the fluid densty (r), the
specific surface area (S), width of the water layer (w) and fluid viscosity (h).
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5.3. Methodology

According to Equation 5.15 mgor variables controlling the EO flow rate are the
eectrokinetic charge dengity of the soil surface, dectric fidd strength, and the water content.
In order to verify Equation 5.15, experiments were conducted to measure the EO flow rate at
various vaues of these parameters. The eectrokinetic charge dendty of the soil surface is
related to the zeta potentid, which can be measured a different pH values and €eectrolyte
concentrations.  Therefore the effect of surface charge dendty on EO flow rate was
determined under various pH vaues and dectrolyte concentrations. Based on the EO flow
rate data obtained under different pH, eectrolyte concentration, and zeta potentid, Equation
5.15 can be established. Table 5.1 ligs the experimentd conditions.

Electrokinetic Experiments:

Figure 5.3 shows the sketch of the laboratory eectro-osmoss reactor. The eectro-
0SMOS'S cel

] oo ] 6o congdsts of an

° acrylic unit with a
@ 0 @ — power supply @ centrd  cylinder  of

ﬁ ﬁ l—Q Jﬁ ﬁ 115 cm in length

and 89 com in

I—| pH controller interndl diameter.

== | ==1 | The volume of both

| | the cathode and the
A —> L

; anode

j 2l saple E T pHeectrode COMpatments  are

~a 700 mL. To

— q = 73 separate  the ol

anode cathode from the water

reservoir r eservoir solution, a par of

nylon meshes

(Spectrum model

PP, mesh opening
A b

z 149 ym) and a filter
nylon mesh filter paper graphite electrode paper (Whatman
No. 1) ae placed
between the soil sample
and eectrodes. Graphite
disks (Carbon of America; grade 2020; 3.25 nches in diameter) were used as the eectrodes
and placed at each eectrolytic compartment right behind the membranes.

The dectro-osmotic flow experiments were conducted by changing four operaiond
factors including the pH of the working solution, the dectrolyte concentration, the water
content of soils, and the intengty of dectric fidd. Table 2 shows experimental conditions for
each dectro-osmaotic experiment.  In order to maintain pH congant throughout pH effect
experiments, strong acid (1M HCI) was added to the cathode reservoir and strong base (1M
NaOH) was added to the anode reservoir (Model pH-22, New Brunswick Scientific).

pH controller |—I
|

K

stir bar

Figure5.3. Schematic diagram of the electr o-osmosisreactor.
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Table5.1. Experimental conditions of electro-osmotic flow tests.

Test pH of | Fed Strength | Electrolyte Water
No. Solution (Vicm) Content (%)
1 4 12/10 1x10*M NaCl 20

2 6 12/10 1x10°M NaCl 20

3 7 12/10 1x10*M NaCl 20

4 9 12/10 1x10*M NaCl 20

5 * 6/10 1x102M CH,COONa |20

6 * 12/10 1x10°2M CH,COONa |20

7 * 24/10 1x102M CH,COONa |20

8 * 12/10 1x10°M NaCl 20

9 * 12/10 1x10°M CH,COONa |20
10 * 12/10 1x10°2M CH,COONa |20
11 * 12/10 5x102M CH,COONa |20
12 * 12/10 1x10*M CH,COONa |20
13 * 12/10 1x102M CH,COONa |5

14 * 12/10 1x10>M CH,COONa 10
15 * 12/10 1x102M CH,COONa 15
16 * 12/10 1x10°2M CH,COONa |20
17 * 12/10 1x102M CH,COONa |25

*: uncontrolled pH

The eectrodes were connected to a DC power supply (Moded WP-705B, Vector-VID
Ingrument Divison). During tests, parameters such as the amount of daly water flow, the
intendty of eectric current and fied srength, pH of catholyte and anolyte were monitored
continuoudy. At the end of a pre-sdected time period, the soil sample in the cdl was diced
into 10 equa sections. The pH vaue and the water content of each sector of the soil matrix
was measured.

5.4. Results

To gan indght into the mechanism of the dectro-osmatic flow it is fird necessary to
investigate the effect of surface charges on the flow raie. Severa operationd parameters such
as pH, dectrolyte type, and eectrolyte concentration can affect the surface charge. The
change in soil surface charges can dramaicaly affect EO flow rate. Other parameters studied
were the intengity of dectric fiedld and soil water content.

5.4.1. Effect of pH

Figure 54 shows the dally EO flow as a function of time a various pH vaues. Results
show that the EO water flow rate decreases with decreasing solution pH and ceases a pH
around 2.2. The decrease in EO flow rate can be attributed to the decreasing surface charge
dengity of the soils. The il surface charge is rendered more positive as the pH decreases due
to the preferentid adsorption of hydronium ions (H") on the soil surface (Stana-Kleinschek et
a., 1998). The dectrodatic force driving the water molecules decreases and the EO flow
decreases as the surface dendity approaches neutraity. According to Equation 5.15, the
transport of water is atributed to the charge of the water layer between shear layer and water
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surface, i.e., dectrokinetic charge densty. Since the eéectrokinetic charge densty is balanced
by the charge between the shear plane and soil surface, the eectrokinetic charge densty
would change as the surface charge changes. The magnitude of the eectrokinetic charge
densty at different pHs can be readily obtained from the zeta potentid measurements. For
symmetricd dectrolytes, the dectrokinegtic charge dendty can be written as follows (Hunter,
1981):
S =11.74cY 29nh(19.462z ) [5.16]

where s = dectrokinetic charge density (mC-cm®), ¢ = eectrolyte concentration (M), z =
vaance of dectrolyteion, z = zeta potentid (V).
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Figure 54. Influence of the pH on the dectro Figure 5.5. The zeta potential of sail
osmotic flow rate  Experimental  conditions: particles as a function of pH at various
electrolyte concentration = 10° M NaCl; voltage = 12 electrolyte concentrations.

V; water content =20% (w/w).

Figure 55 shows the zeta potentid of soil particles as a function of pH a various
eectrolyte concentrations.  Results show the absolute vaue of zeta potential decreases with
decreasing the pH vadue and the pH. is around 2.2 a the eectrolyte concentration of 10°M
NaCl. Figure 5.6 shows the pH vaue of the soil as a function of normaized disance. The
average pH vaue of the soil can be obtaned from this graph, then, the zeta potentid at
different pH vaues can be found from Fgure 55. According to Equation 5.16, then, the
electrokingtic charge dendty of soil can be determined a the various pH conditions. The
relationship between the EO flow rate and the dectrokinetic charge dendty (at different pH)
is shown in Figure 5.7. Realts indicate that the EO flow is proportiona to the dectrokinetic
charge density as expected in the EO flow modd.

5.4.2. Effect of Electric Field

Figure 58 dhows the dally flow as a function of time under various applied dectric
voltages. Results show tha the EO flow rate increases with increasing the intengty of dectric
fidd. As predicted by Equation 5.15, EO flow rate is proportiona to the dectric potentid.
Figure 5.9 shows the linear relationship between the flow rate and the intengty of eectric
fidd. However, it is seen that the EO flow rate decreases with increasing operation time



(Figure 5.8). Since the solution pH was not controlled during tests, the protons produced at
the anode neutrdize the surface charge dendty of the soil. Meanwhile, the dectrokinetic
charge dendity decreases which resultsin the EO flow in the soil decreasing gradually.
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Figure 56. The pH value of the soil as a Figure 5.7. The electro-osmotic flow rate as
function of normalized distance. Experimental a function of the electrokinetic charge
conditions: electrolyte concentration = 10° M density.

NaCl; voltage= 12 V; water content=20% (w/w).
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Figure 5.8. Influence of the intensity of Figure 59. The electroosmotic flow
electric field on the electro-osmatic flow rate. rateasafunction of thefield strength.
Experimental conditions: electrolyte

concentration = 102 M CH;COONa; water
content = 20% (w/w). The pH was not
controlled.

5.4.3. Effect of Electrolyte Concentration

Figure 5.10 shows the influence of the dectrolyte concentration on the dectro-osmotic
flow rate. Results show that the eectrolyte concentration has no effect on the EO flow rate at
leest during the one-day treatment. Moreover, the EO flow rate decreases with increase of
operation time. This can be attributed in part to the acidification of soils. According to Figure
54, it is seen that the EO flow rate approaches a steady date even as the dectrolyte
concentration increase due to the addition of the strong acidlbase for pH control. This
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obsarvation dso implies that the eectrolyte concentration has no effect on the EO flow rate as
long as the eectrolyte ions do not interact specificdly with the soil (i.e, indifferent ions).
However, the dectrolytes that specificdly adsorb on the soil can change the zeta potential and

which in turn modifying its surface charge density.

From Figure 5.10, it is seen tha the flow rate decreases with increasing the dectrolyte
concentration after severa-days trestment. This can be attributed to the adsorption of the

eectrolyte ions onto the soil surface.

From Figure 5.5, the dectrolyte (sodium acetate)

interacts specificdly with the soil surface, as indicated by an increase in pHze upon an

incresse of eectrolyte concentration. Figure 5

.11 shows the solution pH at various eectrolyte

concentrations. Based on data shown in Figures 5.5 and 5.11, it is seen that the absolute vaue
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Figure 5.10. Influence of the electrolyte
concentrations on the electro-osmotic flow rate.
Experimental conditions: voltage 12 V; water
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According to
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Equation 5.16, the dectrokinetic charge dendty decreases as zeta potential decreases.
Therefore, the EO flow decreases with increasing €l ectrolyte concentration as expected.

5.4.4. Effect of Water Content
Figure 12 shows the
EO flow rate as a function

of time a various initid e S A R AR R :
water contents. 60
Regadess of the intd < r T A
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flow rae increases to a z ; -
maimum  levd  then T O 2
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vdue of the soil. As a Figure 5.14. The electro-osmotic flow as a function of water content
result, the EO flow ra€ o the soil. Experimental conditions electrolyte concentration = 107
decreases. M CH,COONa:; voltage=12V.

Figure 13 shows the
water content of the soil as a function of the normalized distance at the 6"-day, which is the
deady date condition. Results show that the find water content is different from the initid
vaue. As the EO sysem reached a hydraulic steedy dtate, the water content of soil varies
from 5% to 26%, 10% to 20%, 15% to 16%, 20% to 20%, and 25% to 23%, respectively. The
diversty between initid and find waer content can be attributed to various hydraulic
propeties of EO systems. The use of different initid water contents could change the
hydraulic properties of soil samples such as infiltrate rate, porosity, and hydraulic
conductivity, which results in different find water contents ~ However, the hydraulic
properties of soil samples can not be controlled, therefore, there is no reationship between
initid and find water content.

Figure 14 shows the EO flow rate versus find soil water content. Equation 5.15 clearly
predicts that the EO flow rate is proportiona to the square of the water content (i.e, Q p w?).
Accordingly, by plotting logQ versus logw, one can have a sraight line which dope is 2.0 and
the intercept of y-axis is log (KseEo/L). With information, specificaly, se and Eo/L given
from experimental conditions, the K vaue was caculated to be 57 cn?- nCt- V1. Figure 14
shows that a draight line as predicted could fit experimentd data Furthermore, Gray and
Mitchell (1967) reported a parabolic reationship between the EO flow and the water content
in the soil-water system. Our observation was in agreement with what was reported by Gray
and Mitchell.
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5.5. Discussion

Based on experimenta results, the semi-empirical equation of EO flow was developed: Q
= KseoE/L)W?. Where Q, K, se B/L, and w, are electro-osmotic flow rate, characterized
coefficient, electrokinetic charge densty, potentid gradient, and <ol water content,
repectively.  According to this equation, some practica aspects of eectro-osmoss process
must be of consideration

The working solution and soils in practiacl eectro-osmoss sysem should be rdatively
neutra because solution of low pH vaues cannot be injected into the subsurface according to
U.S. EPA regulations (Lageman et. d., 1989). In addition, the dectro-osmotic flow rate can
be reduced in the acidic environment since the eectrokinetic charge dendity decreases with
decreasng pH. In order to mantan a long-term operation in a neutral environment, the
chemica buffer can be induced to the electro-osmosis process.

Weak acids, such as acetic acid, can undergoes partid dissociation in water and can be
sarved as a pH buffer in the anode chamber. It is beliveed that acetic acid is biodegradable
and environmenta safe (Alshawabkeh et. d., 1999). In addition, the acetic acid can be used
a the cathode to neutrdize the hydroxyl ions generated by eectrolytic reduction of water
(Puppda et d., 1997). There are two mgor advantages in using acetic acid to depolarize the
hydroxyl ions produced in the cathode. Fird, the dectricd conductivity of the soil-water
mixture will not increese dramdicdly snce the concentration of ions generated by
dissociation of the acid is very low. Secondly, the prevention of a low eectrical conductivity
zone can be expected in the soil close to the cathode because most metal acetated are highly
soluble.

Chemicdly inet and dectricadly conducting materids such as graphite, coated titanium,
or plainum sholed be used as anode to prevent dissolution of the eectrode and genetation of
undesirable corroson procudes in an acidic environment. In order to maintain a neutra pH,
sacrificail eectrodes can be used as anodes. For instance, the copper eectrodes are used into
a copper sulphate solution. When an dectrica potential is applied, copper ions will dissolve
into solution a the anode and depost a the cathode to maintan the charge baance.
Electrolytic reaction of water occurs inggnificatantly, therefore, hydrogen and hydroxyl ions
iIs negligible.  Consequently, pH vdue of solution in both anode and cathode maintain
congtant (Y eung and Datla).

In comparison Figure 54 and 5.10, it is found tha the éectro-osmotic flow rate is
different by using different dectrolytes. Results show that the EO flow rate is around 150mL
and 110 mL for sodium chloride and sodium ecetate, respectively. This may be atributed to
the different coordination number of water molecule (i.e, hydration number) with cations and
anions. Since anions dill exit in the double layer and ther moving direction is againg the
cdions, anions caring with some water molecules may decrease the eectro-osmotic flow
rate.

5.6. Summary

Based on experimenta results, a semi-empirica equation for the EO flow rae in an
unsaiurated soil-water system was verified. A finite plate modd was used to derive the EO
flow rate in unsaurated soils. The derivation indicates that the EO flow rate is theoreticaly
proportional to the extent of eectrokinegtic charge dendty, the intengty of dectric fied, and
square of the soil water content in the soil-solution systems.  Experimenta results were in
agreement with these predictions. For the effect of dectrolyte concentration, results imply
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that there is no dgnificant effect on the EO flow rate as long as the dectrolyte ions do not
interact specificdly with the soil. The semi-empirica eguation of EO flow was developed: Q
= KseE/L)W?. Where Q, K, se B/L, and w, are electro-osmotic flow rate, characterized
coefficient, €ectrokingtic charge dendty, potentid gradient, and soil water content,
respectively. The K valuewas 57 cn?- nC*- V1 for the soil tested.
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6. ELECTROKINETICS OF NONIONIC ORGANICSIN SOILS

6.1. Introduction

Electrokinetic (EK) decontamination process has been one of the most promising in-Stu
technologies for the remova of heavy metas and organics from soils. The EK takes place
when an dectric fidd is gpplied to a porous medium, which invokes the dectro-osmoss,
electrophoress, and dectrolytic migration (Mitchel 1991). Electro-osmoss is the movement
of the liquid (water in most cases) induced by the excess surface charge on the porous media
Electrophoress is the motion of charged colloids in the soil-liquid mixture. The dectrolytic
migration is the migraion of ionic species in the pore fluid. Based on different physco-
chemica properties of contaminants and soils, the specific contaminant could be removed
from soils by one or coupling of these mechanisms. The EK process can be gpplied to a
vaiety of pollutants. Much research in EK treatment for heavy metds has been reported
(Acar et d., 1994; Reed et d., 1996; Li et d., 1996). To date, information on the removal of
organic contaminants is limited. Neverthdess, Brudl (1992) has demondrated that benzene,
toluene, ethylene, xylene (BETX compounds), and trichloroethylene loaded onto kaolinite can
be moved toward the cathode by the eectro-osmoss process. Experimenta results on the
transport and remova of polar organic species such as phenol (Acar et a., 1992) and acetic
acid (Renaud and Probstein, 1987) have been reported. However, most previous research
focused on the removd of highly soluble or ionic organic compounds. The transport
information of nonionic organic compoundsin the EK system is il limited.

In generd, the trangport of nonionic organic contaminants in the EK sysem can be
smulated by the diffusonadvection-sorption (DAS) equation (Probstein and Hicks, 1993).
For the amplificaiton of the trangport Smulation, the zeta potentia of the soil surface was
aways assumed to be a constant. However, zeta potentid is varying during the EK process
because H* ions produced at the anode enter the soil-water mixtures. The varidion in zeta
potentids causes an ungtable dectro-osmotic flow rate. This can make the advection term in
the DAS equation produce errors during the smulation process. In addition, there exist
effects of organic concentration and soil to solution ratio on the sorption-desorption behavior
of the organic contaminant. The sorption term of the DAS eguation yidds erors when
ignoring these sorption effects.  Therefore, in order to obtain an accurate trangport Smulation
for nonionic organics, a stable eectro-osmotic flow rate and the condderation of sorption
effects are necessary.  Another important issue about the transport smulation is the sorptior+
desorption behavior of the nonionic organics during the EK treatment. Many studies based on
the equilibrium datus to describe the pollutant trangport (Shapiro and Probstein, 1993; Bruell
e d., 1992). However, the gpplication of equilibrium isotherms may not be gpplicable under
some certan circumdtances. It is possble that the sorption-desorption of the organic
contaminant is under a non-equlibrium condition during the trangport process. Consequently,
both equilibrium and non-equilibrium conditions must be consdered when sudying the
trangport of nonionic organics.

In this dudy, nonionic chlorinated compounds including perchloroethylene (PCE),
trichloroethylene (TCE), carbon tetrachloride, and chloroform treated by the EK process were
investigated. A strong hydrophobic PAH contaminant, phenanthrene, was treated with the use
of surfactants (Triton X-100 and rhamnolipid) in the EK sysem. A numericd solution of the
DAS eguation based on ether equilibrium or non-eguilibrium was used to fit experimenta
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results of the organic movement. Hopefully, the fitted parameters can provide the applicable
information for the prediction of the EK decontamination process.

6.2. Theoretical Aspects
The transport of organic contaminants in soil-water system is a complex phenomenon. It
consss of the following magor processes. advection, molecular diffuson, hydrodynamic
diperson, and chemica sorption. Based on the principle of mass conservation, in an
elementary control volume, the change of mass storage with time is equa to the mass inflow
rate minus the mass outflow rate. The physical processes that control the flux into and out of
the dementary volume ae advection and hydrodynamic disperson induced by dectro-
osmoss. Loss or gan of solute mass in the dementary volume can occur as a result of
chemica or biochemicad reections. The eguation of mass conservetion for one dimengon is
usudly written as (Van Genuchten and Cleary, 1982):
2

TG :Df'"c;i PVAILS I [6.1]

Tt Mx Tx f 1t
where C; = specific contaminant concentration in the water phase (g/ent), D° = sum of
disperson and diffuson coefficients (cnf/sec), v = dectro-osmotic velocity (cmvsec), r =
density of the soil (g/ent), f = porosity of the soil, g = specific contaminant concentration in
the soil phase (g/Kg).

The diffuson term, D; (TC%/x?), essentidly comprises of the molecular diffusion and the
mechanical disperson seps  For estimating the diffuson coefficient of organic compound in
the agueous phase, an emperica expresson, based on the Stokes-Eingein equaion, is
proposed by Wilke and Chang (Werther, 1976):

DAmAB (XI\/IB):L/2

0.6
mA

where Dy = diffuson coefficient of the solute (onf/sec), mae = viscosity of the agueous
solution (cP), T = absolute temperature (°K), Mg = molecular weight of the solvent, Vima =
solute molecular volumes a the norma boiling point (cm/g-mole). According to Equation
6.2, the association parameter, x, alows for reflecting differences in various solvents.  For
water, the x valueisequal to 2.6 (Drew et d., 1981).

For mechanicd disperson, only longitudind disperson is conddered in the 1-D
modeling. One important gpproximation is that the longitudind disperson is proportiond to
fluid velocity (Domenico and Schwartz, 1998):

D.=av [6.3]
where Dy = longitudind dispersion coefficient (cmf/sec), a = longitudind dispersty of the
il marix (cm). At equilibrium, g is a function of solute concentration (C) and is
independent of reaction time (). The sorption isotherms should be considered in describing
the total trangport process. The sorption behavior of organic generdly can be described by
the following expressions, linear, Langmuir, and Freundlich isotherm, i.e.,:

=7.4x10° [6.2]

g = K¢GCi (Linear isotherm) [6.4]
a1 = QmaxK L Ci/ (1+K | C;) (Langmuir isotherm) [6.5]
g = K¢Ci" (Freundlich isotherm) [6.6]

where Kg, Ky, and K; is the sorption coefficient for linear, Langmuir, and Freundlich
isotherm, respectivey. The term, Qmax, IS the maxima sorption cagpacity of the soil and n is
the Freundlich number.
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The sorption of organic compounds may be under a non-eguilibrium condition during the
EK process (Yeung and Mitchell, 1993). The desorption rate (fig/fit) of organic compound
may be affected by soil properties including surface area, organic and water content, presence
of surface metd oxides, soil type, soil pH, contamination time, and temperature (Fares et d.,
1995). The desorption kinetics of organic contaminant is poorly understood due to its
complexity. However, the desorption kinetics in the unsaiurated soil can be described by a
locd equilibrium concept.  Since the waer layer on the soil surface is extremey thin,
generdly ranging from 10%m to 10°cm, the loca equilibrium may be reached in a short
period of time. The desorption rate needs modification under the non-equilibrium sorption
condition:

T/t = k, (K4Ci-g) (Non-equilibrium linear isotherm) [6.7]
T/t = ki (OmaxK L Ci/(1+K . Ci)-q) (Non-equilibrium Langmuir isotherm) [6.8]
T/t = kr (K+Ci"-g) (Non-equilibrium Freundlich isotherm) [6.9]

where k; isthe desorption rate constant.

Mathematica tools can be established to solve the above equations under given initid and
boundary conditions. The mahematicd solution procedures based on equilibrium (Sung,
1998) and non-equilibrium linear sorption were shown in the section of Appendix (Hseh,
1988). The <olution of the diffuson-advectionsorption equation (Equation 6.2) was
performed by MATLAB. The computation program was lisged in the Appendix section as
well.

6.3. Methodology

According to Equation 6.2, the diffuson coefficient of organic contaminants can be
obtained. Table 6.1 ligs the diffuson coefficients of PCE, TCE, chloroform, carbon
tetrachloride, and phenanthrene.  These vaues would be applied to the diffuson term in the
DAS equation, i.e., Equation 6.1.

Table6.1. Thediffuson coefficient of selected or ganic compounds (Werther, 1976).

Organic Species Molar  Volume | Diffuson Coefficent Diffuson Coefficient
(cnimole) (x10° cf/sec) (crf/hour)

PCE 116.0 8.71 0.0314

TCE 98.1 9.63 0.0347

Chloroform 83.3 10.60 0.0382

Carbon Tetrachloride | 101.2 9.45 0.0340

Phenanthrene 238.2 5.65 0.0203

Figure 6.1 shows the sketch of the laboratory EK reactor for the remova of chlorinated
organic compounds.  This reector is the same as that used for measuring the EO flow rate
(mentioned in Chapter 5). Soil samples and chemicals used for EK treatment were identica
to those for previous experiments (eg., sorption experiments). The ar-dried soils were
preheated at 105 °C for 24 hours, then, blended with 0.01M sodium acetate solution and
chlorinated organic contaminants. The soil-solution mixtures (soil water content ca. 20%)
were carefully packed into the center unit and a membrane set was placed on each side. Both
ddes of the centere unit are seded with parafilm (American Nation Can, Chicago, IL) to
prevent the chlorinated organics from evaporation.  The unit is alowed to equilibrate
overnight asto alow a uniform digtribution of the testing compound.
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Figure 6.1. Schematic diagram of the electrokinetic system for removal of
chlorinated or ganic contaminants from soils.

applied at a congtant voltage (12 V).

At the end of a pre-
sdected time period, i.e, 1,
3, 5 and 7 days the soil
sample in the cdl were diced
into 10 equa sections. In
order to extract the target
organics from the soil, two
grans of the treated soil
sample was mixed with 2 mL
0.1 M sulfuric acid and 5 mL
hexane for sheking 24 hours.
Both the resdud organics in
the soil and in the extractor
were determined by the gas
chromatography equipped
with  an dectron capture
detector (GC/ECD)
(Hewlett- Packard model
5890, DE, USA). The
concentration  profile  was
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Figure 6.2. Schematic diagram of the electrokinetic system for
removal of PAHsfrom soils.
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analyzed further to obtain the transport characterigtics.

Figure 6.2 shows the sketch of the laboratory EK reactor for the removal of PAHS organic
compounds. Resctor is the same as that used in the chlorinated organics treatment. The
contaminated soil was prepared by dissolving phenanthrene into hexane, then, mixing with
s0il samples.  The soil-hexane mixture was put in the hood till hexane evaporates completdly.
The concentration of the contaminated soils is prepared ca. 100 ng/g. Then, contaminated
s0ils were blended with 0.01M sodium acetate solution to reach 20% soil water content.
These soil mixtures were carefully packed into the center unit and the membrane set was
placed on each side. The surfactant solution at 10 times CMC was poured nto both reservoirs
of the EK system. Two types of surfactants, Triton X100 and rhamnolipid, were sdected to
remove phenanthrene from soils.

At the end of a pre-sdected time period, the soil sample in the cell were diced into 10
equa sections. The extraction procedure for phenanthrene is the same as that for chlorinated
organics.  The phenanthrene concentration was measured by the high pressure liquid
chromatography equipped with fluorescence (HPLC/FLD) (Hewlett-Packard, model 1100
series, DE, USA). The concentration profile of phenanthrene was plotted and data were
andyzed further to gain indght into the trangport characterigtics of phenanthrene.

6.4. Results
6.4.1. Chlorinated Organic Compounds

During the EK remediation, the chemica properties of the pore fluid are closgly related to
the dectrolyss reaction. When the chemica properties (e.g., pH) of the process fluid are not
controlled (i.e, unenhanced EK treatment) and upon the agpplication of a direct dectric
current, oxidation reaction takes place a the anode and creastes an acid front. Likewise,
reduction reaction occurs a the cathode and produces a base front according to the following
reactions.

2H,O0- 4 ® O, +4H" (anode)

2H,0+2e ® H, +20H" (cathode)
Accordingly, the pH will usudly drop to below 2 at the anode and it increases to above 12 at
the cathode depending on the tota current applied. The acid front will advance toward the
cathode, which results in acidification of the soil (Acar and Alshawabkeh, 1993).

Under acidic pH, the eectro-oamotic flow will decrease and facilitate the dissolution of
Al(I1) ions from the soil. The rdeased Al(lIl) ions may have potentia toxicity to plants and
adversdy affect nutrient uptake, in addition to groundwater acidification (Matzner and
Prenzd, 1992). As areallt, it is desrable to control the pH of the working solution within the
neutral range.

Figure 6.3 shows tha the change pH of the working solution and the agpplied current
dengty asafunction of operation time. Results show that the pH of solution reachesca. 5.9
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and the current density ranges from 0.26 to 0.37 mA/cn? in a 10-day run. This is attributed to
the buffer cagpacity of sodium acetate and the circulation operation. A condant current
indicates that the eectrolyte concentration is dmost congtant as operation time increases. In
addition, the soil pH and water content dso remain congtant during the trestment, as shown in
Figure 6.4. The dectro-osmotic flow rate maintains constant due to the constart pH, electric
fidd intengty, and water content. Consequently, this syssem can be operated within a neutrad
pH range and produce a constant el ectro-osmotic flow.
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Figure 6.3. The solution pH and current as Figure 6.4. The average pH and water content

function of time. Experimental condition profiles as a function of normalized distance from

electrolyte concentration = 102 M CH,COON. the anode. Experimental conditions. electrolyte

water content = 20% (w/w); voltage=12V. concentration = 102 M CH;COONa water
content = 20% (w/w); voltage=12V.

An dectricd potential gradient of 1.2 V/cm was agpplied during dl the tets. The water
level of two reservoirs were kept the same, therefore, no hydraulic gradients were present. In
order to determine the eectro-osmoatic flow rate of the circulation system, an EK system was
controlled a the same gtuations such as pH vdue, water contert, and intengty of eectric
fidd. Figure 65 shows the average pore volume and flow rate of eectro-osmoss as a
function of time. Results show that the ecetro-osmotic flow could be operated stable and the
average flow rate was measured ca. 180 ml/day.

Fgure 6.6 shows the removd efficiency of chlorinated organic compounds as a function
of pore volume. Results show that chloroform can be removed a 98 % after a 2pore volume
treatment. TCE and carbon tetrachloride can be removed after a 3pore volume treatment, a
85 % and 95 % regpectively. PCE contaminated soils can be cleaned up to 90 % after a 5
pore volume trestment. In generd, the organic compound with high water solubility is not
preferably sorbable onto soils (Schwarzenbach et. d., 1993). Accordingly, TCE is rdéatively
eader than PCE to be removed from the soil phase because the water solubility of PCE (110
mg/l) is much lower than that of TCE (1,100 mg/l). Likewise, chloroform having a weater
solubility of 8,000 mg/l can be better removed than al other sdected organic contaminants.
The remova efficiency of carbon tetrachloride is smilar to that of TCE due to close water
Olubility.

In the EK system, the advection and sorption are the dominant processes governing the
transport of nonionic organic contaminants. In this sudy, the advection effect is identicad for
al sdected organics since the flow rate is identica in dl tests. Accordingly, the remova
efficiency is manly controlled by the sorption effect. Based on experimentd results, the
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dectrokinetics is effective in removing these chlorinated organics from the soil. It indicates
that the binding between the soil and these organic compounds is inggnificant.

5 / 200 100 [ : , X
o — i — - B - - [ i -~
f < - '3/ el N
4 , —B— flow rate 4150 T é, 80 { / s 4
® i g 3 ’ '}/ /
| / S !
g s / § g 60 4 ol :
o = = M !
100 @ = i
i ', / I — ore volume ’é\ m I, x ; ntereform
5 ° , / | — Ly © 40 {7 I / i =0 == TCE 7
a | o > | & : -
Q o 7 H cal,
15 < GE) 14 5 — e pCE
14 W/ o 20 d3 e .
- i
X i
0 0 0 1
0 2 4 6 8 10 12 14
0 1 2 3 4 5
Time (davs) Pore Volume
Figure 6.5. The average pore volume and flow Figure 6.6. The removal efficiency of
rate of eectro-osmosis as a function of time. chlorinated organic compounds as a function of
Experimental conditions: eectrolyte pore volume. Experimental conditions:
concentration = 102 M CH,COONa; water electrolyte concentration = 102 M CH;COONa;
content = 20% (w/w); voltage=12V. water content = 20% (w/w); voltage=12V.
8 Iy T ¥ 15
't SR A R S A ppp—
A ; i ——— Triton X-100 H
—
7T ==X --Rhamnolipid
l \\‘-x. 3 % H *," — 100 O Rahmnolipid
LT - RSN Lo > [al riton X-
L g f\A Ayl e 10 03 —
o H i c < 80 o
c i H 3 T:_l o
f 5 —&— Triton X-100 g ~ gjﬂmefuﬂmﬂ
o] - ~ o 60 A [
T -B— Rahmnolipid /é\ T o® OE B
g — = s > oSFo i g
1 'NV"‘*-\"N&, ~ Z =z 40 v
- L_OL 0,090 Q00 co
3 20
2 Ltemndis et o o
0 5 10 15 20 25 30 35 40 0 5 10 15 20 25 30 35 40

Figure 6.7. The solution pH at anode and Figure 6.8. The electro-osmotic flow with

current as a function of time Experimental surfactants as a function of time. Experimental

conditions. electrolyte concentration = 102 M conditions. electrolyte concentration = 102 M

CH;COONa; water content = 20% (wiw); CH;COONa;, water content = 20% (wiw);
voltage=12V.

6.4.2. Phenanthrene

In contrast to the chlorinated organic treatment, the EK system for phenanthrene was
operated without the circulation and sphon operation. In addition, surfactant solutions were
used in both eectrode chambers. Figure 6.7 shows the pH a the anode and the applied
current as a function of operation time for Triton X-100 and rhamnolipid system. Results
show no sgnificant difference of the pH and current between the use of Triton X-100 and
rhamnolipid. For both systems, the pH a the anode maintains ca. 3.8 and the current ranges
from 11 to 12 mA during the 37-day run. The congtant pH can be atributed to the daily
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addition of sodium acetate into the anode, which can buffer the solution pH. The dectrolyte
concentration increases with the addition of sodium acetate concurrently, which results in the
electro-osmotic flow decreasng. Figure 6.8 show the eectro-osmoatic flow rate as a function
time. Results demongrate that the flow
rate decreases with time. In addition, the
electro-oamatic flow rae in rhamnolipid 1 TTES
gydem is higher than tha in Triton X- Mmoo | DA g
100. Triton X-100 is a nonionic 08 T R
aurfactant but rhamnolipid is an anionic o
one. Rhamnaolipid can form a complex °e
with cations (Miller, 1995), which makes o4 .
the  dectrolyte  concentration in ' O emopi e e
rhamnolipid sysem is lower than tha in
Triton X-100 system. Therefore, the use
of rhamnolipid can has the higher 0
electro-osmoatic flow rate. o 02 04 06 08 1 12
Figure 69 shows the resdud
concentration of phenanthrene as a
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rhamnolipid  has the befter remova  concentration = 102 M CH,COONa, water

efficdency than Triton X-100. This may be  content = 20% (w/w); voltage=12V.

atributed to the  rddivey high

solubilization ability or the biodegration of rhamnalipid in the EK sysem. The solubilization
indicator, b, obtained in PAHs dissolution tests is 0.44 for rhamnolipid and 0.4 for Triton X-
100, respectivdy.  The dronger solubilizetion of the rhamnolipid can facilitate the
penanthrene desorption from the soil.  In addition, the biodegradation may occur in the
biosurfactant sysem snce rhamnolipid can enhance the growth of bacteria in soils  The
biodegradation makes the removd efficiency of phenanthrene become effectivdly. The totd
removd efficiency of phenanthrene with use of Triton X-100 is ca. 10% after of 8.5 pore
volumes. The totd removd efficiency of phenanthrene treated by rhamnolipid is ca 20% and
30% for of 9.7 and 14.8 pore volumes, respectively.

6.5. Discussion
6.5.1. Removal of Chlorinated Organics

A numirica solution for solving the DAS modd was developed on the bass of linear
sorption isotherms a equilibrium, i.e, ¢ = Kq4Ci. Figure 6.10 shows transport parameters of
the DAS solution for chlorinated organic compounds under the EK influence. Parameters
such as water content, contamination concentration, weight of soil-solution mixture, soil
dengty, trangport distance, and operation time obtaned from the EK experiments are
condants. Theta vaue, q, was fixed a& 05 in order to proceed a stable numerica
computation. The diffuson coefficients of dl target chlorinated organics can be caculated by
Equation 6.2. Results were liged in Table 6.1. Since the eectro-osmotic flow requires
sverdly days to reach a dable date, the average EO flow rate varies with increasing
operation time. According to the experimentd results, the average value of EO flow rate for
1, 3,5 and 7 days is 0.05, 0.1, 0.18, and 0.19 cm/hour, respectively. Only two parameters,
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Figure 6.10. The parameters input menu of the diffusion-advection-sorption model for chlorinated
organic compounds under EK influence.

partition coefficient and dispersvity, were not determined. Therefore, these two parameters
were used to fit and andize experimenta data.

Table 6.2 ligs fitted vadues of partition and disperson coefficient for chlorinated organic
compounds under the EK treatment. The average partition coefficient of PCE, TCE, carbon
tetrachloride, and chloroform is 1.2, 0.6, 0.4, and 0.15 L/Kg, individudly. In contragt, the
partition coefficient of chlorinated organics obtained by sorption experiments (see Chapter 3)
isca 10, 3, 8, and 1 L/Kg for PCE, TCE, carbon tetrachloride, and chloroform, respectively.
The one order of magnitude difference can be attributed to the effect of soil to solution ratio.
According to this effect, the partition coefficient would decrease with increesng the soil
concentration.  Consequently, the partition coefficient of organic in the EK system (soil to
solution a 5:1) is smdler than that in the over-saturated soil-water system (soil to solution at
1.5). Brudl (1992) reported that the partition coefficient of TCE was 0.85 L/Kg in the clay
under eectrokingtics That is close to the partition ceofficient obtained in this study (0.6
L/Kg). Thedight different is dueto clay with high organic contents.

It is seen that the fitted values of partition coefficients for PCE and TCE increase with
increesing time according to Table 6.2. The partition coefficient of PCE and TCE increases
from 1.0 to 1.3 L/Kg and from 0.4 to 1.0 L/Kg, respectively. This can be dtributed to the
concentration effect on the organic sorption.  The partition coefficient increases with
decreasing organic concentration in the soil-water sysiem.  When proceeding the EK process,
the contaminant is removed and its concentration decreases gradualy.  Therefore, the
partition coefficient of organics in EK sydem increases with time. However, the
concentration  effect on the rdatve polar chlorinated compounds is indgnificant.  The
partition coefficient of carbon tetrachloride varies with time dightly (from 0.3 to 04 L/Kg)
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and that of chloroform maintains a congtant vaue (0.15 L/Kg). This can be explained by the
linear sorption isotherm of chloroform.

Table 6.2. Smulation parameters of the transport for chlorinated organic compounds
under electrokinetics.

Diffuson Coef. | Partition Coef. EO Vdocity Disperson
(ct/hr) (L/KQ) (cm/hr) Coef. (cmf/hr)

PCE

24hours 0.0314 1.0 0.05 0.13

72hours 0.0314 1.2 0.10 0.26

120hours 0.0314 1.3 0.18 0.47

168hours 0.0314 1.3 0.19 0.49
TCE

24hours 0.0347 0.4 0.05 0.13

72hours 0.0347 0.5 0.10 0.26

120hours 0.0347 0.5 0.18 0.47

168hours 0.0347 1.0 0.19 0.49
Carbon Tetrachloride

24hours 0.034 0.3 0.05 0.13

72hours 0.034 0.3 0.1 0.26

120hours 0.034 0.4 0.18 0.47

168hours 0.034 0.4 0.19 0.49
Chloroform

24hours 0.038 0.15 0.05 0.13

72hours 0.038 0.15 0.10 0.26

120hours 0.038 0.15 0.18 0.47

168hours 0.038 0.15 0.19 0.49

Figures 6.11, 6.12, 6.13, and 6.14 show the movement profile of organics in the soil as a
function of the travedl distance for PCE, TCE, carbon tetrachloride, and chloroform,
respectively. In these figures, the dot points represent experimental data and solid curves are
the modd smulation. It is seen that the errors between the smulation and experimentd data
occur reatively high in the beginning end (anode) of the trave distance. This can be
attributed to the incomplete extraction of the hexane extractor. When the contaminants were
washed out to the cathode chamber, the effluent was pumped through the hexane extractor
and returned into the anode reservoir. After the extration process, the effluent may dill
contain few contaminants and enter the soil. This smal amount of contaminants makes the
experimenta values higher than smulation ones.  In addition, there are errors occuring near
the cathode end. This results from the low organic concentration in the cathode reservoir.
Due to this low organic concentration, the concentration gradient a the cathode boundary
increases.  The driving force of molecular diffuson is related to the gradient of concentration,
therefore, the contaminants near the cathode is relessed faster than the smulation.
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Figure 6.13. Carbon Tetrachloride concentration Figure 6.14. Chloroform concentration profile in
profile in the soil as a function of transport distance. the soil as a function of transport distance.
Experimental conditions. electrolyte concentration  Experimental conditions: electrolyte
= 102 M CH;COONa; water content = 20% (w/w);  concentration = 102 M CH,COONa; water

voltage=12V. content = 20% (w/w); voltage=12V.

6.5.2. Desorption Kinetics of Chlorinated Organics

The trangport of organic compounds in the soil can be considered as a desorption reaction.
The desorption reaction plays a key role in the trangport of organic compounds in soils
(Sabbah and Rebhun, 1997). Mog research work on the desorption of organic from soils
were conducted in batch or continuous mode (Kan et a., 1994; Pavlostathis and Jaglal, 1991).
These desorption experiments were usudly conducted under over-saturated conditions (i.e,
soils mixed with a large amount of solution). These desorption data, thereby, may not reflect
the desorption behavior of organic compounds in the vadoze zone (i.e, unsaturated
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condition). To gan indght into the desorption of organic in the vadoze zone, dectrokinetics
provides an excellent toal.

From the EK experiments, the first dice of the contaminated soil in the EK cdl can be
considered as a unique reactor by itsdf. The organic concentration in the soil of the firg dice
as a function of time can be further analyzed for its desorption characteristics. By assuming
that the desorption reaction can be described by the following equation:

SOb O+S [6.10]
where S-O is the organic sorbed in soil, O is the organic in the agueous phase, S is the free
soil surface. The desorption rate can be written as.

-d[S-O]/dt=k[S-O] [6.11]
Integration of Equation 6.11. One has.

[S-O)/[S Olo=exp(-kt)=C/Cq [6.12]
or

C=Coe” [6.13]

where Kk is the rate constant of the
desorption reaction.

Figure 6.15 shows the plot of S a 5
Equation 6.13 for the chlorinated : —6—pce
organics studied. Results dearly ° \ A
indicate that desorption data can N "\ NS === chlorcform
be fitted by a linear eguation. oo i \E ~\\\
This indicates that the desorption ~ s NN
mechanisn of the chlorinated - TR YT
organics in unsaturated soils is a N
firs-order resction. Table 6.3 T ERN N
summarizes the rate condant of X
desorption  for the  organic B
compounds dudied.  The rate Figure 6.15. The organic concentration in first slice
congant for the desorption of as a function of time Experimental conditions
PCE, TCE, carbon tetrachloride, electrolyte concentration = 102 M CH;COONa;
and chloroform is 061, 0.70, water content =20% (w/w); voltage=12V.

1.03, and 1.15 day ™, respectively.
Table 6.3. Desorption rate constant for chlorinated organics.

k value (day ™) R vaue
PCE 0.60 0.99
TCE 0.70 0.97
Carbon tetrachloride 1.03 0.99
Chloroform 1.15 0.99

6.5.3. Removal of Phenanthrenein the Presence of Surfactants

A numerica solution for solving the DAS model was developed on the basis of the nont
equilibrium condition. Moreover, the linear isotherm was assumed in the loca region of soils
(i.e, the interfact extremely close to the soil surface). Accordingly, Equation 6.7, g/t = k
(K4Ci-q), was introduced to the DAS modd. Figure 6.16 shows parameters of the solution for
amulating phenanthrene trangport under the EK treatment. In Figure 6.16, al constant
parameters such as water content, contamination concentration, weight of soil-solution
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Figure 6.16. The parameters input menu of the diffusion-advection-sorption model for phenanthrene
under electrokinetic influence.

mixture, soil dendty, transport distance, and operation time were obtained according to the
experimentd  setup.  The diffuson coeffident of phenanthrene, 0.02 cmf/hour, can be
caculated by Equation 6.2.

Table 6.4. Smulation parameters of phenanthrene transport under influence of
electrokinetics.

Diffuson Codf. Partition Coef. EO Vdocity
(crf/hr) (L/Kg) (cm/hr)
Triton X-100 -37 days 0.02 30 0.06
Rhamnolipid-37 days 0.02 400 0.10
Rhamnalipid-60 days 0.02 400 0.10
Initial Solute Conc. Dispersvity Desorption Rate
(mg/L) (cm) Congt. (hr'h)
Triton X-100 -37 days 50 1.0 0.001
Rhamnalipid-37 days 400 1.6 0.001
Rhamnolipid-60 days 1500 1.6 0.001

Table 6.4 4ill ligts other parameters for the smulation of phenanthrene movement. The
electro-osmotic flow rate was determined from experimenta results. The average EO flow
rates for Triton X-100 and rhamnolipid are 0.06 and 0.1 cr/hr, respectively. The partition
coefficent , Kgceme, measured from PAHs desorption tests was used to substitute the Kq in
Equaiton 6.7. The measured Kgcme vaAues of phenanthrene for the Triton X-100 and
rhamnolipid system are 30 and 400 L/Kg, respectivdy. The quantity of digpersvity, a = 2.6
cm, obtained from the trangport smulation of the chlorinated compounds was used. The
parameter, initid concentration in agueous phase, was subdituted by the solubility of
phenanthrene in the surfactant solution. Based on the phenanthrene solubilization tests, the
initial concentration of phenanthrene, 50 mg/L, was used for the Triton X-100 and 8 mg/L for
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rhamnolipid system, respectively. Therefore, only one parameter, desorption rate congtant,
was used to fit and andize experimentd data of phenanthrene movement.
Figure 6.17 shows the phenanthrene

Phenanthrene Transport in Soils

concentration profile as a function of the o PR 5 o o
trangport distance with use of various 09} °
surfactants. Dot points  represent B
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©
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sydem. During the smulation for the , .
thamnolipid system, the desorption rate Figure §.17. The phenan'.[hrene concentration prpfllem

. . the soil as a function of transport distance.
consant in Triton X-100 system Was Eyperimental conditions eectrolyte concentration =
goplied due to ther gmila 102 M CH;COONa, water content = 20% (W/w);
olubilization &bilities  Indead of the voltage=12V; surfactant concentration =10 CMC.
initial  solute  concentration,  other
parameters used in Triton X-100 sysem are the same as those in rhamnolipid system. In
order to fit experimenta data, the initia solute concentration must be ca. 400 and 1500 mg/L
for 37 and 60-day run, respectively. In fact, the solubility of phenanthrene in rhamnolipid
solution a 10 CMC is only 8 mg/L which is far less than the smulation values (400 and 1500
mg/L). The various solute concentration implies that phenanthrene may be degraded in
addition to the removal by EK processs The biodegradation of phenanthrene may be
sgnificant due to the growth of bacteria enhanced by the biosurfactant (Tiehm et. Al., 1997).

It is seen that errors between the smulation and experimenta data occurs relatively high
in the end of the tangport distance. This phenomenon was dso found in the smulation of
chlorinated organics transport. It can be attributed to the increase of diffuson force a the
reactor boundary. The transport modd based on the linear sorption isotherms a non
equilibrium condition is adle to smulae the movement of phenanthrene under the EK
treetment.  This implies that the sorption behavior of phenanthrene is liner a& non
equilibrium datus during the EK process. Compared to the desorption rate constant of
chlorinated organics (0.03~0.05 hrt), that of phenanthrene (0.001 hrt) issmall.

6.6. Summary

Based on experimentd results and modd smulaion for the nonionic organic compounds
under the EK treatment, the following conclusons can be drawn. Buffer and circulation
neutrdization sysem can diminate the acid front generaed a the anode. A congant pH
throughout the soil mass can be maintained to produce a stable dectro-osmatic flow rate. The
higher the water solubility of a chlorinated organic, the higher its trangport rate in the soil.
The EK process can effectively remove chlorinated organic compound such as PCE, TCE,
chloroform, and carbon tetrachloride from the soil a an efficiency ranging from 85% to 98%
in a matter of days. In addition, the desorption behavior of the organic in the unsaturated soil
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can be obtaned by EK experiments The desorption of chlorinated organic compound
follows a firs-order kinetic reaction The rate constant is 0.61, 0.70, 1.15, and 1.03 day,
respectively, for PCE, TCE, chloroform, and carbon tetrachloride.

The DAS modd based on the liner sorption isotherm a equilibrium can smulate the
movement of chlorinated organic contaminants under the EK trestment. This indicates that
the sorption behavior of PCE, TCE, carbon tetrachloride, and chloroform is at equilibrium
datus during the EK process. In this modd, the partition coefficient is one of mgor factors
controllin the organic transport. It is seen that the partition coefficient of organic in the EK
system is higher than that obtained in over-saturated soil-water system. This can be attributed
to the soil to solution effect on the organic sorption. In addition, the smulaion vaue of
partition coefficient increases with increasing time because of the concentration effect on the
organic sorption.

In contrast, the DAS modd based on the linear sorption isotherm a non-equilibrium
condition is able to dmulate the movement of phenanthrene during the EK treatment in the
presence of Triton X-100. A desorption rate constant of 10 hr'! was obtained. However, the
DAS modd does not predict well the didribution of phenanthrene in the presence of
rhamnolipid. The presence of rhamnolipid gpparently promotes microbid growth in the soil-
water sysem which may bring about biodegradation of phenanthrene.  As a result, the
desorption behavior of phenanthrene is non-equilibrium.
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7. CONCLUSIONS AND RECOMMENDATIONS

7.1. Sorption of Nonionic Organicsin the Soil-Water System
7.1.1. Chlorinated Organic Compounds

Both organic concentration and the soil to solution ratio have dgnificant effects on the
sorption behavior.  This study used the fugacity corporated with the partition concept, Ky =
OWGs to illudrate these sorption effects in the soil-water sysem. By andlyzing the activity
coefficients, gy and g, on can gan indghts into the nonionic organic sorption. The organic
effect dways reaults in the nontlinear sorption isotherm.  Accordingly, the Langmuir isotherm
can describe the digtribution of selected chlorinated organics such as PCE, TCE, carbon
tetrachloride, and chloroform in this study. Experimentd results show that the partition
coefficient decreases with increasing the organic concentration. This can be attributed to the
drong replusve interaction, i.e, high gs vaue, between the organic and the soil a the high
organic concentraion. For the soil to solution ratio effect, it changes the sorption densty of
organics. The partition ceofficient decreases with increesng the soil to solution ratio. Since
Ow is related to TOC, the soil to solution effect can be attributed to the presence of the DOM
in the liquid phase. It is seen that the rdationship between the activity coefficients, g,, and
TOC can be expressed: Ingy = m - n[TOC], where m is the Ing,, value in the absence of TOC,
n is an interaction coefficient. Based on experimentd results, the n vaues of PCE, TCE,
carbon tetrachloride, and chloroform are ca. 0.15, 0.04, 0.03, and 0.08, respcetively.

By introducing the Hory theory to the interpretation of activity coefficient, it is seen that
the resdud patid molar free energy, mR, are negaive for the sdected organics This
indicates that the interaction energy between soil organic carbon and organic contaminants
reection is exothermic. In addition, the organic contaminant with higher hydrophobicity
exhibits weeker interaction with soil organic carbon. According to experimenta results, the
order of theinteraction is; PCE < carbon tetrachloride @TCE < chloroform.

7.1.2. PAHsin the Presence of Surfactant

The PAHs digribution in the presnce of surfactant is controlled mainly by the PAHs
sobubilization of surfactant and the surfactant sorption onto the soil.  In this sudy, five PAHS
were odected as target compounds including fluorene, phenantherne, anthracene,
fluoranthene, and pyrene and two surfactnats, Triton X-100 (nonionic atificd surfactant) and
rhamnolipid (anionic biosurfactant), were used to enhance the solubilization of PAHs. The
solubility of PAHs can be effectively increased by surfactants, which can be expressed by: Ky,
= bKow. A high b vaue presents the high solubilization ability of the surfactant.  According
to experimental results, the b vadue for Triton X-100 and rhamnolipid is 0.4 and 0.44,
regpectively. An empirica equation, b = (0.031y;-0.0058y-), can predict the b vaue both for
Triton X-100 and rhamnolipid. The term, y, is the number of “hydrophobic’ carbons and y»
isthe number of *hydrophilic” groups.

Both surfactants exhibit strong attraction to the soil phase.  The Triton %100 sorption on
the soil can be described by the Langmuir isotheem and can be attribuied to a partition
process. However, the sorption of rhamnolipid is a linear isotherm and can be attributed to an
interfacia interaction. It is seen that the sorption dendty of both surfactants decreases with
increesng PAHs contamination in the soil.  This is because the sorption competition between
the PAHs and the surfactant onto the soil.
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The agpparent partition coefficient of PAHS, Kgeme, Can be expressed by an equaiton,
Ky eme = aKowfoc )
’ (1+BK g, [S])
the organic and the soil, b is a congant representing the PAHs solubilization capacity of the
aurfactant, Koy is the octanol number of PAHSs, foc represents the total soil organic carbon,

and [§ is the surfactant concentration in the solution. Based on experimentd results, the
PAHs Kgcme in Triton X-100 system can be relaled to the reciprocal of surfactant

concentration proportiondly, Ky mc = K/[S], @ a cetan range of surfactant concentration

(10~20 CMC). However, PAHS Kqcmc in the rhamnolipid system is congtant, i.e, independent
of the surfactant concentration.

In this equation, a is a condant for reflecting the affinity between

7.2. Electrokinetic Remediaiton Process
7.2.1. Electro-Osmotic Flow

A semi-empiricd equation, Q = Ks(Eo/L)W?, for the Electro-Osmotic flow rate in an
unsaturated soil-water system was established. The parameters such as Q, K, se, B/L, and w,
are dectro-osmotic flow rate, characterized coefficient, eectrokinetic charge density,
potentid gradient, and soil water content, respectively. A finite plae model was used to
derive the EO flow rate in unsaurated soils and the waterlayer on the soil surface was
assumed as Newtonian fluid. The EO flow rate is theoretically proportiona to the extent of
dectrokinetic charge dendty, the intendty of dectric fidd, and sguare of the soil water
content in the soil-solution systems.  Experimental results were in agreement with these
predictions.  For the effect of dectrolyte concentration, results imply that there is no
dgnificant effect on the EO flow rae as long as the eectrolyte ions do not interact
soecificdly with the soil. The characterized coefficient, K, reflects severd physca
properities of the soil-water sysem including the fluid densty, the specific surface area, width
of the water layer (on the basis of finite plate model) and fluid viscodty. The K vaue was 57
et nCt V2 for the soil tested in thiswork.

7.2.2. Electrokinetic Remediation for Nonionic Organics Contaminated Soils

Chlorinated organic contaminals and PAHs contaminated soils were treated with water
and surfactant solution under the EK process, respectively. EK technique can effectively
remove chlorinated organic compound such as PCE, TCE, chloroform, and carbon
tetrachloride from the soil a an efficiency ranging from 85% b 98% in a matter of days. The
higher the water solubility of a chlorinated organic, the higher its trangport rate in the soil.
The desorption behavior of the organic in the unsaturated soil can be obtained by treating the
EK sysem as a contunuous desorption column. The desorption of chlorinated organic
compound follows a first-order kinetics The rate constant is 0.61, 0.70, 1.15, and 1.03 day’*,
respectively, for PCE, TCE, chloroform, and carbon tetrachloride.

The diffuson-advectionsorption (DAS) modd based on the linear sorption isotherm a
equilibrium can dmulate the movement of chlorinated organics under the EK treatement.
Based on the modd smulation, the fitted partition coefficient of organic in the EK system is
higher than that in over-saturated soil-water system. This can be attributed to the soil to
solution effect on the organic sorption behavior. In addition, the fitted partition coefficient
increases with increasing the operation time due to the concentration effect on the organic
sorption.  The DAS modd based on the linear sorption isotherm a non-equilibrium condition
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is able to smulate the movement of phenanthrene during the EK treatment. The smulation of
phenanthrene transport in the Triton X-100 sysem are close to experimenta results.
However, experimenta results of phenanthrene flushed by rhamnolipid were not fitted by this
model smulation. It implies that phenanthrene was degraded due to the growth of bacteria in
the soil media

7.3. Recommendations

Through the grest amount of data collection and analyss about the sorption of nonionic
organic compounds in the soil-water sysem. Generdly, the partition process can be
consgdered as the man driving force of the nonionic organic didribution in soil-water system.
In addition to the hydrophbicity of orgnaics, SOM and DOM play key roles to the sorption of
nonionic organics. The activity coefficient can illusrate the sorption affected by SOM and
DOM. However, in order to develop a quantitive predication of the organic sorption, the
fundamenta reactions among various organic compounds, SOM and DOM must be sudied.
The content of SOM should be categorized into severa groups which can be consdered as the
basc dement of the SOM and posesses a specific sorption characterization.  Then, the
investigation of sorption reaction between the dementa group of SOM and various organic
contaminants can serve as a database for estimating the organic sorption.  In addition, the
relaionship between SOM and DOM dso must be determined. By darifying the reactions
among SOM, DOM, and the organic, one might predict the digribution of nonionic organics
in the soil-water system even the red Site successtully.

The invedtigation of the EK remediaion in this sudy provides a semi-empericd equaiton
for edimaing the dectro-osmotic flow rate and demondrates the effective remova of
chlorinated organic contaminainats. For the gpplication to the red contaminanted Ste, the
effect of soil heterogenity on the dectro-osmotic flow rate and on the contaminant remova
efficiency must be dsudied. In addition, the invedtigation of the organic dectrolyss reaction
and dectricity effidency become important when applying the high voltage dectricity to the
red Ste.
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8. APPENDIX: NUMERICAL SOLUTION FOR TRANSPORT MODEL

8.1. Difference Scheme

The Finite Difference Method was used to solve the partid differentid (i.e, Equation 8.1).
Assume that a function of h = h(x,t) is defined in a one-dimensona space. Its value can be
represented by the discrete values a a number of nodes. Its derivatives can be approximated
by a truncated Taylor series. The centra difference of the second derivative in x can be
written as

2 I _ o I

(ﬂ h): » h+1 Zh +h—1 [81]

S (Dx)°®

where i is discrete node of x axis, | is time steps and h' is the value of h a mesh point (i,l) in
x-t plane. The fird derivaive with respect to time can be gpproximately given by a forward

difference scheme (Smith, 1978)
ﬂh | hl +1 _ hl 2
(—ﬂt)i > o [8.2]

8.2. Difference Equation

Although the &bove difference scheme is computationdly smple it has one serious
drawback. The time step, Dt, is necessarily very smal because the computationa process is
vdid only for O< Dt(Dx)*> <1/2 and Dx must be kept smdl in order to atain reasonable
accuracy. Crank and Nicolson (1947) proposed a method that reduces the total volume of
cdculation and is vdid (i.e, convergent and dable) for the finite difference eguations.
According to this method, T2C/fx* can be replaced by the mean of its finite difference
representations.  The sorption term in Equation 8.1, fg/fit, can be referred as Ky(TC/A).
Therefore, the Equation 8.1 can be written as follows:

141 Al | +1 +1, ~I+1 |+1 I+1
C| D:C F?d[ ( i+1 (ZEC):IX) +CI 1) ( C| 1)]
(1-a), .+ G- 200 +C4. Cly-Cf o
- D* i+1 1 |+1 i-1
g, 1D (D<)2 )- W )
where Ry = 1+r Ky/f based on the equilibrium lineer sorption. Rearrange the equation, then
wecanobtain: RGT +S§C ™ +TCli =, [8.4]
where R :£+—
(Dx)?  2Dx
_ R 2D
T o (Dx)?
_P v
' (Dx)?  2Dx
[(q D", @- v, - R 2Q- DD] i+[(q DD @-1v
(Dx)? 2Dx DX (Dx)? (Dx)? 2Dx -

1£i£€M-1and1£1£N
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where M = tota distance steps, N= total time steps, R, S and T are constants. U are known
atimeleve t. Hence, direct method can apply to solve for G,

8.3. Initial and Boundary Conditions
a Initid Condition
Att=0,i.e.1=0, C°=C;, (a0 £i£ 0)
b. Boundary Conditions
1. Atx=0,i.ei=0
Co™ =0, (atl>0)
2. Atx=L,iei=M,
1C -Gt~ G Lo hen
X 2Dx
Cyh =Chl. (@l>0)
The difference equetionat i =M are
(R|\/|+T|\/|)C|\/|-1I+1+S|\/|C|\/|I+1:UM [85]
Summarizing the difference equations shown in Equation 83 and 84 (1 £ i £ M-1) with
boundary conditionsati =0 and i = M, resultsin aset of dgebraic equationsin matrix form.

SOC |+l+-|- C 1+1 — UO

R Co|+1+S[|_C |+1+T1C2|+1 = Ul
R2C1I+1+SQC2|+1+T2C3I+1 - U2
Rw-1Cm-2 ™ +Su.1C2 ™ +Tw.1Cu'™ = Um-1

(RM+TM)CM 1|+l+SMC +1_ UM
Each U; is known quantity a previous time levd t, while R, S, and T are condant. The
matrix of coefficients R, S, and T is cdled a tridiagond matrix. The matrix set can be solved
by a Guassan dimination method. The solution process was programmed by MATLAB.
For the nonrequilibrium linear sorption, the difference equation can be written as the same
formation asfollows

RCGT+sC™+Tclii=U [8.6]
WhereR:CD @
(Dx)®>  2Dx
1 200 r kKg
T Dt (D2 fDUDt+kq
D @
' (Dx)?  2Dx
_@-)0° (q 1)v 21.2@-9D", r kK(-q)
+[(q-l)?*_ (q-l)v]q.+1+ F YDk oa), T kK
(DX) 2Dx fDt 1/Dx +k.q fDt 1/Dt + k,q

1£i£€M-1and1£1£N
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Ci""! can be solved by using direct method, since R, S, Ti and U are dlknown at time level .
The g™ can be obtained as:

R B e ik B L e
1/Dx +k.q VDt +kq VDt+kq 1/Dt+k,q

where K1 and K, are the congtant for linear sorption, k; isthe desorption rate constant.

The solution for the nontequilibrium lineer modd is amilar to tha for equilibrium except

Equation 8.7. The matrix of oefficients R, S, and T can be solved by a Guassan dimination

method and the solution process was aso programmed by MATLAB.

8.4. MATLAB Program for Chlorinated Organic Compounds
%times of caculation
HH=findobj(gcf, Tag','z);
z=gr2num(get(HH, 'String));
Yoparameters

HH=findobj(gcf, Tag','dt");
dt=sr2num(get(HH,'String));
HH=findobj(gcf, Tag','n’);
n=gr2num(get(HH,'String"));
HH=findobj(gcf, Tag','dx’);
dx=str2num(get(HH,'String));
HH=findobj(gcf, Tag',m’);
m=gr2num(get(HH,'String));
HH=findobj(gcf, Tag', theta);
theta=str2num(get(HH, 'String'));
HH=findobj(gcf, Tag','Dh');
Dh=gr2num(get(HH,'String'));
HH=findobj(gcf, Tag',' DS);
Ds=gtr2num(get(HH, 'String));
HH=findobj(gcf, Tag','10);
lo=str2num(get(HH,'String));
HH=findobj(gcf, Tag', w');
w=gtr2num(get(HH,'String'));
HH=findobj(gcf, Tag','M";
M=gtr2num(get(HH, 'String));
HH=findobj(gcf, Tag','VX');
Vx=gr2num(get(HH, 'String’));
HH=findobj(gcf, Tag','cf");
cf=gtr2num(get(HH, ' String));
HH=findobj(gcf, Tag','kd');
kd=str2num(get(HH, 'String’));
Vx=Vx*659.5/M/w;
%edtability criteria
Pe=(Vx*dx)/Dh
Cr=(Vx*dt)/dx

%cdculate the initid concentration in water phase
cx=cf*M* (1-w);
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cin=cx/((kd* (1-w)/w)+1);
cO=cin/(M*w);
Dh=Dh+Ds*VX;
Rd=1+(kd*|o* (1-w)/w);
%definition of congtants for finite difference calculation
sl=-Rd/dt- (2* theta* Dh)/(dx"2);
t1=(theta* Dh)/(dx"2)- (theta* Vx/(2* dx));
ri=(theta* Dh)/((dx)"2)+(theta* Vx)/(2* dx);
S=-Rd/dt- (2*theta* Dh)/(dx"2);
ti=(theta* Dh)/(dx"2)- (theta* Vx)/(2* dx);
slj=-Rd/dt- (2* (theta- 1)* Dh)/(dx"2);
t1j=((theta- 1)* Dh)/(dx"2)-((theta- 1)* VXx/(2* dx));
rj=((theta- 1)* Dh)/(dx"2)+((theta- 1)* VX)/(2* dx);
§=-Rd/dt-(2* (theta- 1)* Dh)/(dx"2);
tj=((theta- 1)* Dh)/(dx"2)- ((theta- 1)* Vx)/(2* dx);
% the distance of EK cdll
for i=1:m
d(i,2)=dx*i;
end
Y%arrange the "amatrix"
a=zeros(m);
a(1,1)=s1;a(1,2)=t1,
a(m,m-1)=ri+ti;a(lmm)=s;
fori=2m-1
&i,i-1)=ri;
al,i)=s;
ali+1)=ti;
end
%define the solution matrix and 1.C.(contaminants)
c=zerogm,1);
for k=1:m
c(k,1)=c0;
end
% Boundary condition
u=zeros(m,1);
tt=zeros(n,1);
cc=zeros(n,1);
=1
u(1,1)=slj*c(1,1)+t1j* c(2,1)+(((theta- 1)* Dh)/(dx"2)+((theta- 1)* VX)/(2* dx))* c0;
for i=2m-1
u(i,)=rj*c(i-1,1)+g*c(i,1)+tj*c(i+1,1);
end
u(m,)=(rj+tj)*c(m-1,1)+5*c(m,1);
x=inv(a*u;
Cc=X;
tt(1,1)=dt*|;
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cc(1,1)=x(m,1);
%solve the equation
for j=2:n
u(1,1)=s1j*c(1,1)+t1j*c(2,1);
fori=2m-1
u(i,)=rj*c(i-1,1)+g*c(i,1)+tj* c(i+1,1);
end

u(m,1)=(rj+tj))*c(m-1,1)+g*c(m,1);
x=inv(@*u;
Cc=X;
tt(j, 1)=at*j;
cc(j,1)=x(m,1);
end
%cd aulate the organic concentration ratio in mixed soils (soil+solution)
g=zeros(m,1);
s=zerog(m,1);
f=zerog(m,1);
fori=l'm
q(i)=c(i)*kd;
q()=q(i)* M* (1-w);
gi)=c(i)* M*w;
f(i)=(a()+<(i))ex;
end
if z==1
y1=f;
yll=cc;
ttl=tt;
end
if z==2
y2=f;
y22=cg;
tt2=tt;
end
if z==3
y3f;
y33=cc;
tt3=tt;
end
if z==
yA=;
y44=cc,
tt4=tt;
end
if z==4
figure(6)
k=-0.5;
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dd=zeros(10,1);
fori=1:10
k=k+1;
dd(i,1)=k;
end
yy1=[0.640.820.911.01.01.01.01.01.00.98];
yy2=[0.110.320.350.750.890.97 1.0 1.0 1.0 1.0];
yy3=[0.050.10.150.20.250.34 0.5 0.68 0.7 0.7];
yy4=[0.02 0.05 0.06 0.11 0.12 0.16 0.25 0.29 0.34 0.37];
plot(dd,yyl,'ko',dd,yy2,'ksquare,dd,yy3,'kdiamond',dd,yy4,'k*")
legend('24 hours,'72 hours,'120 hours,'168 hours)
hold on
plot(d,y1,k-',d,y2,'k-",d,y3,’k-",d,y4,'k-")
xlabed ('Digtance (cm)")
ylabe ('Concentration Ratio(C/Co)’)
title('PCE Trangport in Soils)
hold off
ese
dodineargui
end

8.5. MATLAB Program for Phenanthrene
%times of caculation
HH=findobj(gcf, Tag','z);
Zz=gr2num(get(HH,'String));
Yoparameters
HH=findobj(gcf, Tag','dt");
dt=sr2num(get(HH,'String));
HH=findobj(gcf, Tag','n’);
n=str2num(get(HH, 'String));
HH=findobj(gcf, Tag','dx’);
dx=str2num(get(HH,'String));
HH=findobj(gcf, Tag',m’);
m=gr2num(get(HH,'String));
HH=findobj(gcf, Tag', theta);
theta=str2num(get(HH, 'String'));
HH=findobj(gcf, Tag','Dh');
Dh=gr2num(get(HH,'String'));
HH=findobj(gcf, Tag','DS);
Ds=gtr2num(get(HH,'String));
HH=findobj(gcf, Tag','10);
lo=str2num(get(HH,'String));
HH=findobj(gcf, Tag', w');
w=str2num(get(HH,'String'));
HH=findobj(gcf, Tag','M";
M=gtr2num(get(HH, 'String));
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HH=findobj(gcf, Tag','VX');
Vx=gr2num(get(HH,'String));
HH=findobj(gcf, Tag,'cf");
cf=gtr2num(get(HH, ' String));
HH=findobj(gcf, Tag','cn’);
cin=gr2num(get(HH,'String'));
HH=findobj(gcf, Tag','’k1);
k1=str2num(get(HH, 'String'));
HH=findobj(gcf, Tag','k2);
k2=str2num(get(HH,'String"));
HH=findobj(gcf, Tag','kr");
kr=str2num(get(HH,'String));
Vx=Vx*659.5/M/w;
%stability criteria Pe<2 and Cr<1
Pe=(Vx*dx)/Dh
Cr=(Vx*dt)/dx
%caculate the initid concentration in water phase
cx=cf*M* (1-w)+cin* M*w;
c0=cin;
qO=cf;
Dh=Dh+Ds*VX;
%definition of congtants for finite difference calculation
sl=-1/dt- (2* theta* Dh)/(dx"2)- (lo/dt)* ((1-w)/w)* (kr* k1* thetal ((1/dt)+kr* theta));
t1=(theta* Dh)/(dx"2)- (theta* Vx/(2* dx));
ri=(theta* Dh)/((dx)"2)+(theta* VVx)/(2* dx);
S=-1/dt- (2*theta* Dh)/(dx"2)-10* ((1-w)/w)* (kr* k1* theta/((1/dt)+kr* theta));
ti=(theta* Dh)/(dx"2)- (theta* Vx)/(2* dx);
s1j=-1/dt- (2* (theta- 1)* Dh)/(dx"2)+(lo/dt)* ((1-w)/w)* (kr* k1* (1-theta)/((1/dt)+kr* theta));
t1j=((theta- 1)* Dh)/(dx"2)-((theta: 1)* Vx/(2* dx));
rj=((theta- 1)* Dh)/(dx"2)+((theta- 1)* Vx)/(2* dx);
§=-1/dt-(2* (theta- 1)* Dh)/(dx"2)+(lo/dt)* ((1-w)/w)* (kr* k1* (1- theta)/((1/dt)+kr* theta));
tj=((theta- 1)* Dh)/(dx"2)- ((theta- 1)* Vx)/(2* dx);
gi=(lo/dt)* (1-w)/w)*[- 1+[ (1/dt)+(kr* (1-theta))]/[ (1/dt) +kr* theta]];
mj=(lo/dt)* ((1-w)/w)* (kr* k2/((L/dt)+kr* theta));
% the distance of EK cdll
fori=l'm
d(i,1)=adx*i;
end
Yoarrange the "amatrix"
a=zeros(m);
a(1,1)=sl;a(1,2)=t1;
alm,m-1)=ri+ti;a(lmm)=g;
fori=2m-1
ai,i-1)=ri;
ali)=s;
ai i+1)=ti;
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end

%define the solution matrix and 1.C.(contaminants)

c=zerog(m,1);

g=zeros(m,1);

for k=1:m
c(k,1)=c0;
q(k,1)=q0;

end

% Boundary condition

u=zerog(m,l);

tt=zerog(n,1);

cc=zerog(n,1);

=1
u(1,1)=slj*c(1,1)+t1j* c(2,1)+(((theta- 1)* Dh)/(dx"2)+((theta- 1)* VVx)/(2* dx))* cO+qj* gO+mj;
fori=2m-1
u(i,)=rj*c(i-1,2)+g*c(i,1)+tj*c(i+1,1)+qj* q(i,1)+mj;
end

u(m,)=(rj+tj)* c(m-1,1)+g*c(m,1)+gj* q(m,1)+mj;
x=inv(@*u;
Cc=X;
tt(1,1)=dt*|;
cc(1,1)=x(m,1);
%solve the equation
forj=2:n
old=c;
u(1,1)=slj*c(1,1)+t1j*c(2,1)+g* q(1,1)+mj;
for i=2m-1
u(i,)=rj*c(i-1,1)+g*c(i,1)+tj* c(i+1,1)+qgj*q(i,1)+m;;
end
u(m, 1)=(rj+tj)* c(m-1,1)+5* c(m, 1)+qj* o(m, 1)+mj;
x=inv(a@*u;
C=X;
tt(, 1)=dt*j;
cc(j,1)=x(m,1);
for k=1:m
q(k,1)=(kr* k1/((1/dt)+kr*theta))* c(k,1)+[ (1/dt)+(kr* (1-
theta))]/[ (1/dt)+kr* theta] * q(k,1)+(kr* k1* (1-
theta)/((1/dt)+kr* theta))* ol d(k,1)+(kr* k2/((1/dt)+kr* theta));
end
end
%ca aulate the organic concentration ratio in mixed soils (soil+solution)
s=zerog(m,1);
f=zerosg(m,1);
for i=1:'m
q(i)=o(i)*M*(1-w);
s(i)=c(i)*M*w;
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f(i)=(a)+s(i)/cx;
end
if z==
y1=f;
y11=cgc;
ttl=tt;
end
if z==2
y2=;
y22=cg;
tt2=tt;
end
if z==
y3=;
y33=cg;
tt3=tt;
end
if z==
figure(5)
k=-0.5;
dd=zeros(10,1);
fori=1:10
k=k+1;
dd(i,1)=k;
end
yy1=[0.93 0.96 0.97 0.97 0.97 0.99 0.98 0.97 0.97 0.92];
yy2=[0.67 0.76 0.83 0.86 0.86 0.86 0.86 0.86 0.85 0.82];
yy3=[0.60 0.70 0.72 0.73 0.71 0.73 0.73 0.72 0.70 0.60];
plot(dd,yyl,'ko',dd,yy2,'ksquare,dd,yy3,'kdiamond’)
legend('Triton 37 days,'Rhamnalipid 37 days,'Rhamnolipid 60 days)
hold on
plot(d,yl,'k-',d,y2,'k-",d,y3,'k-")
xlabd(‘Distance (cm)’)
ylabe (‘Concentration Ratio(C/Co)")
title('Phenanthrene Trangport in Soils)
hold off
dse
doeunlineargui
end
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Part 11

Removal of Selected Hazar dous Organic Compounds by
Electr o-Fenton Oxidation Process
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ABSTRACT

This research invedtigates the removad of sdected polycyclic aromatic compounds
(PAHs) and chlorinated diphatic hydrocarbons (CAHs) by the dectro-Fenton oxidation
process. It is divided into four parts the eectro-generation of H,O, the eectro-regeneration
of Fe*, the removal of sdlected PAHs by conventiond Fenton oxidation process, and the
remova of sdected CAHs by conventiond Fenton process. After determining the optima
conditions and reaction kinetics of each experimental part, the dectro-Fenton oxidation
processis carried out to remove PCE and TCE.

Hydrogen peroxide (H2O,) was electro-generated in a pardld-plate eectrolyzer by
reduction of dissolved oxygen (DO) in acidic solutions containing dilute supporting
eectrolyte. Operationad parameters such as cathodic potentia, oxygen purity and mass flow
rate, cathode surface area, pH, temperature, and inert supporting eectrolyte concentration
were sysematicdly invedigaed as to improve the Faradic current efficiency of H,O-»
generation.  Reaults indicate that sgnificant sdlf-decompostion of H,O» only occurs a high
pH (>9) and devated temperatures (>23°C). Results dso indicate that the optima conditions
for H,O, generation are cathodic potentid of —0.5V vs. saturated caome eectrode (SCE),
oxygen mass flow rate of 8.2x102 mo/min, and pH 2. Under the optima conditions, the
average current density and average current efficiency are 6.4 A/n? and 81%, respectively.
However, when air is goplied a the optimd flow rate of oxygen the average current dendty
markedly decreases to 2.1 A/n?, while the average current efficiency dightly increasses to
90%. The limiting current density is 6.4 A/n?, which is independent of cathode geometry and
surface area. H»O, generation is favored a low temperatures. In the concentration range
sudied (0.01~0.25M), the inert supporting eectrolyte (NaClO,4) affects the totd potentia
drop of the eectrolyzer, but does not affect the net generationrate of H,O».

The Fenton oxidation process, though efficient in degrading organic contaminants, is
limited by the condgderable amount of iron dudge generated. This research is to regenerate
Fe(ll) from ferric sdt or iron dudge by dectrochemicd method as a means to minimize the
iron dudge generation. Experiments were caried out in a pardld-plate dectrolyzer usng
both congtant potential and congtant current modes. Results indicate that the optimal cathodic
potentid for the dectro-regeneration of Fe(ll) is —0.1V vs. the saturated cdome eectrode
(SCE). In the congtant potentiad mode, the average current dendity obtained a —0.1V (vs.
SCE) is approximately equa to the optima current densty gpplied in the condant current
mode, provided an identica initid Fe(lll) concentration ([Fe**]o). The suitable pH range is
determined by the hydrolyss of Fe(lll) ions, which depends on Fe(lll) concentration.  Above
the pH doman of Fe(lll) hydrolyss, Fe(OH)s(s) precipitates and sgnificantly inhibits Fe(l1)
regeneration.  As expected, increasing cathode surface area and solution temperature
markedly acceerates Fe(ll) regeneration rate. At the optima cathodic potentid (-0.1V vs.
SCE), the average current density is in linear proportion to [Fe**]o, showing a Slope of 8.48 x
103 (AIMP)(mglL)?! (or 4.74 x 10> (AInF)(M)™?). The average current efficiency varies with
[Fe¥*o, i.e, 75% at [Fe*]o = 100 mg/L and 96~98% at [Fe**]o 3 500 mg/L, during the course
of dectrolyss for 3 hours . Once reaching 75% of the Fe(ll) regeneration capacity (ca 4
hours of extended dectrolyss), further regeneration becomes difficult due to Fe(lll) mass
trandfer limitation. Fe(ll) can dso be effectivey regenerated from iron dudge, though a much
lower pH (usudly < 1) is required for dudge dissolution. Oxygenation of Fe(ll) by pure



oxygen gas is kineticdly negligible & pH < 4. The unit energy consumption is 2.0~3.0 kWh
per kg Fe(ll) regenerated.

The Fenton oxidation process can effectively degrade al sdected PAHS, i.e.,, naphthaene,
fluorene, phenanthrene, fluoranthene, pyrene and anthracene. The optima pH vaue is pH 3.
The extent of minerdization exemplified by ngphthdene is around 85%. A "time-squared"
kingtic modd, C=C,exp(- ky,d?), can be used to describe the degradation kinetics of
sdected PAHs in the continuous dosng mode. This modd assumes that the concentration of
hydroxyl radicds increases linearly with reection time. The observed rate congant, Kops,
follows the order: fluorene < phenanthrene < fluoranthene » pyrene < anthracene, which
reverses the order of water <olubility.  Methanol or ethanol gSgnificantly inhibits the
degradation of PAHs by competing for hydroxyl radicas.

The oxidation of sdected chlorinated diphatic hydrocarbons, namely, tetrachloroethylene
(PCE), trichloroethylene (TCE), 1,1-dichloroethylene (DCE) and chloroform by the
conventiona Fenton process was investigated. Reaults indicate PCE, TCE and DCE can be
effectively removed by hydroxyl radicas, while the remova of chloroform is more difficult.
The removd rate is primarily affected by the molecular structure of organic compound. The
chlorinated ethenes can be readily oxidized by hydroxyl radicas due to ther eectronrich
double bond sructure. On the contrary, chloroform is difficult to remove due to its highly
chlorinated and saturated Structure. The reaction rate of the chlorinated ethenes decreases as
the chlorine substitution degree increases, i.e.,, DCE > TCE > PCE. The dosng mode of HO-»
and Fe** sgnificantly affects the degradation of selected CAHs.  Especidly, the dosing mode
of Fe?* plays a more important role than that of HO,. For the oxidation of PCE, TCE and
DCE, the experimentd data in the continuous dosng mode can be wdl fitted by the proposed
“time-squared”  kingtic modd, i.e, C=Cyexp(-ky,d?). A complete dechlorination can be
readily achieved, and the minerailzation degree reaches about 65-70%. Since dl chlorine is
released from the molecular Sructure of the chlorinated ethenes, the resdua TOC is only
composed of low molecule (C; or G) carboxylic acids that are less toxic to the environment.
For the oxidation of chloroform, the maximum remova efficiency achieved is about 90% by
the continuous dosing mode. The dechlorination and mineraization degrees are both around
70%. The optimal pH rangeis 2~3, as exemplified by the oxidation of PCE and TCE.

The dectro-Fenton process was used to generate HO, on site, and then degrade PCE and
TCE &fter the externd dose of Fe?”. In the meantime, Fe?* was continuously regenerated at
the cathode once oxidized to Fe**. Results indicate that the dectro-Fenton process yields a
higher organic removd efficiency than the conventiond Fenton process due to the effective
regenerdion of Fe’* a the cathode of the dectric cdl. This demongtrates that the dectro-
Fenton oxidation process is an effective technology for the remova of hazardous organic
contaminants.



1. INTRODUCTION

1.1. Significance of the Research
1.1.1. Sourcesof Hazardous Organic Contaminantsin Soils

Soils a typicd DOE (Depatment of Energy) waste Stes are known to be
contaminated by a host of hazardous organic chemicds. The mgor organic compounds can
be classfied into two groups 1) chlorinated diphatic hydrocarbons (CAHs), including
tetrachloroethylene (PCE), trichloroethylene (TCE), dichloroethylene (DCE), chloroform; and
2) polycyclic aromatic hydrocarbons (PAHS), including naphthaene, fluorene, phenanthrene,
fluoranthene, pyrene and anthracene. Arbitrary disposd of hazardous organic compounds,
accidenta petroleum spills, and lesking of underground petroleum storage tanks can serioudy
contaminate surrounding soils and groundwaters with toxic organic contaminants.
Chlorinated diphatic hydrocarbons (CAHs) are commonly used as industrid solvents.  They
are conddered as a dgnificant category of hazardous organic compounds. Chlorination has
become a widespread industrid practice because it yields compounds of lower flammability,
higher dendty, high viscodty, and improved solvent properties compared to nonchlorinated
solvents (Watts, 1998). Chlorinated solvents are mainly used for degreasing and cleaning a
large range of products, from machine parts to computer chips. Although these compounds
ae highly voldile they can dso migrate through the subsurfaces The properties of
chlorinated solvents that meke them mobile in groundwater systems include high densty,
relatively high water solubility, and low biodegradability (Watts, 1998). They dso adsorb to
s0il surfaces, resulting in ahigh contamination leve at some specific Sites.
Polycyclic aromatic hydrocarbons (PAHS) are found in the heavier fractions of petroleum
products (eg., lubricating oils, asphat, and tarlike materids) as wel as automobile exhaud.
The lesking of petroleum underground Storage tanks may result in serious contamination of
subsurface soils with PAHs, and eventud contamination of groundwater. Though these tanks
ae made of reaively durable materias, unfortunately, soil is a corrosve environment and,
after a certain period of time, the tanks rudt, corrode, and lesk (Shwendeman and Wilcox,
1987). Another mgor source of PAHs contamination is gas plants, which produce gas from
cod and oil. Soils aound these gas plants are difficult to remediate because of high
concentrations of PAHS, long chain diphatics, and phenolics (Michelcic and Luthy, 1988). It
iswdl known that PAHs chemically induce cancer.

Public concerns focus on hedth effects such as cancer and other chronic illnesses. The
importance of minimizing the effects of thee typicd hazardous wades is obvious
gpproximately 33% of the United States cities use groundwaeter, while 95% of the rurd United
States population relies on groundwater for domestic use (Patrick, 1983). That is why many
CAHs and PAHs are listed among U.S. EPA priority pollutants.

1.1.2. Limitationsof Current In-Situ Soil RemediationT echnologies

The removd of toxic organic chemicas from contaminated soils is a chalenging task.
The soil remediation processes are usudly cdlassfied as in-stu and ex-Stu agpplications. I
Stu technologies are more dtractive than ex-stu technologies.  Soil in-Situ  remediation
methods can be classfied as physical, biologica, and chemica processes based on different
principles involved.



A number of physcd methods such as in-Stu heding, freezing and vitrification are
currently being devdoped for soil remediation. Ingtu  hedting uses deam injection
(Hoogendon, 1984) or radio frequency (RF) (Brideg and Strestly, 1984) to heat the
contaminated soil. At high temperatures, ranging from 300~400 °C, organic chemicds are
decomposed.  Artificdd soil freezing involves the ingdlation of freezing loops in the ground
and a <df-contained refrigeration sysem.  Toxic chemicds ae immobilized a low
temperatures. In-gtu vitrification is done by passng an dectricd current through the soil to
convert the soil into a glassy materid. Though physcd in-Stu remediation processes appear
effective, its implementation is difficult.  Furthermore, method such as vitrification renders
the affected aguifer useless.

Bioremediation has received much dtention in the fidd. It is done by injecting
gppropriate nutrients to the contaminated zone to stimulate microbid growth and as a means
to degrade the organic contaminants. However, bioremediation can only degrade those
organic compounds which are amenable to microbes. Severd factors can affect the operation
of the bioremediation process. nutrient, oxygen content, redox potentid, pH, water saturation,
hydraulic conductivity, osmotic pressure, temperature, growth inhibitors, predators, and the
type and concentration of the contaminants. Primary substrate must be provided if the organic
contaminants are co-metabolized. Aerobes require oxygen, and anaerobes need nitrate or
alfate as dectron acceptors.  Optimum pH range for microbid activity is 6 to 8. The
temperature is between 20 and 37 °C. Since subsurface temperature is generdly around
10~15 °C, temperature is unfavorable for bioremediation. If the concentration of the target
compound is low, the microbes may not be simulated to utilize the organic compound in
question. Moreover, if other "preferred” carbon sources are present, the microorganisms may
by-pass the target pollutants as food source. The ecologica structure of the underground can
cause severe problems to bioremediation process. Competition between different microbid
species and sdt concentrations can have a severe influence on the microbes of interest.
Extensve research has been conducted to use isolates from the soil-water system (Stief, 1984;
Mckinnon and Dykesen, 1984; Strier, 1980; Macay and Shiu, 1981; Wood, 1980; Martinez,
1986; Chivers, 1971). However, the sudangbility of these eviched isolaes in the naturd
environment remains unknown.  Another crucid factor is the hydraulic conductivity of the
il-water sygem.  The hydraulic conductivity must be large enough and the residence time
ghort enough s0 that the nutrients added will be effectivee  Recent development on
bioremediation processes has been concentrated on the addition of oxidizing agents.
Oxidizing agents such as H,O,, O3 and ar have been ddivered to the soil-water system to
enhance the microbid activity. However, due to the limited avalability of oxygen in the
subsurface system, the degradation of organics will be hindered.

Chemicd ingtu  treetment technology indudes immobilization, extraction and
detoxification. Precipitation, chdation and polymerization ae mgor forms of
immobilizetion.  Extraction involves the flushing of contaminated soils with surfactants,
dilute acids and bases, or water. Detoxification includes reduction, oxidation, neutrdization
(for heavy metds), and hydrolyss. Immobilization does not eiminate the contaminants
permanently. Rather it releases the contaminants from thelir associated soil mass.  Chemicd
oxidation and reduction change the oxidetion date of the organic contaminants. Commonly
used oxidizing agents include potassum permanganate, ozone, hydrogen peroxide and
hypochlorite.  Among these oxidants, ozone has received the grestest attention. However, the
mechanism of ozonation was not fully understood until the last seventies when Hoigne and



Bader (1978, 1983) proposed that ozone can have two reaction modes. direct and indirect
reactions. The direct ozone reaction is highly sdective and dow with rate congants on the
order of 1 to 10° QM-l sec'l). The indirect reaction is nonsdective and fast with rate constants
on the order of 10’ to 10 (M-1 sec'l). Although ozone is a strong oxidant, ozonation is not
feesble for the slt-laden or cdlay soils that have a low hydraulic conductivity, eg., < 10°
cm/sec (Destephen and Benson, 1994).

1.1.3. Proposed Innovative Electro-chemical Technology for Soil Remediation

Due to above-mentioned limitations of current technologies innovative in-Stu
remediation technologies for low permesgbility soils that are easy for applicaion, dependable,
and codt-effective are urgently needed. To be successful in in-ditu remediation, one needs to
address two basic engineering problems. (1) enhancing the release and subsequent transport
of the contaminants from the soil surface to the solution phase, and (2) facilitating the
detoxification of the released contaminants. This has prompted us to propose an integrated
electro-chemica technology which couples the dectro-kinetic (EK) process with the eectro-
Fenton (EF) oxidation process. The EK process releases hazardous contaminants from
subsurface soils, and the EF process oxidatively decompose the released contaminants in
agueous solution.  The EK process has been reported in Volume |. The Volume Il introduces
the decomposition of sdlected hazardous organic compounds, i.e.,, CAHs and PAHS, by the EF
oxidation process.

1.2. Literature Review of Fenton Oxidation Process
1.2.1. Theoretical Consideration

(8 Advanced Oxidation Processes (AOPs)

The concept of “advanced chemica oxidation processes’ (AOP) is defined as “the
oxidation processes which generate hydroxyl radicds in sufficient quantity to affect water
treatment” (Glaze et al., 1987). Due to its extremely high oxidationreduction potentid,
hydroxyl radical can react with amogt al organic compounds and some inorganic ions. Most
of AOP systems use a combination of strong chemicd oxidant, eg. Oz or HO,, a catay4,
eg. trangtion metd ions or photocatayst, and with or without irradiaion, eg. ultraviolet (uv),
ultrasound (us), or electron beam (eb). Huang et al. (1993) have discussed the merits and
demerits of these various AOP processes and concluded that hydrogen peroxide-based AOPs
such as conventiond Fenton and eectro-Fenton processes are the most  promising
technologies.  These methods require no addition of obnoxious chemicals, easy for operation,
effective, and economicaly atractive. Hydrogen peroxide-based processes are more efficient
in mass trander than ozone-based processes. The conventional Fenton process has been
widdy gpplied in indudtrial wastewater treatment and soil and goundwater remediation. The
electro-Fenon process is a newly emerging technology. This inovative technology is more
atractive than the conventiona Fenton process because hydrogen peroxide can be on-ste
generated from dissolved oxygen and ferrous ions can be concurrently regenerated from ferric
lons using an dectrochemica method.

(b) Conventiond Fenton (CF) Oxidation Process

Fenton's reagent conssts of H,O, and Fe?* ion. Under an adidic condition, H.O:
decomposes to hydroxyl radical and hydroxide ion under the catalysis of Fe?* ion. Hydroxyl
radica is an intermediate Species characterized by an unpaired eectron. The one-éectron



defidency of hydroxyl radicd reaults in its trandent and highly oxidizing characteridtics, with
a redox potentid being only next to dementd fluorine. Hydroxyl radica can nonsdectively
oxidize most of organic compounds as wel as quite a few inorganic chemicas. This
intermediate species can attack target organic cortaminants, COs>, HCOz, CI, and even
H,0, and Fe?*, asillustrated in Figure 1.1.
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Figurel1.1. Illustration of proposed mechanismsof conventional Fenton oxidation process.

The reaction mechanisms of Fenton oxidation process are presented by a series of chain
reactions (Walling, 1975):

H,O, +Fe” ® Fe™ +0H +OH "k, (1.2)

Fe’" +OH ® Fe* +OH "k, (1.2

RH +0H ® RxH,0 ki, (1.3)

3+ + 2+

R >xFe” ® R~ +Fe Kay (14)

RO R - R, ko (1.5

R, *Fe” ® Fe* +R, %%® RH , ka3 (1.6)

H202 +OH ® H02 X+HZO k4 (17)

where, ki =76 (M™ Sec™),

ko = 3x108(M ™t Sec?),
ks = 2~4.5x10" (M Sec'?h),
RH = target organic compound.

Reaction 1.1 is a chan initigtion sep which generates hydroxyl radicas.  Hydroxyl
radicals so produced will attack the organic compounds, producing organic radicals, as shown
in reaction 1.3. These free organic radicals can be further transformed through three different
pathways (Walling and Kato, 1970): Ryxradicd is further oxidized by feric ion, transforming



into an organic cation (Reection 1.4); Ryxradicd dimerizesReaction 1.5); Rsxradicd is fird
reduced by ferrous ion, and then the resulting organic anion is reverted to the parent
compound by hydroxylation (Reection 1.6). Side reactions occur a the same time, for
example, hydroxyl radicas can react with both H,O, and Fe**. H,O, is oxidized to
superhydroxyl radicad (Reaction 1.7), an intermediate species with a redox potentia less than
that of hydroxyl radicd. Fe** is oxidized to Fe**, which accelerates the depletion of Fe** and
eventudly terminates the chain reections (Reaction 1.2). Both H,O, and Fe?* compete for
hydroxyl radicals a moderate rate constants. They are known as “scavengers’ for hydroxyl
radicals, and the two reections are inevitable. Other common inorganic scavengers in agueous
solutions include bicarbonate, carbonate and chloride, as shown in Reactions 1.8~1.10:

HCO, +0H ® HCO,xOH" or CO, % +H,0, ks (1.8)

CO,” +OH ® CO,x +OH ", ke (1.9)

Cl" +OH ® HOCI %, k7 (1.10)
where, ks = 3.6x10" M1t (Wdtz et al., 1973),

ke = 3.65x10° M1s! (Behar et al., 1970),
k7 = 8.9x10"-6.4x108 M5 (Anbar and Thomas, 1964).

Fortunately, most organic compounds react with hydroxyl radicas a a rate congtant of
K.on > 10°(M! Sec’). Compared with the rate constants of HO,, Fe** and other inorganic
scavengers, the competition reactions are not significant unless the scavengers are present a a
high concentration. The drong oxidizing ability of Fenton process is intringcaly expressed
by the nonsdective oxidation nature of hydroxyl radicds.  The conventiona Fenton
oxidation process possesses the following advantages: 1) no chlorinated organic compounds
formed as in chloringion or hypochlorination, 2) no mass trander limitation due to its
homogeneous cataytic nature, and 3) chegp and nontoxic ferrous sulfate and hydrogen
peroxide (Huang et al., 1993). The hydroxyl radicds combine with carbon in the organic
compounds by attacking and subgtituting some functiona groups (such as haogen dements,
double bonds, and aromatic rings), converting organic compounds to harmless carbon dioxide
and water in many cases.

(¢) Mechanisms of Electro-Fenton (EF) Process

Compared to the conventional Fenton oxidation process, the eectro-Fenton process has
following mgor advantages 1) H,O, can be continuoudy generated on-site whenever needed,
which avoids chemica purchase, shipment and storage; 2) A dilute H,O, solution enhances
sdfety during maerid handling; 3) The manufacturing process can be smply conducted a
ambient pressure and temperature; 4) Ferrous ions can be dectrochemicdly regenerated at the
cahode, which minimizes the quantity of iron dudge and 5) Oxygen or ar sparging provides
necessary mixing for the sysem. Figure 1.2 illugrates the proposed mechaniams of the
electro-Fenton oxidation process. Magor dectro-chemica reactions involved are shown as
follows

At the cathode

(a) reduction of dissolved oxygen:

O, +2H" +2e ® H,0,, E° = 0.682V (1.12)
H,0, +2H" +2e® 2H,0 E° = 1.770V (112)
02 +4H" + 4e® 2H 20 ’ EO =1.229V (113)



(b) regeneration of Fe**:

Fe* +e ® Fe*, E° = 0.771V (1.14)
(c) evolution of hydrogen gas

2H" +2e° ® H, E=ov (1.15)
(d) eectro-reduction of organic compounds

Organic compound + ne ® Reduced products (1.16)
At the anode

oxidation of water:

2H,0® O, +4H" +4e" 9 = 1.200V (117)

where, the redox potentias are versus normal hydrogen eectrode (NHE).
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Figure1.2. lllustration of proposed mechanisms of electr o-Fenton oxidation process.

In
this study, a two-compatmetn dectrolyzer with pardld-plate electrodes was employed to
generate hydrogen peroxide and regenerate ferrous ions. A cation exchange membrane is
used to separate the anodic and cathodic compartments. In the cathodic compartment, pure
oxygen gas or ar is continuoudy sparged into the dectrolyte solution and the dissolved
oxygen is dectrochemicdly reduced to hydrogen peroxide a the cathode (Reaction 1.11).
This is a two-eectron reaction. However, a an eevated cathodic potentid (negtive),
hydrogen peroxide will be further reduced to water, as shown in Reaction 1.12. The overdl
reaction can be described by Reaction 1.13, which transfers 4 moles of dectrons per mole of
oxygen consumed. Reaction 1.12 decomposes hydrogen peroxide generated and reduces the

current efficiency. Upon the external addition of ferrous ions into the cathodic compartment,
hydrogen peroxide will be catalyzed to produce hydroxyl radicds. The organic contaminants



present in the agueous solution are subjected to decompostion by the hydroxyl radicas.
Ferrous ions are readily oxidized to feric ions by both hydrogen peroxide and hydroxyl
radicals, as shown in Reections 1.1 and 1.2. In most Fenton oxidation processes, the rapid
depletion of ferrous ions terminates the chain reactions. Though some organic radicads have
the ability to regenerate ferrous ions (Reection 1.4), the regeneration rae is kineticaly
inggnificat.  However, with externdly applied dectricity, ferrous ions can be effectively
regenerated at the cathode by capturing one eectron (Reaction 1.14). As a conseguence, the
hydroxyl radicds can be continuoudy generated. In an acidic solution, protons also compete
for dectrons to produce hydrogen gas, as shown in Reaction 1.15. The evolution of hydrogen
gas will decrease the current efficiency of both hydrogen peroxide generation and ferrous ion
regeneration.  Therefore, the solution pH should be controlled. In addition, the organic
compound may be directly decomposed by electrode-reduction (Reaction 1.16). Compared
with the oxidaive decompostion by hydroxyl radicas, this direct dectrode-reduction is
usudly unimportant.

In the anodic compartment, the oxidation of water produces oxygen gas and protons (Reaction
1.17). Driven by the dectric fidd, these anodic prontons will penetrate the cation exchange
membrane and enter the cathodic compartment. The pH change of the catholyte is partidly
bdanced by these protons. Furthermore, some portion of ferrous or ferric ions may enter the
anodic compartment since the membrane tranfers cations.  The ferrous ions will be oxidized a
the anode, as shown in Reaction 1.18. Because the dectric fidld ressts the movement of
ferrous ions from the cathode to the anode, the penetration of ferrous ions will not be
ggnificant.

From above-mentioned dectrochemical reactions, it is obvious that the gpplied cathodic
potentia, current density, solution pH, solution temperature, oxygen mass flowrate, and inert
electrolyte concnetration are important factors affecting the current efficiency of the dectro-
generation of hydrogen peroxide and e ectro-regeneration of ferrousions.

1.2.2 Applicationsof Fenton Oxidation Process

Fenton's reagent has been extensvely sudied in the treatment of hazardous organic
compounds. Sedlack and Andren (1991) reported that chlorophenols, chlorobenzene, and
dichlorobiphenyls can be effectively degraded by Fenton's reagent. It is supposed that the
most direct mechanism for the decompostion of chlorinated aromatic hydrocarbons (CAHS)
proceeds through hydroxylation followed by ring cleavage and minerdization. Hayek and
Dore (1990) dudied the oxidation of phenolic compounds by hydrogen peroxide in an
agueous medium in the presence of various heterogeneous cadysts and in particular dumina
supported iron.  The cataytic oxidation of phenol depends on many different parameters, such
as the preparation method of the catalys, the nature of the supported metds, the reaction
temperature and the presence of polyhydroxybenzenes a the beginning of the reaction.
Catadlyzed hydrogen peroxide has aso been used as a pretreatment process for wastewater
containing refractory organic compounds which are toxic to microorganisms by Spencer et al.
(1992). Results show that stoichiometric ratios of compounds degraded to hydrogen peroxide
consumed are related to both the iron concentration and the organic carbon content in the soil.
Kuo (1992) applied Fenton's reagent to decolorize dye wastewater, and an average percent
remova of chemicd oxygen demand (COD) of gpproximately 88% was obtained. Recently,
Fenton's reagent has been suggested a a means to oxidize entachlorophenal,



octachlorodibenzo-p-dioxin (OCDD) and hexachlorobenzene (Watts, 1991; Waitts et al., 1990,
1994) in slica sands or natura soils.

Electro-generated Fenton's reagent has been used to synthesize organic compounds
(Matsue et al., 1981; Fleszer et al., 1983; Hsiao and Nobe, 1993). For example, in Tzedakis
et al.’s (1989) work, dctrochemicdly regenerated Fenton’'s reagent was agpplied to the
hydroxylation of benzene into phenol. The EF process has dso been used to detoxify
wastewater containing hazardous organic compounds. Sudoh et al. (1986) investigated the
feashility of dectro-Fenton oxidation of phenol usng an H-type dud-compartment
eectrolyzer, and found that phenol was oxidatively degraded to oxalic acid and carbon
dioxide. In the initid COD range of 260~2600 ppm, the complete degradation of phenol
could be achieved. Two years later, Sudoh et al. (1988) employed an undivided bipolar
dectrolyzer to invedtigae the effect of anodic and cathodic reactions on the oxidative
degradation of phenol. They reported that the current efficiency for producing hydrogen
peroxide was 50~70% in the cathodic potentid ranging from —2.0V to -0.8 V a pH 2, and
the COD current efficiency was highly reated to the electrode potentid difference.  Oxidative
reections of phenol and chlorobenzene with dectro-generated Fenton's reagent was
invesigated by Hdao et al. (1993) usng a three-compatment eectrochemica cdl. The
reaction by-products of phenol included hydroquinone, catechol and resorcinol, and the mgor
by-products of chlorobenzene were p-chlorophenol and phenol. Results dso indicated that
the eectrochemica system provided an efficient way to regenerate ferrousions.

1.3. Research Objectives

By dl account, among the various remediation dterndives, in-Stu remediation of
contaminated soil is the mogt attractive agpproach. However, to be successful in in-Stu
remediation, one needs to consider two basic engineering problems. (1) enhancing the release
and subsequent transport of the contaminants from the soil surface to the solution phase, and
(2) facilitating the detoxification of the released contaminants.

Degradation of Selected Hazardous
Organic Compoundswith
Electro-Fenton Oxidation Process

| L

Electro-generation Electro-regeneration Oxidation of PAHs Oxidation of CAHs
of H,0, of Fe(ll) with CF with CF

~ L

Integrated EF Process

Figure 1.3. Illustrative presentation of research frame.

The proposed research is to develop dectrochemical processes for the in-dtu trestment of
contaminated soils. It is composed of two parts, specifically, dectrokinetic (EK) and eectro-



Fenton (EF) processes. Electrokinetic process as a means to facilitate the removal of mixed
contaminants, namey, organics and heavy metds, from soils. In order to effectivdy degrade
the released organic contaminants, an advanced chemica oxidation process based on cataytic
hydrogen peroxide is employed. Pat |l concentrates on the decompostion of sdected
hazardous organic compounds by the € ectro- Fenton oxidation process.
The research frame is illudraively presented in Figure 1.3. Correspondingly, this study
isto achieve the following objectives:
(@ To invedtigate various parameters dffecting the dectro-generation of hydrogen
peroxide in acidic solutions.
(b) Toinvestigate various parameters affecting the eectro-regeneration of ferrousions.
() To invedigae the decompostion of sdected polycyclic aromatic hydrocarbons
(PAHSs) by conventiona Fenton oxidation process.
(d) To invedigate the decompostion of sdected chlorinated diphatic hydrocarbons
(CAHs) by conventiona Fenton oxidation process.
(e) To invedigate the decompodtion of sdected organic compounds by intergrated
€lectro- Fenton oxidation process.
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2. ELECTROCHEMICAL GENERATION OF HYDROGEN PEROXIDE
FROM DISSOLVED OXYGEN IN ACIDIC SOLUTIONS

2.1. Introduction

Hydrogen peroxide (H2O,) is an environmentdly friendly chemicd because it leaves no
hazardous resduals but oxygen and water after reaction. It has been widdy applied to the
gynthess of organic compounds, bleaching of paper pulp, treatment of wastewater, and
degtruction of hazardous organic wastes. In the environmenta fidd, H,O» is used as a
supplement of oxygen source to enhance the bioremediation of contaminated aguifers (Huling
et al., 1990; Wilson et al., 1994). Moreover, HO, coupled with ozone or UV radiation can
effectivdly decompose agueous organic contaminants (Glaze and Kang, 1988; Aieta et al.,
1988; Lewis et al., 1990; Belamy et al., 1991). The most common environmental gpplication
of H,O; is the Fenton's reagent, an agueous mixture of H,O, and Fe?*. Under an acidic
condition, the reaction between H,O, and Fe?* generates hydroxyl radicas that are strong
enough to non-sdectively oxidize most organic as wel as some inorganic compounds. The
Fenton's reagent has recently been gpplied to in-Stu remediation of contaminated soils and
groundwaters (Ravikumar and Gurol, 1994; Watts et al., 1994, Li et al., 1997).

H,O, is usudly produced by dectrochemicd methods, such as eectrolyss of inorganic
chemicds (H,$,0s, KHSO, and NHsHSO,;) and autoxidation of organic compounds
(akylhydroanthraquinones and isopropyl acohol) (Schumb et al., 1955). The éectrolyss of
inorganics requires excessve energy and the autoxidation of organics requires non-agueous
solvents for catayst cycle (Pletcher, 1999). HO, may dso be directly generated from water,
hydrogen, and oxygen usng thermd, photochemicd and eectricd discharge processes.
However, these processes require specific operational conditions such as high temperature,
combustion, UV radiation plus mercury vepor, or high voltage. In recent years, smal scae,
on-gte H,O, production processes have gained increasing atention because of the cost and
the hazards associated with the trangport and handling of commercid concentrated H,O-»
(Pletcher, 1999). If H,O, can be generated on-ste in an economic and safe way, its fidd
goplication will be largedly smplified. For example, it would be étractive to use the on-gte
generated H,O,, coupled with ozone, UV, or Fe**, for the detoxification of effluents from
electro-kinetics, pump and treat, soil washing, and soil flushing processes.

Most electro-generation of H,O» experiments are conducted in dkaine solutions with a
high eectrolyte concentration for the purpose of bleaching paper pulp (Oloman and
Watkinson, 1975, 1976, 1979; Oloman, 1979; Sudoh et al., 1985a, 1985b; Kau and Oloman,
1990; Yamada et al., 1999). In concentrated akaine solutions, HO;™ is formed (pKj,
H202=11.62 at 25 °C) which will be immediately repelled by the cathode upon its generation.
Because the reduction of HO,™ to OH is minimized, a high current efficiency (about 8~95%)
can usudly be achieved. However, if H>O, is generated in dkdine solutions, a subgantid
amount of acid will be consumed for pH adjusment if an acidic condition is required. The
Fenton's reagent, which is most commonly applied in organic synthess and effluent
treatment, has an optima pH range of 2.5~3.5. Moreover, a high dectrolyte concentration not
only increases the treatment cost, but also introduces additiona pollutants. Therefore, it is
desirable to generate H,O- in acidic solutions only containing dilute supporting eectrolyte.

It has been reported that H,O, can be dectrochemicdly generated by reduction of
dissolved oxygen (DO) in acidic solutions. The H,O, so generated can be coupled with Fe**
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to produce the Fenton's reagent for ether degradation or synthess of organic compounds
(Matsue et al. 1981; Sudoh et al., 1986, 1988; Tzedakis et al., 1989; Do and Chen, 1993;
Hsiao and Nobe, 19933, 1993b; Chu, 1995; Huang et al., 1999). In order to differentiate this
process from conventional Fenton process that uses commercid H,O,, the term "eectro-
Fenton process' is gpplied. The mgor advantages of the eectro-Fenton process include: 1)
H,O, can be continuoudy generated onrSte whenever needed, which diminates acquigtion,
shipment and dorage; 2) A dilute H,O, solution enhances safety during materid handling; 3)
The production process can be smply conducted a ambient pressure and temperature; 4) Fe?*
can be dectrochemically regenerated a the cathode, which minimizes the quartity of iron
dudge and 5) Oxygen or ar spaging enhances the mixing of reaction solution. The
disadvantage is that H>O» will accumulate a the cathode-solution inteface and may be
partialy decomposed. Protons a a high concentration may aso compete for eectrons,
leading to hydrogen gas evolution. Both effects will reduce the current efficiency of H.O»
production.  Therefore, in acidic solutions, cathodic potentid and solution pH are two
essentid factors controlling the current efficiency.

Though the dectro-generation of H,O, in acidic solutions has been Sudied by a few
researchers, there exist conflicting results.  Sudoh et al. (1986) investigated the decomposition
of agueous phenol by dectro-generated Fenton's reagent. They found that the highest current
efficiency (85%) was obtained a a cathodic potentid of —0.6V vs. a saturated Ag/AgCl
electrode (SSE) and pH 3. Tzedakis et al. (1989) reported that the eectrolysis of an oxygen+
saturated H,SO, solution (0.6M) using a girred mercury pool dectrode yielded a current
efficiency of 55% a a cathodic potentid of —0.30V vs. SCE. Chu (1995) used the dectro-
Fenton process to remove agueous chlorophenols a a cathodic potentia of —0.6V vs. SCE,
and reported that the current efficiency increased with decreasing pH. Hsiao and Nobe
(19939) invedigated the oxidative hydroxylation of phenol and chlorobenzene using eectro-
generated Fenton’s reagent. They reported that the optima cathodic potential was —0.55V vs.
SCE, and the generation of H,O, was favored at low pH values.

The primary objective of the present study is to improve the Faradic current efficiency of
H>O, generaion in acidic solutions. It is also expected that the results will darify exiging
discrepancies among various sudies of its kind.  Influentid parameters such as cathodic
potential, oxygen purity and mass flow rate, cathode surface area, solution pH, temperature,
and inet supporting eectrolyte concentration were systemdicdly examined.  Conddering
that a high dectrolyte concentration is usudly not feesble for effluent trestment by the
electro-generated H,0-, the inert supporting dectrolyte, i.e, NaClO4, was used only a a low
concentration.

2.2 Theoretical
2.2.1. Electrochemical Reaction Mechanisms

Figure 2.1 illustrates the dectrochemicd reaction mechanisms of the eectro-generation of
H>O, by reduction of dissolved oxygen in acidic and dkaine solutions. In acidic solutions,
dissolved oxygen (DO) is dectrochemicaly reduced to H,O; at the cathode:

O,+2H" +2e® H.,0O, 2.1)

Two sde reactions smultaneoudy occur a the cathode: 1) the reduction of HO, to H,O due
to the accumulation of H,O, a the cathode-solution interface, and 2) the hydrogen gas (Hy)
evolution:
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Figure 2.1. Schematic presentation of reaction mechanisms of electro-generation of

H,O, in acidic and alkaline solutions.

2H" + 2e® H2 (23)
At the anode, the oxidation of H,O leads to oxygen gas (O;) evolution and proton release:

H,0® 2H++%Oz+2e (2.4)

The protons so generated will be driven to the catholyte dectro-daicdly and partially
supplementing the protons consumption during the synthesis of H,O».

In akdine solutions, dissolved oxygen is eectrochemicdly reduced to HO,™ anions a the
cathode:

0O, +H,0+2e® HO,  +OH" (25)
Smultaneoudy, a dde reaction competing for cathode eectrons may further reduce HO; to
OH:

HO,  + H,0 +2e® 30H - (2.6)

Due to the eectro-gatic repulson from the negdively charged cathode, the HO, will be
immediately driven away from the cathode-solution interface upon its generation.  As a result,

this 9de reaction will not play an important role. Therefore, the current efficiency with
respect to H,O, generaion is usudly higher in dkdine solutions than in acidic solutions.

2.2.2. Overpotential
Overpotentid (Eover) is defined as the difference between the applied potentid (E:) and the

conditiondl eqilibrium potential (Eo):

Eover = Ec - EO (27)
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The overpotentia primarily controls the rate of charge transfer of an eectrochemicd reaction.
However, when the mass transfer of reactant predominates, the overpotentid varies little in
the region of limiting current.

2.2.3. Limiting Current

In the limiting current region, H,O, generation is controlled by the mass transfer of DO
through the cathode-solution diffuson layer, rather than by the eectron transfer between DO
and cathode. Since the DO concentration at the cathode surface rapidly approaches zero after
dectrolyss darts, the limiting current under a steady-state condition can be expressed by the
following equation for macroscopic eectrodes (Wendt and Kreysa, 1999):

| =k,nFA(C*-C)) (2.8)
where, | represents the current (A), kn is the mass trander coefficient (m/s), n is the
soichiometric number of dectron trandferred, F is the Farady’s constant (96490 C/moal), A is
the effective surface area of working eectrode, C* is the concentration of reactant in bulk
solution, and C is the concentration of reactant at working eectrode surface.

The mass trandfer coefficient, ki, can be expressed by Equation 2.9:

k,=D/d (2.9)
where, D represents the diffusion coefficient of reactant (mf/s) and d is the thickness of the
diffuson layer (m).

When the charge transfer rate exceeds the upper limit of the mass trander rate, Cs rapidly
agpproaches zero and the current reaches the maximum vaue, i.e, the limiting current (Ip).
Thus, Equation 2.8 can be smplified as follows.

I, =k nFAC* (2.10)
Snce the limiting current (I.) and the reactant concentration (C*) can be experimentaly
determined, the mass transfer coefficient (km) can be readily calculated using Equation 2.10.

2.2.4. Current Efficiency
Current efficency (h), defined as the ratio of the dectricity consumed by the dectrode
reaction of interest (Qer;) Over the tota eectricity passed through the circuit (Qiot), Can be
caculated by Equation 2.11.

h=2¢ - 100%
Qua (2.11)
By ddfinition, the h actudly represents an overall current efficiency during a certain period of
dectrolysstime. By on-line monitoring the current, the amount of the total dectricity (Qtot)
can be caculated using the following equation:

t
Qu = Qldt (2.12)
The amount of the effective dectricity (Qesf) can be calculated by measuring the H,O,
concentration generated during the same time period:
Q. =nFCV (2.13)
where, C represents the H,O, concentration (M) and V the rector volume (L). The overal
equation for caculating the current efficiency of H,O» generation is generdized asfollows:
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_nFCV,

h t
Ot

100% (2.14)

2.3. Experimental
2.3.1. Reaction System

Figure 2.2 shows the schematic diagram of the reaction sysem. An acrylic pardld-plate
dectrolyzer was employed for the dectro-generaion of H,O,. The cathodic and anodic
compartments had a volume of 450L and 3.15L, respectively. In experiments, 4.0L of
caholyte and 3.0L of anolyte were used and completdy mixed by a magnetic dir plate,
Sodium perchlorate (NaClO,4) was utilized as inet supporting eectrolyte for conducting
electricity.
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Figure2.2. Schematic diagram of reaction system.

Both cathode and anode were made of corrosonresstant graphite (Grade 2020, Carbon
of America, Bay City, MI). The properties of this graphite are shown in Table 2.1. Sudoh et
al. (1985a) reported that graphite was the best cathode material for the eectro-generation of
H,O, in dkaine solutions, while meta cathodes such as copper, sainless sed, lead and
nickd were likdy to decompose H,O,. Three cathode geometries (Figure 2.2), i.e, plain
plate (17.78cm x 15.24cm, or 7in X 6in), plate with protruded short “fingers’ (17.78 cm X
1524 cm x 1.02 cm, or 7 in X 6 in x 0.4 in) and plate with protruded long “fingers’ (17.78 cm
x 1524 cm x 152 cm, or 7 in X 6 in X 0.6 in) were employed to investigate the effect of
cathode surface area.  The thickness of the plate and the fingers was 0.25cm (or 0.1 inch). A
graphite conductive epoxy glue, EP75 (Master Bond, Inc., Hackensack, NJ), was used to
connect the fingers with the plan plate. Unless othewise dated, al experiments were
conducted using the long-finger plate. A graphite plain plate (8.89cm x 15.24cm, or 3.5in x
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6in) was used as the anode. Copper wires were connected to both eectrodes through Teflon
screws. The connections were carefully seded with dlicon to prevent copper eectro-
corrosion.

Table 2.1. Properties of graphite 2020 (from Manual of Carbon of America Co.)

Properties Vaues
Density (g/cn) 1.76
Porosity (%) 9
Electric resistance (ohm-m) 1.78x10°
Grain sze (mm) 43
Hexurd drength (MPa) 38
Thermd conductivity (W/m-°C) 70
Therma expansion cofficient (m/°C) 9.1x10°

A cation exchange membrane, Neosepta CMX (Electrosynthesis Co., Lancaster, NY), was
chosen to separate the cathodic and anodic compartments.  lon exchange membranes are
usualy made of organic polymers that possess a hydrophobic backbone and a hydrophilic
head group---a chemica dructure Smilar to that of surfactant. A cation exchange membrane
possesses hydrophilic groups such as sulfonic acids (-SOsH) or carboxylic acids (-COOH).
These groups dlow cations to fredy

penetrate by electro-static adsorption  FIF ~~l‘dj,' R '"Ll' 'Pi"ﬂﬂ : 4 [t i “""'L-%,“,”:lﬂﬁﬁi.
and subsequent ion  exchange in l‘,JIJHI '} .I,r‘ “' P = Wil "r| “"'11I||'
agueous solutions, but prohibit the __ -;ﬁﬂ“.'

penetration of anions. An anion
exchange membrane [pOSSESES
hydrophilic groups such a
ammonium  hydroxides  (-NRsOH)
which function oppodtely. Figure 2.3
depicts the phase separation of a
caion exchange membrane swollen
by water (from Wendt and Kreysa,
1999). The organic polymers of this
membrane have a peflourinaed
backbone and a sulfonic head. The
perfluorinated  backbone assures the

= -.-:r—_-mz

mechanical strength while the suifonic  §itabisll MR A : ..E::-".'. i
group alows the transport of cations. gl B Wl R i R b

In genera, both cations and anions are

olvaed with a ceatan numbe of Figure 23. Schematic diagram of phase separation of a
water molecules.  The solvated water cation exchange membrane swollen by water: A.

hydrophobic area; B. solvated sulfonic acid groups, C.

moves together with the ions and thus 10 phase (from Wendt and Kreysa, 1999).

changes the volume of the caholyte

or the andlyte. However, in a solution only containing dilute supporting dectrolyte the effect
of water migraion can be neglected. An ided ion exchange membrane should have such
properties as high permsdectivity, large exchange capecity, high resisgance to chemicdly
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aggressve environments, high physica and mechanicad drength and low dectric resistance.
The properties of the sdlected Neosepta CMX membrane are listed in Table 2.2. This Na
form membrane is drongly acidic, cation permesble and mechanicaly renforced. The
trangport numbers of total cations and anions are gpproximately 0.98 and 0.02, respectively,
which shows an excdlent permsdectivity. In experiments, the CMX membrane prohibits the
peneiration of anions (ClO4") and H,O, molecules, but alows cations (Na” and H) to fredy
penetrate.  Therefore, H,O, generated a the cathode will be confined in the catholyte,
avoiding its decomposition a the anode. Moreover, protons generated at the anode will be
dectricaly driven into the caholyte, partidly supplementing the protons consumed a the
cathode.

Table 2.2. Properties of NEOSEPTA CMX membrane (from Manual of lon Exchange
Membranes of Electrosynthesis Co.).

Properties CMX
Type Strongly acidic, cation permegble,
high mechanica strength, Naform
Electric resistance (ohm-cnt) 25-35
Trangport number -
Totd cations or anions <0.98
Na + K" 0.70
Ca’ + Mg~ 0.28
CI + SOs~ >0.02
Water content (g H.O/g dry mem) 25-30
Exchange capacity (meg/g dry mem) 1518
Thickness (mm) 0.17-0.19
Renforcing yes
Messurement basis:

Electric resistance: Equilibrated with 0.5N NaCl solution a 25 °C;
Transport number: Measured by e ectrophoresis with salt water at 25 °C;
Water content: Equilibrated with 0.5N NaCl solution.

Compressed gas (pure oxygen or air) was used as the sources of dissolved oxygen. The
gas was sparged into the catholyte through a porous pipe-diffuser which was placed right
under the cathode (Figure 2.2). The catholyte was pre-saturated with oxygen by sparging
pure oxygen gas or ar for 15 minutes. The pH of catholyte was controlled by a pH-stat
(Modd pH-40, New Brunswick Scientific Co., Edison, NJ), HCIO4 (1.0 M) and NaOH (1.0
M) solutions. A high performance combination pH probe (Cat. No. 376490, Corning Inc.,
Corning, NY) was placed behind the cathode to avoid the interference from the eectrica
fidd. The solution temperature was controlled by a thermostat (Modd EX-200, Brookfield
Engineering Laboratories, Inc., Stoughton, MA) and awater bath.

2.3.2. Electrolysis Control Modes

The dectro-generation of H,O, experiments were carried out under ether constant
potential or congtant current mode. Usudly, constant potentid mode is used to derive
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fundamenta  dectrochemica  information in laboratory scde experiments, while  condant
current mode is commonly used in indudtrid dectrolyss because it is technicdly much esser
to control the current than the potentid (Wendt and Kreysa, 1999). In generd,
electrochemicd dudy is firs caried out usng the congant potentidl mode because most
electrode redox reactions occur in a narrow potentid range of —1.5 to +1.5V. On the contrary,
the eectrical current depends largely on reagent concentration, electrode surface area and
solution temperaure. It may vay from milli-amperes to hecto-amperes. Therefore, the
congant current mode is usualy employed after obtaining an gpproximate vaue of the current
dengity using the constant potential mode.

Polarization curves were obtaned by cyclic voltammetry usng a three-electrode bi-
potentiostat (Model AFRDE4, Pine Ingrument Co., Grove City, PA). A saturated calome
electrode (SCE) was used as the reference

eectrode. The SCE was insarted into a Luggin | Lab-made Luggin Capillary Electrode

capillary filled with saturated KCl solution. The

schematic diagram  of the ladb-made Luggin

capillary dectrode is presented in Figure 24. A Saturated calomel reference

porous glass tip (32 mm x 3 mm, 50A pores) electrode (SCE)

purchased from Bioandyticd Systems Inc. Septum

(West Lafayette, IN) was connected to the end

of a glass pipette through a heat shrinkable =

Teflon tube. By placing the tip of the Luggin

capillary in contact with the cathode surface, the

cathodic potential can be accurately controlled Saturated KCl solution

against the SCE. The cathodic potentid of the /'

pardld-plate dectrolyzer was swept from 0 to — 1

0.8V (vs. SCE) a a linear rate of 33.3 mV/s. Hest shrinkable Teflon

Transent current response was recorded by a

Hewlett Packard X-Y recorder (Mode 7001A, T 3mm

MOQQ/ Divison, Pasadena, CA). Porous glass (Vycor),
In this SUdy, the factors Sgnlflamtly 10cm X 3mm ID

dfecting the limiting curent of HyO;
generation, induding cathodic potential, oxygen Figure 2.4_. Sc_hematic diagram of the lab-
purity and mass flow rate, and cathode surface  MadeLuggin capillary dectrode.

area, were invesigated usng the congtant potentid mode. Under this mode, the eectricd
current was monitored ontline by a digitd multimeter (Modd 22-183A, Tanday Co., Fort
Worth, Texas). The effect of pH was studied usng both constant potential and constant
current modes. The effects of temperature and inert supporting eectrolyte concentration were
investigated by the congtant current mode. A regulated DC power supply (Mode WP-705B,
Vector-Vid Inc., Horsham, PA) was employed to provide constant current.

2.3.3. Chemical Analysis

The concentration of H,O, was determined by the titanic sulfate [Ti(SOs)2] method
(Sudoh et al., 1985a). A diode array spectrophotometer (Model 8452A, Hewlett Packard) was
used to measure the light absorbance of the Ti**-H,O, orange complex a 410 nm. The
concentration of DO was determined using an oxygen electrode (Modd 97-08-99, Orion
Research, Inc,, Beverly, MA). A pH meter was used to record the DO concentration in the
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range of 0~14 mg/L. When the concentration exceeded the upper response limit, dilution was
made with deoxygenated distilled water.

2.4. RESULTSAND DISCUSSION
2.4.1. Stability of Hydrogen Peroxide

In a thoroughly clean container without the presence of any catdysts, HO; is very sable
a any concentration. However, the presence of a trace amount of meta ions in the solution or
on the container surface will lead to the decompostion of HyO,. In practice, stabilizing
agents such as sodium  stannate,  8-hydroxyquinoline and  sodium  pyrophosphate  are
commonly used to dabilize H,O» for long-term storage (Schumb et al., 1955). The sdf-
decompogition rate of H,O» is primarily influenced by pH and temperature. Sudoh et al.
(19859) attributed the low current efficiency (6.88%) of H,O, generdion in dkdine solutions
at 30°C to a high sdf-decomposition rate of H,O,. Solution pH influences the chemica
gpeciation of both H,O, and trace metals. The trace metds that can catdyticdly initiate the
sdf-decompostion of H,O» may be introduced from acid and base used for pH adjustment,
from container surfaces, and even from ddtilled water. At low pH, HO» and free meta ions
predominae. At high pH, HO, and metd-hydroxo complexes are the mgor Species.
Therefore, it is necessxry to invedtigate the effects of pH and temperaiure on the sdf-
decomposition of H,O».

The H,O, solution with an initid concentration of 150 mg/L was prepared by diluting a
commercia grade H»O» solution (31.5% by weight) with digtilled water. A series of pladtic
bottles (250mL) were washed with 1M HCIO, solution, and then filled with the H,O-
solution. The pH was adjusted by reagent grade HCIO4 or NaOH to cover the range of 1 to
13. The effect of temperature
was investigated at 10, 23 and 50

°C. At sdected time intervals, 100 —_ : —— ———
the concentration of H,O, was _ 20hrs 96 hrs gl
determined. Figure 2.5 shows the | —e— 0 —cee-. o ;
sdf-decomposition of H,O, at ~ 80| 20e "0e /

. S —®—5°c "R 2s% '
vaious pH vaues, temperatures < o en o )
and resection times. Reaults 2 ok 10°C 10 ;’ 4
indicate that H,O, is reatively 2 o : '
stable at pH < 9. However, above £ o- T ! '
pH 9, HxO, decomposes é‘%
markedly with increesng pH, o
temperature and reaction time. -

There is complete  HO»
decomposition a pH 13 and
temperature 50°C after 96 hours.
According to Schumb et al.
(1955), even with the puriest
H,O- and a devated
temperatures, the decompostion
of H2O2 in the liquid phase is not a homogeneous autodecomposition process of the H,O;
itsdf. Generdly, increasng temperature increases the reection rate.  The sdf-decomposition
of H,O, a high pH and eevated temperatures are attributed in part to the cataytic effect of

Figure2.5. Stability of hydrogen peroxide.
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the container walls and the reagent impurities. Another aspect is the anion, HO,". The role of
HO," in the base cadyzed H,O, decompostion was suggested by Abd (1952) following the
reaction:
H,O0, +HO, ® H,0+0, +OH " (@)

However, a low temperature (eg., 10 °C) suppresses H,O, sdf-decomposition, even a high
pH. It is dso noted that in the acidic region, the highest self-decomposition rate appears a pH
3. It is known that pH 3 is the optima vaue for the Fenton's reagent. The possible presence
of trace metds in the solution or on the bottle surfaces may catdyticdly dress the
decomposition of H,O, at pH 3.

It is noted that the dectrolysis was conducted in acidic conditions, i.e, pH £ 4.0, and the
eectrolyss time was 2 hr.  Therefore, based on the results shown in Figure 2, it is clear that
the self-decomposition of H,O» would be inggnificant.

2.4.2. Optimal Cathodic Potential

Polarizetion curves reflect transent current response with respect to cathodic potentia
(Ec) applied. Results in Figure 2.6 indicate that a -E. < 0.15V, the current densty (i)
increases rapidly with increesng —E.. However, a “plateau” appears in the range of 0.15 to
05V. This “plateau” represents the limiting current region for the dectro-generation of H,O,
(Reaction 2.1). When the —E; continues to increase dove 0.5V, the i quickly rises again. It
implies a sonificant
reduction of H,O, to H,O

(Rection 22) and an b0 T ——
enhanced H;  evolution i o
(Reaction  2.3). Pure . 2
oxygen gas provides a 15 [ B

higher DO  concentration

then air, thereby yidding a
higher i. Fgure 26 dso ¢
dows that the iniid %
equilibrium potentid, Ep, is =
0075V a i = 0. If a
congant potentid of -0.5V

is goplied, the initid 0
overpotentia  is calculated [/

as —0425V. As dectrolysis N T T
proceeds, the overpotential 0 B 0.2 0.4 0.6 0.8 1
becomes more negative

snce the Ep continuoudy "B vs. SCE (V)

increeses  with  increasing _ o _ _

H,O, concentration. Figure Flgure_ 2.6. Polar!z_allo.n curves of pure oxygen a_nd air spfrgmg.
< that the Experimental conditions. completely mm_r;g, sweeping rate = 33._2

26  shows mVis pH = 2, T = 23 °C, Qoy = 8.2x10% mol/min, Qur = 8.2x10

maximum  limiing  curent  mol/min, ionic strength = 0.05M NaClOy,, long-finger plate cathode.

is gpproximately located in

therange of 0.4~0.5V of -E..

The effect of cathodic potentid was investigated from 0.2 to 0.9V (E;). Figures 2.7, 2.8 and

29 show the time-dependent changes of H,O, concentration, current dendty and current
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efficiency a various gpplied potentids, respectively. Results indicate that a 0.2 £ -E: £ 0.5V,
the H,O, concentration increases linearly with reection time (Figure 2.7). The dope
represents a condant net generation rate of H,O» (g,) throughout the whole dectrolyss
course.  Correspondingly, Figure 2.8 shows that i Sabilizes quickly &fter the dectrolyss is
initiated. A dteady-date condition is rapidly reached because a constant DO concentration is
maintained in the solution. Figure 29 indicates a dight decrease of h during dectrolyss
because the reduction of H,O» to H,O is gradudly promoted by the accumulation of H,O-.
Results further indicate that at -E; > 0.5V, both g, and h decrease notably with reaction time
(Figures 2.7 and 2.9). It implies that a high -E; stresses the reduction of HO, as well as the
evolution of Hy. Figure 2.8 shows that & 0.6V, the i exhibits a dight increase with reaction
time. Meanwhile, a remarkable increase of i is observed a 0.8 and 0.9V. Though more
dectricity is consumed a high —E;, a higher fraction of which is wasted by sde reactions.
The maximum H>O» concentration is obtained a 0.6V, i.e, 79 mg/L after dectrolyss for 2
hours. However, based on h, a congtant potentia of -0.5V (vs. SCE) is the optima cathodic
potentid.

It is noted that there exigts a high initid | a dl agpplied potentids (Fugre 2.8). This is
caused by the pre-saturated DO concertration on the cathode surface. Once the surface DO
concentration gpproaches zero and the mass transfer of oxygen through the cathode-solution
diffuson layer sarts to control the generation of H,O,, the i dabilizes rapidly. The study of
current dengity reveds that the mass trandfer of protons through the diffuson layer may dso
become a limiting Sep a high —E.. For example, at —&; = 0.9V (vs. SCE) and t = 20 min, the
curent densty and current efficiency for H,O, generation are 154 A/n? and 48%,
respectively (Figures 2.8 and 29). Assuming that during the early stage of dectrolyss the
decomposition of HyO; is inggnificant due to its low concentration, the current densties used
for H,O, generation and H, evolution are 7.4 A/n? and 8 A/n?, respectively. At t = 120
minutes, the net generation rate of H,O, is zero, which means that the formation rate of HO;
equals its decomposition rate. So the current density for the HO, part is doubled (now it is a
4-dectron reaction compared to the previous 2-eectron reaction), i.e, 14.8 A/nf. Adding
current density for the part of H evolution, i.e, 8 A/nt, the tota current density is 22.8 A/nt.
Figure 2.7b shows that the correspondingly measured current density is 19.5 A/n?, which is
3.3 A/t less than the theoreticd maximum. Since a t = 120 min, the rapid reduction of
H.O, to H,O consumes two additiond protons (Reaction 2.2), the mass trandfer limitation of
protons may suppress both HO, generation and H evolution. This suppresson reaults in the
decrease of current density, i.e,, by 3.3 A/nt.

Figure 2.10 shows the plot of the average i and average h vs. -E.. It is clear tha the
optima cathodic potentia is —0.5V vs. SCE, and the corresponding i and h are 6.4 A/nf and
81%, respectivdy. The i obtained a the optima potentid, i.e, 6.4 A/n?, is caled “the
limiting current dengity”.
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Figure 2.7. Generation of H,O, at various applied
cathodic  potentials: accumulated  concentration.

Experimental conditions: pH = 2, T = 23 °C, Qo =
8.2x102 mol/min, ionic strength = 0.05M NaClO;, long-
finger plate cathode.
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Figure 29. Generation of H,O, at various

applied cathodic potentials; current efficiency.
Experimental conditions: pH = 2, T = 23 °C, Qo>
= 8.2x10% mol/min, ionic strength = 0.05M
NaCl Oy, long-finger plate cathode.
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Figure 2.8. Generation of H,O, at various applied
cathodic potentials: current density.
Experimental conditions: pH =2, T = 23 °C, Qo2 =
8.2x10° mol/min, ionic strength = 0.05M NaClO,,
long-finger plate cathode.
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Figure 2.10. Generation of HO, at various applied
cathodic potentials; average current density and
average current  efficiency. Experimental
conditions: pH = 2, T = 23 °C, Qp, = 8.2x10°
mol/min, ionic strength = 0.05M NaClO,, long-
finger plate cathode.
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2.4.3. Effect of Oxygen Quality and Mass Flow Rate

Pure oxygen gas (99.6 %) and air were used as the sources of DO. Both oxygen purity and
mess flow rate dafect the limiting current of H,O» generaion.  The equilibrium DO
concentration is proportiond to the partid pressure of oxygen in the supply gas. For example,
the equilibrium DO concentrations

were measured as 8.3 mg/L and 39.3

mg/lL when sparging ar and pure 40
oxygen a pH 2 and 0.05M NaClOyg,
respectively (Figure 2.11). Figures
212, 13, 14 show the time-
dependent changes of  H.O;
concentration, average current
densty and average  current
efficiency & vaious oxygen purities
and mass flow raes under the
congtant potentid mode. Reaults in
Figure 2.12 indicate that g, increases
with increesng oxygen mass flow
rate until a rate of 8.2x102 mal/min
is achieved. Further increasing the
flow rae does not change g..
Moreover, the ¢, is much smdler
when ar is goplied. The variation of Figure 2.11. Aeration of reaction solution by pure

i in Figure 213 shows a good oxyg(in a.nd'air. Experimental conditions. pH =2, T
agreement with tha of % in Flgure =23°C,ionicstrength =0.05M NaClO;,.

2.12. Figure 2.14 indicates that the h dightly decreases as the eectrolyss proceeds due to the
accumulation of H,O». The effect of oxygen ness flow rate on the average i and average h is
shown in Figure 2.15. In accordance with Figures 2.12 and 13, the average i reaches the
maximum vaue of 64 A/nt a the flow rate of 82x10 mo/min. Doubling oxygen flow rate
will not increase the i any more. It is clearly seen that a rate of 8.2x102 mol/min is adequate
to maintan the highest deady-date DO concentration during dectrolyss.  Since the optima
potentid was applied (-E; = 0.5V vs. SCE), a high average h could be achieved for dl flow
rates, i.e, 80~90%. Figure 2.16 shows the effect of air mass flow rate on the average i and
average h. Realts indicate that the maximum i is achieved a the flow rate of 8.2x10°2 mol
ar/min (or 1.7x10 mol Oy/min). At this flow rate, the average i decreases to 2.1 A/n?, while
the average h dightly increases to 90% (Figure 2.16). Sparging ar yields a higher h then
sparging oxygen. It is manly due to the low i in the ar mode that brings down the reduction
of H,O, to H20.

30

20

DO (mg/L)
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0 1 2 3 4

(53]

Time (min)
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Figure 2.12. Generation of HO, at various oxygen Figure 2.13. Generation of H,O, at various
purities and mass flow ratess accumulated oxygen purities and mass flow rates. current
concentration. Experimental conditions. -E. = 0.5V  density. Experimental conditions. -E. = 0.5V vs.
vs. SCE, pH = 2, T = 23 °C, ionic strength = 0.05M SCE, pH =2, T = 23 °C, ionic strength = 0.05M
NaClO,, long-finger plate cathode. NaClQ,, long-finger plate cathode.
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Figure 2.14. Generation of H,O, at various
oxygen purities and mass flow rates. current
efficiency. Experimental conditions. -E. = 0.5V
vs. SCE, pH = 2, T = 23 °C, ionic drength =
0.05M NaClQq, long-finger plate cathode.

Q (10 mol/min)
02

Figure 2.15. Generation of HO, at various oxygen
purities and mass flow rates. average current density
and average current efficiency vs. oxygen mass flow
rate. Experimental conditions. -E. = 0.5V vs. CE, pH
=2, T =23 °C, ionic strength = 0.05M NaClQy, long-
finger plate cathode.
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2.4.4. Effect of Cathode Surface 10
Area

Three graphite electrode
configurations, i.e, plan plae
short-finger plale and long-finger
plate were used to invedigate the
effect of cathode geometry and
surface area. It should be pointed
out that HO, was only generated a
one sde of the cathode that faces the
aoplied  electricdl  fidd. The ?
effective surface areas were 271,
415 and 488 cn? for the plain plate, 0
short-finger plae and long-finger
plate, respectivdy.  The potentid
was controlled a -0.5V vs. SCE, and

Avg. i (A/m)

the oxygen maess flow rae was Figure 2.16.

current was measured dter  the
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Generation of H,O, at various oxygen
8.2x102 mol/min. The dectrica purities and mass flow rates. average current density and

Experimental conditions: -E, = 05V vs. SCE, pH =2, T =

average current efficiency vs. air mass flow rate

electrolysis reached the steady-state 23 °C, ionic strength = 0.05M NaClO,, long-finger plate
condition (ca. 20 min). Figure 2.17 cathode.

shows tha a linear reationship is
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Figure 2.17. Effect of cathode surface area on
limiting current. Experimental conditions. -E =
05V vs. SCE, pH = 2, T = 23 °C, Qy, = 8.2x107
mol/min, ionic strength = 0.05M NaClQO,.
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achieved between the limiting current
and the effective surface arear The
dope of 6.4 A/nt is just the limiting
current  dengty. Results clearly
indicte tha the limiting current
dengdity is independent of the cathode
geometry and surface area applied. It
is obvious that increesing the surface
area is a convenient way to raise the
limiting current, and consequently, the
net generation rate of HO,. The mass
trandfer coefficient, km, is caculated
as 2.70x10° m/s using Equation 2.10
and taking C* a 393 mglL.
Moreover, by assuming the oxygen
diffuson coefficient (D) as 2.0x10°
nf/s (Kinoshita, 1992), the thickness
of the diffuson layer (d) is cdculated
as about 74 mm usng Equation 2.9.
Both kym, and d provide a detaled
microscopic ingght into the
eectrolytic synthess of H,O».



2.4.5. Effect of pH
From Equation 2.2, it seems that a low pH is favorable for the eectro-generation of HO-»
in acidic solutions dnce its synthess consumes protons. However, a high proton
concentration may promote H
evolution and reduce the current
efficiency. Fgure 2.18 shows the i
effect of pH on g, and average h in - --B
the constant current mode (i = 6.4 o8 [  wT >

A/n?). Results indicate that pH 2 : /\~./-:
- <«
0.6 |

is the optimd condition. Above
0.4

pH 2, ¢, decreases due to

insufficient protons. Below pH 2,

O decreases again due to enhanced I e,
H, evolution. Because pH 3 may Ll "
dress the decompostion of H,O» ot --m--n

by trace metds as previoudy I I:I
mentioned, the g, a pH 3 is a little D
sndler than a other pH vaues.
Snce the current was holding
condant, the average h curve Figure 2.18. Generation of HO, as a function of

exhibits a smilar trend as the pH: net generation rate and average current
O efficiency in acidic region under constant current

i frrrr[rrrrryrrrrrrr 1 [ 111114090

80

g (mg/L-min)
(%) ybav

40

20

pH

curve. The highest h is 84% at pH mode. Experimental conditions: i = 6.4 A/m?, T = 23
2, and the lowest is 69% at pH 3. °C, Qv = 8.2x10 mol/min, ionic strength = 0.05M
The effet of pH was dso NaClQ,, long-finger plate cathode.

invesigated usng the condant

potentid mode at -E; = 0.5V vs. SCE. Reallts in Figure 2.19 indicate that the g, increases
with decreasng pH. The g, reaches the maximum a pH 1, i.e, 0.72 mg/L-min vs. 0.64 mg/L-
min a pH 2. However, the vaue of h a pH 2 (81%) is dightly higher than that at pH 1
(79%). Furthermore, pH 1 requires a consderable amount of acid for pH adjustment.
Therefore, it is concluded that pH 2 is the optimd vdue for H,O, generdion in acidic
solutions.

For the purpose of comparison, the eectro-generation of H,O, was investigated in
akaline region from pH 10 to 13 using the constant current mode (i = 6.4 A/nf). Figure 2.20
shows the plot of ¢, and average h vs. pH. Results indicate that both g, and h increase with
increesing pH. The g, increases from 0.69 mg/L-min & pH 10 to 0.82 mg/L-min a pH 13,
and the h increases from 87% to 100% correspondingly. It demondrates that H,O, is
gengated more eficently in dkdine solutions than in acdic solutions.  Alkdine condition
minimizes the reduction of HO,™ to OH" and prevents the evolution of H, aswdll.
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Figure 2.19. Generation of H,O, as a function of Figure 2.20. Generation of H,O, as a function of
pH: average current density and average current pH: net generation rate and average current
efficiency in acidic region under constant potential efficiency in alkaline region under constant
mode. Experimental conditions -E. = 0.5V vs. current mode. Experimental conditions: i = 6.4
SCE, T = 23 °C, Qo = 8.2x10 mol/min, ionic A/m? T = 23 °C, Qy, = 8.2x10°2 mol/min, ionic
strength = 0.05M NaClO,, long-finger plate strength = 0.05M NaClO,, long-finger plate
cathode. cathode.
2.4.6. Effect of Solution Temperature
Temperature  exerts  conflicting
effects on H,O, generation. As L : ——————— , - 100
temperature  rises, the  oxygen TS - ]
diffuson  coeffident will  increase, i TTTE--a = ]
reslling in  an increese  of g 0® -— ]°°
However, increesng temperature will = I -« —e .
decrease the DO  <olubility and § o6 [ 1% 5
increase the H,O, decompostion rate, E [ =
thereby decreasing on. If thecurrentis  =_ o4 [ q40 8
hedld congtant, the formation rate of ° E
H2O, will not_ _change appreciably, bL_lt 0s —— 1.,
the decompostion rate of H,O, will [ ]
increese as temperaiure rises.  The L
- - O 0
effect of temperoature was investigated 1o 15 ’0 »s 50 a5
from 13 to 33°C usng the constant .
current mode (i = 6.4 A/nf). Figure Temperature (°C)
221 demonstrates that g, dightly Figure 2.21. Effect of temperature on net generation
d'ecrem with increasin rate and average current efficiency. Experimental
g conditions. i = 64 A/m?, pH = 2, Qo = 8.2x107

temperature. The average h shows a
smilar trend, decreasng from 92% at
13 °C to 81% at 33 °C. It is seen that

mol/min, ionic strength = 0.05M NaClQ,, long-finger
plate cathode.

the H,O, generation isfavored at low temperatures.
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2.4.7. Effect of Inert Supporting Electrolyte Concentration
The effect of inert supporting eectrolyte concentration was investigated using the congtant
current mode.  Figure 2.22 shows that in the region of NaClO,4 concentration less than 0.1M,
the total potentia drop between cathode and anode (DE) decreases notably with increasing
NaClO4 concentration. In the >0.1M region, the DE drops dowly because the decrease of ion
activity coefficents dows down
the increese  of solution
conductance. Snce NaClOg4
1 does not participate in
] electrochemica reactions, the g,
] remains admogs condant in the
concentration range studied. Do
and Chen (1993) investigated the
oxidative degradation of
formadehyde  with electro-
generated HO, and reported that
] the formadehyde degradation
'm---------- === mm———— - 1 was not afected by the
1r Jos concentration  of supporting
i 1 electrolyte, N&SQO,, in the range
o ————b—t bt of 0 to 05M. The results
0 005 01 015 02 025 0.3 indicate that the background
ionic drength in wastewater may
NaClOo (M) be directly used as supporting

Figure 2.22. Effect of NaClO, concentration on total eleCtml.yte for onste H:0;
potential drop and net generation rate. Experimental generation. .
conditions: i = 6.4 A/m", pH =2, T =23 °C, Qy = It should be pointed out that
8.2x102 mol/min, long-finger plate cathode. chloride or bromide can promote
H,O, generation (Gossr and
Schwartz, 1989; Berzins and Gosser, 1992). Since the SCE reference was filled with
saurated KCl solution, the diffuson of chloride from the SCE into catholyte might enhance
H.O, generation and skew the experimenta data Therefore, the experimental results from
the congtant potential mode (—E: = 0.5V vs. SCE, with SCE inserted in the catholyte) and
from the constant current mode (i = 64 A/M?, without SCE) are compared with other
operationa conditions identical. During 2 hours of eectrolyss, the dectricities consumed are
very close, i.e, 2257 coulombs for the congtant potentidl mode and 2232 coulombs for the
congtant current mode. The g, and h are 0.64 mg/L-min and 81% (Figures 2.7 and 2.10), and
0.68 mg/L-min and 84% (Figure 2.18), correspondingly. It is seen that the presence of the
SCE in the catholyte does not promote H,O, generaion. The diffuson of chloride is
negligible mainly due to alarge reactor volume and ardatively short dectrolysistime.

1
(ulw-7/6w) 6

2.4.7. Potential Profile and Energy Consumption

Figure 2.23 shows the potentiad profile in the dectrolyzer & —E; = 0.5V vs. SCE. Results
indicate that the DE is composed of three parts, i.e, the potentiad drops at the eectrode-
solution interfaces caused by activation polarization and concentration polarization of DO,
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and the IR drop in the dectrolyte solution.

protons were being continuoudy generated at the anode.

In the solution, Ohm's law is well obeyed since
the eectrolyte concentration remains amost consant. The eectricd resistance of the cation
exchange membrane is negligible, which means a prompt migration of protons from anolyte
to catholyte. A congant anolyte pH was observed during the course of dectrolysis dthough

-

POTENTIOSTAT

Q

+O

AE

=3.72V

a®

.
e
et

«
»v
yat
«

54cm

Working Electrode
(Cathode)

ol
P&

Cation Exchange
Membrane

L|
L]

Counter Electrode
(Anode)

Figure 2.23. Potentia profile of dectrolyzer under constant potenital mode.
Experimental conditions. -E. = 0.5V vs. SCE, pH = 2, T = 23 °C, Qop= 8.2x102

mol/min, ionic strength

time=2hr.

Under the experimental conditions dated in Figure 2.23, the unit energy consumption for

H2O, generation is calculated as 7.8 kWh / kg HO».

2.5. Conclusions

This study is to improve the Faradic current efficiency of H,O» generaion in acidic solutions
containing dilute supporting eectrolyte by optimizing the operationd parameters. Based on

= 0.056M NaClQ,, long-finger plate cathode, reaction

the experimenta results presented above, the following conclusions are drawn:

Sonificant sdf-decompostion of H,O» is observed only a high pH (>9) and eevaed

temperatures (>23 °C).

The optimad conditions for H,O, generdtion are cathodic potentid of —0.5V (vs. SCE),
oxygen mass flow rate of 8.2x10 mol/min, and pH 2. Under the optima conditions, the
average current density and average current efficiency ae 64 A/n? and 81%,

respectively.
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The optima mass flow rate of ar is dso 8.2x102 mol/min. At the optima flow rate, the
average current density decresses to 21 A/n?, while the average current efficiency
dightly increases to 90%.

The limiting current density, i.e, 64 A/nf, is independent of the cathode geometry and
surface area applied.

H2O, generation is favored at low temperatures.

In the concentration range studied, the supporting electrolyte affects the totd potentia
drop of the electrolyzer, but does not affect the net generation rate of H,O..
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3. ELECTRO-REGENERATION OF FERROUSIONSFOR FENTON'S
OXIDATION PROCESSES

3.1. Introduction

Though the Fenton's reegent is effective in decomposing hazardous organic compounds,
its precticd application is largely limited by the cost and handling of concentrated H,O, as
well as the congderable amount of iron dudge generated.  Therefore, eectrochemica
modifications are under development in an attempt to generate HO» and Fe(ll) on Ste, either
separately or concurrently.  H,O, can be dectro-generated by reduction of dissolved oxygen,
and Fe(ll) by dectro-reduction of Fe(lll) or eectro-oxidation of a sacrificid Fe anode.
Involved dectrochemica reactions are shown as follows:

O, +2H" +2e® H,0, (3.1)
Fe** +e® Fe?* (3.2)
Fe® Fe' +2e (3.3)

These éectrochemica modifications are termed “dectro-Fenton” (EF) processes.

Table 31 clasdfies various Fenton oxidation and related processes, including
conventiond Fenton (CF), dectro-Fenton (EF), UV-asssted Fenton (Photo-CF or Photo-EF),
electro-generation of H,O, and electro-regeneration of Fe(ll). The illudrative presentation of
Fenton oxidation processes is shown in Figure 3.1. Based on different sources of HO, and
Fe(Il), the EF process can be further divided into four types. FeRe, FeOx, HO»-FeRe, HO,-
FeOx. The feature and application of each process are briefly introduced below.

i Fe?t UV (300~400 nm )
b |
: I:BLI:I:I ! Photo-CF Photo-EF
i : : £
! TOZ +2H* + 2e® H202 : : 3 : : Fe(OH 2+ ®h\|/:ez+ OH
' ' + + -+ T + .

________ Fer+e@Fer | {FeTre® P Fe® Ftvzel | FeOM)T ® FerroOn

EF-H,0,FeRe EF-H,0,FeOx UV-Assisted CF/EF

Figure3.1. Illustrative presentation of various Fenton oxidation processes.
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Table 3.1. Classification of Fenton oxidation and related processes.

H.05 Fet
Type | EG|ED EG ED References
RC | OA

Sedlak and Andren, 1991; Kuo, 1992; Mohanty
and Wei, 1993; Lou and Lee, 1995; Tang and

CF v v | Huang, 1997; Kim and Huh, 1997; Qiang et al.,
2000.

EF-FeRe v v v | Tzedakiset al., 1989; Chou et al., 1999.

EF-FeOx v v Pratap and Lemley, 1994; Huang et al., 1999.
Matsue et al., 1981; Sudoh et al., 1986; Tzedakis

EF-H,0,- et al., 1989; Hsiao and Nobe, 1993; Chu, 1995;

FeRe v v v | Brillaset al., 1996, 1997, 1998, 1998; Oturan et
al., 1999, 1999.

EF-H,O,- | ¥ v Brillas et al., 1997, 1998.

FeOx
Oloman and Watkinson, 1975, 1976, 1979;
Tzedakis et al., 1989; Sudoh et al., 1985, 1986,

Electro- v 1991; Do and Chen, 1993; Chu, 1995; Del_eon and

H,O, Pletcher, 1995; Brillas et al., 1996, 1997, 1998,
1998; Yamadaet al., 1999; Alvarez-Galegos and
Pletcher, 1999; Qiang et al., 2000.

El;ctr(} v Gnann et al., 1993; Chou et al., 1999.

F +
Pignatello, 1992; Ruppert and Bauer, 1994;

Photo-CF | CF + UV Pignatello and Sun, 1995; Huston and Pignatdllo,
1996; Cermenati et al., 1997; Nadtochenko and
Kiwi, 1998.

Photo-EF | EF (any type) + UV Brillaset al., 1996, 1997, 1998, 1998.

Notation: CF — Conventiond Fenton EF — Electro-Fenton

EG — Electro-generated
RC — Electro-reduced at cathode OA — Electro-oxidized at anode

ED — Externdly dosed




The conventional Fenton (CF) process is the most commonly used one where both HO>
and Fe(ll) are externally dosed. It has been used to decontaminate the organic wastewaters
containing polychlorinated-biphenyls (PCBs) (Sedlak and Andren, 1991), dyes (Kuo, 1992),
dinitrotoluene (Mohanty and We, 1993), benzene, tuloene, xylene (BTX) (Lou and Lee
1995), chlorinated diphatic hydrocarbons (CAHs) (Tang and Huang, 1997), polycyclic
aromatic hydrocarbons (PAHs) (Qiang et al., 2000), and landfill leachates (Kim and Huh,
1997). In this process, concentrated HO, has to be purchased, transported and stored. In
addition, a condderable amount of iron dudge will be generated which requires further
disposal.

The dectro-Fenton (EF) process is developed from the CF process. In the EF process,
ather H,O, or Fe(ll), or both of them, is generated on sSte by dectrochemica technology.
Based on the sources of H,O, and Fe(ll), the EF processes can be further divided into four
types, as shown in Figure 31. In the EF-FeRe process, both HO, and Fe(ll) are externdly
gpplied but Fe(ll) is continuoudy regenerated at the cathode once oxidized to Fe(lll).
Tzedakis et al. (1989) used this process to synthesize phenol by oxidation of benzene a a
mercury pool cathode. Chou et al. (1999) reported that the EF-FeRe process was more
efficient than the CF process in tregting high-strength hexamine wastewater. In the EF-FeOx
process, H,O, is externdly applied but a sacrificid Fe anode is used as the Fe(ll) source.
Additionaly, Fe(ll) can be continuoudy regenerated at the cathode. This process has been
goplied to detoxifying herbicides-containing wastewater (Pratap and Lemley, 1994), and
polishing biologica effluent of a petrochemicd wastewater (Huang et al., 1997). The third
type, EF-H,O,-FeRe, is most extensvely investigated among al EF processes. This process
concurrently generates H,O» and regenerates Fe(ll). It has been employed not only for
organic synthess, such as oxidation of akylbenzene (Masue et al., 1981), benzene and
fluorobenzene (Tzedakis et al., 1989), phenol and chlorobenzene (Hsiao and Nobe, 1993), and
Riluzole [2-amino-5-(trifluoromethoxy)benzothiazole] (Oturan et al., 1999); but adso for
wastewater decontamination, such as the decompostion of phenol (Sudoh et al., 1986),
chlorophenols (Chu, 1995), aniline and 4-chlorophenol (Brillas et al., 1996, 1997, 1998,
1998), and chlorophenoxyacid herbicides (Oturan et al., 1999). The forth type, EF-H20,-
FeOx, combines eectro-generated H,O, with a sacrificid Fe anode. Brillas et al. (1997,
1998) applied this process to treat aniline and 4-chlorophenol-containing wastewaters.
However, they reported that most of TOC was removed by the Fe(OH)3(s) precipitates instead
of organic minerdization. We found that it is due to the oversupply of the current denisty.

When UV radiation is applied, the Fenton process is termed “photo-CF’ or “photo-
EF’. Photolyss of an acidic Fe(lll) solution by blacklight UV (300~400 nm) smultaneoudy
generates Fe(11) and *OH. The reaction is shown asfollows.

Fe(OH)?* ¥.¥i® Fe?* +0H (3.4)
The reection efficiency is enhanced by both Fe(ll) and OH generated. The photo-CF process
has been applied to tresting organic wastewaters containing chlorophenoxy herbicides
(Pignatdlo, 1992), 4-chlorophenol and dyes (Ruppert and Bauer, 1994), metolachlor and
methyl parathion (Pignatello and Sun, 1995), reduction products of perchloroakanes (Huston
and Pignatello, 1996), quinoline (Cermendi et al., 1997) and xylidine (Nadtochenko and
Kiwi, 1998). The photo-EF process sgnificantly regenerates Fe(ll) by both photolysis and
dectrolyss  Brillas et al. (1996) reported that a higher resdua Fe(ll) concentration was
obtained in the photo-EF process and consequently, a higher TOC removad than those in the
EF process. The treatment of aniline and 4-chlorophenol wastwaters with the photo-EF
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process were dso investigated by the same authors (Brillas et al., 1997, 1998, 1998). Among
al Fenton oxidation processes, the photo-EF appears to be the most effective one.  However,
the photo-assisted processes are not feasble for turbid or colored wastewater because
particles or colors tend to shorten the penetration of the UV light.

H.O, or Fe(ll) can dso be individudly generated in an éectrolytic cdl, and thus termed
“dectro-H,0,” or “dectro-Fe(ll)”, respectively. Most dectro-H,O, experiments were
conducted in concentrated akaine solutions by the reduction of dissolved oxygen for the
purpose of bleaching paper pulp (Oloman and Watkinson, 1975, 1976, 1979; Sudoh et al.,
1985; Yamada et al., 1999). More recently, H,O, has been eectro-generated in an acidic
solution by ether congtant potentiadl or congtant current mode for the purpose of direct
gpplication of the Fenton oxidation process (Sudoh, et al., 1986; Tzedakis et al., 1989; Do and
Chen, 1993; DelLeon and Pletcher, 1995; Chu, 1995; Brillas et al., 1996, 1997, 1998a, 1998b;
Alvare~Gdlegos and Pletcher, 1999; Qiang et al., 2000). Moreover, a novel technology that
generates HO,  in an dkdine solution but syntheszes H,O, in an acidic solution has been
developed by Sudoh et al. (1991). The eectro-Fe(ll) process regenerates Fe(ll) from ferric
sdts or iron dudge. Chou et al. (1999) used a cylindrica stedl cathode to regenerate Fe(ll)
from faric sulfate. Gnann et al. (1993) regenerated Fe(ll) from iron dudge in an eectrolytic
cdl a pH < 1, whichis specidly termed * Fenton dudge recycling sysem” (FSRYS).

In the Fenton oxidation processes, the propagation of chan reactions which generates
hydroxyl radicas is usudly terminated by the rapid depletion of Fe(ll). It is because that
Fe(l1) reacts with the hydroxyl radical a a second-order rate constant of 3.2x10° M1s?, which
is approximatdly 10 times the rate constant of HO, toward the hydroxyl radica (3.3x10" M
's1) (DeLat et al., 1999). Therefore, the prompt regeneration of F&(ll) is a key point for
enhancing the reection efficiency of the Fenton's reagent.  Although H>O» and Fe(ll) may be
concurrently generated in the EF-H,O»-FeRe process, the gpplied potentid or current dendty
usudly saisfies the generaion of H,O,. Chou et al. (1999) studied the regeneration of Fe(ll)
usng the congtant current mode, and reported that the initia current efficiency was 85~87%
a [Fe**]o 3 3000 mg/L, but dropped to 39% at [Fe**]o = 1000 mg/L. They applied an
identicd current density for various [Fe**]o values, faling to redize that the current density is
dependent on [Fe**]o. In fact, the overdl regeneration rate is governed by the mass transfer of
Fe(lll) ions. A current dendty higher than required will undoubtedly lead to the occurrence
of dde reactions and consequently, decrease the current efficiency. In addition, iron dudge
will eventudly be produced in any Fenton oxidation process, though the application of UV
and dectricity will reduce its quantity. If the FSRS is employed to regenerate and recycle
Fe(ll) from iron dudge, there is amost no dudge discharge during wastewater trestment.
This meets the god of “desgn for environment” (DFE). Therefore, it iS necessay to
specificdly investigete the dectro-regeneration of Fe(I1) from ferric sdt or iron dudge.

The objective of the present study is to improve the current efficiency and carify te
optimal conditions for the deciro-regeneration of Fe(ll) for the purpose of minimizing iron
dudge generated in the Fenton oxidation processes. The effects of operationa parameters,
such as cathodic potentia, current densty, solution pH, cathode suface area, solution
temperature, and initidl Fe(lll) concentration on the current efficiency of Fe(ll) regeneration
were sysematicdly investigated. Both congtant potentid and congtant current modes were
employed, and their results were compared and bridged. At the optima cathodic potentid,
the relationship between the average current density and the [Fe*]o was established. The
regeneration of Fe(Il) from iron dudge was dso investigated to evaduate the feashbility of iron
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dudge recycling and reuse. Findly, the economic assessment of this process was conducted.

3.2. Experimental
3.2.1. Electrochemical Reaction Mecahnisms

The schematic diagram of dectrochemicd reaction mechanisms of Fe(ll) regeneration is
presented in Figure 3.2. At the cathode, Fe(lll) is dectrochemicaly reduced to Fe(ll) in
acidic solutions.  Simultaneoudy, the dde reaction of hydrogen gas evolution occurs, which
competes for eectrons and reduces the current efficiency. At the anode, the oxidation of HO
leads to oxygen gas evolution and proton release.

[
DC POWER —
o (@
e - +
! I ) :
Fe+ H+ 2H,0 E
@ ) H+
Fe3t+ e « 4H*+ O, + 4e
H + 2+ 0,
@ ) Fe?* Fe?* < 5% R ANODE
2H*+ 2e
CATHODE
CATION
EXCHANGE
MEMBRANE

Figure 3.2. Schematic diagram of reaction mechanisms of electr o-regeneration of Fe(ll).

3.2.2. Reaction System

The schematic diagram of the reaction sysem is shown in Fgure 3.3. The reaction
sysem was smilar to tha employed for the dectro-generation of H,O, except that there is no
pH control in this sudy. Sodium perchlorate was Hill used as the inert supporting eectrolyte.
The cathodic and anodic compartments contained 4.0 L of ferric solution and 3.0 L of didtilled
water, respectively, both with identicd NaClO,4 concentration and initid pH vaue. Under the
influence of dectric fidd, mogt of iron was confined in the cathodic compartment, while the
protons generated at the anode were driven to the catholyte.
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Figure 3.3. Schematic diagram of reaction system for electro-regeneration of Fe(ll).

Ferric nitrate or Fenton's dudge was first dissolved in didtilled water by pH adjustment.
After the addition of supporting dectrolyte, experiment was initisted. During dectrolyss,
solution pH was no longer adjusted. The experimentd conditions are generdized in Table
3.2

Table 3.2. Experimental conditions.

Experimenta conditions Unit Range

Cathodic potentia (vs. SCE) [V] -0.1~-0.9
Current density [ AIn? ] 2.05~8.20
Solution pH [-] 1.0~30
Cathodic surface area [ et ] 271 ~ 488
Solution temperature [°C] 10 ~ 46

Initia ferric concentration [ mglL] 100 ~ 5000

Ferric source [-] Fe(NO3)s, Fenton’sdudge

3.2.3. Chemical Analysis

All chemicas used were of ACS reagent grade. Ferric nitrate nonahydrate (98+%),
sodium perchlorate (99%) and ammonium fluoride (98+%) were purchased from the Aldrich
Chemicd; ferrous ammonium sulfate hexahydrate (99+%), ammonium acetate (97.3%) and
1,10-phenanthroline monohydrate from the Sgma Chemicd; and hydroxylamine
hydrochloride (100.1%), perchloric acid (70%), sulfate acid (96.1%) and sodium hydroxide
from the Fisher Scientific. All solutions were prepared by digtilled water.
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Absorbance

Ferrous iron concentration was determined by measuring the light absorbance at 510 nm
after complexing with 1,10-phenanthroline. To avoid the inteference from ferric iron,
ammonium fluoride was chosen as a masking agent (Tamura et al., 1973). One-milliliter
sanples were firg diluwted by 4 mL didilled water, and then the andyzing reagents were
added in the following order: ImL of 3.6 M sulfuric acid, 1 mL of 2 M ammonium fluoride, 2
mL of 3.2 M ammonium acetate and 1 mL of 1% 1,10-phenanthroline. The solution was
shaken up after the addition of each reagent. A diode array spectrophotometer (Hewlett
Packard, moddl 8452A) was used with a one-centimeter cell. Figure 3.4 shows the cdibration
curves of Fe(Il) in the presence or absence of Fe(lll) using the standard and modified analysis
methods. Results clearly indicate tha the interference of Fe(lll) can be well prevented using
F as a masking agent of Fe(lll) in the modified method. The cdibration curve of Fe(ll)
shows a molar absorptivity of 2.78x10° M cm®, with Fe(ll) concentration up to 100 mg/L
and Fe(lll) background concentration up to 2500 mg/L. Dilution was made when Fe(ll)
concentration exceeded 100 mg/L. For measuring tota iron concentration, Fe(lll) was first
reduced to Fe(ll) by hydroxylamine hydrochloride under acidic and boiling conditions, and
then the total Fe(11) concentration was determined by the method above-mentioned.
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Figure 34. Calibrauon curves of Fe(ll) in the presence of 200mg/L Fe(lll): (a) standard
method; (b) modified method.

3.3. Results And Discussion
3.3.1. Optimal Cathodic potential

The polarization curve of the eecro-regeneration of Fe(ll) is shown in Figure 35. Results
indicate that at -E; < 0.1V, the current dengity (i) increases rapidly with increesing —E.. In
this region, the dectron transfer between Fe(lll) and cathode controls the regeneration rate of
Fe(ll). However, a “plateau” appears in the potentia range of 0.1 to 0.8V. This “plateau’
represents the limiting current region for the deciro-regeneration of Fe(ll). In this region, the
Fe(ll) regeneration is dominated by the mass transfer of Fe(lll) ions across the cathode-
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solution diffuson layer. As —E: continues to increase aove 0.8V, the current dendty repidly
rises agan, implying a dgnificant

H, evolution. 2H"+2e ® H,
From the information reflected L e e S e ]

in the polarization curve, the effect I rb

of cathodic pOtentld Was 20 i }4 I imitina current reaion

investigated from -0.1 to -0.9V. I 1

Figures 3.6, 3.7 and 3.8 show the [ Fe¥ +e® Fe®

time-dependent changes of ¢ g

accumulated regeneration

percentage of Fe(ll), current density
() and current efficdency (h) a
various cathodic potentids,
respectively. Figure 3.6 shows that
there is little difference in Fe(ll)

0..I..I..I. L

regeneration percentage from 0.1 to 0 0.2 0.4 0.6 08 ' 1
0.7V (-E). After the dectrolyss
for 3 hours, about 60% of Fe(ll) is -E_vs. SCE (V)
regenerated from Fe(l11). However,

; ; ; Figure 3.5. Polarization curve of electroregeneration
a C;;ghgy is f(;llgher od ritgma; IOD of Fe(ll). Experimental conditions. completely
percentag B mixing, linear sweeping rate = 33.3 mV/sec, [Fe**]o =
0.9V. Figure 3.7 shows that i only 500 mg/L, pHo = 2, T = 23 °C, ionic strength = 0.05M
dightly increeses with  increesng NaClOy, long-finger plate cathode.

potential from 0.1 to 0.7V. At

0.9V, a notably higher i is observed because this high potentid stresses Fe(l1) regeneration as
wel as H, evolution. Results further indicate that at dl potentids gpplied, the i drops
dramaticaly in the fird# 5 minutes, and then decreases dowly with proceeding eectrolyss.
The initid rapid drop of i is due to the pre-saturation of Fe(lll) at be cathode surface. After
the dectrolysis darts, the surface concentration of Fe(lll) immediately approaches zero, and
the reduction of Fe(lll) becomes mass-transfer controlled. As the Fe(ll) concentration in the
bulk solution continuoudy decreases with reection time, the i shows a corresponding
decrease. Figure 3.8 shows that h decreases with increasing -E;, dropping from 96% at 0.1V
to 55% at 0.9V. However, a a certain potential, h amost remains constant during the course
of dectrolyss. It is seen that dthough the highest regeneration percentage is obtained a 0.9V
(Figure 3.6), its current efficiency is the lowest. A congderable amount of eectricity is
wasted for H, evolution.

Figure 3.9 shows the plot of the average i and average h vs. -E.. It is cearly seen that the
optima cathodic potentid is —0.1 vs. SCE, and the corresponding averaged i and average h
ae 4.3 AIn? and 96%, respectively. The average i curve is in good agreement with the
polarization curve except that the polarization i is much higher due to a higher initid Fe(lll)
concentration. The accumulation of Fe(ll) regeneration percentage with dectricity consumed
is shown in Fgure 3.10. Results indicate that the dectricity consumption increases with
increesng —E.. The amdler the dope of regeneration curve, the lower the current efficiency.
Matsue et al. (1981) reported a distinguished pesk at —E. = 0.1V vs. SCE using a glassy
carbon cathode for the eectro-reduction of Fe(lll). Tzedakis et al. (1989) also observed a
notable pesk at the same potential using amercury pool cathode (32 cnf), but this pesk was
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Figure 3.6. Regeneration of Fe(ll) at various
applied cathodic potentials: regeneration
percentage.  Experimental conditions: [Fe®*]o
500 mg/L, pHe = 2, T = 23 °C, ionic strength =

0.05M NaClQy4, long-finger plate cathode..
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Figure 38. Regeneration of Fe(ll) at various
applied cathodic potentials: current
efficiency. Experimental conditions: [Fe*]o =
500 mg/L, pHo = 2, T = 23 °C, ionic strength

= 0.05M NaClQy4, long-finger plate cathode.
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Figure 3.7. Regeneration of Feg(ll) at various
applied cathodic potentials. current density.
Experimental conditions: [Fe*]o = 500 mg/L,
pHo = 2, T = 23 °C, ionic strength = 0.05M
NaClO,, long-finger plate cathode.
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Figure 39. Regeneration of Fe(ll) at various
applied cathodic potentials. average current density
and average current efficiency vs. cathodic potential
applied.  Experimental conditions [Fe*'], = 500
mgL, pHe = 2, T = 23 °C, ionic strength = 0.05M
NaClO,, long-finger plate cathode.
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unfortunately misinterpreted.  In this
sudy, a large graphite cathode with
an effective surface area of 488 cnt
was employed. The large surface
area makes the cathode not very
sengtive to potentid sweeping. As a
reult, a long plaeau indead of a
distinguished pesk is observed.

Though the solution pH was no
longer controlled after the initid pH
adjusgment, it only changed dightly
during dectrolyss (< 0.2 units). At I
the end of dectrolyss, the totd iron oMt ] —
concentrations in both cathodic and 010° 1100 2100 310 410" 510
anodic compartments were measured.
Reaults dso indicate that some

soOfrr—17T LI LA |

Regeneration (%)

Electricity (C)

Fe(ll)/Fe(lll) ions do migrate from Figure 3.10. Regeneration of Fe(ll) at various
caholyte to  anolyte, but the applied cathodic potentials:  regeneration
penetration percentage never exceeds Eerce'?taget A Vs'd.t. e',eci'%'f]y _ gggwmef'
5%. Therefore, it is cleared that most xperimental_conditions [Fe”Jo = 500 mglL,

. pHo = 2, T = 23 °C, ionic strength = 0.05M
of Fe(I)/Fe(lI) ions were NaCl Oy, long-finger plate cathode.

successfully confined in the catholyte
by the dectric force in spite that a cation exchange membrane was used.

3.3.2. Optimal Current Density

In the congant potentid mode mentioned &bove, the current dendty automaticaly
changes in accordance with the cahnge of ingtantaneous Fe(lll) concentration in the bulk
solution (Figure 3.7). However, the current densty is held constant in the constant current
method during the whole course of dectrolyss. Under this circumstance, the eectro-
reduction rate of Fe(I11) is primarily controlled by the current density applied.

The effect of current density was investigated a [Fe**]o = 500 mg/L from 2.05 to 8.20
A/mf.  This current density range was selected because the optima average current density
was determined as 4.3 A/n? in the constant potentid mode (-E; = 0.1V) under identical
experimental conditions.  Figures 3.11, 3.12 and 3.13 show the changes of Fe(ll) regeneration
percentage, tota potentidd drop and current efficiency with reaction time a various current
dengties applied. Figure 3.11 indicates that the Fe(ll) regeneration percentage increases with
increasing current density.  Furthermore, at i £ 4.10 A/n? the regeneration percentage is in
linear proportion to the eectrolyss time. It assures a congant current efficiency throughout
the whole course of dectrolyss. However, a higher current dendties, i.e, 6.15 and 8.20
Aln?, the concave regeneration curves imply a gradua decrease of current efficiency with
proceeding electrolyss. Figure 3.12 shows tha the total potentid drop (DE) increases with
increesing current dendgty. Additiondly, a a certan current dendty, the DE exhibits a dight
increase with eectrolyss time. The reduction of Fe(lll) to Fe(ll) at the cathode decreases the
solution conductance, while the generation of protons a the anode exerts an opposte
influence.  Overdl, the eectrode reactions result in a dight decrease of solution conductance
and consequently, adight increase of DE. Figure 3.13
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Figure 3.11. Regeneration of Fe(ll) at various
current densities. regeneration percentage.
Experimental conditions. [Fe**], = 500 mg/L,
pHo = 2, T = 23 °C, ionic strength = 0.05M
NaClQq, long-finger plate cathode.
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Figure 3.13. Regeneration of Fe(ll) at various
current densities: current efficiency.
Experimental conditions: [Fe*']o = 500 mglL,
pHo = 2, T = 23 °C, ionic strength = 0.05M
NaClQ,, long-finger plate cathode.
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Figure 3.12. Regeneration of Fe(ll) at various
current densities: current efficiency.
Experimental conditions. [Fe*]o = 500 mglL,
pHo = 2, T = 23 °C, ionic strength = 0.05M
NaClO,, long-finger plate cathode.
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Figure 3.14. Regeneration of Fe(ll) at various

current densities. average current efficiency and
average potential drop vs. current density applied.
Experimental conditions: [Fe*]o = 500 mg/L, pHo
=2, T =23 °C, ionic strength = 0.05M NaClOy,
long-finger plate cathode.
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shows that a i £ 4.10 A/n?, the current efficiency remains unchanged during the eectrolysis

A high current efficiency can be readily achieved. However, above 4.10 A/n? the current
efficiency decreases with both eectrolyss time and increasing current dendty. It indicates a
sgnificant occurrence of H, evolution.

Figure 3.14 shows the plot of average h and average DE vs. current dendty. It is clearly
seen that the DE increases proportiondly to the current densty. Moreover, a current
efficiency of 98% is achieved a i £ 4.10 A/n?. At 6.15 and 8.20 A/n?, the average current
efficiency drops to 88% and 75%, respectively. Taking both Fe(ll) regeneration rate and
current efficiency into consideration, the current density of 4.10 A/n? is the optima vaue for
[Fe®]o = 500 mg/L. As mentioned previoudy (Figure 3.9), the average current density
obtained at the optima potentid (E; = 0.1V) is 4.30 A/n?. It is seen that the average current
dengty yidded a the optimd potentid is goproximately equa to the optima current density
goplied in the congtant current mode. This rdationship bridges the congant potentid mode
with the condant current mode. It should be mentioned that the optima current densty
depends on initid Fe(lll) concentration ([Fe**]o) since the overal Fe(ll) regeneration rate is
controlled by the mass transfer of Fe(lll). The reaionship between the optimd current
density and [Fe*']o is a crucid factor which determines the applied value of current density
for any given [F€**]o. 1t will be discussed |ater.

3.3.3. Effect of pH
In a homogeneous Fe(lll) solution, the following hydrolyss equilibria exist: (Stumm
and Morgan, 1981):

Fe** +H,0=FeOH 2 + H", logk; = -2.19 (35)
Fe*" +2H,0 = Fe(OH)," +2H", logb, = -5.67 (3.6)
2Fe* +2H,0 =Fe,(OH),* +2H ", loghy, = -2.95 (3.7
Fe>* +4H,0 = Fe(OH),” +4H ", logbs = -21.6 (3.8

Figure 15 depicts the dependence of hydrolysis pH on tota Fe(lll) concentration (logFer)
for  both expeimentaly meassured and
theoreticdlly caculated data Experimenta 3
results (solid curve) indicate that the hydrolyss
pH is in linear proportion to —logFer in the
range of Fer sudied, i.e, 1.8~89.5 mM (or
100~5000 mg/L), exhibiting a dope of 0.75.
The theoreticdl cdculation (dashed curve) usng
Equations 3.5~3.8 shows an identicad dope.
The difference in the intercept is due to
different background ionic drengths, i.e, 0.05 2
M NaClO4 for the experimental curve and zero
for the theoreticad curve Severd  feric- i
hydroxo species co-exigs in the solution, v,
induding Fe**, FeOH?*, Fey(OH)*, Fe(OH)** —

- =~ --Theoretical
y =0.70 + 0.75x
R=0.99
[ =—®= Experimental

2.5 y = 0.83 + 0.75x

R=10.99

pH

1.5

and Fe(OH);. At Fer = 1x10° M, Fe(OH)** . L5 2 25 3
predominates. At Fer = 1x10 M, free Fe** ion logFe.. (M)
Figure 3.15. Plot of pH vs. —logFer in

becomes the mgor component. Fe(OH); is
adways negligible in the Fer range studied.

Fe(lll) hydrolysis.
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Figure 3.16. Regeneration of Fe(ll) at various pH

values using the constant potential

regeneration percentage.

mode:
Experimental conditions:

-E. =01V vs SCE; [Fe*"]p =500 mg/L, pHo =2, T =
23 °C, ionic strength = 0.05M NaClOQ,, long-finger
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Figure 3.18. Regeneration of Fe(ll) at various
pH values using the congtant potential mode:
current efficiency. Experimental conditions: -
E.= 01V vs SCE; [Fe*']o = 500 mg/L, T = 23
°C, ionic strength = 0.05M NaClO,, long-finger
plate cathode..
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Figure 3.17. Regeneration of Fe(ll) at various
pH values using the constant potential mode:
current density. Ex?erimental conditions. -E.
= 0.1V vs SCE; [Fe*"]p =500 mg/L, T = 23 °C,
ionic strength = 0.05M NaClO,, long-finger
plate cathode.
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Figure 3.19. Regeneration of Fe(ll) at various pH
values using the congtant potential mode: average
current dendty and average current efficiency vs.

initial pH. Experimental conditions. -E. = 0.1 V
vs SCE; [Fe*']o = 500 mg/L, T = 23 °C, ionic
strength = 0.06M NaClO,, long-finger plate
cathode.
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The effect of initid pH on Fe(ll) regeneration was investigated from pHo 1 to 3 at [Fe**]o
= 500 mg/L, using both constant potentid and constant current modes. Figures 16, 17 and 18
show the time-dependent changes of regeneration percentage, current densty and current
efficency with dectrolyss time a vaious adjusted initid pH vadues under the congant
potentid mode. The applied cathodic potentid was -0.1V vs. SCE. Figure 16 indicates that
the Fe** regeneration percentage reaches the maximum at pHp 1.0 and 1.5, and then decreases
with incressing pH. At pHo 3.0, little Fé** is regenerated. The changes of current density
(Figure 3.17) and current efficiency (Figure 3.18) show a good agreement with the results
indicated in Figure 3.16. Figure 3.19 plots the average current densty and average current
efficiency vs. initid pH. Results indicate that the average i dightly decreases with increasing
pHo from 1 to 2.5. It drops remarkably at pHo = 3 where only a smal i of 0.7 A/nf can be
achieved. As indicated in Figure 3.15, the hydrolysis of 500 mg/L Fe(lIl) ions corresponds to
a solution pH of 237. Above this pH, Fe(lll) darts to precipitate as solid amorphous
Fe(OH)3(s). It was observed that a smal amount of Fe(OH)3(s) was formed a pH 2.5, while
most Fe(lll) precipitated at pH 3. The formation of Fe(OH)s(s) undoubtedly accounts for the
decrease of current density. The Fe(OH)3(s) not only decreases the concentration of dissolved
Fe(lll), but dso inhibits the Fe(ll) regeneration by patidly coating the cathode surface. The
average current efficiency curve shows tha the highest efficiency is achieved between pHo
15 and 25. A dight efficiency decrease occurs a pHp 1, which is due to hydrogen gas
evolution a a high proton concentration. At pHp 3, the low current effidency is manly
ascribed to the coating of Fe(OH)3(s) on the cathode surface, as previoudy mentioned.

The effect of pHy was dso invedigated using the congtant current mode. The current
density applied was 4.10 A/nf. Figure 3.20 shows that the Fe** regeneration percentage
increases linearly with dectrolyss time. There is little difference in regeneration rate from
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Figure 3.20. Regeneration of Fe(ll) at various Figure 3.21.  Regeneration of Fe(ll) at
pH values using the constant current mode: various pH values using the constant current
regeneration per centage. Experimental mode:' change of' ' total ' potential drorz).
conditions; i = 4.10 A/m?;, [Fe*"], = 500 mg/L, T Experimental conditions 1 = 410 A/mf;
= 23 °C, ionic strength = 0.05M NaClO;, long- [Fe*"lo = 500 mg/L, T = 23 °C, ionic strength
finger plate cathode. = 0.05M NaCl Oy, long-finger plate cathode.
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pHo 1.0 to 25, but the rate drops
ggnificantly a pHy 3.0 because of the
Fe(OH)3(s) precipitation as mentioned
before. Figure 3.21 shows that the tota
potential drop of the cdl increases with
increesing pHo due to the decrease of
the solution conductance. Figure 3.22
plots the average current efficiency vs
pHo. This curve shows a Smilar trend
as the average h curve obtained in the
congtant potential mode (Figure 3.19).
Therefore, it is concluded that 0
as long as Fe(lll) is totaly dissolved, it '
can be effectivdy reduced to Fe(ll). PH
The suitable pH range is below the pH Figure 3.22. Regeneration of Fe(ll) at various pH
vadue controlled by Fe(lll) hydrolyss. values using the constant current mode: average
It should be noted that this criticd pH current egficiengcy. Experimental conditions_ i =
vaue is Fe(Ill) concentration 410 A/m*; [Fe*]p = 500 mg/L, T = 23 °C, ionic

d dent, as demongrated in Figure strength = 0.05M NaClO,, long-finger plate
351|:55 cathode.

Avg.h (%)

20

3.3.4. Effectsof Cathode Surface Area

Three cathode geometries were used to investigate the effect of cathode surface ares,
induding the plain, short-finger and long-finger plates that have an effective surface area of
271, 415 and 488 cn?, respectivdly. Since the dectric current is a function of the cathode
surface area, the congtant potentid method was employed. The cathodic potentid was
controlled a —0.1V vs. SCE. Figures 23, 24 and 25 show the time-dependent changes of
regeneration percentage, current densty and current efficiency. Reaults indicate that as the
cathode surface area increases, both regeneration percentage and current dendity increase
correspondingly.  Since the dectrolysis is conducted a the optima potentid, the current
efficiency is not ggnificantly affected by the change of cathode surface area.  Figure 3.26
plots regeneration percentage and average current efficiency vs. cathode surface area. Results
indicate that after three hours of eectrolyss, the regeneration percentage reaches 41%, 59%
and 63% for the plain, short-finger and long-finger plates, respectively. The current
efficiency is independent of the surface area. At the optima cathodic potentia, a high current
efficiency of 94~96% is achieved for dl cathode geometries. Therefore, the regenerdion rate
of Fe(ll) can be eadly enhanced by increasing cathode surface area without sacrifice of the
current efficiency.

3.3.5. Effect of Solution Temperature

Solution temperature influences Fe(ll) regeneration rate mainly because that it changes the
mass transfer rate of Fe(lll). Under congtant potentiad mode, a high temperature leads to a
fast mass trander of Fe(lll) through the cathode-solution diffuson layer. Consequently, the
rate of Fe(Il) regeneration will beraised. The effect of temperature was investigated
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Figure 3.23. Regeneration of Fe(ll) at various
cathode surface areas using the constant
potential  mode: regeneration  percentage.
Experimental conditions. -E. = 0.1V vs. SCE,
[Fe**]o = 500 mg/L, pHo = 2, T = 23 °C, ionic
strength = 0.05M NaClO,.
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Figure 3.24. Regeneration of Fe(ll) at various
cathode surface areas using the constant
potential mode: current density. Experimental
conditions: -E, = 0.1V vs. SCE, [Fe*"], = 500
mg/L, pHo =2, T = 23 °C, ionic strength = 0.05M
NaCIO4.
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Figure 3.25. Regeneration of Fe(ll) at various
cathode surface areas using the constant potential
mode: current efficiency. Experimental conditions:
-E; = 0.1V vs. CE, [Fe”]p =500 mg/L, pHy =2, T =
23 °C, ionic strength = 0.05M NaClO,.
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Figure 3.26. Regeneration of Fe(ll) at various
cathode surface areas using the constant
potential mode: average current density and
average current efficiency vs. cathode surface
area. Experimental conditions. -E. = 0.1V vs.
SCE, [Fe®"]p = 500 mg/L, pHo = 2, T = 23 °C,
ionic strength = 0.05M NaClO;.
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Figure 3.27. Regeneration of Fe(ll) at various
temperatures using the constant potential mode:
regeneration per centage. Experimental
conditions: -E. = 0.1V vs. SCE, [Fe*"]o = 500
mg/L, pHo = 2, ionic strength = 0.05M NaClQ,,
lona-finaer plate cathode.
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Figure 3.29. Regeneration of Fe(ll) at various
temperatures using the constant potential mode:
current efficiency. Experimental conditions. -E;
= 01V vs. SCE, [Fe*"], = 500 mg/L, pHo = 2,
ionic strength = 0.05M NaClQOq, long-finger plate
cathode.
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Figure 3.28. Regeneration of Fe(ll) at various
temperatures using the constant potential mode:
current density. Experimental conditions: -E. =
0.1V vs. SCE, [Fe*']o = 500 mg/L, pHo = 2, ionic

strength = 0.05M NaClO,, long-finger plate
cathode.
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Figure 3.30. Regeneration of Fe(ll) at various
temperatures using the constant potential mode:
regeneration percentage and average current
efficiency vs. temperature. Experimental
conditions; -E. = 0.1V vs. SCE, [Fe*'], = 500
mg/L, pHo = 2, ionic strength = 0.05M NaClQy,
long-finger plate cathode..
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using the constant potentid method ¢E;. = 0.1 V vs. SCE) at 10, 23, 33 and 46 °C. Figures
3.27, 3.28 and 3.29 show the changes of regeneration percentage, current density and current
effidency with dectrolyss time. Resaults indicate that both regeneration percentage and
current dengty increase sgnificantly with increesing temperature. At the end of dectrolyss,
the regeneration percentage is only 48% at 10 °C, but reaches 80% at 46 °C. The current
effidency is dmog indegpendent of temperature under the congtant potentid mode. A high
current efficiency (ca 95~98%) can be readily achieved in the temperature range studied.
The effect of temperature on the average current dendty and average current efficiency is
summarized in Figure 3.30. It is concluded that the Fe(ll) regeneration is favored a high
temperatures, while the current efficiency isindependent of temperature.

3.3.6. Effect of Initial Ferric Concentration

The indantaneous current (I.) is a linear function of Fe(lll) concentration in the bulk
solution if the mass transfer of Fe(lll) controls the reaction rate. As dectrolysis proceeds, the
current densty gradually decreases with decressng Fe(lll) concentration in the congtant
potentidd method. Previous results have clarified that the average current dengty obtained at
the optima congant potentid is goproximately equa to the optima current dendty in the
congdant current method. If a current dendgty less than the optima vaue is gpplied, the
regeneration rete of Fe(ll) is decreased though the current efficiency remains high. On the
other hand, if a current dengity greater than the optima vaue is gpplied, the regenerdion rate
of Fe(ll) is increased, but the current density drops substantially due to the occurrence of side
reaction. Therefore, it is necessary to clarify the rdationship between average current dendty
and initia ferric concentration.

The effect of initid ferric concentration ([Fe**]o) was investigated in the range of 100 to
1000 mg/L by the congtant potentid method (E; = 0.1 V vs. SCE). Figures 3.31, 3.32 and
3.33 show the changes of regeneration percentage, current dendty and current efficiency with
dectrolyss time. Reaults indicate that the regeneration percentage is smilar for various
[Fe**]o applied. The current density exhibits a positive proportion to [Fe**]o. Above 500
mg/L, the current efficiency is dmost independent of [Fe**]o. However, below 500 mg/L, the
current density decreases with decreasing [Fe*']o.

Figure 3.34 shows the average current dendty and average current efficiency a various
initid ferric concentrations. Results clearly indicate that the average current dendty increases
linearly with incressing [Fe**]o, exhibiting a dope of 848 x 103 (A/mf)(mg/L)?, or 4.74 x 10?
(AImM)(M)? if molarity is used. This dope is a crucid factor to determine the vaue of
applied current density for a given [Fe**]o. Chou et al. (1999) reported that the initia current
efficiency was around 85-87% for an initid ferric concentration between 3000 and 10000
mg/L, but dropped to 39% at 1000 mg/L, in the eectro-regeneration of Fe(Il) by the constant
curent method. They applied a condant current density of 98 A/n? for dl feric
concentrations studied. However, it is calculated from the slope of 848 x 10 (A/mf)(mg/L)*
that the optimal current densities should be 848, 254 and 84.8 A/nt for an initid feric
concentration of 1000, 3000 and 10000 mg/L, respectively. Undoubtedly, the applied current
density of 98 A/nt is too high for al ferric concentrations investigated in their study. It
dresses the sde reaction of hydrogen gas evolution, especidly & low ferric concentrations,
Even a [Fe]o = 10000 mglL, the current efficiency they obtained (87%) is less than that
achieved in this study (ca 96% at [Fe**]o = 500 mg/L). Therefore, to achieve a high current
efficiency, the current density gpplied should be adjusted in accordance with the initid ferric
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Figure 3.31. Regeneration of Fe(ll) at various

initial Fe(lll) concentrations using the constant
potential mode: regeneration percentage.
Experimental conditions. -E; = 0.1V vs. SCE, pHp =
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potential mode: current density. Experimental
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concentration. Figure 3.34 dso shows that the average current efficiency gradualy drops as
the initid ferric concentration becomes less than 500 mg/L. The reative ggnificance of

hydrogen gas evolution depends

on the molar ratio of [H']/[Fe*]. 100 e 100

For example, the molar ratio i ' | 3+| —&— 250

(H)/[Fe*]) is 5.6 for [Fe**]o = [Fe 1, (morb) 500

100 mgl a& pH 2 The 80 | =

corresponding  average  current S

efficdency is only 74%, much < ol

lower than 96% at [Fe**]o =500 S -

mgL  (HUFET) = 11, E

However, above 500 mg/L, the e 40| ]

inteference from the dde g

reection is neglighle  The % ]
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1000 mg/L of [Fe*]o. 0= ; ; ; ;
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Figure 3.36. Oxygenation of Fe(l1) at various pH various.
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([F€**] = 500 mg/L) was carried out from pH 2 to 4 by bubbling pure oxygen gas. Results in
Figure 3.36 indicate that the Fe(ll) concentration does not change within hours, however. It is
reported by Stumm and Morgan (1981) that the half life of oxygenation d Fe(Il) is about 10°
seconds a pH < 4, and sgnificant oxygenation only occur above pH 5. This is in consistence
with our results. Silver (1993) overestimated the kinetics of Fe(ll) oxygenation. As a
concluson, the oxygenation of Fe(ll) by pure oxygen gas is negligible in the pH range
suitable for the Fenton's reagent.

3.3.8. Long-term Regeneration of Fe(l1)

Previous results indicate that in the congant potentid mode, Fe(ll) regeneration rate
decreases as eectrolyss proceeds due to the continuous decrease of Fe(lll) concentration in
the bulk solution (Figure 3.6). Though in the congtant current mode, this phenomenon was
not observed a i = 4.10 A/n? during three hours of dectrolysis (Figure 3.11), it is reedily
inferred that the current efficiency will eventudly drop a extended dectrolyss time.  The
long-term regeneration of Fe(ll) was investigated at [Fe**]o = 500 mg/L using both constant

potential and constant current modes.
Figure 3.37 shows the time-
o S T . R dependent changes of current density,
| regeneration percentage and current

[ Ng-m. e efficdency a —E. = 0.5V (vs. SCE)
12 | .-"l-:‘-!-'i':z'::’ 7] 80 for an extended eectrolysis of eight
I . hours. The potentid was chosen
because it is optimad for eectro-
gengration of HO, in addic
solutions (Matsue et al.,, 1981,
Oturan et al., 1999, Qiang et al.,
2000). Results indicate that the
1 20 current density continuoudy
] decreases with dectrolyss time, and
consequently, the regeneration  of
Fe(Il) gradudly dows down. After
75% of Fe(ll) has been regenerated,
Time (min) further regeneration becomes more
difficult. The current efficiency
changes only a little, i.e, from the
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Figure 3.37. Long-term regeneration of Fe(ll) using
constant potential mode. Experimental conditions. -

E. = 0.1V vs. SCE, [Fe*]o = 500 mg/L, pHo =2, T = initid 85% to the find 70%.
30 °C, ionic strength = 0.05M NaClO,, long-finger Figure 3.38 shows the time-
plate cathode. dependent changes of totd potentid

dop of the «cdl, regenerdtion
percentage and current efficiency at the optima current density of 4.10 A/t for an extended
dectrolyss. Reaults indicate that the current efficiency markedly drops after three hours of
eectrolyss, and correspondingly, the regeneration rate of Fe(ll) decreases. The totd potentid
drop exhibits a dight increase with time because the reduction of Fe(lll) to Fe(ll) decreases
the solution conductance.
Comparing the results obtained in both modes, it is seen that the decrease of Fe(ll)
regeneration rate is mainly due to the automatic decrease of current dengty in the condant
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potentid method; while in the S [ VNEREEA T ™1 100
congant current method, the [
decrease of Fe(ll) regeneration
rate is due to the drop of
current  efficiency. Before
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3.3.9. Comparison of Fe(I1) Regeneration from Ferric Salt and Fenton’s Sludge

The Fenton's sludge was prepared by reaction between HO, and Fe?* a a molar ratio of
1.1 a pH 3, precipitation by
adjusting pH o 8~9, and phase
separation.  The dudge was 100
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and Morgan (1981), in the hydrolyss of a ferric sdt, the hydrolysis species are in a condition
of metagtable oversaturation. Only after sanding for days or weeks, solid Fe(OH)s(s) will
precipitate. However, in the dissolution of the Fenton's dudge, the heterogeneous equilibria
exis between Fe(OH)3(s) and dissolved ferric hydroxo species.  Furthermore, the “aging”
process will convert active amorphous Fe(OH)3(s) to more stable solid modifications, such as
a-FeOOH and a-Fe,Os. Therefore, a lower pH is required for Fenton's dudge dissolution.

This is conggtent with that reported by Gnann et al. (1993) who reported that the dissolution
of Fenton’s dudge was only obtained at pH < 1.

Figure 3.39 shows the comparison of Fe(ll) regeneration from ferric nitrate and Fenton's
dudge a ferric concentrations of 2500 and 5000 mg/L, using the congtant current mode. The
current dendties applied were cdculated by multiplying the ferric concentration by the
previously determined slope of 848 x 10° (A/mP)(mglL)?, i.e, 21.2 and 42.4 A/n? for ferric
concentrations of 2500 and 5000 mg/L, respectivdly. Results indicate tha there is little
difference in Fe(ll) regeneration between the two ferric sources, except different initid pH
vaues. As long as Fe(lll) is totdly dissolved, Fe(ll) can be effectively regenerated. Results
ds imply that the i-[Fe*]o Sope determined in Figure 3.34 is well obeyed, a lesst up to
[Fe¥*]o = 5000 mg/L. The effective regeneration of Fe(ll) from Fenton's dudge proves that
the FRS is a feasble process for recycling Fe(ll). Though the regenerated Fe(ll) solution has
a very low pH vdue (< 1), it can be used to adjust the pH of influent wastewater for Fenton's
oxidation.

3.3.10. Energy consumption

The energy consumption was assessed a the initid Fe(lll) concentrations of 2,500 and
5000 mg/L, as summarized in Table 3.3. As the goplied current dengity increases linearly
with incressing [Fe**]o, the average total potentiad drop (DE) does not incresse proportionally
because of the increese of solution conductance. Results indicate that the unit energy
consumption is 2.05 and 2.96 kWh per kg Fe(ll) regenerated for [Fe**]o = 2,500 and 5,000
mg/L, respectively. Obvioudy, this energy consumption is congderably low.

Table 3.3. Assessment of energy consumption.

Initial Fe(l11) concentration (mg/L) 2,500 5,000
Current density applied (A/nT) 21.2 42.4
Average totd potentia drop (V) 4.3 6.0
Regeneration percentage (%) 65 63
Unit energy consumption (KWh/kg Fe(I1)) 2.05 2.96
Notation: effective cathode surface area= 4.88 x 10 nt,

eectrolysstime = 3 hours.

3.4. Conclusions

This paper classfied various types of Fenton's oxidation processes based on different
sources of H,O» and Fe(ll), and the processes for individua eectro-generation of H.O; or
Fe(ll). It is seen that the application of Fenton's oxidation processes is mainly limited by the
generation of iron dudge. The present study investigated the regeneration of Fe(ll) from
ferric sdt or Fenton's dudge by dectro-reduction of Fe(lll) ions for the purpose of both dose
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reduction of ferrous sdt and reuse of Fenton's dudge. The effects of operationa parameters,
such as cathodic potentia, current dendty, solution pH, cathode surface area, solution
temperaiure and initid ferric concentration, were systematicaly investigated. Based on the
experimenta results presented above, following conclusions can be drawn:

The optima cathodic potentid for Fe(ll) regeneration is -0.1 V vs. SCE, and the
average current dengity at this potentid is approximately equa to the optima current
dengity in the congtant current mode.

The suitable pH range is below the pH vaue controlled by ferric hydrolysis.

Increasing cathode surface area and solution temperature markedly incresses Fe(ll)
regeneration rate.

At the optimd potentid, the average current dendty increeses linearly with initid
ferric concentration, exhibiting aope of 8.48x10°3 (A/mf)(mg/L)™.

The maximum current efficiency achieved is 96~98%.

Fe(Il) can dso be effectively regenerated from Fenton's dudge though the dudge
dissolution requires pH < 1.

Oxygenation of Fe(I1) by pure oxygen gasiskinetically negligible a pH < 4.

The energy consumption is about 1.6 KWh per kg Fe(l1) regenerated.
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4. REMOVAL OF SELECTED POLYCYCLIC AROMATIC
HYDROCARBONS (PAHS) BY CONVENTIONAL FENTON
OXIDATION PROCESS

4.1. Introduction

Polycyclic aromatic hydrocarbons (PAHS) belong to a typical group of hazardous organic
contaminants commonly found a wade Stes. They are mgor byproducts of incomplete
therma combudtion of fossl fues. Automobile exhausts, power plants, chemicd, coke and
al-shde industries, urban sewage (Trapido et d., 1995), cigarette smoke and charcod grilled
foods (Watts, 1998) are the magor emisson sources of environmentd PAHs PAHSs are dso
found in the heavier fractions of petroleum products, eg., lubricating oils, asphdt, and tarlike
materids (Watts, 1998). Accidentd petroleum spills and lesking of underground petroleum
storage tanks can serioudy contaminate surrounding soils and groundwater with PAHs. It is
edimated that the U.S. Air Force aone needs to remediate more than 2000 petroleum
contaminated gtes (Miller, 1994). Many PAHs are known to be carcinogenic or potentialy
carcinogenic to animals and probably to humans (Menzie et da., 1992). Sixteen PAHs are
listed as the U.S. EPA priority pollutants (Keith and Teliard, 1979). The U.S. EPA has
imposed a maximum contaminant leve (MCL) for totd PAHs in drinking water at 0.2ng/L
(Sayre, 1988).

Fenton's resgent is a resction system consisting of H,O. and Fe** ion. Under acidic
conditions and in the presence of Fe**, H,O, is decomposed to hydroxyl radicad. The
hydroxyl radicd (*OH) is an intermediate species characterized by an unpaired eectron. The
one-dectron deficency of the hydroxyl radica results in its trangent and highly oxidizing
characteridics, with a redox potentid being only next to dementd fluorine (Huang & 4d.,
1993). The hydroxyl radical can nonsdectively oxidize most organic compounds as wel as
inorganic chemicas through a chain reection mechanism. The oxidation mechanism of the
hydroxyl radica was firs proposed Haber and Weiss (1934), and further clarified by Waling
and co-researchers (1970, 1975) using competitive reaction theory. Magor reactions taking
place in the system are shown as follows (Walling, 1975):

Fe*" +H,0, ® Fe* +0H +OH " | . (4.1)
H,0, +0H ® HO, x+H,0 42)
Fe* +0OH ® Fe* +OH ", ks (4.3)
RH +0H ® Rx+H,0 | (4.4)
Rx+Fe®* ® Fe?* + product (45)
Rx+Fe?* ® Fe** +R %%® RH (4.6)
R x+Rx® prOdUCt (dlma.) (47)

where,  ky =76 Mbst (Walling, 1975),
ko = 3x10® Mst (Walling, 1975),
ks = 2.7x10" M (Buxton et d., 1988),
ks = 10"-10"° M1 (Dorfman and Adams, 1973).

60



Reaction 4.1 produces hydroxyl radicds, initiating a series of chain reactions. Compared with
the reactivity of hydroxyl radical toward most organic compounds (k4), ferrous ion (k2) and
hydrogen peroxide (ks), the production rate of hydroxyl radical (ki) is very smdl. Therefore,
the overal reaction rate is dominated by Reaction 4.1. Both H,O, and Fe** compete for
hydroxyl radicals a a moderate rate constant. They are known as “scavengers’ for hydroxyl
radicds. Other common inorganic scavengers in aqueous solution include bicarbonate,
carbonate, and chloride. The organic radica produced in Reection 4.4 may be oxidized by
Fe** to regenerate Fe&?*, or be reduced by Fe?* to reform the parent compound under acid
cadyss, or dimerize at ahigh initid organic concentration.

Generdly, most organic compounds react with hydroxyl radicds a a rate congtant of
10°%~10*° M1st (Watts, 1998). The high rate constant alows target organic contaminant to
be preferably oxidized in the competitive environment. Due to the unsdective oxidetion
nature of the hydroxyl radica, Fenton's reagent has been extensvely studied as a technology
of advanced oxidation processes (AOP) for the trestment of various hazardous organic
compounds. These include but not inclusvely, chlorinated aromatic hydrocarbons (Sedlack
and Andren, 1991), phenolic compounds (Hayek and Dore, 1990), microorganism-refractory
organics in wastewater (Spencer et a., 1992), and dye wastewater Kuo, 1992). Watts and
co-researchers (1990, 1991, 1994) have used Fenton's reagent to oxidize pentachlorophenal,
octachl orodibenzo- p-dioxin and hexachlorobenzene in slica sands or natura soils.

Extensve research effort has been made to study the oxidation of PAHs with ozone
(Sturrock et al., 1963; Bailey et ., 1964; Legube et d., 1984, 1986). Mot of their
experiments were conducted in organic solvents and at high PAHSs concentrations. The
extremely low water solubility of PAHs makes the sudy of PAHSs ozonation in water
considerably difficult. Therefore, methanol, acetone and octane were frequently used as
participating solvents to increase the solubility of PAHs. However, the influence of organic
solvent on the degradation of PAHSs has not been investigated. The rate constants so obtained
may not totally reflect the oxidation behavior of PAHs in the agueous solution. Many
byproducts by the ozonation of ngphthaene and phenanthrene have been identified (Legube et
al., 1984, 1986; Sturrock et a., 1963). The degree of mineradization of PAHSis consderably
low. Fenton's reagent is amore attractive oxidation agent than ozone. It is stronger and it
does not have mass trandfer limitation. Therefore, it is expected that a higher degree of
minerdization may be obtained.

Some specific DOE dtes are dgnificantly contaminated by PAHs.  Current in-Stu
remediaion technologies include hydrodynamic or physcd barier, <olidification or
dabilization, soil vapor extraction (soil venting) and bioventing. Clearly, only the bioventing
process can destroy the contaminants. Other processes provide only temporary solutions, i.e.,
ether containment or phase transfer.  However, the bioventing process is not suitable for the
slt-laden or day soils that have a low hydraulic conductivity, eg., < 10 cm/sec (Destephen
et a., 1994). Under such circumstance, the transport of chemical species, i.e, gas, water and
nutrients, in the subsurface is gSgnificantly limited.  Therefore, innovative technologies are
urgently needed for in-Stu remediation of low permesbility soils. This has prompted us to
sudy an eectro-chemicd technology for in-Situ gpplications. The tota project integrates the
electro-kinetic process with the dectro-Fenton oxidation process. The dectro-kinetic process
removes hazardous contaminants from subsurface soils, and the followed eectro-Fenton
process decomposes the relessed contaminants in the agueous solution.  Additiondly, the
electro-Fenton process can dso be coupled with pump and treet, soil washing and soil
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flushing processes for the treatment of hazardous organic contaminants on-gte or off-gte. In
this sudy, we only focus on the degradation of sdected PAHs by conventiona Fenton
process. The optima conditions and the reection kinetics of the degradation of sdected
PAHs, namdy, naphthaene, fluorene, phenanthrene, fluoranthene, pyrene and anthracene
usng Fenton oxidation process were investigated. Severd media-asssted dissolution
methods for the preparation of reaction solutions were developed. Furthermore, the effect of
organic solvent, exemplified by methanol and ethanol, on the degradation of PAHs was dso
studied.

4.2. Materialsand Methods
4.2.1. Chemicals

All sdected PAHs, namey, ngphthdene (99.5%), fluorene (98%), phenanthrene (98%),
fluoranthene (98%), pyrene (98%) and anthracene (97%) were purchased from the Aldrich
Chemicd Company (Milwaukee, WI). They were used without further purification.
Hydrogen peroxide and ferrous sulfate were purchased from the Fisher Scientific Company
with a content of 31.5% and 98%, respectively. H>O, and FeSO, solutions were stored in
acidic conditions in a refrigerator (4 °C) after preparation. At low pH and temperature, HO-
and FeSO, can be sufficiently preserved for several weeks.

Table 4.1 ligs the important physical-chemical properties of sdected PAHs.  Naphthaene
is bicyclic; fluorene, phenanthrene and anthracene are tricyclic; and fluoranthrene and pyrene
are tetracyclic.  Furthermore, phenanthrene and anthracene are isomers. Based on water
solubility and octanol/weater partition coefficient, it is seen that al sdected PAHs ae
hydrophobic. Naphthdene has a reatively large water solubility, around 32 ppm, while dl
other PAHs have a water solubility of less than 2 ppm. The negative Henry's congtants (log)
indicate that the volailization of PAHSs is negligible  Naphthdene is semi-volatile, whereas
other PAHs are non-voldile Experimentd conditions such as vigorous dirring may facilitate
the volatilization of the semi-volatile compound, i. e, nagphthdene. We have discovered that
by dirring the ngphthalene solution with an initid concentration of 27 ppm in an open besker,
will volaize dl ngphthdene into ar within 20 minutes. Therefore, a closed reactor without
headspace is necessary for naphthalene oxidation experiments. For other nontvolatile PAHS,
volatilization is negligible even under vigoroudy girring conditions.

Table 4.1. Major physical-chemical properties of selected PAHs (Schwarzenbach et al.,
1993).

Compound Chem. Wat. Solub. @ | LogKky @25 | Log Kow @ 25
Struct. 25°C (mg/L) | °C (atm¥1?) |°C
Naphthalene 31.9 -0.37 3.36
Huorene 0Re 1.84 -1.14 4.18
Phenanthrene 1.09 -1.59 457
Anthracene 0.06 -1.64 454
Huoranthene 0.23 -1.98 5.22
oD
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Pyrene 0.13 -2.05 5.13
oo

4.2.2. Reaction System

Figure 4.1 illudrates the laboratory setup of the reaction sysem. A closed, double-
jacketed glass reactor with a totad volume of 600 mL was used to conduct oxidation
experiments.  The reactor was completely sirred. A pH controller was used to maintain
congant solution pH through intermittent additions of NaOH (1M) or HCIO,4 (1M) solutions.
Since CI' is a known hydroxyl radicad scavenger, HCIO, was used instead of HCl for pH
adjusment. Default experimenta conditions were ambient room temperature (23°C), 0.05M
NaClO4 ionic strength and pH 3, unless otherwise stated.

NaOH HCIO,

. pH controller
. Reactor

. Stir bar

. pH probe

. Sample port 2

. Stir plate P
. Dosing pump

NOoO O~ WNBRE

Figure4.1. Schematic diagram of Fenton oxidation system.

In order to evduate the effect of dosing mode on the oxidation of PAHSs, three different
dosng modes, namely, batch, pseudo-continuous and continuous modes were employed to
deliver the Fenton’s reagent into the reactor. In the batch mode, both HO, and Fe** were
gngly added at the beginning of reaction. In the pseudo-continuous mode, ether H,O, or
Fe** was sngly added a the beginning of reaction, whereas the other resgent was
continuoudy ddivered usng a fine-flowrate dosng pump. In the continuous mode, both
H,O, and Fe** were continuoudy delivered usng two separate dosing pumps.  Since the
Fenton process consists of a series of competitive reections, it is expected that the
concentrations of H.O, and Fe** will affect their ability to compete for hydroxyl radicds. As
a reault, the reaction kinetics of PAHs will be changed. Ancther congderation is the volatility
of PAHs. Naphthdene is consderably volatile under the experimental conditions. In order to
minimize its evaporaion, 600 mL solution was used with zero initid headspace. It is noted
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that the headspace would vary a little during the reaction period caused by sample withdraws
and chemicd additions  However, the volume fluctuaion is negligible compared to the
relatively large volume of the origind solution.  All rubber Stoppers were wrapped in Teflon
tape to avoid loss of organic due to adsorption onto the rubber surface. For other non-voldile
PAHs such as fluorene, phenanthrene, fluoranthene, pyrene and anthracene, 500 mL solution
was used with 100 mL reactor headspace.

4.2.3. Chemical Analysis

The sdected PAHs were firs extracted by hexane and then andyzed by gas
chromatograph with mass spectrometry (GC/MS, Hewlett Packard; GC modd 5890, MS
modd 5972). A HP-1MS capillary column (cross-linked 5% Ph Me slicon, 30m x 0.25mm x
0.25mm) was used to separate organic compounds. The extremely low water solubility of all
sdected PAHs makes chemica andyss difficult. However, PAHs can produce very sable
molecular ions under El ionization mode in the MS detector due to ther stable fused-ring
dructures.  This characteristic makes GC/MS condderably sengtive for detecting PAHS
compounds, with a detection limit of about 100 ppb. The concentrating factor of hexane
extraction is compound specific, i.e, depends on water solubility. Naphthdene, fluorene,
phenanthrene, fluoranthene, pyrene and anthracene were concentrated by 1, 2.5, 2.5, 5, 20 and
20 times, respectivdly. Prdiminary experiments show that the recovery efficiency of hexane
extraction is greater than 95% for adl PAHs studied. Chemicd oxygen demand (COD) was
determined usng a Hach spectrometer (Hach DR/2000, Loveland, CO) a an absorbance
wavelength of 420 nm. The concentrations of HO, and Fe?* were determined by measuring
the light absorbance dfter cheaing with certan resgents usng a HP diode aray
spectrophotometer (8452A) at 410nm and 510nm, respectively. H,O, chdates with titanic
ion, forming an orange complex. Fe?* chelates with 1,10-phenanthroling, forming an orange-
red complex (Standard Methods for the Examination of Water and Wastewater, 3500-Fe D,
1995).

4.2.4. Media-assisted Dissolution Methods

In order to accelerate the dissolution process of sdected PAHSs, three media-assisted
dissolution methods were investigated and compared. Phenanthrene was sdected as a mode
compound for dissolution study. Methanol, glass-beads, and hexane were separately used to
enhance phenanthrene dissolution.  Methanol, miscible with water, can easly disolve
hydrophobic organic compounds. Hexane is an organic solvent, but immiscible with water.
Glass beads (No. 50 Seve Sze) provide lage surface area for the partitioning of
phenanthrene, thus acce erate phenanthrene dissolution.

In the methanol method, 1ImL phenanthrene/methanol solution (1.5mg phenanthrene /mL
methanol) was spiked to 1L didtilled water. After vigoroudy irring for 1 hour, followed by
vacuum filtration to remove solid phenanthrene residue, the reaction solution was obtained.
All methanol remained in the solution with a volume fraction of 0.1% (about 790 ppm). In
the glass beads method, 3mL phenanthrene/methanol solution was spiked to 10g glass beads.
After methanol completdly evaporated, the glass beads with fine phenanthrene crysds
adsorbing on the surface were trandferred into 1L didtilled water. The reaction solution was
obtained by vigoroudy tirring and vacuum filtration. No methanol was detected by GC/FID
in the find solution. In the hexane method, 1ImL phenanthrenehexane solution (4.5mg
phenanthrene /mL hexane) was spiked to 1L digtilled water which was preheated to 75~80 °C.
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blank experiment is consderably dow. Figure 4.2. Phenanthrene dissolution as a
It may take weeks to obtain a nearly function of time by different methods.

saiurated solution.  However, both glass beads and hexane can ggnificantly enhance the
disolution rate of phenanthrene. After 2 hours, a relaive concentration of 85% can be
obtained in both methods. In the hexane method the successve vacuum filtration is very fag,
while in the glassbeads method the filtration is very difficult because the broken glass
fragments severely clog up the filter paper (0.45 nm).

Based on above reaults, hexane is a better medium for preparing PAHs solutions than
glass beads. In our experiments, dl PAHs solutions without organic solvent were prepared by
the hexane method. Meanwhile, the methanol method is suitable for preparing
PAHSmethanol (andogoudy PAHSethanol) solutions when invedtigating the influence of
organic solvent.

4.3. Results and Discussion
4.3.1. Effect of pH

The effect of pH on the oxidation of
naphthalene was evduated a pH 2, 3,
5 9 and 12 with continuous dosing 80
mode. Results in Figure 4.3 show that
the optima pH vaue is around 3. In
basc  conditions, the  oxidation
efficiency decreases dramaticaly. It is
wel known that the solubility of both !
Fe’* and Fe** ions decreases markedly 20
as pH increases. Moreover, a high pH [
vaues Fe#* may be readily oxidized to o [ Sm— L .
Fe** by dissolved oxygen and loses its 0 5 10 15
cadytic ability. Ancther posshility is Time (min)
tha H.O, may be ungable a dkdine Figure 43. Effect of pH on oxidation of

pH values. However, our previous naphthalene. Experimental conditions:
continuous dosing mode, H,O, dosing rate =
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results (Figure 2.5) show that HO, sdf-decomposition can be ruled out as a possible reaction
dep in such a short reaction time (15 min). Therefore, the low efficiency of Fenton's reagent
a dkaine pH vaues can only be attributed to insufficient soluble iron(ll) in the solution. 1t is
adso noted that the oxidation efficiency decreases again a pH 2. In highly acidic conditions,
the aromatic radicds generated by the hydroxyl radical (Reaction 4.4) may be reduced by
Fe?*, and then under acid catalysis reform the parent compound (Resction 4.6). Therefore,
less substrate is decomposed.

Schumb (1949) reported that the decompostion rate of HO, reaches the maximum a pH
35. With the progressve hydrolyss of feric ions, the hydrolyss product provides a
rativdy large cadyticadly active surface for contact with HyO. Therefore, the
decomposition of HO- is accelerated, and more hydroxyl radicas are produced. Waitts et al.
(1990) dso pointed out that the Fenton's reaction proceeds most effectively at pH 24. The
acidic condition maintains iron sability and lowers the redox potentid of the system, which
promotes the most efficient generation of hydroxyl radicas (Waits et al., 1990). Latt et al.
(1999) investigated the effect of pH on the pseudo-fird-order rate constant (Kons) for the initid
rate of decomposition of HO, by Fe (II1). His results indicate that ks reaches the maximum
a pH 3.2, which is approximately 100 times that at pH 1, and 5 times that & pH 2. Therefore,
the optima pH vaue for the Fenton’ s reagent oxidation is generdly around pH 3.

4.3.2. Degreeof Mineralization
The chemicd oxygen demand (COD) 100

is used as an indicator for the degree of

mineralization. The COD removd a0 | 7
efficency versus naphthalene

degradation is shown in Figure 44. It :

should be mentioned that both HO, and 5 °° i
Fe’* can be oxidized by potassum .

dichromate, thus exerting a cettain 3 40|

amount of COD. The corresponding

COD eguivalence is 0471 mg O, / mg 20 oD Removal
H.O, and 0.143 mg & / mg Fe?*. The —

COD removd efficiencies in Figure 4.4 Y YA N I R
have been corrected by subtracting the 0 10 20 30 40
contributions from H,O, and Fe”. Time (min)

Reaults indicate that most of ngphthaene Fiaure 44. D removal vs naphth
cen be oxidized to carbon dioxide and deglrjagation. =0 Exsg?mzlntals ggn;it?o?sf
water. The COD remova rae lags continuous dosing mode, H,O, dosing rate =
behind the naphthaene degradation rate 1.16x10* M/min, Fe’* dosing rate = 1.16x10™
due to the formaion of reaction M/min, Congph = 020 mM, ionic strength =

intermediates. It adso means tha the 0.05M NaClO,,

intermediates are less reective and

possibly refractory toward hydroxyl radicds. When naphthaene is completely oxidized, only
50% COD is removed. The COD remova efficency increases further when additiond
Fenton's reagent is added. The fina degree of minerdization is around 85%. There is ill
15% COD remaining in the solution that can not be further decomposed under the current
experimentd conditions.
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4.3.3. Effect of Dosing Mode

The Fenton oxidation process is a competitive reaction sysem.  Taget organic
contaminant, H.O, and Fe?* al compete for hydroxyl radicdls. The dosing mode determines
the time-dependent concentrations of H,O, and Fe™, thus affecting the oxidation kinetics of
the target organic compound. If HyO, is gngly added, there is an excess amount of HyO»
initily which will significantly compete for hydroxyl radicds —Likewise, if F&** is sngly
added, the excessve Fe&?* will sgnificantly compete for hydroxyl radicds during the initia
phase of reaction. By comparing the second-order rate constants of HO, (2.7x10° M1st)
and F&#* (3x108 M1s?) toward hydroxyl radicas, it is seen that Fe?* scavenges hydroxyl
radicals approximately 10 times fagter than H,O-.

Figures 4.5, b, ¢ show the oxidation of ngphthalene with reaction time a various dosages
of H,O, and Fe?* in the baich dosing mode. Results indicate that the degradation rate of
naphthalene increases as dther O, or Fe** dosage increases. The reaction is o fast that it is
completed within one min. Extended reection time has no dgnificant effect on the further
degradation of ngphthalene. Figure 4.5d plots the remova efficiency of naphthdene vs. HO,
dosage. It is seen that al naphthalene can be removed a HO, dosage of 2x10° M and Fe?*
dosage of 1x10° M.

Fgure 46 summaries the oxidation kinetics of fluorene usng various dosng modes, i.e,
batch, pseudo-continuous and continuous modes. The total dosages d hydrogen peroxide and
ferrous ion were maintained constant in al modes, i.e, 7.92x10* M and 9.9x10° M
([H202)/[FE¥*]=8:1), respectivdly. Results dlearly indicate that the oxidation kinetics varies
significantly with different dosing modes.

In the batch mode, the largest initid oxidetion rate of fluorene is observed. Since both
H,0O, and Fe?* were singly added at the beginning of reection, most of hydroxyl radicas were
generated during the initid reaction period. This results in about 90% of fluorene remova
within the fird minute. The solution became cloudy brown immediatdly, suggesting the rapid
oxidation of ferrous to ferric ion by both hydrogen peroxide and hydroxyl radicds. As
ferrous ion disappears quickly, the production of hydroxyl radicas dramaticaly decreases.
Only additiond 10% naphthdene is oxidized in the next 5 minutes. So, the batch mode is
characterized by a rgpid initid organic remova followed by a much dower successve
removad. This characteridic is adso digplayed in the oxidation of ngphthdene as above
mentioned.

In the pseudo-continuous mode, either HO, or Fe** was batch dosed while the other was
continuously dosed. Results show that the oxidation kinetics differs markedly. When HO- is
batch dosed, the oxidation rate lags behind when Fe&** is batch dosed. The rate then reverses
as reaction proceeds. The excessve Fe** initidly present in the bach F&®* dosing mode
effectively produces hydroxyl radicds, then as Fe&** becomes rapidly depleted, the reaction
rate is dowed down. In contrast, in the batch H,O, dosng mode, hydroxyl radicds are
gradudly produced and consumed. The dower reection rate of H,O, toward hydroxyl
radicds makes dgnificant amount of resdud H.O, avalable throughout the course of
reaction. Therefore, the latter system exhibits a better organic removd efficiency.

In the continuous mode, the production rate of hydroxyl radicas was the dowest since
both KO, and Fe?* were continuoudy added. The competition from the Fenton's reagents is
minimized. H,O, and Fe* are avalable throughout the course of reaction with hydroxyl
radicas being continuoudy produced. The rdatively dow reection is compensated by its high
remova efficiency.
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Figure 45. Oxidation of naphthalene in batch dosing mode: (a) [Fe?'] = 2.5x10* M; (b)
[Fe?] = 5x10% M; (o) [Fe*'] = 1x10° M; (d) removal efficiency vs. H,O, dosage.
Experimental conditions: Copaph = 0.17~0.22 mM, pH = 3, ionic strength = 0.05M NaClOj.
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It should be mentioned that 100
most researchers preferred to using
the  pseudo-continuous  mode, 80 ft
specificaly, batch Fe?* dosing and '
continuous H,O, dosng. Results
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Theintringc reaction kinetics Figure 4.6. Effect of dosing mode on the oxidation
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by a second-order expron' ionic strength = 0.05M NaClO;.

d[RH]
=g = KinRHIDOH] (4.8)

where, RH represents organic substrate and kin; is the second-order intringc rate congant.
Most ki, data have been supplied by radiation chemists (Wadling, 1975). In contrast to most
other oxidants, reactions of hydroxyl radicals with organic compounds containing unsaturated
dructures, such as double bonds and aromatic rings, generaly proceed with rate congtants
approaching the diffusion-controlled limit (~10'°M™s1). Many researchers (Sedlak and
Andren, 1991; Dong, 1993; Huang et al., 1993) observed pseudo-firs-order reaction kinetics
for the oxidation of organic substrates by the Fenton's reagent, with baich Fe?* dosing and
continuous H»O, dosing. In those cases, a steady-dae assumption for hydroxyl radicals can
be gplied to the reaction sysem. Since the concentration of hydroxyl radicas remans
congtant during the course of reaction, one can obtain a pseudo-fird-order kinetic expresson
(Equation 4.9) by transforming Equetion 4.8:

_Mzk [RH] (4.9

obs

kobs; = kint[OH] (410)

From Equation 4.10, it is clear that the observed rate constant, kys depends on both ki and
the concentration of hydroxyl radicals. Though k. is very large, ks is rdaively smdl due to
the extremely low concentration of hydroxyl radicds in the reection sysem. In naurd water
sysems, hydroxyl radica is produced by photolyss of nitrate ions (Schwarzenbach et d.,
1993). Its concentration usudly ranges from 10'® to 10'® M. From the viewpoint of
engineering application, Kgps is more meaningful than ki since hydroxyl radica concentration
varies markedly with different reaction systems.

However, the concentration of hydroxyl radicas is no longer condant in the continuous
dosing mode since both HO, and Fe?* are continuoudy supplied to the reactor. Either HO;
or Fe?* must accumulate in the solution, thus incressing the generation rate of hydroxyl
radics. This in turn increases the concentration of hydroxyl radicas in the reaction solution.
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According to Reaction 4.1, the 8

generation of hydroxyl radicds follows -
firg-order with respect to H,O, and | TR -
Fe**, individudly. By smultaneoudy ' W40

measuring the concentrations of H,O»
and Fe?™ a different reaction times in
the fluorene oxidation experiments, we
can achieve usful kinetic informeation.

[H O] [FE] (10° M)
N

Figure 4.7 indicates that a& a molar ratio . 110010 xt
([H202)/[Fe?™]) of 4:1, the O 0080 )
concentration of F&*  remans 2

constantly low (3.0~3.5x10°M) during _

the course of reaction, while the / o—90—0—9—0—=
concentration of H,O, increasss o= — —

: . . . . 0 2 4 6 8
linearly with the reection time (Figure o

47insert: Cypo, = 119" 104" t,R = Figure 4.6. Concentration change of HO, and Fe** as

; ; a function of reaction time in the oxidation of fluorene.
0.989). The IIUea’ increment of H>0, Experimental conditions: H,O, dosing rate = 1.32x10™
concentration will - have _the effect of M/min, Fe®" dosing rate = 3.3x10° M/min, Co = 9.5 m,
increasing  the generdtion rate  of ionic strength = 0.05M NaClO,.
hydroxyl radicdls. Therefore, we
agpproximate that the concentration of hydroxyl radicds increases as a linear function of

reectiontime, i.e,, [oH ] =at. After subdtituting this equation into Equation 4.8, one gets.

d[RH
(9T e tRH] (4.11)
By merging a and ki, and integrating Equation 4.11, one obtains
[RH]=[RH 1o &xp(- Kopd*) (4.12)
a = 2Kgpe! Kint (4.13)

where, a is the dope of the concentration increment of hydroxyl radicas (Mxnint), kys is the
observed rate congtant (min?), and [RH]o is the initid concentration of organic substrate (M).
The vaue of Keps Can be computed by modd fitting of experimental data, and k. is available
in literatures. Thus, the dope a can be cdculated from Equation 4.13. Consequently, the
concentration of hydroxyl radicas can be cdculated a any reaction time. Equation 4.12 can
be rewritten in a more common form, i.e,C = Cyexp(- ko,d?). This "time-squared" kinetic
expresson is used to fit our experimenta data.

The results of naphthaene, fluorene, phenanthrene, fluoranthene, pyrene and anthracene
oxidation a various [H2O)/[F€’'] molar ratios are shown in Figures 4.7~4.12. For the
oxidation of ngphthdene (Figure 4.7), 600mL solution was used without initid headspace.
The dosage rate of H,O, was constant at 1.16x10“ M/min. The dosage rate of Fe&** was
adjusted accordingly as to obtain the desired [H.O,]/[F€?'] molar ratios ranging from 1:1 to
1:1/16. For the oxidation of fluorene (Figure 4.8), phenanthrene (Figure 4.9), fluoranthene
(Figure 4.10), pyrene (Figure 4.11) and anthracene (Figure 4.12), 500 mL solution was used
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Figure 4.7. Oxidation of naphthalene in
continuous dosng  mode. Experimental
conditions. H,O, dosing rate = 1.16x10* M/min,
Fe?* dosing rate = varying, ionic strength = 0.05M
NaClQy, pH = 3, 600mL solution, Conaph = 190~230
mMV. Symbols. experimental data; lines. "time-
sguared” modd fitting.
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Figure 4.9. Oxidation of phenanthrene in

continuous dosing mode. Experimental conditions:
H,O, dosing rate = 1.32x10* M/min, Fe?* dosing
rate = varying, ionic strength = 0.05M NaClOy, pH
= 3, 500mL solution, Cpphen = 4.3~5.2 mM.
Symbols: experimental data; lines. "time-squared”
model fitting.
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Figure 4.8. Oxidation of fluorene in continuous
dosng mode. Experimental conditions. H,0,
dosing rate = 1.32x10* M/min, Fe** dosing rate =
varying, ionic strength = 0.05M NaClOy, pH = 3,
500mL solution, Cyfr = 8.3~10.2 mM. Symbols:
experimental data; lines: "time-squared” mode
fitting.
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Figure 4.10. Oxidation of fluoranthene in
continuous dosing mode. Experimental conditions:
H,O, dosing rate = 1.32x10* M/min, Fe** dosing
rate = varying, ionic strength = 0.05M NaClOy4, pH
= 3, 500mL solution, Cpfiyoran = 0.86~0.96 mM.
Symbols. experimental data; lines. "time-squared”
modéd fitting.
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Figure 4.11. Oxidation of phenanthrene in

continuous dosing mode. Experimental conditions:
H,O, dosing rate = 1.32x10* M/min, Fe?* dosing
rate = varying, ionic strength = 0.05M NaClOy, pH
3, 500mL solution, Cp pyr = 0.64~0.69 mM.
Symboals. experimental data; lines: "time-squared"
mode fitting.
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Figure 4.12. Oxidation of fluoranthene in

continuous dosing mode. Experimental conditions:
H,O, dosing rate = 1.32x10* M/min, Fe?* dosing
rate = varying, ionic strength = 0.05M NaClOy, pH
3, 500mL solution, Co, anth = 0.20~0.34 mM.
Symboals: experimental data; lines. "time-squared”
modd fitting.
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Figure 4.14. Plot of ks Versus [Fe**]/[RH], for
oxidation of fluorene, phenanthrene  and

fluoranthene.

Figure 4.13. Plot of ks Versus [Fe?*]/[RH], for
oxidation of naphthalene.
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with 100mL headspace. H.O, dosage was maintained a 1.32x10*M/min. Results indicate
that as H,O, dosage remains condtant, the reaction rate increases with increasng dosage of
Fe’*. In these figures , the symbols represent experimentd data points, while the lines
indicate the modd fitting results usng the "time-squared” kinetic equation. All experimentd
data in the continuous mode can be wdl fitted by the "time-squared’ modd, especidly a high

Fe?* dosages.

Figures 4.13, 414 and 4.15
aummaize the kgys vaues of oxidation 6 [T
of sdected PAHs a vaious Fe* i ]
dosages. Due to the high ST .
hydrophobicity of sdected PAHSs, the :
initiad  concentration of each reaction 41

olution vaied a litle which would
omewhat affect the Kkgs Vvaues
Therefore, a plot of Kkeps agang

(min’®)

obs

[Fe']/[RH]o, is preferred to [Fe’']. 2r —®—rpyrene |7
Resallts indicate that the Kons increases I —— Antnracene
with increesing ratios of [FE**)/[RH]o. 3 ‘
As the dosage of Fe?* increases, more W
hydroxyl radicals ae compeitively 00 100 200 300 400 500 600 700
consumed by Fe?*. As a consequence, .

the increment of Keps Sows down at [Fe V/[RH] (M/M-min)

high raios of [FE')/[RH]o.  The
intringc rate constant of PAHs toward
hydroxyl radicas is about 10'° Mts?
(Watts, 1998). From the kyps, One can
cdculate the a vaues via Equation 4.13, and then the time-dependent concentration of
hydroxyl radicals usng the linear equeion, [OH]=at. For example, in the naphthaene
oxidation experiments the concentration of hydroxyl radicals ranges from 2.1x10*% to 2.8x10°
12'M at the end of the reaction. Compared with naturd water systems (108 to 10°1°M), it is
cler that the Fenton oxidation sysem generates hydroxyl radicds more effectively by a
factor of 4 to 5 orders of magnitude.

In order to compare the eaction rate congants of sdected PAHS, the solution containing
fluorene (Cp = 0.24nM), phenanthrene (Co = 0.30mM), fluoranthene (Co = 0.26nmM), pyrene
(Co = 0.29nM) and anthracene (Cp = 0.31nM) was prepared with a nearly identicd
concentration for each compound. Figure 4.16 shows the degradation of selected PAHs with
reection time. Experimenta daa are fitted by the "time-squared” kinetic modd. The Kops
vadues obtained by modd fitting are compared in Figure 4.17. Reaults indicate that
anthracene exhibits the largest kops VAue, which is aout 4.5 times that of fluorene. The
obsarved rate condants differ from different PAHs and follow the order: fluorene <
phenanthrene < fluoranthene » pyrene < anthracene. It is noted that the order of rate congtant
reverses the order of water solubility. It has been reported that various PAHs compounds
vary consderably in ther reactivity toward ozone (Bailey, 1988). For example, the order of
reection rate of some PAHs compounds with ozone follows anthracene > pyrene >
phenanthrene (Razumovskii and Zakov, 1971). This is in agreement with our results. Since
both ozonation and Fenton oxidation are among AOP processes that in principle use hydroxyl

Figure 4.15. Plot of ks Versus [Fe*']/[RH], for
oxidation of pyreneand anthracene.
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radicals as the major oxidant, these results are comparable.
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Figure 4.16. Degradation of selected PAHs with Figure 4.17. Comparison of kg,s for degradation
reaction timein one solution. of selected PAHSs.

4.3.5. Effect of Organic Solvent

As described @bove, the mgority of PAHs oxidation experiments were caried out in
organic solvent or in water/organic solvent mixture. However, the effect of organic solvent
on the oxidation of PAHs has not been reported. Moreover, organic solvents are frequently
employed to enhance the desorption of hydrophobic organic compounds, eg., PAHs and
PCBs from soil paticles in pump and treaet, soil flushing and eectro-kinetic processes
(Khodadoust et al., 1999, Raghavan et al., 1991; Walker et al., 1998; Atday et al., 1996).
Since the Fenton oxidation process can be integrated with any of the above processes as a
means to destroy hazardous organic contaminants onSte or off-dte, the effect of organic
solvent should be investigated. Oxidation of sdlected PAHs experiments were caried out
éther in the presence or in the absence of methanol (0.1% volume fraction).

Figure 4.18a shows the degradation of fluorene at various dosages of Fe?* in the presence
of methanol. H,O, dosage rate is maintained constant, i.e,, 1.32x10* M/min. Results indicate
that Fe’* dosage does not exert notable effect on the degradation rate of fluorene. At the end
of reaction, the normaized concentrations of resdud fluorene are al in the lange of 66~74%,
though F&** dosage changes by 16 times. The optimum molar ratio of [H.O,]/[Fe?"] is about
81. Figure 4.180 shows the oxidation of fluorene a various H,O, dosage rate, while Fe**
dosage rate is maintained congtant, i.e, 6.6x10° M/min. The degradation rate is substantialy
enhanced as H,O, dosage increeses.  The maximum remova efficiency achieved is about
25% a the molar ratio of 81. Smilar to Figure 4.18a the degradation rate of fluorene
decreases when the molar ratio exceeds the optimum vaue. It is seen that in order to achieve
a high degradation rate, it is necessary to smultaneoudy increase both H,O, and Fe** dosages
while mantaining the optima molar raio. Fgure 4.18c shows tha a the optimum molar
ratio of 8:1, the degradation rate increases sgnificantly with increesng H,O, dosage. At the
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Figure 4.18. Oxidation of fluorene in the presence of methanol: (a) HO, dosing rate = 1.32x10™
M/min, Fe?* dosing rate = varying, Gonr = 12.2~13.3 mM; (b) HO, dosing rate = varying, Fe?* dosing
rate = 6.6x10° M/min, Coq, = 10.8~12.7 mM; (¢) [H202)/[Fe?] = 81, Copr = 9.6~12.7 mM.
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Experimental conditions: Co methanol = 24.7 mM, pH = 3, ionic strength = 0.05M NaClO,.

75



100 L B S s B B B 100
A [HO, 1/ (Fe’ ] [H,0,] —— 132
90 I© —— .1 n 80 [ (10 M/min)
- —W—a1:12 | L
[ ——1:1/4 1 = B
= 8o[ —a—:s ] S 60[ .
s - —v—a1:116 4 ° L
o I i o L ]
(@] 70 I . 40 i
60 5 —: 20[ .
B 1 L | | |
50 PR S S S A S T S T N S SR SR R R S S S 0
0 20 40 60 80 0 20 40 60 80
Time (min) Time (min)
@ (b)
Figure 4.19. Oxidation or phenanthrene in the presence of methanol: (a) H,O, dosing rate =
1.32x10™ M/min, Fe** dosing rate = varying, Cophen = 5.08~6.66 mM; (b) [H20,]/[Fe*] = 4:1, Cophen
= 5.08~5.54 mM. Experimental conditions. G methanol = 24.7 mM, pH = 3, ionic strength = 0.05M
NaClO,.
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Figure 4.20. Oxidation of fluoranthene in the presence of methanol: (a) H,O, dosing rate =
1.32x10* M/min, Fe** dosing rate = varying, Gofiuoran = 1.13~1.47 mM; (b) [H,O,]/[Fe*] = 8:1,
Cofluoran = 1.16~1.45 mM. Experimental conditions. Co methanol = 24.7 MM, pH = 3, ionic strength =
0.05M NaClQ;.
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Figure 4.21. Oxidation of pyrene in the presence of methanol: (a) HO, dosing rate = 1.32x10™
M/min, Fe** dosing rate = varying, Copr = 0.56~0.69 mM; (b) [H,O.)/[F€’"] = 41, Copy =
0.69~0.73 mM. Experimental conditions. G methanol = 24.7 mM, pH = 3, ionic strength = 0.05M

Na.C|O4

H,O, dosage of 10.56x10* M/min, 4l
fluorene can be degraded. Figures 4.19,
4.20, 4.21 and 4.22 show the degradation of
phenanthrene,  fluoranthene, pyrene and
anthracene at various dosages of H,O, and
Fe®* in the presence of methanal,
repectively.  The rexults are dmilar to
those obtained in the oxidation of fluorene.
Figure 4.23 compare the degradation
efficiencies of fluorene in three different
media water, water/methanol and
water/ethanal. In the water medium,
fluorene can be effectivdy oxidized. All
fluorene is removed within 6 minutes.
However, in the presence of methanol or
ethanol, the remova efficiencies decrease to
30% and 35%, respectively, even dfter 1
hour of reaction. It is obvious tha methanol
or ehanol ggnificantly inhibits  fluorene
oxidation due to their srong compstition for
hydroxyl radicds. Wadling et d. (1970)
invedtigated the oxidation of dcohols
(methyl, ethyl, isopropyl acohols) by the
Fenton's reagent, and found that dl the
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Figure 4.22. Oxidation of anthracene in the
presence of methanol: (a) H,O, dosing rate =
1.32x10* M/min, Fe** dosing rate = varying, Co antn
= 0.22~0.27 mM. Experimental conditions
Comethanol = 24.7 mM, pH = 3, ionic strength =
0.05M NaClO;.

sdected dcohols can be oxidized by hydroxyl radicals. They reported that the rate congtants



of methanol and ethanol are 1.2x10°
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and 2.1x10° M™ts?l  respectively
(Waling, 1970). In this study, the
initid  concentration  retios  of
methanol/fluorene  and ethanol/
fluorene range from 2,000 to 2,500.
| Though methanol and ethanol ae
= less reective than fluorene, they are
] able to capture most of hydroxyl
radids due to ther  high
concentrations. Figure 4.23 dso
indicates that methanol is a stronger

0 ' hydroxyl radica scavenger

° 10 20 %0 40 %0 o0 compared with ethanol. Therefore,
Time (min) the oxidation of fluorene is inhibited

Figure 4.23. Effect of alcohol on the oxidation of more sverey n the water/methanol
fluorene; (b) effect of fluorene on the oxidation media than in the waer/ethanol
of alcohol. Experimental conditions. H,O, media The effect of fluorene on he
dosing rate = 1.32x10* M/min, Fe** dosing rater oxidation of methanol or ethanol

= 1.65x10° M/min, pH = 3, ionic strength =

0.05M NaClO;.

was aso evauated. Figure 4.24 shows
that fluorene exerts very little effect on the
oxidation of methanol or ethanol. At the
reection time of 60 minutes, 87%
methanol and 91% ethanol, respectively,
reman in the reaction solution. The low
oxidation efficiency can be atributed to
the low molar ratio of [H>O,]/[CH3OH] or
[HzOz]/[CHgCHon], which is only about
1:3. In order to oxidize methanol and
ehanol more efficiently, a higher molar
ratio of H,O, to methanol or ethanol is
needed, usualy greater than 10:1.

Since organic solvent exerts sgnificant
influence on the degradation of PAHS, the
rate congtants obtained in the presence of
organic solvent mugt be much smdler than
those obtained in the water medium only.

4.4. Conclusions
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Figure 4.24. Effect of fluorene on the oxidation of
alcohol. ExPerimental conditions: H,O, dosing rate
= 1.32x10* M/min, Fe** dosing rater = 1.65x10°
M/min, pH = 3, ionic strength = 0.05M NaClQO;.

Fenton's reagent can effectivdly degrade dl sdected PAHS, i.e, ngphthdene, fluorene,
phenanthrene, fluoranthene, pyrene and anthracene. The optimd pH vadue is pH 3. The
extent of minerdization exemplified by naphthdene is around 85%. A "time-squared” kinetic

model, C =Cyexp(-kypd?), can be used to describe the degradation kinetics of sdected
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PAHSs in the continuous dosng mode. This modd assumes that the concentration of hydroxyl
radicas increases linearly with reaction time. The observed rate constant, Kops, follows the
order: fluorene < phenanthrene < fluoranthene » pyrene < anthracene, which reverses the
order of waer solubility. Methanol or ethanol significantly inhibits the degradation of PAHs
by competing for hydroxyl radicas.
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5. REMOVAL OF SELECTED CHLORINATED ALIPHATIC
HYDROCARBONSBY CONVENTIONAL AND ELECTRO-FENTON
OXIDATION PROCESSES

5.1. Introduction

Chlorinated diphatic hydrocarbons (CAHs), commonly used as indudrid solvents, are a
sgnificant category of hazardous organic compounds. Chlorination has become a widespread
indugtrid  practice because it yiedds compounds of lower flammability, higher dengty, high
viscogty, and improved solvent properties compared to non-chlorinated solvents (Watts,
1998). In the 1970s, 46.5% chlorine gas was used for the production of chlorinated organic
compounds in the United States (Higgins, 1989). Chlorinated solvents are mainly used for
degreasng and cleaning a large range of products, from machine parts to computer chips.
Tetrachloroethylene is one of the most stable species of the chlorinated aiphatic solvents due
to its totd chlorination dtatus. Its primary gpplication has been in dry cleaning. About 80%
of the deaning indugtry uses tetrachloroethylene.  Trichloroethylene is an excdlent solvent
for a large number of naturd and indudtrid materids. It is moderately toxic, nonflammable,
and dowly oxidized. Trichloroethylene has greatest use in the vapor degreasing of fabricated
metal parts (Higgins, 1989). Chloroform has been used most frequently as a dry cleaning spot
remover and for cleaning and degreesng machine and engine pats. Other applications
include indudria intermediates, insecticides, and the purification of vitamins. Although these
compounds are highly volatile, they can dso migrate through the subsurface. The properties
of chlorinated solvents that make them mobile in groundwater systems include high densty,
relatively high water solubility, and low biodegradability (Waits, 1998). A survey of 7000
wells conducted in Cdifornia from 1984 to 1988 showed that approximately 1500 of which
had detectable concentrations of organic chemicas present. The most common chemicds
detected were chlorinated hydrocarbons such as tetrachloroethylene, trichloroethylene,
chloroform, 1,1,1-trichloroethane, and carbon tetrachloride (Mackay, 1990). In addition, at
National Priorities Lig (NPL) stes the contaminants that are most frequently found include
trichloroethylene (42%) and tetrachloroethylene (28%) (ATSDR, 1989). As a redult,
chlorinated diphatic hydrocarbons such as TCE are liged among the eight mgor classes of
priority pollutants by the U.S. EPA (Keith and Tdliard, 1979).

This study investigated the degradation of four CAHs, namely, tetrachloroethylene (PCE),
trichloroethylene (TCE), 1,1-dichlorowthylene (DCE) and chloroform by Fenton oxidation
process. The conventional Fenton process was fird employed to determine the optima
conditions and reaction kinetics. Since we have dready clarified the optima operationd
conditions for the dectro-generation of H,O, and dectro-regeneration of Fe?*, the dectro-
Fenton oxidation process was used to degrade PCE and TCE in aqueous solutions.

5.2. Materialsand Methods
5.2.1. Chemicals

PCE (ACS reagent grade, 99%), TCE (spectrophotometric grade, 99.5+%), DCE (ACS
reegent grade, 99%) and chloroform (HPLC grade, 99+%) were bought from Aldrich
Chemica Company. Hydrogen peroxide (ACS reagent grade, 31.5% w/w solution) and
ferrous sulfate (ACS reagent grade, 98%) were bought from Fisher Scientific Company.
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Table 1 summarizes the mgor physica-chemical properties of sdected CAHs. It is seen
that PCE, TCE and DCE have an unsaturated double-bond structure, and both the water
solubility and the wvepor pressure increese with descending degree of chlorination.
Chloroform has a saurated and highly chlorinated structure.  Its water solubility is the
highest, while its vapor pressure is between those of TCE and DCE.

Table5.1. Major physical-chemical properties of selected CAHs(Schwar zenbach et al.,
1993).

Properties PCE TCE 1,1-DCE Chloroform
Molecular
Structure CClL=CCl, CHCI=CCl, CH,=CCl, CHCls
Molecular
weight 165.8 131.5 97.0 1194
Water soluility
Vapor pressure
LogK ow @ 25°C 2.88 242 2.02 1.93

The CAHs were dissolved by didilled water in a glass flak. The flask was seded by
parafilm to prevent the lesking of organic vagpor since al sdected CAHs ae highly voldile.
The gock solutions of H,O, and FeSO, were prepared weekly and stored in refrigerator.
Sulfuric acid was added into these stock solutions because an acid condition retards the
decomposition of H,O, and the oxidation of Fe?* to Fe>".

5.2.2. Reaction System

The reaction system was same as used for the oxidation of PAHs (Figure 4.1). Since the
sdected CAHs are highly volaile, 600mL of reaction solution was used for experiments so
that there was no headspace left in the reactor. Default experimental conditions were ambient
room temperature of 23°C, 0.05M NaClO4 of ionic strength and pH 3, unless otherwise stated.
It should be pointed out that perchloric acid (HCIO4) was used for pH adjustment instead of
chloric acid (HCl). There are two consderations. () chloride ion is a hydroxyl radica
scavenger, and (b) HCl interferes with the andysis of chloride ion which is released from the
dechlorination of sdected CAHs. Three dosing modes, i.e., batch, pseudo-continuous and
continuous modes were evauated for the oxidation efficiency of selected CAHs.

5.2.3. Chemical Analysis

All sdected CAHs were andyzed by GC/ECD (Hewlett Packard, 5890, Series Il) with
nitrogen carier gas (grade 5). An HP-5MS capillay column (crosdinked 5% Ph Me
Silicone, 30m x 0.25mm x 0.25mm film thickness, HP part No. 19091S-433) was used for
organic separation. Oven temperature was held a 50 °C for 5 minutes for each sample
andyss. A condant temperature reduces the anayss time.  Other instrumental conditions
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were GC injector temperature of 250 °C, ECD detector temperature of 300°C, column head
pressure of 18 pg, and atotd flow rate of 80 mL/min.

The concentrations of H,O, and Fe** were determined with a diode array
spectrophotometer (Modd 8452A, Hewlett Packard). Their andyss methods were described
previoudy (Sudoh et al., 1985; Tamura et al. 1974). Chloride concentration was determined
uing a chloride-selective eectrode (Modd 94-17B) coupled with a reference eectrode
(Model 90-02) from Orion Research Inc. The two eectrodes were connected to a pH meter
(Corning Company, Mode 125), and the potentials were recorded.

5.3. Resultsand Discussion
5.3.1. Conventional Fenton Oxidation Process
5.3.1.1. Effect of Dosng Mode

(a) Batch Dosing Mode

In prectice, batch reactors are usudly employed for wastewater trestment by Fenton
oxidation process. Wastewater compositions vary greetly, and reaction time in batich mode
can be eadly extended to meet the requirements of discharge regulations. Batch systems have
such advantages as very tolerant, easy to manage, and smple to modd. In the batch mode,
both H,O, and Fe** stock solutions were singly delivered into the reactor.

PCE was chosen as the mode compound to evaluate the reaction efficiency of batch
dosng mode. Figure 5.1 shows the oxidation of PCE in the batch mode a various dosages of
Fe’* while H,O, dosage is maintained constant.  Figure 5.1a plots the normalized
concentration of resdual PCE vs. reaction time. Results indicate that the reaction proceeds
rapidly, i.e, within 05 minutes. Extended reection time has little effect on the further
degradation of PCE. At a constant H,O, dosage, the degradation rate increases significantly
with increasing dosage of F&**. A complete remova is achieved a the HO, dosage of 4.24
mM and the F&** dosage of 212 mM. The molar raio of H,O, to PCE for a complete
remova is approximately 10:1. Figure 5.1b shows PCE remova efficiency vs. Fe?* dosage.
Results indicate that above the molar ratio (Fe?*/PCE) of about 5:1, dl PCE is removed.
Figure 5.1c shows the change of H,O» concentration as a function of reection time. In
accordance with Figure 5.1a, it is seen that the decompostion of HO, stops immediately after
the reaction is initiated. Extended reaction time will no longer decompose H>O» notably. The
decomposition rate of HO, increases with increasing dosage of F&** as expected. The change
of Fe?* concentration with reaction time is shown in Figure 5.1d. Results indicate that al Fe?*
is oxidized to Fe** below the Fe?* dosage of 4.24 mM. It is obvious that the rapid depletion of
Fe’* terminates the chain reections of hydroxyl radica, and as a consequence, no further
decomposition of PCE and HO, can be achieved after the Fe?* is used up. Though Fe* is
commonly conddered as a cadys for the Fenton oxidation process, its cataytic ability is
negligible if it can not be effectivdly generated. Results aso indicate that at the Fe?* dosage
of 8.48mM, there is about 1.3 mM Fe** left in the resction solution. |f Fe?* soldy reacts with
H,O, on a stoichiometry of 1:1, there should be 4.24 mM of Fe** residud at the HO, dosage
of 424 mM. This result shows that about 3 mM of Fe** is consumed by hydroxyl radicas
An overdose of Fe?* not only reduces the reaction efficiency by competing for hydroxyl
radicals, but aso produces more iron dudge that requires further disposal.
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Figure 5.2 shows the oxidation of PCE in the batch mode a various dosages of H,O»
while Fe&* dosage is maintained constant. Figures 5.2a ¢ and d show the concentration
change of residuad PCE, HO, and Fe** as a function of reaction time a Fe?* dosage of 2.12
mM. Agan, rests indicate that the rapid depletion of F&** terminates the further
decomposition of PCE and HO,. At the HO, dosage of 2.12 mM, there is about 0.6 mM
H,O, Ieft in the solution but no F&** is left (Figures 5.1c and d. This demonstrates that Fe**
reects with hydroxyl radics much fager than H,O,. The compstition of H,O, for hydroxyl
radicals is presented in Figure 52b. Results imply that an overdose of H,O- reduces the
removd efficiency of PCE.

As a generdizaion, the batch mode is characterized by a fagt initid organic degradation
and little further degradation with extended reection time. Lou and Lee (1995) investigated
the oxidation of benzene, toluene and xylene using the Fenton's reagent. Saxe et al. (2000)
investigated the oxidation of polycyclic aromatic hydrocarbons by the Fenton's reagent after
surfactant-enhanced soil washing. They reported Smilar reaction phenomena

(b) Pseudo-continuous Dosing Mode

The pseudo-continuous dosing mode can be divided into two cases. one is H»O, batch but
Fe’* continuous, and the other is H,O, continuous but Fe?* batch. Since H,O, and Fe?*
compete for hydroxyl radicds at different rates, the reaction efficiency of the two cases is
expected to be different.

The results of oxidation of PCE using the pseudo-continuous mode are shown in Figures 5.3
and 54. In Figure 5.3, H,O; is batch dosed a the beginning of reaction, while " is
continuoudy delivered usng a fine flowrate dosng pump. Fgures 533, ¢ and d show the
concentration change of PCE, H.O, and Fe?* with reaction time, respectivdly. The data of
PCE degradation are fitted by the “time-squared” modd, i.e, C = C,exp(- kobstz). Reaults
indicate that the degradation rate of PCE increases with increasing dosage of Fe**, and the
experimental are well fitted by the proposed mode at the molar ratio of HO, to Fe?* larger
than 41 All H,O; is decomposed if Fe?* dosage is greater than 2.12 mM at the end of
reaction. It is seen that H,O, is notably decomposed by hydroxyl radicds due to its high
concentration.  In other words, the high concentration of H,O, enhances its ability for
capturing hydroxyl radicls.  Correspondingly, Fe?* concentration starts to accumulate after
dl H,0; is used up. HO, and Fe?* can not coexist in the reaction solution since the reection
between the two species occurs very fast. The observed rate constant, ks, depends on Fe*
dosage, as summarized in Figure 5.3b. Approximately, Kops increases as a linear function of
Fe?* dosage (Figure 5.3b insert, ks = -0.032 + 0.040[Fe?*]). Figure 5.4 shows the oxidation
of PCE with continuous dosing H,O, and batch dosing Fe?*. In this dosing mode, the data of
PCE degradation can not be fitted by the proposed “time-squared” modd. Instead, a pseudo-
firs-order kinetic expression is suitable to fit the experimental data a the Fe?* dosage larger
than 2.12 mM. Many researchers (Sedlak and Andren, 1991; Dong, 1993; Huang et al., 1993)
reported that the oxidation kinetics of organic compounds by the Fenton's reagent in the same
dosing mode could be described by the pseudo-firs-order model. Compared to Figure 5.3a,
the reaction efficiency is sgnificantly reduced because the high concentraion of Fe&
scavenges hydroxyl radicals more quickly than H,O,. Figure 5.4b and ¢ show the increase of
H,O, concentration and the decresse of Fe?* concentration, respectively. When dl Fe?*
disappears, H,O, sartsto accumulate.
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The pseudo-continuous mode, specificdly, with batch dosng H».O, and continuous doing
Fe?* was employed to investigate the oxidation of TCE, DCE and chloroform since this mode
yields a better organic remova efficiency. Experimenta results are shown in Figures 5.5, 5.6
and 5.7 for TCE, DCE and chloroform, respectively. Reaults indicate that both TCE and DCE
can be completely removed a a certain dosage of Fe?* (Figures 5.5a and 5.6a). However, the
complete remova of chloroform is impossible despite of the dosage of Fe&** (Figure 5.7a). A
high dosage will not enhance the remova efficiency but sress the competition from Fe?”.
The optima molar ratio of H,O, to Fe?* for the oxidation of chloroform is about 4:1. Further
incressing the Fe** dosage will reduce the remova effidency of chloroform.  The remova
efficiency depends on the molecular structure of organic compound. Since hydroxyl radica is
electron-deficient, it likes to attack those organic compounds with an eectron-rich Structure
containing double bond or aromatic ring. PCE, TCE and DCE dl have a double bond and
thus can be effectively oxidized by hydroxyl radicd. However, chloroform has only single
bonds. Moreover, the highly chlorinated structure draws the eectrons away from the carbon
center.  Therefore, chloroform reects with hydroxyl radicd more dowly than chlorinated
ethenes. Reallts indicate that the “time-squared” moded can be used to fit the experimentd
data of TCE and DCE, but not suitable for chloroform.

The change of H,O, and Fe** concentrations as a function of reaction time is shown in
Figures 5.5c, 5.5d, 5.6¢, 56d, 57b and 57c. Figures 55b and 5.6b show the linear
relationship between kyps and Fe?* dosage, i.e., kops = -0.038 + 0.051[Fe?"] for TCE, and kyps =
-0.021 + 0.035[F€e?*] for DCE.

(¢) Continuous Dosing Mode

In the continuous dosing mode, HO, and Fe** were continuoudy added into the reaction
solution using separate dosing pumps.  In this dosng mode, it is expected that the competition
of both H,O, and Fe?* for hydroxyl radicals can be minimized. As a consequence, more
hydroxyl radicas can be used for organic degradation.

Figure 58 show the oxidation of PCE usng the continuous dosng mode a various
dosages of Fe**, while the dosage of H,O, is maintained condant, i.e, 424 mM totaly.
Figures 5.8a, ¢ and d show the concentration change of normaized PCE residud, HO, and
Fe’", respectivdly. Results indicate that the degradation rate of PCE increases with increasing
dosage of Fe**, and the experimental data can be well fitted by the proposed “time-squared”
kinetic model above the Fe™ dosage of 1.06 mM. The accumulated concentration of HO-
decreases with increasing Fe?* dosage as expected. At [Fe?*] = 0.53mM which corresponds to
a molar raio (H,0u/Fe?") of 4:1, HyO, concentration increases amost linearly with reaction
time. At [Fe] = 1.06 mM and 2.12 mM, H,O, concentration first increases with reaction
time, and then drops gradudly. The flexing point on the H,O» curve corresponds to the time
when PCE approaches the complete removal. After PCE no longer consumes hydroxyl
radicals, the decomposition of HO, by hydroxyl radicals becomes stressed. At [Fe?'] = 4.24
mM, a constant low HO, concentration of about 0.3 mM is observed. At [Fe€**] = 848 mM,
there is no H,O, detected in the solution since al H.O; is decomposed by Fe?* and hydroxy!
radicdls.  Results in Figure 5.8d indicate that a notable accumulation of Fe?* only occurs a
[Fe**] = 848 mM. At the end of reaction, the Fe** concentration reaches 0.95 mM. This
means that about 40% of the dosed Fe** is oxidized by hydroxyl radicdds. At [Fe?'] = 4.24
mM, a low Fe?* concentration of 0.08 mM is detected. Compared to the corresponding 0.3
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mM of H,O, concentration in Figure 5.8, it is again seen that lydroxyl radicd oxidizes F&*
more rapidly then it oxidizes HO,. The observed rate constants, ks, a various Fe** dosages
are summarized in Figure 5.8c. It is seen that the ks incresses as a linear function of F&?
dosage, i.e, kas = -0.044 + 0.011[Fe’*]. The negaive effect of Fe** dosage on PCE
degradation has not yet gopeared under the dated experimental conditions since the
accumulated concentration of Fe?* is not significant, as shown in Figure 5.8d.

Figure 5.9 show the oxidation of PCE a various dosages of H»O,, while the dosage of
Fe** is maintained constant, i.e, 2.12 mM totdly. The results are smilar to those observed in
Figure 5.8. It should be pointed out that the ks reaches the maximum at [H2.O;] = 8.48 mM
which corresponds to the molar ratio (H,O./Fe?*) of 4:1. Further increasing the HO, dosage
to 16.96 mM will dightly reduce the kops. Since HO, accumulates rapidly in the solution at
this dosage (Figure 5.9¢c), its suppresson on PCE degradation by competing for hydroxyl
radicals is signified. Compared Figure 5.8b and 5.9b, it is clearly seen that Fe* dosage
affects PCE degradation more significantly than H,O, dosage.

The results of oxidation of TCE and DCE by the continuous dosing mode a various Fe?*
dosages are shown in Figures 510 and 5.11, respectively. The H»O, dosage is maintained
congant a 4.24 mM. The experimental data of TCE and DCE degradation can be fitted by the
proposed kinetic model, and the accumulation of HO, and Fe?* with reaction time are smilar
to that observed in the degradation of PCE. Again, a linear relationship between kys and Fe**
dosage can be established, i.e, ks = -0.028 + 0.012[F€?'] for TCE, and kys = -0.048 +
0.0127[Fe**] for DCE. Comparing the sopes, it is seen that the rate constant of the reaction
between the sdected chlorinated ethens and hydroxyl radicds increases in the following
order: DCE > TCE > PCE. Genedly spesking, organic compounds containing eectron
withdrawing functiond groups (such as chloride) are resstant to oxidative decompostion by
hydroxyl radicds. The chloride subgtituent on an diphatic chain draws dectrons away from
the carbon center due to its eectronegative nature and thus deactivates the compound toward
hydroxyl radica atack. The more chlorides present on the structure, the lower reaction rate
congant towards hydroxyl radicds. The effective oxidation of sdlected chlorinated ethenes
by hydroxyl radicds is due to ther dectronrich double bond dructure.  The chlorine
subdtituent plays a negative role.  For chloroform, with a highly chlorinated and saturated
dructure, it can not provide eesly atackable dtes to hydroxyl radicds. As a reault, the
oxidation of chloroform by hydroxyl radicas is consderably dow.

Figure 5.12 show the oxidation of chloroform by the continuous dosing mode a various
Fe** dosages, while the dosage of HO, is maintained constant a 8.48 mM. Since chloroform
is difficult to oxidize, the dosages of H,O, and Fe** are doubled. Figure 5.12a show the
degradation of chloroform with reaction time. Results indicate the optima molar ratio of
H,O, to Fe** is 1:1, and the maximum remova efficiency resches about 90%. Further
incressing the Fe** dosage will decreases the degradation rate of chloroform. This differs
from the results obtained in the oxidation of PCE, TCE and DCE because chloroform reacts
with hydroxyl radicas more dowly than the sdected chliorinated ethenes. At [Fe?] £ 8.48
mM, H,O. accumulates in the reaction solution. Meanwhile, Fe?* starts to accumulate at
[Fe"] = 1696 mM. It is noted that most of chloroform can be removed in the continuous
dosing mode, though it is impossible in the batich dosing mode. It is aso pointed out that the
optimal molar raio of H,O, to Fe?* is 1:1 for either chlorinated ethenes or chloroform. At
this ratio, both H,O, and Fe** can be effectively used and their residuds in the solution are
inggnificant.
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Chen et al. (1990) sudied the dechlorination of chloroform in agueous solution by
ultrasound in the presence of hydrogen peroxide. It is reported that the optima H.O;
concentration has a molar ratio of O, to CHClz being 50:1. The addition of F&** (20 mg/L)
into the solution increases the remova efficency. Under optima conditions the remova
efficiency of chloroform is 94%. In this experiment, a remova efficiency of 90% can be
achieved at the molar ratio (H,O2/CHCls) of 20:1 by the continuous dosing mode.

(d) Comparison of Different Dosing Modes

Figures 5.13, 5.14, 5.15 and 5.16 show the effect of dosing mode on the degradation of
PCE, TCE, DCE and chloroform, respectively. Results indicate that the organic removd
efficiency primarily depends on the dosing mode of Fe&?*. It is seen that when Fe?* is batch
dosed, smilar results are obtained for ether batch or continuous dosing of HO,. In addition,
when Fe&?* is continuously dosed, batch and continuous dosing of HO, produce similar results
agan. This is ill due to the fact that Fe** competes for hydroxyl radicals more strongly than
H,0O,. Changing the dosing mode of Fe?* affects its suppression on organic degradation. For
the sdected chlorinated ethenes, batch H,O» yidds a dightly better removd efficency then
continuous H.O, despite the dosing of Fe?*. However, for chloroform, continuous H,O;
achieves a better removal efficiency than batch HO, despite the dosing of F&**. This may be
due to that the sdected CAHSs react more rapidly than H,O, towards the hydroxyl radicas,
while chloroform reacts more dowly than HO, towards the hydroxyl radicas. Therefore, the
suppresson of high concentration H,O, on organic degradetion is only ggnified in the
oxidation of chloroform. It is generdized that the pseudo-continuous dosng mode,
specificaly, with batch H,O, and continuous Fe?* is optima for the oxidation of the sdected
chlorinated ethenes, while the continuous dosng mode is optima for the oxidation of
chloroform.

5.3.1.2. Effect of pH
The effect of pH was investigated from pH 1 to 4.5 using the continuous dosing mode.

Alkaine pH range was not studied snce Fe(OH),(s) will precipitate out a high pH and reduce
the reaction efficiency. Figures 517a and b show the degradation of PCE and the
decomposition of HO, as a function of reaction time at various pH vaues, respectively. The
degradation of TCE and the decomposition of HO, a various pH vaues are shown in Figure
18a and b, respectively. Results indicate that the optima pH range is 2~3 for the oxidation of
PCE and TCE. Either above pH 3 or bdow pH 2, the reaction efficiency is reduced. The
effect of pH on the organic remova by Fenton's reagent has been discussed previoudy in the
oxidation of PAHs. Reaults aso indicate that the decompostion rate of HO; is accelerated as
the reaction proceeds. The resdud PCE or TCE in the solution decreases with reaction time
s that more hydroxyl radicas are consumed by H,O», decompogtion. In paticular, the
flexing point a the gpex of H,O» accumulation curve corresponds to the time when dl PCE or
TCE is removed. There is no residue F&** detected in the solution since the molar ratio of
H.0, to Fe?* is4:1. All Fe?* israpidly oxidized to Fe** upon its dosing.

5.3.1.3. Degree of Dechlorination and Minerdization

The concentration of chloride ion reeased from sdected CAHs by Fenton's reagent
oxidation was measured to evaluate the degree of dechlorination. It isthe chlorine
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Figure 5.21. Dechlorination and mineralization of
DCE. Experimental conditions. Copceg = 0.46mM
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Figure 5.22. Dechlorination and mineralization of
chloroform. Experimental conditions: Cochioroform =
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3, ionic strength = 0.05M NaClO,.
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subdtituents that mainly account for the toxicity of CAHs towards the environment.
Therefore, the degree of dechlorination indirectly represents the degree of detoxification of
the hazardous CAHs. In experiments, the initid pH of reaction solution was adjusted to 3.0.
There was no pH control during the course of reaction. Since the stock solutions of HO, and
Fe’* were preserved in an acidic condition, the pH of reaction solution gradualy dropped with
the continuous dose of HO, and Fe**. The fina pH was measured as around 2.1 which is siill
in the optima range. Figures 5.19, 5.20 and 5.21 show the chloride release together with the
organic degradation as a function of reaction time for PCE, TCE and DCE, respectively.
Reaults clearly indicate that as the organic compound is completely removed, al chloride is
effectively rdeased from its molecular dructure. A complete dechlorination can be reedily
achieved. However, only 70% of chlorine can be rdeased from chloroform a the end of
reection, as shown in Figure 522. Correspondingly, there is gill ca 25% of chloroform
remaining in thefind solution.

Minerdization means a complete decomposition of organic compound to carbon dioxide
and water. The tota organic carbon (TOC) was measured to represent the degree of organic
minerdization. Figures 5.19, 5.20 and 5.21 show the degradation of TOC with reaction time
for PCE, TCE and DCE, respectively. Results indicate that the TOC degradation significantly
lags behind the compound degradation due to the formation of organic intermediates. The
resdud TOC in the find solution is aout 30-35%. In other words, the degree of
minerdization reaches to about 65-70%. It is seen that the TOC can be further removed after
the completion of parent compound remova if more H,O, and Fe** are dosed. Since 4l
chlorine is released from the chlorinated ethenes, the resduad TOC is expected to be low
molecule organic acids that are amenable to biological degradation. Figure 522 show the
TOC degradation of chloroform. Results indicate that the resdud TOC accounts for about
30%. Conddering that there is 25% of chloroform remaning in the find solution, the
reaction intermediates only occupy 5% of the resdud TOC. It implies that less organic
intermediates are formed in the oxidation of chloroform then in the oxidaion of sdected
chlorinated ethenes. The degree of minerdization is approximately 75%.

5.3.2. Electro-Fenton Oxidation Process
In the previous chepters, we have darified the optima conditions for the dectro-
generation of H,0,, the electro-regeneration of Fe**, and the degradation of selected CAHs by
conventional Fenton oxidation process ~ With the fundamental knowledge achieved, the
oxidation of CAHs by the dectro-Fenton oxidation process was investigated. PCE and TCE
were selected as the model compounds.
The dectro-Fenton process was carried out in the following procedures:
(& produce 4 mM of H,O, at - = 0.5V and pH 2.5 (about 4 hours);
(b) turn off the potentiostat; spike the solution with 0.45 mM PCE and 0.45 mM TCE;
(c) batch dose 1.0 mM Fe?*;
(d) turnon the DC power supply to regenerate Fe** at 50 mA;
(6) determine the concentrations of PCE, TCE, H,0,, Fe?*, CI and TOC at pre-
sected time intervals.
Though pH 2 is the optimd vdue for H,O, generation, pH 2.5 is chosen to reduce acid
consumption. The 50 mA current for Fe** regeneration is obtained by multiplying the dosage
of Fe?* and the effective cathode surface area by the sope of 8.48x103 (A/mf)(mg/L) ™ which
IS previoudy determined.
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Figure 5.23a shows the degradation of PCE, TCE, TOC and the release of CI by the
electro-Fenton oxidation processes.  Figure 5.23b shows the change of H,O, and Fe?*
concentretions as a function of reaction time. For the purpose of comparison, the results from
the conventional oxidation process are aso presented.  Results indicate that in the
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Figure 523. Comparison of PCE and TCE degradation by conventional Fenton and eectro-Fenton
oxidation processes; a. change of PCE, TCE, TOC ad Cl” concentrations, b. change of H,O, and Fe**
concentrations. Experimental conditions: [H202]o = 40 mM, [Fe?'], = 1.0 mM, [PCE]o @0.45 mM, [TCE]o
@0.45mM, pH = 2.5, ionic strength = 0.05M NaClO,.

conventional Fenton process, the reaction stops very quickly (within one minute) due to the
immediate depletion of Fe?*. Though the residud H,O, concentration remains a 2.2mM
(Figure 5b), no further remova of PCE. TCE and TOC is observed since F&** can not be
effectively regenerated. However, in the dectro-Fenton process, PCE, TCE and TOC are
continuoudy removed after the initid rapid reaction due to the effective regeneration of F&*
a the cathode of the éectrolytic cedl. The graduad decompostion of H,O, demonstrates a
continuous regeneration of Fe?*. All PCE and TCE can be removed, with a complete
dechlorination and 77% of minedization. Though the minedization is not complete it is
reasonably deduced that only C; and C, carboxylic acids reman in the solution as the
byproducts. Since dl chlorine is released, these smple carboxylic acids are less toxic to the
environment than the parent compounds and these acids are readily biodegradable.

5.4. Conclusions

This sudy invedtigated the oxidation of sdected chlorinated diphatic hydrocarbons,
namey, tetrachloroethylene (PCE), trichloroethylene (TCE), 1,1-dichloroethylene (DCE) and
chloroform by the conventiond and eectrochemicd Fenton processes. The conventiond
Fenton process was used to determine the optima conditions for the oxidation of sdected
CAHSs by hydroxyl radicads. The dectro-Fenton process first generated HO, on ste, and then
degraded PCE and TCE after the externd dose of Fe?*. In the meantime, Fe?* was
continuously regenerated at the cathode once oxidized to Fe**.

The conventional Fenton oxidation process reveds thet:
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PCE, TCE and DCE can be effectivdy removed by hydroxyl radicads, while the removd
of chloroform is more difficult. The removd rate is primarily affected by the molecular
dructure of organic compound. The chlorinated ethenes can be readily oxidized by
hydroxyl radicds due to their eectronrich double bond sructure. On the contrary,
chloroform is difficult to remove due to its highly chlorinated and saturated structure. The
reection rate of the chlorinated ethenes decreases as the chlorine subdtitution degree
increases, i.e.,, DCE > TCE > PCE.

The dosing mode of H,0O, and Fe?* sgnificantly affects the degradation of selected CAHSs.
Especialy, the dosing mode of Fe?* plays a more important role than that of H,O,.

For the oxidation of PCE, TCE and DCE, the experimentd data in the continuous dosing
mode can be wel fitted by the proposed “time-squared” kinetic modd, i.e,

C=¢C, exp(-kobstz). A complete dechlorination can be readily achieved, and the
minerailzation degree reaches about 65-70%. Since al chlorine is rdeased from the
molecular structure of the chlorinated ethenes, the resdual TOC is only @mposed of low
molecule (C, or C,) carboxylic acids that are less toxic to the environment.

For the oxidation of chloroform, the maximum removd efficiency achieved is about 90%
by the continuous dosng mode. The dechlorination and minerdization degrees are both
around 70%.

The optima pH rangeis 2~3, as exemplified by the oxidation of PCE and TCE.

The eectro-Fenton oxidation process yidds a higher remova efficiency of PCE and TCE

since F&** can be effectively regenerated a the cathode of the dectric cdl. This demonstrates
that the dectro-Fenton oxidation process is an effective technology for the removd of
hazardous organic contaminants in aqueous solutions.
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6. CONCLUSIONS

6.1. Electrochemical Generation of Hydrogen Peroxide from Dissolved
Oxygen in Acidic Solutions

Hydrogen peroxide (H.O,) was electro-generated in a pardld-plate eectrolyzer by
reduction of dissolved oxygen (DO) in acidic solutions containing dilute supporting
electrolyte.  Operational parameters such as cathodic potentia, oxygen purity and mass flow
rate, cathode surface area, pH, temperature, and inert supporting eectrolyte concentration
were sysematicaly invedtigated as to improve the Faradic current efficiency of H,O»
generdtion.  Reaults indicate that sgnificant sdlf-decompostion of H,O» only occurs a high
pH (>9) and devated temperatures (>23°C). Results dso indicate that the optima conditions
for H,O, generation are cathodic potentid of —0.5V vs. saturated caome eectrode (SCE),
oxygen mass flow rate of 82x10“ mad/min, and pH 2. Under the optima conditions, the
average current density and average current efficiency are 6.4 A/n? and 81%, respectively.
However, when air is gpplied a the optima flow rate of oxygen the average current dendty
markedly decreases to 2.1 A/n?, while the average current efficiency dightly increasses to
90%. The limiting current density is 6.4 A/n?, which is independent of cathode geometry and
surface area. H»O, generation is favored a low temperatures. In the concentration range
sudied (0.01~0.25M), the inert supporting eectrolyte (NaClO,4) affects the totd potentia
drop of the electrolyzer, but does not affect the net generation rate of H,O,.

6.2. Electrochemical Regeneration of Fe(l1) for Fenton Oxidation Processes

Fenton oxidation process, though efficient in degrading organic contaminants, is limited
by the considerable amount of iron dudge generated. The present study is to regenerate Fe(ll)
from feric sdt or iron dudge by dectrochemicd method as a means to minimize the iron
dudge generation. Experiments were carried out in a padld-plate dectrolyzer usng both
congtant potentid and congtant current modes.  Results indicate that the optima cathodic
potentid for the dectro-regeneration of Fe(ll) is —0.1V vs. the saturated cdome edectrode
(SCE). In the congtant potentiad mode, the average current dendity obtained a —0.1V (vs.
SCE) is approximately equa to the optima current densty gpplied in the condant current
mode, provided an identicd initid Fe(lll) concentration ([Fe**]g). The suitable pH range is
determined by the hydrolyss of Fe(lll) ions, which depends on Fe(lll) concentration.  Above
the pH doman of Fe(lll) hydrolyss, Fe(OH)s(s) precipitates and sgnificantly inhibits Fe(ll)
regeneration.  As expected, increasng cathode surface area and solution temperature
markedly acceerates Fe(ll) regeneration rate. At the optima cathodic potentid (-0.1V vs.
SCE), the average current density is in linear proportion to [Fe**]o, showing a Sope of 8.48 x
102 (AIMP)(mglL)? (or 4.74 x 10° (AIn?P)(M)Y). The average current efficiency varies with
[Fe¥*o, i.e, 75% at [Fe*]o = 100 mg/L and 96~98% at [Fe**]o 3 500 mg/L, during the course
of eectrolyss for 3 hours . Once reaching 75% of the Fe(ll) regeneration capacity (ca. 4
hours of extended dectrolyss), further regeneration becomes difficult due to Fe(lll) mass
trandfer limitation. Fe(ll) can dso be effectivey regenerated from iron dudge, though a much
lower pH (usudly < 1) is required for dudge dissolution. Oxygenation of Fe(ll) by pure
oxygen geas is kindticaly negligible @ pH < 4. The unit energy consumption is 2.0~3.0 kWh
per kg Fe(11) regenerated.
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6.3. Oxidation of Selected Polycyclic Aromatic Hydrocarbons (PAHS) by

Conventional Fenton Oxidation Process

Fenton's oxidation process can effectively degrade dl sdected PAHS, i.e, naphthaene,
fluorene, phenanthrene, fluoranthene, pyrene and anthracene. The optima pH vaue is pH 3.
The extent of mingdization exemplified by naphthdene is around 85%. A "time-squared”

kingtic modd, C=C,exp(- ky,d?), can be used to describe the degradation kinetics of

sdected PAHs in the continuous dosng mode. This modd assumes that the concentration of
hydroxyl radicds increases linearly with reaction time. The observed rae condant, Kops,
follows the order: fluorene < phenanthrene < fluoranthene » pyrene < anthracene, which
revarses the order of water <olubility.  Methanol or ethanol sSgnificantly inhibits the
degradation of PAHs by competing for hydroxyl radicas.

6.4. Oxidation of Selected chlorinated Aliphatic Hydrocarbons (CAHS) by
Conventional Fenton and Electro-Fenton Oxidation Processes

The oxidation of sdected chlorinated diphatic hydrocarbons, namely, tetrachloroethylene
(PCE), trichloroethylene (TCE), 1,1-dichloroethylene (DCE) and chloroform was investigated
by the conventional Fenton and eectro-Fenton oxidation processes. The conventiond Fenton
process was used to determine the optima conditions for the oxidation of sdected CAHs by
hydroxyl radicas. The eectro-Fenton process first generated HO, on Ste, and then degraded
PCE and TCE d&fter the externd dose of Fe?*. In the meantime, F&** was continuoudy
regenerated at the cathode once oxidized to Fe®”.

Reaults of the conventionad Fenton oxidation process indicate that PCE, TCE and DCE
can be effectivdly removed by hydroxyl radicads, while the remova of chloroform is more
difficult. The removd rate is primaily affected by the molecular <Sructure of organic
compound. The chlorinated ethenes can be readily oxidized by hydroxyl radicas due to ther
electron-rich double bond structure.  On the contrary, chloroform is difficult to remove due to
its highly chlorinated and saturated dtructure.  The reaction rate of the chlorinated ethenes
decreases as the chlorine subgtitution degree increases, i.e, DCE > TCE > PCE. The dosing
mode of H,O, and Fe** significantly affects the degradation of sdected CAHs.  Especidly,
the dosing mode of Fe** plays a more important role than that of HO,. For the oxidation of
PCE, TCE and DCE, the experimenta data in the continuous dosing mode can be well fitted
by the proposed “time-squared” kinetic modd, i.e, C:COexp(-kobStz). A complete
dechlorination can be reedily achieved, and the minerailzation degree reaches about 65-70%.
Snce dl chlorine is reeased from the molecular sructure of the chlorinated ethenes, the
resdud TOC is only composed of low molecule (C; or G,) carboxylic acids that are less toxic
to the environment. For the oxidaion of chloroform, the maximum removd efficiency
achieved is about 90% by the continuous dosng mode. The dechlorination and
minerdization degrees are both around 70%. The optima pH range is 2~3, as exemplified by
the oxidation of PCE and TCE.

Reaults of the dectro-Fenton oxidation process indicate that a higher removd efficiency
of PCE and TCE can be achieved since Fe?* is effectively regenerated at the cathode of the
dectric cdl. This demondrates that the dectro-Fenton oxidation process is an effective
technology for the remova of hazardous organic contaminants in agueous solutions.
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