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Abstract 15 

Coastal ecosystems have been largely ignored in Earth system models but are important zones 16 
for carbon and nutrient processing. Interactions between water, microbes, soil, sediments, and 17 
vegetation are important for mechanistic representation of coastal processes and ecosystem 18 
function. To investigate the role of these feedbacks, we used a reactive transport model 19 
(PFLOTRAN) that has the capability to be connected to the Energy Exascale Earth System 20 
Model (E3SM). PFLOTRAN was used to incorporate redox reactions and track chemical species 21 
important for coastal ecosystems as well as define simple representations of vegetation 22 
dynamics.  Our goal was to incorporate oxygen flux, salinity, pH, sulfur cycling, and methane 23 
production along with plant-mediated transport of gases and tidal flux. Using porewater profile 24 
and incubation data for model calibration and evaluation, we were able to create depth-resolved 25 
biogeochemical soil profiles for saltmarsh habitat and use this updated representation to simulate 26 
direct and indirect effects of elevated CO2 and temperature on subsurface biogeochemical 27 
cycling. We found that simply changing the partial pressure of CO2 or increasing temperature in 28 
the model did not fully reproduce observed changes in the porewater profile, but the inclusion of 29 
plant or microbial responses to CO2 and temperature manipulations was more accurate in 30 
representing  porewater concentrations. This indicates the importance of characterizing tightly 31 
coupled vegetation-subsurface processes for developing predictive understanding and the need 32 
for measurement of plant-soil interactions on the same time scale to understand how hotspots or 33 
moments are generated. 34 

 35 

Plain Language Summary 36 

 Earth system models typically do not represent interactions between plants, water, and 37 
soil in coastal systems. We used a model, PFLOTRAN, to test how changing temperature and 38 
CO2 can alter the connections between plants, water flow and soil processes in a saltmarsh. We 39 
were primarily focused on how the daily cycles associated with tides and photosynthesis would 40 
affect nutrient cycling in the soil. We found that including daily fluctuations instead of constant 41 
rates influenced rate estimates resulting in a higher or lower nutrient content or gas emission than 42 
anticipated. Our results show the importance of including variation in space and time to capture 43 
daily changes that influence coastal environments. 44 

 45 

1 Introduction 46 

Earth system models (ESMs) have been used to study global carbon cycling for both hindcasting 47 
and forecasting (Burrows et al., 2020; Dunne et al., 2013; Arora et al., 2013; Anav et al., 2013). 48 
While open ocean and terrestrial ecosystems are represented in ESMs, nearshore ecosystems are 49 
often excluded (Ward et al., 2020; Itoh et al., 2018; Kay et al., 2015; Collins et al., 2011; Weaver 50 
et al., 2001). Nearshore ecosystems such as tidal wetlands are represented in coastal wetland 51 
hydrology models (Zhang et al., 2018) or in models designed to operate at smaller spatial scales 52 
but have not been incorporated to date in Earth-scale models designed for fully-coupled, 53 
prognostic representation of plant-water-soil interactions (O’Meara et al 2021). Here we present 54 
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a first step toward global representation by developing a single column PFLOTRAN simulation 55 
that can be coupled to an ESM. 56 

In comparison to open ocean or terrestrial habitats, coastal ecosystems are characterized by high 57 
connectivity, short residence times, and rapid shifts in hydrology and microbial community 58 
structure resulting in changing biogeochemical processing rates (Säwström et al., 2016; Duarte et 59 
al., 2008; Thrush et al., 2013). Coastal ecosystem hydrology drives strong connections between 60 
adjacent coastal habitats and regularly introduces dissolved and particulate matter from both 61 
terrestrial and oceanic sources (Säwström, et al., 2016; Savage et al., 2012). Tidally induced 62 
diurnal changes in pH, salinity, oxygen availability, light, and nutrient supply require microbial 63 
communities to rapidly respond to changing conditions horizontally between adjacent habitats 64 
and vertically across sediment layers as pressure gradients change (Santos et al., 2012; Santos et 65 
al., 2009). This constant flux of energy and nutrients creates “hotspots” and “hot moments” of 66 
ecosystem function that contribute to heterogeneity in seemingly homogenous habitats (McClain, 67 
et al., 2003; Gongol and Savage, 2016). 68 

Because of the dynamic nature of coastal environments, biogeochemical cycling in these systems 69 
is difficult to characterize and such characterization is often limited to subtidal environments 70 
(Byun & Wang 2005; Romero et al., 2019; Volta, et al., 2014; Heiss, et al., 2017). 71 
Biogeochemical models of intertidal systems, as a result, are often simplified to reactions or 72 
interactions of a few chemical species (Heiss, et al., 2017; van Oevelen et al., 2006; Grangere et 73 
al., 2010) and representation of ecological interactions are often limited or absent (LaFond-74 
Hudson & Sulman, 2023). Within the U.S. Department of Energy’s Energy Exascale Earth 75 
System Model (E3SM) and its land model (ELM), biogeochemical processes can be represented 76 
through a coupled interface (Tang et al., 2016) to the reaction network capabilities of 77 
PFLOTRAN, an independently developed reactive transport code (Hammond et al., 2019; 78 
Lichtner et al., 2019). ELM-PFLOTRAN coupling was developed to improve the flexibility of 79 
biogeochemical representation in ELM (Tang et al., 2016). While the coupling has primarily 80 
been used to represent degradation of solids (CLM-CN input deck in PFLOTRAN). Reactions in 81 
the ELM-PFLOTRAN interface have previously been limited to carbon (C), nitrogen (N), and 82 
phosphorus (P) species typical of land surface models, known as the Converging Trophic 83 
Cascade (CTC; Figure 1 Tang et al. 2016), and reaction rates have ignored environmental 84 
characteristics such as salinity and oxygen availability which are relevant at coastal terrestrial-85 
aquatic interfaces. Due to the strong vertical gradients in soil and sediment porewater redox state 86 
in these systems, it is important to characterize variation in vegetation and microbial processes 87 
with soil depth to accurately predict fluxes of greenhouse gases and availability of nutrients (Yu 88 
et al., 2006). The representation of competition between plants and microbes for available 89 
nutrients has been hindered in previous implementations of ELM by ignoring constraints on 90 
nutrient uptake by plants related to rooting depth, with plants modeled as having access to 91 
available nutrients from anywhere within the active layer of the soil column (Wang et al., 2023). 92 
Using smaller scale simulations in PFLOTRAN allows for the initial tests of plant-water-soil 93 
connections to identify and prioritize which processes are important for scaling representation of 94 
redox processes from pore to ecosystem scale using ELM-PFLOTRAN. 95 

Currently, ELM-PFLOTRAN uses water saturation as a proxy for oxygen presence. While this 96 
simplification is often used for purely terrestrial ecosystems, it is not effective for coastal 97 
wetland ecosystems. Plant-mediated transport through roots, bioturbation and bioirrigation, wind 98 
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or wave action, and pressure gradients caused by tidal flux can all alter oxygen penetration depth 99 
and the flow of nutrients across the sediment-water interface independently of water saturation 100 
(Noyce et al., 2023; Wang et al., 2023; Kauppi et al., 2023; Taillefert et al., 2007). In addition, 101 
constantly shifting environmental conditions and regular inundation increase the importance of 102 
additional redox-active elements such as sulfur that can function as terminal electron acceptors 103 
and interact directly with the carbon and nutrient cycles. Sulfur species play an important role in 104 
both the carbon and nitrogen cycles (Schlesinger, 2013; Kleinhuizen & Mortazavi, 2018; Joye & 105 
Hollibaugh, 1995; Heiss et al., 2017; Steinmuller & Chambers, 2019). For example, sulfur can 106 
inhibit nitrogen processes such as denitrification (Kleinhuizen & Mortazavi, 2018; Joye & 107 
Hollibaugh, 1995; Heiss et al., 2017). In addition, sulfate is an electron acceptor in anaerobic 108 
redox processes that oxidize organic matter through sulfate reduction, (Schlesinger, 2013; 109 
Bianchi, 2007) which can simultaneously scavenge methane through anaerobic oxidation of 110 
methane (AOM; Sela-Adler et al., 2017). Therefore, sulfur plays an important role in regulating 111 
carbon processing and sequestration. Oxygen availability influences the supply of alternative 112 
electron acceptors through reactions that regenerate oxidized forms of these elements 113 
(Megonigal et al., 2004). 114 

Coastal wetlands cover only 0.04% of the global area, but account for 1-2% of the global carbon 115 
budget (Chmura et al., 2003) and play a large indirect role in carbon sequestration associated 116 
with their protection of both upstream and downstream ecosystems. Because they regulate 117 
carbon fluxes between land and ocean, representing coastal processes accurately is important for 118 
improving the estimates of coastal carbon budgets. The most basic sediment diagenetic 119 
representation consist of stratified sediments in which distinct layers can be defined by the 120 
dominate redox process, ordered by Gibbs Free Energy (Figure 2) and oxygen availability. 121 
Although data on net fluxes across the sediment water interface and/or surface incubations are 122 
available for some coastal ecosystems, measurements typically focus on a specific nutrient cycle 123 
(usually carbon or nitrogen) and there is little information available on depth-resolved nutrient 124 
processing rates (Joye & Hollibaugh, 1995; Steinmuller & Chambers, 2019; Steinmuller et al., 125 
2019; Laverman et al., 2007). Because the biogeochemical species interact with each other, 126 
depth resolved characterization of multiple species, interactions, and process rates are required to 127 
mechanistically model these processes, but publicly available data is limited (LaFond-Hudson & 128 
Sulman, 2023). However, sediment profiles of important redox species and potentials can 129 
provide estimates of diagenetic stratification. Using available saltmarsh sediment profile data and 130 
a reactive flow and transport model, we created a basic framework for estimating 131 
biogeochemical processing in a coastal ecosystem that can be easily adapted to multiple systems. 132 
The objective of our research was to use this updated model representation to simulate the 133 
feedbacks between biogeochemical cycling, hydrology, and vegetation with simulated climate 134 
stressors (elevated CO2 and temperature) based on field data collected through the Salt Marsh 135 
Accretion Response to Temperature eXperiment or SMARTX (Noyce et al., 2019). We 136 
hypothesized that the feedbacks between the plants, water, and microbial processes would drive 137 
shifts in biogeochemical cycling generating non-linear responses and contributing to the 138 
occurrence of hot spots or moments. The intermediate scale representation in PFLOTRAN 139 
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allows us to test the multi-stressor effects on plant-water-soil interactions and facilitates 140 
idenitfication of objectives for both targeted field campaigns and model development. 141 

2 Materials and Methods 142 

2.1 Study site 143 

 This study focused on the Smithsonian’s Global Change Research Wetland 144 
(GCReW), primarily using historical data from 2011-2017.  GCReW is located within the 145 
brackish Kirkpatrick Marsh in Chesapeake Bay (Maryland, USA, 38°53′ N, 76°33′ W). 146 
All of GCReW is considered high marsh, with the highest elevation zones dominated by 147 
Spartina patens and Distichlis spicata with C4 photosynthesis while the lower elevations 148 
by Schoenoplectus americanus with C3 plants photosynthesis (Holmquist et al., 2021. 149 
Using July sampling data from 2017-2019, average salinity in the high marsh was 8.9 ± 150 
2.7 ppt and 11.0 ± 3.1 ppt in the  low marsh. Redox potentials range from -211.1-377.5 151 
mV (Noyce et al., 2022). Inundation occurs during 10-20% of high tides in the higher 152 
elevations and 30-60% in lower elevations (Noyce et al., 2019). Multiple long-term 153 
experiments have been conducted at the site, with results available through the public 154 
GCReW data repository (Megonigal, 2003b) and associated publications (Megonigal, 155 
2003a).. Measurements of porewater sulfate, hydrogen sulfide, methane, dissolved 156 
inorganic carbon (DIC), ammonium, pH, and salinity made seasonally at depths of 20, 157 
40, and 80cm in C3 wetlands were used for model calibration. GCReW soils are typically 158 
>80% organic content (Noyce & Megonigal, 2021) with sand, silt, and clay contents of 159 
31.6 ± 9.8 %, 60.4 ± 7.6 %, and 8.1 ± 2.4 % (Pinsoneault et al. 2020) Temperatures are 160 
typically between 0.3°C-8.1°C (32.6°F-45.6°F) in the winter to 21.3°C-28.6°C  (70.4°F-161 
83.5°F) in the summer (National Weather Service, 2023). For more information on 162 
GCReW or to access available data, please refer to the Smithsonian Environmental 163 
Research Center’s website: https://serc.si.edu/gcrew.  164 

2.2 PFLOTRAN column domain 165 

 The domain was defined as described in Tang et al., 2016 which includes a 1m2 166 
column with 15 layers of varying thickness. The thinnest layer is at the top (2.2 cm) and 167 
the thickest at the bottom (13.9 m) for a total column depth of 42m. Simulations were 168 
conducted for a single column and included vertical fluxes of air and water, but did not 169 
include lateral transport since horizontal subsurface flow rates are neglible at GCReW 170 
(O’Meara et al., 2021). Fluxes of gas via plant-mediated transport and water via tide were 171 
simulated in two ways -- static and dynamic-- to identify the role of temporal 172 
heterogeneity in representing redox processes and determine if we were able to capture 173 
hot moments in our model configuration. While the two types of flux delivered the same 174 
amount of water or substate, static fluxes were constant and dynamic fluxes mimicked 175 
daily cycles. These two scenarios were investigated to quantify the importance of 176 
incorporating both spatial and temporal heterogeneity in larger scale models such as 177 
ELM. In addition, these scenarios can determine if high temporal resolution data is 178 
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necessary to define these processes and improve ecosystem-scale representation. 179 
Additional details about each flux can be found below (2.2.1 and 2.2.2) 180 

2.2.1 Plant interactions 181 

 Although plants are mechanistically represented in ELM, photosynthetic 182 
production is not represented in PFLOTRAN. To mimic vegetation dynamics, we used 183 
the current representation of ELM-PFLOTRAN plant nutrient (nitrate and ammonium) 184 
uptake and added a gas transport function. We represented gas transport by adding or 185 
removing oxygen and methane from the soil column based on rooting distribution (both 186 
depth and biomass), analogous to the root-water uptake described in Agee (2019). 187 
Oxygen was added to the soil column while methane was removed at three depths 188 
(Pezeshki et al., 1991) as a proxy for plant-mediated transport (PMT) via aerenchyma. 189 
Rates of oxygen addition were calculated using active PMT estimates based on root 190 
biomass from Maricle & Lee, 2002 and belowground NPP reported in Noyce et al 2019 191 
for a total input of 0.40 L/s of air, 0.08 L/s oxygen added to column layers at 0.1, 0.2, and 192 
0.6m depths. Methane removal was simulated as passive by allowing the the aerenchyma 193 
zones to equilibrate with the atmosphere. Plant uptake of nutrients was simulated using 194 
the representation described in Tang et al., 2016. Plant processes were assumed to have a 195 
diurnal cycle. Dynamic PMT was simulated on a 12 hour on/off cycle to mimic day/night 196 
while static PMT constantly added oxygen using the average rate. In both cases, the same 197 
amount of oxygen was added, but the timing of the addition differed. 198 

2.2.2 Tidal flux 199 

 Tidal inputs were simulated as a boundary condition using GCReW water level 200 
and solute concentrations (SO42-, H2S, CH4, Fe(II and III), and salinity) from the 201 
monitoring station at the nearby tidal creek or published datasets. For concentrations of 202 
organic matter and nitrogen, data was used from Correll et al., 1999 and Jordan & 203 
Correll, 1991. Water was simulated as fully oxidized when it enters the domain. The 204 
timing for the tidal cycle was determined using the optimized harmonic equations used in 205 
O’Meara et al., 2021 which typically resulted in two full tidal cycles per day. Water level 206 
from the tide was converted to a volumetric rate (L/s) which was added only to the 207 
surface layer during flood tide. Water was not allowed to flow off the surface. Instead, 208 
tidal inputs flowed through the column and drained through the bottom layer of the 209 
column at a constant rate of  5.0 x 10-10 L/s. Porosity of the column was 0.85 (Craft et al., 210 
1991) and permeability was 5.3 x 10-14 m2. The “general mode” in PFLOTRAN was used 211 
to represent subsurface flow which includes flow of liquid and gas using the Mualem 212 
relative permaeability function (Lichtner et. al., 2019). For additional details on initial 213 
concentrations of tidal constituents or flow rates, input files are openly available on the 214 
Github repository omearata/REDOX-PFLOTRAN. 215 

2.3 Redox network development 216 

A synthesis of data from the literature along with measurements made at GCReW were 217 
used to inform the development of a reaction network model and to parameterize redox 218 
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functions within PFLOTRAN. All redox reactions were implemented as multi-Monod 219 
expressions: 220 

𝑅 = 𝑀𝑉!"#%
𝐶$

𝐾$ + 𝐶$$

 221 

Where R is reaction rate (mol L-1 s-1), M is microbial biomass (mol m-3) Vmax is 222 
maximum reaction rate (mol L-1 s-1 (mol microbial biomass m-3)-1), C_N is the 223 
concentration of the Nth substrate (mol L-1), and KN is the half saturation constant for 224 
the Nth substrate (mol L-1). KN and Vmax values were specified based on ranges 225 
reported in the literature. Potential rates from laboratory-based incubation data corrected 226 
for microbial biomass were used to define Vmax in cases where field measurements of 227 
reaction rates could not be obtained from the literature. The progression of reactions were 228 
not based on location in the redox ladder (e.g. sulfate reduction being inhibited by high 229 
nitrate concentrations because nitrate should be utilized first). Instead, all reactions were 230 
allowed to occur simultaneously, but rates were higher for reactions that were more 231 
energetically favorable, allowing them to have a competitive advantage for substrate. 232 
Microbial biomass yield from reactions was generalized using the 10% rule (Lindeman, 233 
1942).   234 

We added aqueous redox reactions to the aerobic carbon degradation described in Tang et 235 
al., 2016 for representing coupling between ELM and PFLOTRAN. The resulting 236 
SaltWater Marsh PFLOTRAN reaction network will be referred to as SWaMP. SwaMP 237 
represents anaerobic redox processes and interactions among redox species, using 238 
Monod-based microbial reactions. Specifically, we maintained the structure for aerobic 239 
litter and sediment organic matter decomposition, which reproduces the kinetics of soil 240 
organic matter decomposition in E3SM, for consistency between data structures in ELM 241 
and PFLOTRAN. However, nitrogen cycling was updated to take advantage of the 242 
aqueous chemistry representation in PFLOTRAN. Defining N reactions in an aqueous 243 
framework allows for increased flexibility in defining interactions between nitrogen 244 
species and other redox species. Microbial biomass influences reaction rates and is both 245 
produced during redox processes and is cycled back into the organic matter pools as it 246 
decays. Salinity is incorporated as sodium chloride and can create complexes with some 247 
redox species (e.g. sodium nitrate or iron chlorides) through equilibrium interactions in 248 
PFLOTRAN but does not directly influence decomposition. The full list of equilibrium 249 
complexes can be found in the input files located on Github (repository: 250 
omearata/REDOX-PFLOTRAN). The PFLOTRAN reaction framework does allow for 251 
salinity-driven inhibition of reaction rates, but these effects were not included for our 252 
initial simulations because salinity fluctuated in a relatively narrow range at our study site 253 
over the course of our simulation timeframe. In addition, vegetation community shifts 254 
(Stagg et al., 2017) were not incorporated due to the relatively short timeframe of our 255 
simulations. Simulations were run for 10 days to allow the system to equilibrate. A 256 
summary of the reactions incorporated within the SWaMP network are shown in Table 1. 257 



manuscript submitted to JGR-Biogeosciences 

 

Initial concentrations were determined using the average 20 cm depth porewater 258 
concentrations from historical GCReW porewater samples.  259 

2.3.1 Aerobic respiration 260 

Within the previous ELM-PFLOTRAN framework (Tang et al., 2016), water level is 261 
used as a proxy for oxygen availability. However, oxygen availability in coastal systems 262 
is a function of both physical processes (diffusion, porosity, pressure gradients) and 263 
biological controls (plant-mediated transport, bioturbation, bioirrigation) and oxic 264 
conditions can occur well below the surface clustered due to biological activity (Jensen et 265 
al., 2005; Holmer et al., 2002). Since oxygen presence and water saturation are not 266 
directly linked, oxygen was included as an aqueous species in SWaMP, which means that 267 
it can be incorporated as a redox species independently of water level within the system 268 
(i.e. oxygen movement via plant-mediated transport during inundated periods). Oxygen 269 
saturated tidal water could temporarily increase oxygen content, but as inundation 270 
continues and redox processes utilized the available oxygen, decreased diffusivity 271 
between water and air resulted in a more reduced systems. 272 

The litter and sediment organic matter pool structure was unaltered from the previous 273 
ELM-PFLOTRAN framework (Tang et al., 2016; Table 2). Rates were not updated due 274 
to the limited availability of information on litter decay using the same pool structure as 275 
ELM’s current representation, but turnover times were similar to labile, refractory, and 276 
dissolved rates reported in Wild-Allen et al., 2010 (Huon Estuary, Tasmania, Australia) 277 
and Gardner, 1990 (North Inlet, South Carolina). Vmax and K for dissolved organic 278 
matter (DOM) pools were adapted from Furukawa et al., 2004 and corrected for 279 
microbial biomass (mol biomass m-3). Reasonable C/N ratios were estimated using Unger 280 
et al., 2016 and Rovira & Vallejo 2002. We used a common microbial pool rather than 281 
define biomass based on functional groups and initial microbial biomass content was 282 
estimated from core profiles in a similar marsh site reported in Steinmuller & Chambers, 283 
2019.  284 

2.3.2 Nitrogen cycling 285 

Two primary nitrogen pathways are incorporated in the redox reaction network, namely 286 
nitrification and denitrification. Stoichiometry of N reactions was adapted from 287 
Furukawa et al 2004 and Vmax and K constants were inferred from Laverman et al., 288 
2007 (Table 1). To simplify denitrification products, denitrification supported by labile 289 
dissolved organic matter (DOM1, C:N = 25) is complete (i.e. N2 only production) while 290 
more refractory sources (DOM2; C:N = 20) result in a combination of both N2 and N2O. 291 
Nitrate interacts with other species via equilibrium reactions with chlorides, carbonates, 292 
and sulfate, and a kinetic Monod reaction is defined for anaerobic oxidation of methane 293 
(AOM; Raghoebarsing et al., 2006) Nitrogen (nitrate and ammonium) is also removed via 294 



manuscript submitted to JGR-Biogeosciences 

 

plant uptake as defined in the existing ELM-PFLOTRAN framework. For more 295 
information on plant uptake, see section 2.2.1. 296 

2.3.4 Iron cycling 297 

 Although iron cycling is not important in the organic soils at GCReW, it is 298 
important in saltmarsh redox networks in other marsh systems. Within SWaMP, primary 299 
iron reactions include iron reduction (Fe3+ to Fe2+), oxidation (Fe2+ to Fe3+) and AOM 300 
with Fe3+(Aromokeye et al., 2020). Iron can also react with other aqueous species to 301 
create complexes based on stoichiometry and solubility constants. In the SWaMP redox 302 
network, iron concentrations are in equilibrium with minerals (pyrite, iron hydroxides 303 
and zero-valent iron) and complexes with sulfur (FeSO4, FeSO4+), chloride (FeCl2, 304 
FeCl3, FeCl4+, etc.) and carbonate (FeCO3+, FeCO3, etc.). In PFLOTRAN, equilibrium 305 
relationships between minerals and aqueous species are described by stoichiometry, 306 
solubility and dissolution rates (Lichtner et al., 2019).  307 

2.3.5 Sulfur cycling 308 

Sulfate reduction was defined using stoichiometric equations and Monod constants 309 
adapted from Furukawa et al 2004. Hydrogen sulfide oxidation was defined using rate 310 
constants from Zhang et al 1993 and simplified to sulfate as the only product (Zhang & 311 
Millero, 1993). Sulfate interacts with methane via AOM (Segarra et al., 2015) and with 312 
iron via equilibrium reactions (for more details, see section 2.3.4.). Sulfate was added to 313 
the system through tidal inputs. Tide water contained a sulfate concentration 1.26 x 10-2 314 
M. 315 

2.3.6 Methanogenesis 316 

 Methanogenesis was defined using two pathways, carbon dioxide reduction and 317 
acetoclastic fermentation (Avery et al., 2003). Once produced, methane builds up in the 318 
system as upward gas diffusion is not currently incorporated within SWaMP. Instead, 319 
transport of methane was incorporated using atmospheric equilibrium to mimic passive 320 
plant-mediated transport. Ebullition was defined as rapid conversion of methane to a non-321 
reactive tracer when concentrations were greater than 5 x 10-4 mol/L, similar to 322 
representation of methane fluxes in Walter & Heimann 2000 (assuming a fully vegetated 323 
system). Other gases were included in ebullition events to mimic how bubbles scavenge 324 
other gases as they move through the soil column. Rates of aerobic methane oxidation 325 
were adapted from King et al.1990. 326 

2.4 Simulating climate stressors  327 

 The SMARTX project (Noyce et al., 2019; Noyce et al., 2023; O’Meara et al., 328 
2021) is a long-term research experiment (2016-present) with feedback-controlled 329 
elevated CO2 (750 ppm; eCO2) and elevated above and belowground temperature 330 
treatments (+1.7 ºC  to +5.1ºC). Using the redox network developed in PFLOTRAN, 331 
eCO2 and temperature treatments were simulated for C3 plants using July sampling data 332 
averaged from 2017-2020. Simulations were limited to the ambient temperature treatment 333 
and the highest temperature treatment for C3 plants since these were the only treatments 334 
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fully crossed with CO2 additions. July samples were selected to coincide with 335 
measurements of peak biomass. Both CO2 and temperature simulations were conducted 336 
in two ways to test direct chemical effects on the redox network and indirect effects via 337 
plants or microbial responses. Direct eCO2 was mimicked by increasing the atmospheric 338 
pCO2 to 750ppm (Noyce et al., 2019). Indirectly, eCO2 was simulated by increasing root 339 
biomass by 116% for ambient temperatures and 76% for warmed plots as described in 340 
Noyce et al 2023. Temperature was increased from 27.3ºC for ambient conditions to 341 
32.4ºC for warmed treatments, but indirect effects were incorporated by increasing 342 
belowground biomass by 20% (Noyce et al., 2019) and doubling N mineralization 343 
through increased microbial activity (Noyce et al., 2019; Nydahl et al., 2013). In the 344 
general flow mode of PFLOTRAN, temperature influences the system, through the 345 
solubility and diffusion of substrates. Linear regressions were used to compare field and 346 
PFLOTRAN results for directly and indirectly simulated responses. Statistics were 347 
conducted in R (Version 3.5.0; R Core Team, 2021) and the package Metrics (Hamner & 348 
Frasco, 2018) was used to calculate root mean square errors (RMSE). 349 

 350 

3 Results 351 

3.1 Evaluating SWaMP with GCReW legacy data 352 

 Average soil profiles from GCReW for DIC, sulfate, hydrogen sulfide, methane, pH, and 353 
ammonium (available through the public data repository; Megonigal 2003b) were compared to 354 
simulation results (Figure 3). Overall, SWaMP simulations were best at predicting H2S 355 
(R2>0.99) and DIC (R2=0.90) profiles and worst at predicting pH (R2=0.01) and methane 356 
(R2=0.18; Table 4) profiles.  With the solid-state litter and organic matter decomposition 357 
reactions alone (CTC), most simulated profiles follow anticipated depth profile trends as 358 
expected because redox species other than C and N were not included. The exception was DIC, 359 
which increased with depth. The addition of the SWaMP redox network (CTC + Redox) 360 
improved agreement between simulated and measured concentration profiles by introducing 361 
depth-dependent factors and oxidation of reduced substrates. Simulations were further improved 362 
by incorporating plant processes such as plant mediated transport (Table 4). Microbial 363 
consumption of redox species proceeded similarly to expected results based on the theoretical 364 
redox ladder (Figure 2), i.e. oxygen is utilized before nitrate which is used before iron, etc. While 365 
many of the profiles improved relative to measurements when redox reactions were included, a 366 
notable exception was ammonium, for which concentrations increased beyond the observed 367 
range of the GCReW data. Simulated methane and sulfate concentrations were within the 368 
observed range of variability, but the model did not capture the increase in sulfate concentration 369 
or the decrease in methane concentration at 80 cm depth. The overestimate of ammonium was 370 
resolved when plant uptake of nutrients was added to the system (CTC + Redox + Plants), but 371 
the model including plant nutrient uptake did not reproduce the observed increase in ammonium 372 
concentration at the deepest measurement point. Plant uptake of nutrients decreased both the 373 
ammonium and nitrate concentrations and the PMT of oxygen and methane decreased the 374 
methane and hydrogen sulfide concentrations in subsurface. The addition of oxygen via PMT did 375 
not alter the overall soil oxygen concentration profile, likely due to high rates of oxygen 376 
consumption by many subsurface processes, but it did shift both sulfur speciation and methane 377 
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concentrations. Across all species with available field data, agreement between field data and 378 
PFLOTRAN predictions increased when SWaMP redox and plant feedbacks were included 379 
(Table 4). The greatest increase in R2 value was observed for ammonium (from 0.19 to 0.88) and 380 
DIC predictions had the smallest change (0.88 to 0.90). 381 
 382 
3.2 Simulating SMARTX with SWaMP  383 

Redox species concentrations took approximately 3 days to equilibrate, but interactions 384 
between both tidal fluctuations and plant-mediated transport created unexpected dips in 385 
concentrations of some redox species (Figure 4). Model simulations in which the influence of 386 
plants or tides (or both) are represented dynamically or as a static average flux yielded 387 
contrasting temporal patterns of porewater methane concentrations. Although the concentrations 388 
tended to converge at similar concentrations and overall variability, interactions between 389 
vegetation and hydrology generated interactions that were not predicted by summing individual 390 
effects (Figure 4; dotted orange line vs solid blue line;). Responses of each flux simulated 391 
individually and added were not the same as both fluxes simulated in unison. Deviation between 392 
the two scenarios indicates that daily cycles of plants and tides can interact agonistically or 393 
synergistically and possibly create hotspots or hot moments. Methane estimates were on average 394 
6.5% lower for dynamic PMT and tide simulations  and 12.4% higher for summed dynamic tide 395 
and dynamic PMT simulations when compared to static representation. This emphasizes the need 396 
for not only snapshot data, but some targeted, high-temporal resolution measurements to reduce 397 
potential overestimation of methane production and better characterize interactions between 398 
plants, water, and soil. These simulations also have important implications for scaling since 399 
discrepancies at the 1D column scale could be exacerbated when simulating biogeochemical 400 
cycling at the ecosystem or global scale. In our simulations, porewater methane concentrations at 401 
the surface were more strongly influenced by tides, while plant-mediated transport increased in 402 
importance with depth.  403 

SWaMP was used to simulate two temperature treatments (ambient and +5.1°C) and both 404 
eCO2 treatments for the SMARTX C3 site (Figure 5).  The greatest difference in profiles for 405 
eCO2 treatments was observed in the ammonium concentrations while the temperature appeared 406 
to have the greatest influence on the methane concentrations. Linear regressions comparing 407 
agreement between PFLOTRAN simulations and porewater measurements indicated that 408 
SWaMP was least successful at predicting H2S concentrations (R2<0.01) and most successful at 409 
predicting pH (R2=0.44).  While all simulation results were within error of porewater 410 
measurements, directly simulating eCO2 or temperature treatments appeared to be less effective 411 
at characterizing soil profiles than the indirect effects through vegetation responses (Table 5). 412 
The inclusion of indirect effects had little impact on H2S, CH4, and pH predictions, but did 413 
improve predictions of sulfate (direct R2=0.01, indirect R2= 0.23) and at ammonium (direct 414 
R2=0.23, indirect R2= 0.52).   415 

4 Discussion 416 

4.1 Using SWaMP to characterize tidal biogeochemistry 417 

The addition of redox species other than carbon and nitrogen improved representation of 418 
processes within the system. Importantly, the structural flexibility of PFLOTRAN allows for 419 
concentrations and rate constants to be easily altered for any system. Since SWaMP was built 420 
using data from published manuscripts or open access repositories from multiple marsh types 421 
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across geographic regions and timeframes, our goal was not to create a single parsimonious 422 
model, but to develop a reaction network in a framework that can be easily adapted to different 423 
systems. The biogeochemical network developed within SWaMP was largely, but not completely 424 
successful in characterizing porewater profiles from GCReW. Sulfur species, pH and DIC trends 425 
were well represented, but ammonium and methane profiles were not fully characterized. 426 
Ammonium was similar in the surface layers of the sediment (top 0.5m), but instead of 427 
increasing beyond 0.5m as observed in measurements, concentrations decreased continually with 428 
depth in the model. The discrepancy between the field and simulation results is most likely 429 
explained by our representation of plant nutrient uptake. Currently, nutrients can be used from 430 
any depth in the entire soil column, which means that nutrient uptake is not limited by rooting 431 
depth or density. To improve this representation, plant nutrient uptake should be linked to root 432 
density as a function of depth. 433 

PFLOTRAN is not currently capable of simulating gas diffusion through porewater 434 
(Lichtner et al., 2019) Therefore, methane builds up in the subsurface and does not off-gas by 435 
diffusion or bubble ebullition to be subjected to oxidation. While the methods we deployed to 436 
mimic plant-transport and ebullition are similarly represented in other models (Wania et al., 437 
2010; Walter & Heimann 2000), improvements could be developed to incorporate additional 438 
factors (Peltola et al., 2018) to make the representation more mechanistic such as pressure 439 
gradients (Wang et al., 2023).   440 

4.2 SWaMP 441 

Initial simulations indicated gaps in both data availability and understanding of 442 
ecological interactions. Data resources that report comprehensive depth-resolved information on 443 
reaction rates for multiple electron donor/acceptor pairs, porewater concentrations, interactions 444 
between redox species and speciation, minerology, and sediment characteristics, and how the 445 
biogeochemical network responds to environmental shifts are limited. In sites with long-term 446 
monitoring efforts, measurements of fluxes and concentrations are often collected on disjointed 447 
timeframes or different data types are collected from different locations. Manuscripts associated 448 
with these well-studied sites often focus on a particular process or subset of processes, report net 449 
production/consumption rates, and/or ignore interactions between redox species or 450 
environmental effects (Rich et al., 2008; Ensign et al., 2013; Sela-Adler et al., 2017; Capone et 451 
al., 1983). In addition, rate information is often limited to reactions at the sediment-water 452 
interface (Fulweiler & Heiss, 2014; Miller-Way & Twilley, 1996; Hargrave & Phillips, 1981; 453 
Seitzinger et al., 1980) and incubations are conducted without vegetation present (Piehler & 454 
Smyth, 2011). While comprehensive long-term datasets with multiple simultaneous 455 
measurements are ideal, they are also impractical. However, using SWaMP across multiple 456 
systems to conduct sensitivity analyses could help identify what parameters should be targeted 457 
for future data collection to improve its utility even without the ideal dataset.  458 

SWaMP was used as an intermediate-scale model to test feedbacks between water, plants, 459 
microbes, and soil. While pore-scale models are more precise and ecosystem-scale models 460 
contain more sophisticated representation of interactions between ecosystem components, 461 
intermediate scale models can help identify which connections and feedbacks regulate ecosystem 462 
processes at larger spatial scales such as those used in ESMs. SWaMP simulations showed 463 
porewater methane concentrations were higher for static or additive representation of PMT and 464 
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tides rather than interacting PMT and tides (Figure 4). Even though the total amount of oxygen 465 
transported via PMT remained constant for all simulations, methane emissions were lower with 466 
interactive representation by 6.5% for static and 20.6% for additive simulations.  This implies 467 
that scaling using additive or static representation rather than interactive may overestimate 468 
methane fluxes.   469 

4.3 The role of hydrology and vegetation 470 

Increasing pCO2 and temperature in the system had minimal direct impact on the redox 471 
network which is likely due to the structure of PFLOTRAN. Because PFLOTRAN does not 472 
contain representation of different microbial functional groups, generate vegetation responses to 473 
external stressors (e.g. increased root growth) or alter hydrology, drivers of biogeochemical 474 
shifts are potentially absent from this representation. However, when interactions were mimicked 475 
based on the effects of CO2 and temperature reported in Noyce et al., 2019 and Noyce et al., 476 
2023, treatment response significantly increased, even if they did not perfectly characterize 477 
porewater profiles. Our approach of comparing average observed porewater profiles from 478 
multiple July samplings to simulated averages over a 10-day period may have contributed to the 479 
discrepancies between the SMARTX data and SWaMP. This difference in temporal resolution 480 
highlights the need for multiple data types collected at the same timepoint for comparison to 481 
better represent connections between water, microbes, sediment, and plants due to the dynamic 482 
nature of the system. Simulation results indicate that interactions between hydrology, vegetation, 483 
and biogeochemistry can generate non-linear effects on redox processes and representation using 484 
constant flux rates can limit our ability to identify hotspots and moments generated by 485 
synergistic and agonistic effects. Studies that target the role of these connections can be 486 
influential in predicting chemical equilibrium and highlight the role of multi-stressor effects 487 
(Ostrowski et al., 2022; O’Meara et al., 2017; Gundersen et al., 2016). To help understand these 488 
interactions, SWaMP can be useful tool to test effective methods for scaling key ecosystem 489 
processes or interactions. 490 

5 Conclusions 491 

SWaMP has been successful at improving characterization of biogeochemical processes 492 
in coastal environments through the addition of redox species beyond carbon and nitrogen, tidal 493 
flux, and PMT which can be tied to hydrology and vegetation in larger scale models such as 494 
ELM. However, to identify areas for improvement, comprehensive datasets that monitor redox 495 
processes and interactions are necessary for validation, particularly across multiple marsh 496 
locations. We found that the response of a coastal wetland ecosystem to eCO2 and temperature 497 
was mediated more strongly through plants and microbe feedbacks than direct influences on 498 
redox chemistry. In addition, the inclusion of dynamic vs average static water flux or plant-499 
mediated gas transport significantly altered our estimates and led to putative hot moments. This 500 
work highlights the importance of temporal heterogeneity in addition to environmental feedbacks 501 
as contextual information to inform representation of redox processes. In addition, this work 502 
demonstrates the need for including both spatial and temporal heterogeneity when scaling up 503 
from a simplified 1D column to a transect or ecosystem scale. 504 
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