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40
41 ABSTRACT 

42

43 East Fork Poplar Creek (EFPC) is a mercury (Hg) contaminated creek in east Tennessee, USA.  Stream 

44 restoration activities included the initiation of a flow management program in 1996 in which water from a 

45 nearby lake was pumped to the head of the creek.  We conducted regular water sampling for two years 

46 along the length of EFPC during active flow management and for five years after flow management 

47 stopped.  Total Hg and total monomethylmercury (MMHg) concentration and flux decreased in the 

48 uppermost reaches of EFPC that were closest to the point of water addition.  Most water quality 

49 parameters, including DOC concentration, remained unchanged after flow management termination.  

50 Nevertheless, SUVA254, a measure of dissolved organic matter (DOM) composition, increased and 

51 coincided with increased dissolved Hg (HgD) concentration and flux and decreased Hg solid-water 

52 partitioning coefficients throughout EFPC.  Higher SUVA254 and HgD concentration have potential 

53 implications for bioavailability and MMHg production.  Total and dissolved MMHg concentrations 

54 increased in lower reaches of EFPC after the end of flow management and these increases were most 

55 pronounced during spring and early summer when biota are more susceptible to exposure and uptake.  A 

56 general warming trend in the creek after active flow management ended likely acted in concert with 

57 higher HgD concentration to promote higher MMHg concentration.  Total and dissolved MMHg 

58 concentrations were positively correlated with water temperature above a threshold value of 10 °C.  

59 Concentration changes for Hg and MMHg could not be accounted for by changes in creek discharge that 

60 accompanied the cessation of flow management.  In addition to the changing DOM composition in-

61 stream, other watershed-scale factors likely contributed to the observed patterns, as these changes 

62 occurred over months rather than instantaneously after flow management stopped.  Nevertheless, similar 

63 changes in MMHg have not been observed in a tributary to EFPC.

64

65

66
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67 INTRODUCTION

68

69 Mercury (Hg) has a complex biogeochemical cycle that has been substantially altered by anthropogenic 

70 activity (Obrist et al., 2018; Selin, 2009).  Given that Hg mining dates back more than 3,000 years and its 

71 long-range atmospheric transport there may be few places on Earth’s surface that have not been impacted 

72 by alterations to its cycle (Beckers & Rinklebe, 2017) making Hg an element of concern at global, 

73 regional, and local scales.  Additionally, globally there are more than 3,000 point-source contaminated 

74 systems owing to Hg-intensive uses such as mining, precious metal recovery, and manufacturing 

75 (Kocman, Horvat, Pirrone, & Cinnirella, 2013).  

76

77 Inorganic Hg, the primary form released to the environment at most sites, has well-documented 

78 deleterious health effects.  The transformation in the environment of inorganic mercury to the more toxic 

79 monomethylmercury (MMHg) increases the risks to human and environmental health.  For these and 

80 other reasons, the United Nations Environment Programme lists contaminated site remediation as one of 

81 its seven priorities (United Nations Environment Programme Global Mercury Partnership, 2020).  

82 Understanding the controls on Hg transport and transformation informs fundamental understanding of 

83 biogeochemical cycles and is essential to addressing solutions for Hg contamination.   

84

85 Both dissolved organic carbon (DOC) and total suspended solids (TSS) play important roles in Hg 

86 speciation and environmental chemistry (Dong, Bian, Liang, & Gu, 2011; Dong, Liang, Brooks, 

87 Southworth, & Gu, 2010; Gu et al., 2014; C. L. Miller, Liang, & Gu, 2012; C. L. Miller, Mason, Gilmour, 

88 & Heyes, 2007; Carrie L. Miller, Southworth, Brooks, Liang, & Gu, 2009).  Dissolved organic matter 

89 (DOM) plays a central role in the behavior of Hg in the environment affecting sorption, precipitation and 

90 dissolution, and its propensity for methylation (Deonarine & Hsu-Kim, 2009; Graham, Aiken, & 

91 Gilmour, 2013; Johs et al., 2019; Mitchell & Gilmour, 2008; Slowey, 2010; Waples, Nagy, Aiken, & 

92 Ryan, 2005).  DOM composition, in addition to its concentration, is important with respect to Hg 
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93 biogeochemistry(Cumberland, Douglas, Grice, & Moreau, 2016; Sankar et al., 2019; Schuster et al., 

94 2008; Shiller, Duan, van Erp, & Bianchi, 2006).  An indicator of DOM composition is the absorbance at 

95 254 nm normalized to DOC concentration, referred to as SUVA254.  SUVA254 has been positively 

96 correlated to several DOM composition metrics including molecular weight, percent aromaticity, and 

97 hydrophobicity (Wei et al., 2008; Weishaar et al., 2003).  SUVA254 also has been positively correlated 

98 with total dissolved Hg concentration (Burns, Aiken, Bradley, Journey, & Schelker, 2013; Dittman et al., 

99 2009; Dittman et al., 2010; Eckley et al., 2018) and dissolution of the HgS mineral cinnabar has been 

100 positively correlated with DOM molecular weight (Waples et al., 2005).  Additionally, MMHg production 

101 from inorganic Hg has been positively correlated with SUVA280, a closely related metric (Mitchell & 

102 Gilmour, 2008).  

103

104 The strength and direction of the relationship between streamflow and Hg and MMHg concentrations has 

105 been shown to vary depending on watershed characteristics and type and source of contamination.  

106 Typically, higher flows suspend and transport more particulate matter resulting in increases in TSS and 

107 the associated Hg and MMHg concentrations.  This relationship has been documented in urban and non-

108 urban systems as well as in forested watersheds (Brigham, Wentz, Aiken, & Krabbenhoft, 2009), in 

109 agricultural watersheds (Balogh, Huang, Offerman, Meyer, & Johnson, 2003), as well as in contaminated 

110 systems with urban and forested components, such as EFPC (Ami Riscassi, Miller, & Brooks, 2016).  An 

111 exception to the increase in particulate Hg concentrations with increasing flow was observed in a logged 

112 watershed (Eckley et al., 2018) with the unexpected absence of a trend attributed to best management 

113 forestry practices designed to minimize erosion.  The positive relationship between flow and dissolved Hg 

114 is also fairly consistent, with higher flows activating previously dormant flowpaths and reconnecting 

115 portions of the terrestrial watershed where the majority of Hg is stored (Brigham et al., 2009).  The 

116 relationship between flow and dissolved MMHg is more variable, with positive relationships found in 

117 systems with a significant wetland abundance, in which methylmercury generation is greater in areas 

118 outside of the stream channel that become connected, whereas negative relationships are more common in 
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119 systems without wetlands, in which in-stream methylation is dominant, including EFK-5 (see Figure 8a in 

120 (Ami Riscassi et al., 2016)). Dominant watershed land-use also affects the strength of these relationships 

121 with agricultural watersheds showing preferential increases in particulate concentrations and watersheds 

122 with abundant wetlands having more prominent increases in dissolved concentrations (Babiarz et al., 

123 1998)

124

125 East Fork Poplar Creek (EFPC) in Oak Ridge, Tennessee, USA was heavily contaminated with mercury 

126 (Hg) due to activities at the Y-12 National Security Complex (Y-12) located at the headwaters of the 

127 creek (S. C. Brooks & Southworth, 2011; Loar, Stewart, & Smith, 2011).  The creek and its watershed 

128 have been the subject of intense monitoring, characterization, and research since the mid-1980’s.  

129 Numerous remedial actions have been taken and water quality within EFPC has improved but smaller 

130 amounts of Hg continue to enter the creek from Y-12 and fish tissue concentrations throughout EFPC 

131 remain above the US EPA guideline of 0.3 µg g–1.  The water quality threat posed by Hg is related 

132 primarily to its conversion to monomethylmercury (MMHg) and its subsequent bioaccumulation and 

133 biomagnification posing a risk to top consumers.

134

135 Among the remedial actions taken in EFPC to address degraded stream ecology and water quality was the 

136 initiation of a flow management program in August 1996 whose goal was to increase and stabilize the 

137 minimum baseflow in the upper reaches of the creek.  This goal was achieved by adding water from 

138 Melton Hill Lake to the head of the creek at the rate of 0.2 m3 s–1.  The added lake water was 10-15 °C 

139 cooler than EFPC at the point of mixing, was not a significant source of either total Hg or MMHg (long-

140 term mean 0.9 ng L–1 and 0.04 ng L–1, respectively), and had higher TSS (long-term mean 5.8 mg L–1) 

141 than EFPC (long-term mean 1 mg L–1).  Importantly, the added water had similar DOC concentration 

142 (long-term means 1.54 mg L–1, EFPC = 1.82 mg L–1) but higher SUVA254 (long-term means 2.65 L mg-C–

143 1 m–1, EFPC = 1.42 L mg-C–1 m–1) than EFPC at the point of addition.  The flow management program 

144 was stopped at the end of April 2014 to decrease total Hg flux leaving Y-12.
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145

146 We conducted various sampling campaigns along EFPC during active flow management to characterize 

147 water quality, specifically Hg and MMHg behavior throughout the creek.  Upon learning the flow 

148 additions would be terminated, the comprehensive sampling efforts were repeated for several years to 

149 document and quantify what, if any, changes to water quality occurred after flow management ended.  

150 Specifically, if changes to Hg and MMHg mobilization and/or formation occurred downstream of the 

151 headwaters after flow management modification, we sought to determine the factors contributing to those 

152 alterations.  A combination of in-stream and broader climate-scale changes contributed to increased Hg 

153 and MMHg concentrations and fluxes after flow management ended.

154

155 METHODS

156

157 Site Description 

158 The EFPC watershed is in the Valley and Ridge physiographic province of Tennessee and is underlain by 

159 limestone, dolostone, and shale bedrock.  The region has a humid subtropical climate with mean annual 

160 temperature of 14.4 °C, mean annual precipitation of 137 cm that is evenly distributed throughout the 

161 year, and local evapotranspiration of 74-76 cm (Parr & Hughes, 2006).  Streamflow exhibits strong 

162 seasonality due to high evapotranspiration from late March to mid-October (Mulholland et al., 1997).  

163 Land cover changes considerably from 87% developed, 11% forested in the upper reaches to 34% 

164 developed, 55% forested in the lower reaches.  The high percentage of impervious cover in the upper part 

165 of the watershed results in flashy storm-driven hydrographs.  EFPC is a fourth-order stream at the point of 

166 its confluence with Poplar Creek (Fig. 1).  From its headwaters inside Y-12, the creek meanders 26 

167 kilometers through commercial, residential, open-land and forested sections of the city of Oak Ridge, 

168 Tennessee to its confluence with Poplar Creek.  The upper four creek kilometers have little canopy cover 

169 over the creek whereas much of the remaining 22 creek kilometers has heavy seasonal canopy cover from 

170 the deciduous trees populating the floodplain.  Sampling sites are identified by an alphanumeric 
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171 designator EFK# where EFK stands for East Fork and the number signifies the creek kilometer, measured 

172 upstream from the mouth of the creek.  Halfway along its length (EFK 13.5), the city of Oak Ridge 

173 Wastewater Treatment Facility (ORWTF) discharges treated water to the creek.  Several perennial 

174 tributaries are distributed along EFPC but discharge from the ORWTF constitutes the largest contributory 

175 input to the EFPC main channel.  This effluent is a source of nutrients (nitrate, ammonia, phosphorous) 

176 and DOC to EFPC, but it is not a significant source of either Hg or MMHg.  The reader is referred to 

177 previous descriptions for more details (S. C. Brooks, Riscassi, & Lowe, 2021; S. C. Brooks & 

178 Southworth, 2011; Loar et al., 2011; Ami Riscassi et al., 2016) .

179

180 Field Methods  

181 Baseflow sampling along EFPC (Fig. 1) was conducted monthly at eleven sites from August 2010 to 

182 December 2012 while flow management was on.  The sampling was repeated from May 2014, after flow 

183 augmentation was stopped, through August 2019.  Sampling campaigns were conducted between 08:00 

184 and 13:00 working from downstream to upstream.  Ancillary tests did not show a significant difference 

185 between downstream-to-upstream versus upstream-to-downstream sampling (Gammons, Milodragovich, 

186 & Belanger-Woods, 2007).  Bulk 500-mL water samples were collected in new PETG bottles by triple-

187 rinsing with creek water prior to sample collection.  A separate sample for TSS was collected in a 2-liter 

188 HDPE bottle.  Samples were either processed immediately in the field or held on ice until returned to the 

189 lab for processing [max holding time of 8 hours; (A. Riscassi, Miller, & Brooks, 2014)].  Concurrent with 

190 water sampling, ambient water conditions were measured (temperature, specific conductance, pH, 

191 dissolved oxygen; Table S1).  

192

193 An unfiltered aliquot of each sample was retained for quantification of total Hg and MMHg (HgT and 

194 MMHgT, respectively) and the remaining sample was filtered through a 0.2 µm pore size polyethersulfone 

195 filter for analysis of dissolved Hg and MMHg (HgD and MMHgD, respectively), DOC, UV-Vis 

196 absorption, anions, and metals.  Samples collected for TSS analysis were filtered through a tared 
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197 Whatman GFF glass fiber filter with 0.7 µm particle retention.  Unfiltered and filtered Hg and MMHg 

198 samples were preserved to 0.5% (v/v) trace metal grade HCl in PETG bottles and DOC samples were 

199 preserved to 0.1% (v/v) trace metal grade HCl in amber glass bottles.  Samples for metals analysis were 

200 acidified to 0.5% (v/v) with trace metal grade HNO3 in either clear glass or LDPE bottles.  Samples for 

201 anion and UV-Vis analysis were kept in clear and amber glass bottles, respectively.  All samples were 

202 stored in the dark at 4 °C until analysis (Table S2).  Field duplicates and equipment blanks were collected 

203 for quality control during sampling events.

204

205 Creek Discharge and Meteorological Data

206 Mean daily stream discharge for EFK 24.3was retrieved from the US Geological Survey (USGS ID# 

207 03538235; period of record 1 December 1992 to 18 April 2005) and supplemented with data from the 

208 Oak Ridge Environmental Information System (https://oreis.ettp.energy.gov/) and continuous discharge 

209 records provided courtesy of Y-12 environmental compliance personnel.  Mean daily discharge from the 

210 ORWTF was provided courtesy of the City of Oak Ridge (1 November 1999 to 30 September 2019).  

211 Continuous discharge and multiparameter sonde data at EFK 5.4 and 16.2 were collected at gauging 

212 stations established by the authors (S. C. Brooks et al., 2021; Ami Riscassi et al., 2016)}; 

213 https://www.esd.ornl.gov/programs/rsfa/data.shtml).  The downstream gauging station was a former 

214 USGS water monitoring site (ID# 03538250) which operated from 1960 through June 1988 and for which 

215 mean daily discharge records are available.  Precipitation records for Oak Ridge, TN were obtained from 

216 the Atmospheric Turbulence & Diffusion Division office of NOAA in Oak Ridge (ATDD, 1953 – 1988) 

217 and National Weather Service (NWS) station KOQT (1989 – 2019).  Hourly air temperature data for 

218 station KOQT were retrieved from the North Carolina Climate Office, Weather and Climate Database 

219 (http://climate.ncsu.edu.cronos).  

220

221 Analytical Methods 
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222 Hg analyses were conducted following EPA method 1631 (U. S. EPA, 2002) using a Hg purge and trap 

223 system (Brooks Rand MERX-T) (U. S. EPA, 2002).  Ambient MMHg was analyzed using modifications 

224 of EPA method 1630 (U. S. EPA, 2001).  An internal standard (MM200Hg) was added to samples prior to 

225 distillation and this isotope was used to quantify MMHg concentrations (Hintelmann & Ogrinc, 2003).  In 

226 addition to analyzing the field duplicates and equipment blanks collected during sampling, analytical 

227 replicates and spike recoveries were measured.  A summary of Hg and MMHg quality assurance/quality 

228 control results is given in supporting information (Table S3).  

229

230 DOC concentrations were measured using high-temperature platinum-catalyzed combustion followed by 

231 infrared detection of CO2 (Shimadzu TOC-5000A or Shimadzu TOC-L).  UV-visible spectra were 

232 collected at 1-nm interval and 0.5 second exposure time from 190-1100 nm wavelength with an HP 8453 

233 spectrophotometer using a 1-cm path length quartz cuvette.  Dissolved anions (Cl–, NO3
–, SO4

2–, PO4
3–) 

234 and metals (Na, Mg, Ca, K, Al, Fe, Mn, Sr, Ba, U) were analyzed by ion chromatography (IC) (Dionex 

235 DX-120, Sunnyville, CA, USA) and inductively coupled plasma-mass spectrometry (ICP-MS, Perkin–

236 Elmer, Waltham, MA, USA), respectively.  

237

238 Computations  

239 Statistics and calculations were conducted in R (R Core Team, 2018) using the RStudio IDE (RStudio 

240 Team, 2018).  Reported correlations are Spearman’s rank correlation coefficient (rho); where multiple 

241 correlations were calculated, p values were adjusted using Holm’s method.  Particulate Hg and MMHg 

242 were calculated both as (i) the difference between the total and dissolved concentration, reported in ng L–1 

243 (HgP.ngL and MMHgP.ngL, respectively), and (ii) the value from (i) divided by the TSS, reported as 

244 milligrams Hg (or MMHg) per kilogram suspended solids (mg kg–1; HgP.mgkg and MMHgP.mgkg, 

245 respectively).  Solid-water partitioning coefficients (KSW; L kg–1) were calculated as the ratio of solid 

246 phase concentration to dissolved concentration:



Managed flow effects on water quality

10

247 𝐾𝑆𝑊(𝐿 𝑘𝑔–1) = 106𝐻𝑔𝑃.𝑚𝑔𝑘𝑔(𝑚𝑔 𝑘𝑔–1)
𝐻𝑔𝐷(𝑛𝑔 𝐿–1)           Eq. 1

248 Results are reported as the log10(KSW).  This calculation is analogous to the KD used to describe linear 

249 sorption isotherms but differs in several important ways.  A true KD is an equilibrium measure of 

250 adsorption made under constant conditions (e.g., pH, temperature).  For the samples collected in this 

251 study the equilibrium condition is uncertain, stream water chemistry varied over time and space, and 

252 some of the particulate Hg may be in the form of (co-)precipitates in addition to being adsorbed on 

253 particle surfaces. 

254

255 Specific ultraviolet absorbance at 254 nm (SUVA254), calculated as the absorbance at 254 nm (m–1) 

256 divided by the DOC concentration (mg L–1), is reported in units of L mg-C–1 m–1.  TSS (mg L–1) was 

257 determined by drying filters to constant weight at 60 °C and calculated by dividing the difference in mass 

258 between the filter+TSS and the tare mass of the filter by the volume of water filtered.  Instantaneous 

259 material flux was calculated as the product of creek discharge at the time of sampling and the sample 

260 concentration.  

261

262 Seasons were assigned based on the solstices and equinoxes.  Patterns and trends were evaluated for the 

263 whole creek and for three individual reaches (upper, middle, lower; Fig. 1).  The upper, middle, and lower 

264 reaches encompassed 1.4, 4.4, and 4.5 kilometers and two, six, and three sampling sites, respectively.  

265

266 RESULTS

267

268 Creek discharge

269 The flow management program was initiated to increase and stabilize the minimum baseflow at EFK 

270 23.4.  The success of that program in achieving its goal and the consequent effect of stopping the program 

271 are evident in the discharge record (Fig. 2A; Table S4; Fig. S1A, S2A).  The added water accounted for 
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272 ~80% of creek flow at the point where it entered EFPC and decreased to ~65% of creek flow at EFK 23.4 

273 reflecting additional water inputs from the watershed plus minor additions from other permitted outfalls in 

274 Y-12 over that 2.5 km distance.  At EFK 23.4 the average mean daily discharge increased from 0.231 m3 

275 s–1 prior to the start of flow management (period of record 2.5 years) to 0.383 m3 s–1 during the period of 

276 active flow management (period of record 17 years) and decreased to 0.208 m3 s–1 after flow management 

277 termination (period of record 4.5 years).  Flows were highest in the winter and lowest in summer and 

278 autumn.  The water added during flow management accounted for ~8.5% of mean daily discharge at EFK 

279 5.4.  That low percentage contribution coupled with gaps in the discharge record and the relatively short 

280 record at EFK 5.4 during active flow management (period of record 2.3 years) make it hard to discern 

281 what impact the termination of flow management may have had on discharge at that downstream location 

282 (Fig. 2C; Fig. S1C, S2C).  Average mean daily discharge at EFK 5.4 for the period of record during 

283 active flow management (1.91 m3 s–1) was similar to discharge after flow management termination (1.87 

284 m3 s–1).  Overall, discharge at EFK 5.4 was higher in the latter part of the total record (average mean daily 

285 discharge from 2012-2019 = 1.88 m3 s–1 versus 1.41 m3 s–1 from 1960-1988).  The higher flow from 2012 

286 onward is likely due to a combination of higher precipitation in later years (mean annual rainfall for 2012-

287 2019 = 147 cm versus 135 cm for 1960-1988; Fig. S3) and higher runoff associated with changes in land 

288 use and land cover with increasing watershed urbanization over time.  Mean daily discharge from the 

289 ORWTF was similar but slightly higher during the time flow management was on (0.195 m3 s–1) relative 

290 to when it was off (0.182 m3 s–1; Fig. 2B).  

291

292 Creek discharge during sampling

293 Average mean daily discharge can be heavily influenced by a few moderate to high discharge events.  

294 Notably, from 2016 to 2019, the Oak Ridge area experienced several 24-h periods with rainfall totals 

295 exceeding 10 centimeters with correspondingly rare storm-driven floods whereas there was only one such 

296 event when sampling occurred during active flow management.  Instantaneous discharge at the time of 

297 sampling (Qsample) reveals different behavior and this information is necessary for the interpretation of the 
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298 water quality data.  At EFK 23.4, Qsample after flow management ended was about 50% of that during 

299 active flow management (Fig. S4A, S30A).  The greatest reduction in Qsample occurred for summer 

300 sampling (60% reduction) and the smallest reduction occurred in winter (43% reduction).  At EFK 5.4, on 

301 average there was no difference between Qsample during versus after active flow management.  However, 

302 Qsample in spring and summer was 10% and 22% lower, respectively, and winter Qsample was 24% greater 

303 after flow management ended (Fig. S4B, S30B).  The lower range of Qsample after flow management ended 

304 was markedly lower than during active flow management: the lower 25th percentile of summer Qsample 

305 during active flow management ranged from 0.76 to 0.88 m3 s–1, and after flow management ended it 

306 ranged from 0.53 to 0.67 m3 s–1, a 30 % decrease in the minimum value.   

307

308 EFPC Water Quality 

309 The addition of lake water to the head of EFPC successfully increased and stabilized baseflow at the point 

310 where the creek exits Y-12.  The higher flows also contributed to increased Hg flux primarily due to 

311 increased mobilization of particulate Hg either by scouring and suspending contaminated sediments or 

312 through HgD partitioning to the TSS added with the lake water.  The flow management program was then 

313 ended to achieve the desired goal of decreasing total mercury flux at baseflow from EFK 23.4 to the rest 

314 of the watershed.  From this perspective ending flow management, coupled with other remedial actions 

315 within Y-12 to lower Hg concentration, has been successful (Fig. S5).  Herein, we more closely examine 

316 water quality changes throughout the rest of EFPC upon the cessation of the flow management program 

317 and potential causes for those changes.  These changes are examined for the whole creek and for three 

318 reaches along the creek (Fig. 1).

319

320 Total, particulate, and dissolved Hg  

321 The general trends in HgT concentration along the length of EFPC were similar during and after flow 

322 management.  HgT concentration decreased downstream, and these longitudinal profiles were less steep 

323 following the end of flow management due to lower concentrations at upstream locations (i.e., upstream 
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324 of the ORWTF outfall) and little to no change in HgT concentration in lower sections of the creek relative 

325 to the active period of management (Fig. S7A, S7B, S8).  This suggests that any concentration effect 

326 associated with lower water volume in the upper section of the creek was offset by decreased particle-

327 associated Hg mobilization at lower flow resulting in a net decrease in HgT concentration.  Both during 

328 and after flow management HgT concentration was highest in the spring in the upper section of the creek 

329 with smaller differences among seasons in the lower section of the creek.  Seasonal patterns in HgT 

330 concentration are evident with annual low values in late autumn to early winter increasing to springtime 

331 maxima and decreasing through summer (Fig. S7, S8).  In the upper reach, HgT was lower and less 

332 variable after flow management ended and these changes were apparent immediately after flow 

333 management ended.  In the middle reach there was no apparent change in HgT concentration or variability 

334 for the first 18 months after flow management ended.  In the last few years of the record, the annual 

335 maxima in the middle reach have decreased by half from 300 ng L–1 to 150 ng L–1.  There has been no 

336 apparent effect of flow management termination on HgT concentration in the lower reach.   HgT and TSS 

337 were positively correlated throughout EFPC (Table S6; whole creek: rho = 0.44, p < 0.001; upper reach: 

338 rho = 0.54, p < 0.001; middle reach: rho = 0.67, p < 0.001; lower reach: rho = 0.83, p < 0.001)

339

340 The particle-specific Hg concentration (HgP.mgkg) showed a different response to flow management in each 

341 of the three reaches (Fig. S9).  In the upper reach, ongoing remedial activities in Y-12 decreased HgP.mgkg 

342 while flow management was active.  After flow management ended, the trend of decreasing HgP.mgkg 

343 continued, reaching a relatively stable value of 26 mg kg–1 about 18 months after the end of flow 

344 management.  In the middle reach HgP.mgkg averaged 29 mg kg–1 with no strong seasonal trend apparent 

345 when flow management was active.  Shortly after flow management ended HgP.mgkg began to decrease 

346 reaching a relatively stable value of 17 mg kg–1 approximately 18 months after flow management ended.  

347 In the lower reach, during active flow management mean HgP.mgkg value was 16 mg kg–1 and remained 

348 variable but relatively steady for the initial 15 months after flow management ended.  These values then 

349 decreased over the next nine months after which they increased again to a mean value of 14 mg kg–1.    
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350

351 Dissolved Hg concentration decreased with downstream distance for locations upstream of the ORWTF 

352 outfall then remained relatively steady downstream of that point (Fig. S7C, S7D).  Seasonal differences in 

353 this trend were less apparent compared to HgT, although HgD concentration in autumn after flow 

354 management stopped were lower than in the other seasons.  Dissolved Hg concentration differed between 

355 the upper and the middle and lower reaches and was relatively stable within each reach during active flow 

356 management (Fig. 3).  The upper, middle, and lower reaches had mean HgD of 36 ± 12 (excluding 2 

357 winter outliers), 13 ± 3, and 12 ± 4 ng L–1, respectively.  After flow management ended HgD 

358 concentration remained stable for about six months then increased and became more variable in each 

359 reach over the subsequent five years (Fig. 3; Fig. S7C, S7D).  Samples in the latter part of the record 

360 suggest that HgD concentration in the upper and middle reaches may have reached a new steady state of 

361 ~100 and 30 ng L–1, respectively.  Nevertheless, intensive sampling in the lower reach in late summer 

362 2018 showed ongoing high variability and increasing summertime maxima suggesting similar patterns 

363 may also exist in the upper two reaches.  The pattern of increasing HgD in each reach coupled with HgT 

364 concentration changes yielded an increase in percent dissolved Hg (HgD/HgT) throughout EFPC after flow 

365 management ended (Fig. S10).  Additionally, the trends of decreasing HgP.mgkg and increasing HgD lead to 

366 decreasing KSW.Hg throughout EFPC (Eq. 1; Fig. 4) with the largest decrease occurring in the upper reach 

367 followed by the middle and lower reaches.  The trend of decreasing KSW.Hg occurred over the first three 

368 years after flow management ended and then appears to have reached relatively stable values.

369

370 Total and dissolved MMHg  

371 MMHgT concentration increased with distance downstream both during and after active flow management 

372 (Fig. S11A, S11B, S12).  This longitudinal trend in MMHgT concentration is the opposite of that seen for 

373 HgT.  MMHgT was higher in spring and summer versus autumn and winter under both flow conditions 

374 primarily due to a temperature-dependent biologically mediated MMHg production with potential 

375 contribution from concentration effects related to lower creek discharge from late spring through early 
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376 autumn (Table S5; Fig. S2).  MMHgT concentration increased approximately linearly with downstream 

377 distance in most cases except for spring and summer during flow management.  In these latter two cases 

378 MMHgT increased rapidly in the first few creek kilometers then the rate of increase (ng L–1 km–1) declined 

379 substantially over the remaining thirteen kilometers.  Overall, the rate of MMHgT increase with distance 

380 downstream was higher after flow management ended due to lower concentrations in the upper reach and 

381 higher concentrations in the middle and lower reaches.  

382

383 Total MMHg concentration in the upper reach decreased and was less variable after flow management 

384 stopped (Fig. S12).  In contrast, MMHgT in the middle and lower reaches were higher after flow 

385 management ended.  Strong seasonal effects are evident in the middle and lower reaches with annual 

386 minima in late autumn and early winter.  Concentrations increase through late winter to annual maxima in 

387 late spring to early summer.  

388

389 Dissolved MMHg concentration in the upper reach did not change after flow management ended.  In the 

390 middle and lower reaches MMHgD increased after the end of flow management (Fig. 5).  Higher 

391 concentrations were measured in all seasons and annual minima and maxima progressively increased over 

392 time.  Increases in both MMHgP.mgkg and MMHgD after flow management ended resulted in subtle but 

393 significantly lower KSW.MMHg within each reach (Fig. S13; Tukey’s Honestly Significant Difference test, 

394 upper reach log KSW.MMHg 0.2 lower, p < 0.01; middle reach log KSW.MMHg 0.18 lower, p < 0.01; lower 

395 reach log KSW.MMHg 0.15 lower, p < 0.01).  

396

397 Additional water quality parameters  

398 When the flow management program was stopped, the addition of DOC and TSS to the head of the creek 

399 was also eliminated.  TSS concentration for samples collected in the upper reach during flow management 

400 averaged 6.4 ± 4.7 mg L–1 (mean ± standard deviation) (Fig. S14A).  Post flow management, TSS 

401 averaged 3.0 ± 1.5 mg L–1.  The lower and less variable TSS after flow management ended was likely due 
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402 both to removal of the additional TSS loading and lower discharge that mobilized less suspended load 

403 from the bed of EFPC.  TSS values in the middle and lower reaches were not affected by flow 

404 management (Fig. S14B, C).  In all three reaches there were seasonal patterns in TSS concentration with 

405 maxima in spring to early summer and minima in late autumn to early winter.  TSS was not correlated 

406 with discharge at EFK 23.4 (rho = 0.12, p = 0.44) and weakly correlated with discharge at EFK 5.4 (rho = 

407 0.23, p < 0.05) suggesting other factors controlled seasonal variation in TSS, although it should be noted 

408 that the relatively narrow range of TSS and discharge values under the baseflow sampling regime may 

409 bias the results of these correlations.  The organic carbon content of TSS during flow management did not 

410 exhibit any seasonal dependence suggesting that seasonal phytoplankton or zooplankton growth was not 

411 the cause of seasonal variation in TSS. 

412

413 DOC concentration showed no change throughout EFPC following flow management shutoff (Fig. S15).  

414 DOC concentration in the flow management water was similar to that in EFPC just upstream of their 

415 confluence.  Consequently, terminating the flow management program decreased DOC loading to the 

416 creek but did not alter DOC concentration in the upper reach (1.7 ± 0.9 mg-C L–1).  DOC concentration in 

417 the middle reach (1.7 ± 1.2 mg-C L–1) was similar to the upper reach.  DOC concentration in the lower 

418 reach (2.3 ± 0.9 mg-C L–1; mean daily flux at EFK 5.4 193 ± 64 kg-C d–1) was higher than in the upper or 

419 middle reaches likely due to in-stream production and inputs from the forested watershed that dominates 

420 the lower reach in addition to DOC loading from the ORWTF (5.3 ± 1.7 mg-C L–1; mean daily flux 

421 during sampling 69 ± 16 kg-C d–1).  

422

423 Coincident with the end of flow management, SUVA254 values in all three reaches increased over an 18-

424 month period (Fig. 6) indicative of changing DOM composition.  SUVA254 values for the lake water 

425 added to the head of the creek during active flow management and for EFPC upstream of the point of 

426 addition averaged 2.69 L mg-C–1 m–1 and 1.61 L mg-C–1 m–1, respectively.  The patterns of increasing 

427 SUVA254 mirror the pattern seen for changes in KSW.Hg.  pH and sulfate concentration were not affected by 
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428 the flow management termination.  In the upper reach, chloride (excluding values associated with road 

429 salt runoff) and nitrate concentrations increased 60% and 56%, respectively, reflecting a concentration 

430 effect consistent with less dilution after active flow management ended (Fig. S16-S20).  Specific 

431 conductance in the upper reach increased 16% post-flow management.  In the lower reach, chloride and 

432 nitrate concentration concentrations increased 33% and 25%, respectively, and were more variable after 

433 flow management.  Lack of anion analyses for samples in the middle reach during active flow 

434 management prevents similar comparisons.

435

436 DISCUSSION

437

438 Controls on Hg concentration: Creek discharge, particle suspension, solid-water partitioning

439 Stopping the addition of 0.2 m3 s–1 water to the headwaters of EFPC had the desired effect of decreasing 

440 total Hg concentration and flux at a point of regulatory compliance (EFK 23.4) and about 1.5 km 

441 downstream of that point.  Nevertheless, these benefits have not extended farther downstream as HgT 

442 concentrations in the middle and lower reaches were not substantially different following the end of flow 

443 management.  Additionally, instantaneous flux of HgT, HgP.ngL, and HgD at the downstream gauging 

444 station (EFK 5.4) was higher than at the upstream station (EFK 23.4) (Fig. S21, S30) both during and 

445 after active flow management suggesting that diffuse legacy sources of Hg contamination along the 

446 stream corridor sustain Hg concentration throughout much of EFPC at baseflow.  Previous studies using 

447 Hg stable isotope signatures (Demers et al., 2018) and mass balance approaches (S. C. Brooks et al., 

448 2018; Southworth et al., 2013) reported a similar conclusion.  Recent studies of streambank soils and 

449 streambed sediments along EFPC suggest that bank erosion of highly contaminated soils (up to 4600 mg-

450 Hg kg–1) is a likely source of additional Hg inputs to the creek outside of Y-12 (S. Brooks et al., 2017; 

451 Dickson et al., 2019).  The patterns in HgT were similar to patterns in TSS leading to moderate to strong 

452 positive correlations between these two variables for the whole creek and within each creek reach.  

453 Numerous investigators have reported similar positive correlations between Hg concentration and TSS 
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454 (Brigham et al., 2009; Eckley et al., 2018; Hurley, Cowell, Shafer, & Hughes, 1998; Whyte & Kirchner, 

455 2000).  

456

457 Although changes to HgT concentration were limited to the upper reach, HgD concentration increased 

458 throughout EFPC after the end of flow management.  Increased HgD concentration in the upper reach 

459 upon the end of flow management cannot be fully explained by a concentration effect due to cessation of 

460 the diluting lake water additions.  In that reach of EFPC, HgD concentrations did not start to increase until 

461 nine months after, rather than immediately upon, the end of flow management.  HgD instantaneous flux at 

462 EFK 23.4 decreased in the first nine months after flow management ended (Fig. S21C) reflecting the 

463 constant concentration and lower flow rate.  After that period, HgD flux at EFK 23.4 increased as the 

464 concentration increased and Qsample remained relatively constant within each season.  Cessation of flow 

465 management had a much smaller impact on creek discharge at the downstream gauging station but Qsample 

466 was up to 22% lower after flow management ended (Fig. S4) which could have resulted in higher HgD 

467 values by a concentration effect.  Nevertheless, HgD instantaneous flux at EFK 5.4 increased after flow 

468 management ended (Fig. S21C, S30F).  Additionally, plotting HgD concentration versus Qsample shows that 

469 for a similar range of creek discharge, HgD concentration is substantially higher after cessation of flow 

470 management (Fig. S22).   Because of the temporal lag between the end of flow management and the onset 

471 of increasing HgD concentrations throughout EFPC, higher HgD flux after flow management ended, and 

472 the vertical offset in the concentration-discharge curve at EFK 5.4 factors other than a concentration 

473 effect are responsible for the increasing HgD concentrations.  

474

475 With the increasing HgD there was a corresponding decrease in partitioning onto the suspended solids as 

476 estimated by KSW.Hg.  pH, ionic strength (IS), and DOC are recognized as master variables controlling 

477 metal sorption behavior.  However, pH, IS, and DOC were constant, showed little change, or do not show 

478 directional changes with the termination of flow management that would explain the decreased Hg 

479 partitioning (here, specific conductance is taken as a proxy measurement of ionic strength).  Virtually all 
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480 the HgD in EFPC is expected to be associated with DOM (Dong et al., 2010) yet HgD was not correlated 

481 with DOC in the upper or middle reaches, was moderately positively correlated in the lower reach and 

482 was weakly negatively correlated with DOC considering the whole creek (Table S6).  This result contrasts 

483 with numerous other studies, conducted in non-point source contaminated watersheds, that reported 

484 positive correlations between HgD and DOC in streams that span a broader range of DOC concentrations 

485 and similar to narrower HgD concentration (Babiarz et al., 1998; Brigham et al., 2009; Dittman et al., 

486 2010; Journey et al., 2012; Oswald & Branfireun, 2014).  Our results are in good agreement with those of 

487 Lavoie et al. (Lavoie, Amyot, & Lapierre, 2019) who reported weaker Hg-DOC relationships in 

488 anthropogenically impacted and point source contaminated systems suggesting that decoupling of Hg and 

489 DOC sources and the ecosystem processes that include them changes the observed Hg-DOC relationship.  

490 The change from no Hg-DOC correlation in the upper reaches to positive correlation in the lower reaches 

491 corresponds to changes in watershed land cover from urban to forested.  

492

493   SUVA254 values for DOM from different sources may not mix conservatively, but it is noteworthy that 

494 the added lake water had higher SUVA254 values (2.65 L mg-C–1 m–1) than EFPC upstream of the addition 

495 point (1.42 L mg-C–1 m–1) and that after flow management ended, SUVA254 values increased in the upper, 

496 middle, and lower reaches (Fig. 6).  In our baseflow sampling of EFPC HgD was positively correlated 

497 with SUVA254 in all three creek reaches (Table S6).  The correlation between these two variables for the 

498 whole creek was much weaker.  This suggests that even though DOC concentration remained relatively 

499 steady, the change in DOM composition after flow management ended led to a corresponding lower 

500 partitioning of Hg to suspended particles and higher HgD concentration.  Similar to our results, Lavoie et 

501 al. (Lavoie et al., 2019) reported stronger correlations between Hg and the aromatic fraction of DOM than 

502 for Hg-DOC relationships.  Changes to the TSS composition, particularly in the upper reach, also may 

503 have contributed to the change in Hg partitioning behavior after flow management ended but there is no 

504 TSS characterization data to make that comparison.  

505
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506 Controls on MMHg concentration: Creek discharge, available Hg, bacterial activity, and 

507 demethylation  

508 Lower MMHgT concentration in the upper reach after the end of flow management was due to lower 

509 MMHgP.ngL concentration (0.11 ± 0.095 ng L–1 and 0.034 ± 0.036 ng L–1 during and after active flow 

510 management, respectively) as MMHgD concentration did not change (0.11 ± 0.036 ng L–1 and 0.1 ± 0.036 

511 ng L–1 during and after active flow management, respectively).  This suggests lower discharge scoured 

512 and suspended less particle associated MMHg leading to lower MMHgT concentration and lower MMHgT 

513 instantaneous flux at EFK 23.4 after flow management ended (Fig. S23A, S31A).  Additionally, the loss 

514 of the diluting lake water after flow management ended did not produce an associated concentration effect 

515 for MMHgD concentration and MMHgP.mgkg was lower after flow management ended (0.021 ± 0.013 ng L–

516 1 and 0.013 ± 0.0087 ng L–1 during and after active flow management, respectively) suggesting less 

517 MMHgT in the upper reach after flow management ended.  Instantaneous flux for MMHgT, MMHgP.ngL, 

518 and MMHgD in at EFK 23.4 decreased after the end of flow management (Fig. S23, S31A&C).  

519

520 In contrast to the decreasing MMHgT and constant MMHgD concentration in the upper reach, in the 

521 middle and lower reaches MMHgT and MMHgD increased after flow management ended (Fig. 5, S12).  

522 As was the case for inorganic Hg concentration, lower discharge at the time of sampling cannot explain 

523 the concentration increase.  At EFK 5.4 in the lower reach, for similar values of Qsample, MMHgD 

524 concentration after flow management was substantially higher than during active flow management (Fig. 

525 S24).  Additionally, instantaneous flux of MMHgT and MMHgD at EFK 5.4 increased after flow 

526 management ended (Fig. S23, S31B&D).

527

528 Because changes in creek discharge cannot account for changes in MMHg concentration, we address the 

529 effects of other potential controls.  MMHg is not a direct contaminant to EFPC but is formed in the 

530 environment by a microbially-mediated process.  Wetland abundance within a watershed is often found to 

531 be an important source of MMHg to surface waters (Back, Hurley, & Rolfhus, 2002; Chasar, Scudder, 
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532 Stewart, Bell, & Aiken, 2009; Hurley et al., 1995; Krabbenhoft, Benoit, Babiarz, Hurley, & Andren, 

533 1995; Scudder et al., 2009; Wentz, Brigham, Chasar, Lutz, & Krabbenhoft, 2014) with corresponding 

534 positive correlations between basin wetland abundance and MMHg concentration.  EFPC has 

535 anomalously high MMHg concentration given the low wetland abundance (3%; National Wetland 

536 Inventory) and previous research has concluded that MMHg in EFPC originates from in-stream sources 

537 (Ami Riscassi et al., 2016).  

538

539 Other watershed-scale variables affecting MMHg production include the concentration of available 

540 inorganic Hg and the activity of methylating microorganisms.  What constitutes Hg that is available for 

541 methylation remains an unsettled question although there is general agreement that dissolved Hg is more 

542 readily methylated than is Hg associated with particles (Hsu-Kim, Kucharzyk, Zhang, & Deshusses, 

543 2013; Ndu et al., 2018; Zhang et al., 2011).  Following flow management termination, HgD concentration 

544 increased throughout EFPC which may have contributed to a pool of more readily methylated Hg 

545 resulting in higher MMHgD.  However, MMHg concentration is uncorrelated and weakly negatively 

546 correlated with Hg concentration for total and dissolved concentrations, respectively, when analyzing the 

547 data without regard to location (Table S6; Fig. S25, S26).  These correlation results for the whole creek 

548 are expected given the longitudinal trends in the data (Fig. S5, S9).  The dominant process affecting Hg 

549 concentration along the length of the creek is dilution as new water enters EFPC along the stream 

550 corridor.  Legacy sources of Hg add to the total load of Hg at EFK 5.4 (Fig. S21) but have smaller impact 

551 on concentration relative to the source from Y-12.  Conversely, relatively little MMHg leaves Y-12 at 

552 EFK 23.4 compared to the flux at EFK 5.4 (Fig. S23, S31).  The dominant longitudinal process affecting 

553 MMHg concentration is in-stream generation along the stream rather than dilution of a source term.  

554

555 The counteracting processes of dilution of Hg versus generation of MMHg acting along the length of 

556 EFPC mask relationships between Hg and MMHg when the whole creek is analyzed.  Hence, the analysis 

557 was repeated by creek reach and revealed relationships between Hg and MMHg that differed from the 
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558 whole creek analysis.  In the upper reach MMHgT and MMHgD are positively correlated with HgT, no 

559 correlation exists between MMHgD and HgD, and there is a negative correlation between MMHgT and 

560 HgD.  In the middle and lower reaches, MMHg and Hg are moderately positively correlated for all 

561 combinations of total and dissolved concentrations (Table S6, Dig. S25, S26) although the MMHgT-HgD 

562 correlation in the middle reach is weak. 

563

564 In addition to the relationships between SUVA254, DOM composition, and inorganic Hg described earlier, 

565 mercury methylation potential has been positively correlated with SUVA254 (Graham et al., 2013) and 

566 SUVA280 (Mitchell & Gilmour, 2008), a closely related measure of DOM composition (Chin, Aiken, & 

567 O'Loughlin, 1994).  Additionally, the body burden of MMHg in benthic invertebrates and HgT in forage 

568 fish and predator fish has been strongly positively correlated with SUVA254 (Chasar et al., 2009).  The 

569 precise mechanism by which DOM with higher SUVA values enhances methylation is unknown.  It may 

570 be related to the positive relationship between SUVA and HgD concentration and may include specific 

571 effects on Hg-DOM uptake by methylating microorganisms (Mazrui, Jonsson, Thota, Zhao, & Mason, 

572 2016) or non-specific stimulation of microbial metabolism.  Despite the suggestion that higher SUVA254 

573 values could result in higher methylation potential, our data show moderate to weak negative correlations 

574 (upper reach) to no correlation (middle and lower reaches) between SUVA254 and MMHg concentration 

575 (Table S6).  This may be due, in part, to the strong seasonal component to MMHg concentration that is 

576 not apparent in the SUVA254 data.  

577

578 Microbial activity and the processes the microbes mediate are positively correlated with temperature up to 

579 group-specific thresholds (e.g., psychrophiles versus mesophiles versus thermophiles).  This also holds 

580 true for Hg methylation (Flanders et al., 2010; Olsen, Brandt, & Brooks, 2016; Schwartz, Olsen, Muller, 

581 & Brooks, 2019; Tsui, Finlay, Balogh, & Nollet, 2010).  For example, Flanders et al. reported Hg 

582 methylation potentials in the South River, VA were low below a threshold temperature of 12°C and that 

583 MMHgD concentrations increased with temperature up to 24.7 °C after which concentrations declined 
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584 (Flanders et al., 2010).  In our EFPC dataset, MMHg concentration was low, relatively constant, and 

585 independent of temperature for values below 10°C and was positively correlated with temperature above 

586 that value (Table S7; Fig. 7, S27).  In addition to noting this positive correlation, we evaluated trends in 

587 air and stream temperature using the meteorological data and the continuous temperature data collected at 

588 our instrumented gauging stations to calculate annual degree days using 10°C as the baseline reference 

589 temperature.  Degree days provide an estimate of heat accumulation over time.  From 2013 to 2016 

590 annual degree days in air and in EFPC increased 24% then remained elevated through 2019 (Fig. S28).  

591 Mean temperature at EFK 5.4 increased from 15.4 °C in 2013 to 16.9 °C in 2019 and the number of days 

592 per year when mean stream temperature exceeded 10 °C increased from 287 in 2013 to 328 in 2019.  This 

593 suggests that broader watershed warming created warmer stream temperatures and that over the seven-

594 year period, the time that stream temperature was in the range of positive correlation with MMHg 

595 concentration steadily increased which could have contributed to increased MMHg production and 

596 concentrations over the same period.  The MMHg concentrations we measured are the net result of the 

597 competing processes of Hg methylation and MMHg demethylation.  Whereas Hg methylation is a 

598 biologically mediated process, MMHg demethylation can proceed via either biotic or abiotic processes.  

599 In EFPC periphyton biofilms, the biotic demethylation process is less temperature dependent than is 

600 methylation, and net MMHg concentrations are driven largely by Hg methylation potential (Olsen et al., 

601 2016).  Therefore, we expect the increase in degree days to favor net MMHg production.

602

603 The stream temperature data covaries with season and virtually all the samples with temperature below 

604 10°C were collected in late autumn or in winter.  Many other environmental variables that covary with 

605 season such as periphyton growth, daily photoperiod length, light intensity, and canopy coverage can 

606 affect in-stream processes, including net MMHg concentration.  Previous work has shown that periphyton 

607 biofilms can be an important source of MMHg in freshwater aquatic ecosystems, including in EFPC 

608 (Achá, Hintelmann, & Yee, 2011; Desrosiers, Planas, & Mucci, 2006; S. Hamelin, Planas, & Amyot, 

609 2015; S. p. Hamelin, Amyot, Barkay, Wang, & Planas, 2011; Huguet et al., 2010; Lazaro, Diez, da Silva, 
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610 Ignacio, & Guimaraes, 2018; Olsen et al., 2016; Schwartz et al., 2019).  Higher springtime MMHg 

611 concentration may be due, in part, to more abundant periphyton coverage on the streambed in that season 

612 and associated MMHg production in those biofilms.  The time of more abundant periphyton growth and 

613 higher MMHg concentration coincides with low canopy coverage over the channel, increasing stream 

614 temperature, increasing light intensity, and lengthening days.  Numerous scientists have demonstrated that 

615 photodemethylation, the abiotic process by which UV light cleaves the Hg-C bond in MMHg, resulted in 

616 lower daytime MMHg concentrations compared to overnight concentrations (Fleck et al., 2009; Naftz et 

617 al., 2011; Qian et al., 2014; Sellers, Kelly, Rudd, & MacHutchon, 1996).  Nevertheless, previous research 

618 has demonstrated the opposite trend in EFPC with daytime MMHg concentration maxima and overnight 

619 minima at EFK 23.4 and EFK 5.4 (S. C. Brooks et al., 2018).  These intraday patterns in MMHg 

620 concentration in EFPC are evident in summer, weaken through autumn, and are absent in winter.  The 

621 daily range in MMHg concentration increases with downstream distance which may be related to higher 

622 canopy coverage in downstream sections of the creek that limits the effects of photodemethylation during 

623 the day.  Nimick et al. also reported daytime maxima and overnight minima in MMHg concentration for 

624 two streams in Montana that had relatively little canopy cover (Nimick, McCleskey, Gammons, Cleasby, 

625 & Parker, 2007).  Therefore, the conditions that develop in springtime, in addition to increasing 

626 temperature, promote higher MMHg concentration.

627

628 Our results point to a combination of in-stream (increasing SUVA254) and broader climate changes 

629 (increasing degree days) after flow management ended that have resulted in higher MMHg 

630 concentrations.  These effects appear to be limited to the main channel of EFPC as similar changes across 

631 parameters were not observed in Mill Branch, a perennial tributary in the middle reach (Fig. 1).  

632 Following the end of flow management, HgD concentration nearly doubled in Mill Branch (0.45 ± 0.19 ng 

633 L–1, 0.86 ± 0.29 ng L–1, flow management on and off, respectively) but there were no changes to either 

634 SUVA254 or MMHgD similar to what was observed in EFPC (Fig. S29).  The difference in MMHg 

635 patterns between Mill Branch and the main channel of EFPC may also depend on differences in the 
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636 source of Hg (primarily atmospheric deposition in Mill Branch (Donovan et al., 2014)) and differences in 

637 hydrology of the subwatershed compared to that of the entire watershed.

638

639 Following the end of flow management HgT concentration at locations closest to the headwaters 

640 decreased and HgD concentration increased throughout EFPC.  Additionally, MMHg concentrations 

641 increased in the middle and lower reaches.  These changes coincided with increases in SUVA254 and a 

642 general warming trend in the watershed.  Increasing SUVA254 values in EFPC, indicative of changes to 

643 DOM composition, were positively correlated with HgD concentration which, in turn, increased the size of 

644 the pool of more readily methylated Hg.  Higher SUVA254 values also have been correlated with higher 

645 methylation rates.  We suggest that the increase in SUVA254 contributed to changes in Hg speciation 

646 (increased HgD) and to MMHg production.  The combined effect of the in-stream and watershed-scale 

647 changes that occurred after flow management stopped drove higher MMHg concentration throughout 

648 much of EFPC.  Additionally, the vertical offset in the concentration-discharge curves and flux 

649 exceedance probability curves for HgD and MMHgD implies increased loading of these constituents to 

650 EFPC after active flow management stopped (Kirchner, Austin, Myers, & Whyte, 2011; Whyte & 

651 Kirchner, 2000).  Finally, the temperature-dependent changes to Hg behavior and MMHg generation have 

652 broader implications for studies of aquatic systems, site characterization, remediation, and monitoring.  

653 Rising temperatures can reverse the course of ecosystem recovery following targeted actions at 

654 contaminated sites or decreased atmospheric deposition.  Directional changes in controlling variables and 

655 the timing and distribution of stochastic weather events should be considered in the interpretation of 

656 similar long-term data records.

657
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660 The water quality data and accompanying metadata are publicly available at 

661 https://msfa.ornl.gov/data/pages/MCI538.html.  The monitoring program is ongoing and evolving.  For 

662 additional information please contact the corresponding author at brookssc@ornl.gov.
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922

Figure 1.  Map of East Fork Poplar Creek, shown in red with sampling locations marked by symbols.  
Discharge histories are given in Supporting Information for the three points marked with a triangle.  The three 

marked creek reaches (upper, middle, and lower) indicate reaches for which data were aggregated in the 
presentation of results.
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926

Figure 2.  Mean daily discharge flow exceedance probabilities during and after active flow management at 
EFK 23.4 (A), the ORWTF outfall (B), and EFK 5.4 (C).
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928

Figure 3.  Total dissolved Hg concentration over time in each of the three creek reaches.  Vertical dashed 
line indicates the end of flow management.
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932

Figure 4.  Hg solid-water partitioning coefficient in each creek reach over time.  Vertical dashed line 
indicates the end of flow management.
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936

Figure 5.  Dissolved MMHg concentration over time in each of the three creek reaches.  Vertical dashed line 
indicates the end of flow management.
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940

Figure 6.  SUVA254 values for each creek reach over time.  Vertical dashed line indicates the end of flow 
management.
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943

Figure 7.  Dissolved MMHg concentration versus water temperature at the time of sampling in each creek 
reach.  MMHgD concentration is low, relatively constant at ~0.12 ng L–1, and independent of temperature for all 
reaches at temperatures below 10°C and significantly positively correlated with temperature above that threshold 

(see Table S7).  
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